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Preface 


The effect of anthropogenic activity relating to industrial and economic develop- 
ment has had a significant impact on the environment. In recent decades, public 
awareness of environmental pollution has increased markedly, and the introduc- 
tion of guidelines and legislation for the protection of water, air and soil quality — 
of major importance in the political arena — is imminent. As an integral component 
of environmental policy, it has become essential to regulate and monitor toxic 
substances. 

Past emphasis has been primarily on analytical approaches to the detection of 
specific, targeted contaminants, thus allowing chemical characterisation. How- 
ever, toxicity testing or biological assessment is necessary for ecotoxicological 
evaluation, and this offers marked benefits and advantages that complement 
chemical analysis. 

The extent of routine toxicity testing on routine environmental samples has until 
now been limited. It is generally agreed that there is an incontrovertible need for 
fit-for-purpose environmental toxicity testing. To attain this requirement, key 
issues to be addressed include: 


e identification of pertinent tests 
e reproducibility and robustness of these tests 
e cost considerations 


This book examines these issues and describes and explains the approaches that 
have been developed for environmental toxicity evaluations. Advantages, benefits 
and drawbacks of the strategies and methods are highlighted. 

A historical perspective on effective management of the environment is pre- 
sented in Chapter 1, which provides a comprehensive overview of the subject. 
This is followed by a chapter on effective monitoring of environmental toxicity, 
including aspects of quality control. Quality control is of fundamental importance 
in environmental toxicity testing, but it fails to achieve a prominence comparable 
with routine chemical analysis parameters. In Chapter 3, the fundamental concepts 
of ecotoxicological testing and evaluation are described, with explanations of the 
relevant methodology and systems. The extent of variability and standardisation of 
testing are clarified. 

The rationale for the utilisation of toxicity tests and the inference of data 
employing different techniques is discussed in Chapter 4. Monitoring of the 


xvi PREFACE 


quality of water and soil ecotoxicological techniques are likely to assume greater 
importance with the implementation of the EU Water Framework Directive and 
the EU soil assessment strategy. Aspects relevant to the aquatic environment are 
conveyed in Chapter 5, and biological methods available for the assessment of the 
terrestrial environment are described in Chapter 6. 

Chapters 7 and 8 on biomarkers and genotoxic substances clarify these two 
controversial areas of increasing importance. 

Chapter 9 examines legislation in a global context, with examples from the UK, 
the Netherlands, Germany and the USA. It is evident that the strategies adopted 
are country-dependent. The penultimate chapter is an illustrative case study from 
the petroleum industry, which illustrates the use of a robust, pragmatic approach to 
a complex problem. 

The final chapter provides an insight into the future, highlighting likely new 
developments that should improve environmental toxicity testing in respect of 
relevance of tests, improvements in efficiency and, ultimately, reductions in costs. 
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1 Historical perspective and overview 
Jim Wharfe 


1.1 Introduction 


People from all walks of life are dependent on chemicals for a wide range of 
services and products, and the chemicals industry has grown to become one of the 
largest manufacturing industries in the world. Concerns regarding the effects of 
hazardous substances released into our environment have been raised increasingly 
since the introduction of synthetic pesticides in the 1940s. Since then, ecotoxicol- 
ogy has emerged from the fields of classical toxicology and environmental 
chemistry and has greatly influenced the recent developments in risk assessment 
procedures. Expansion in this field of science undoubtedly has benefited from the 
rapid exchange of information made possible by electronic communication, and 
from the increased opportunities for the global science community to share and 
exchange views at international meetings. The continued development of risk- 
based procedures relies on a multidisciplinary approach and now embraces other 
important areas of expertise, including the socioeconomic scientists, the environ- 
mental legislators and the policy-makers. Ecotoxicity testing, the subject of this 
timely publication, is a central element to any chemical risk assessment and has 
grown from the early work on fish testing that began in earnest little more than 
half a century ago. 

The speed of development and expansion of many new areas of science 
associated with environmental toxicology makes comprehensive coverage diffi- 
cult. This chapter provides a perspective and historical overview and sets the scene 
for the following chapters by considering: 


e Man’s growing dependency on chemicals as the world population and demand 
both increase. 

e The development of ecotoxicity testing and its role in regulation. 

e Internationalisation of chemicals regulation and the associated legislative 
drivers behind risk reduction strategies. 

e Future challenges that will require a more integrated approach between the 
many scientific, social and political interests together with improvements 
needed to focus the global research effort in ecotoxicology and to allow the 
necessary transfer of technologies into operational practice. 


2 ENVIRONMENTAL TOXICITY TESTING 


1.2 Man and his environment — a growing dependency on chemicals 


1.2.1 Early times 


Since early times, man has used chemicals and exploited their many properties to 
help provide key services such as food production, the supply of clean water, 
medical care and transport. As population levels have increased, prosperity and 
life expectancy in many parts of the world have also risen. Modern-day society is 
dependent on the products and services that chemicals help to provide but, 
without due care and attention, they pose a threat to human health and to our 
environment. 

Early man inhabited the earth for many hundreds of thousands of years before 
becoming less reliant on hunting and fishing and more reliant on the land to 
provide food. By 7000 Bc survival depended largely on domesticated livestock 
and cultivated crops in many parts of the world. The number of people inhabiting 
the Earth grew from an estimated 5 to 250 million people during the 10000 years 
before AD and the majority of all food plants found today were cultivated 
somewhere on the globe. By this time many plant diseases had been recorded, 
the Chinese had classified plants with medicinal value and early pest control 
included the application of salt and ashes to rid the land of weeds and the use of 
chrysanthemum dust to repel insects. 

Throughout history, various challenges associated with population growth, 
including drought, plague and famine, made man more aware of his environment. 
There is some evidence of the use of chemicals since early times, including 
sulphur as a fumigant and arsenic as an insecticide. Improved agricultural tech- 
nology and crop rotation steadily increased food production and, long before the 
population explosion that was to accompany the industrial revolution of the 18th 
and 19th centuries, industries were springing up as discoveries were made and 
new technologies were introduced. The 17th century saw rapid developments in 
science, including medicine, chemistry and the beginning of genetics some 200 
years before the natural laws of heredity proposed by Mendel. The application of 
fertilisers and pest control chemicals, and the cross-fertilisation of plants to 
introduce resistant varieties, became increasingly necessary to improve food 
production and to sustain the population of the Western world. 

Inventions such as the steam engine in 1765 and the spinning Jenny a few years 
later revolutionised industry, as did improvements in agriculture during the 1770s. 
The agrarian revolution saw scientific crop rotation (a practice followed since AD 
600), improved livestock and efficient tools and the introduction of more product- 
ive seeds; also, with the continued expansion of industry, the world population 
reached three-quarters of a billion by the mid-18th century. Almost three centuries 
after such famous explorers as Columbus, Cabot and Magellan had discovered the 
Americas, the population of Britain, at around 13 million, was equal to that of 
North America. Industry in the civilised Western world advanced rapidly, food 
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production increased with demand and the world population continued to escalate 
(Figures 1.1 and 1.2). 
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Figure 1.1 World population (billions) increase in the 20th century. 
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Figure 1.2 Population increase (millions) in the USA and Britain. 


1.2.2 Chemicals development and environmental impact 


Long before the synthesis of the first organic compounds in the 1820s and some 
way into the early 20th century a number of naturally occurring substances, 
including nicotine from extract of tobacco leaves, rotenone from the roots of the 
derris plant and pyrethrum from the flowers of chrysanthemums, were used as 
insecticides. Inorganic substances such as lime sulphur, arsenic, mercury and 
copper compounds also were used extensively to combat insect pests. As time 
passed, chemicals in the form of fumigants, fungicides and seed dressings were 
used more and more to benefit society. Selective herbicides were introduced to 
enhance cereal production, and alternative pesticides were sought in response to 
increasingly resistant strains of insects. 
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Public concern in the 1920s relating to chemical residues in vegetables and fruit 
saw the introduction of oils and tars and eventually led to a search for synthetic 
organic compounds. Early examples include alkyl phthalate insecticides, anaba- 
sine fungicides and methyl bromide as a fumigant. Tetraethyl pyrophosphate 
(TEPP), the first organophosphate insecticide, was discovered in 1938 and in the 
following year the insecticidal properties of 1,1,1-trichloro-2,2-bis(p-chlorophe- 
nyl)ethane (DDT), a chemical discovered in Germany in 1873, were realised by 
the Swiss entomologist Paul Miiller. This relatively low cost production chemical 
was manufactured in 1943 and introduced to the USA and rapidly became the 
most widely used insecticide in the world. 

Following the success of DDT, many other chemicals emerged, including the 
plant growth regulator 2,4-dichlorophenoxyacetic acid (2,4-D) used as a selective 
broad-leafed weed killer. The introduction of other well known pesticides in- 
cluded chlordane and parathion, used largely to kill aphids and mites, and tox- 
aphene, used widely in the USA to help control grasshoppers and boll weevils. By 
the late 1940s a number of other organochlorine compounds were developed as 
contact pesticides, including the persistent soil pesticides aldrin and dieldrin. The 
organophosphorus compounds developed as wartime nerve gases were also intro- 
duced as potent systemic and contact insecticides. The first organophosphate 
insecticides were highly toxic to mammalian species but by 1950 malathion, the 
first wide-spectrum phosphate-based insecticide with low mammalian toxicity, 
appeared. A wide range of biocides and medicines were developed during the 
second half of the 20th century as the global chemicals market rapidly expanded. 
These included the carbamate and synthetic pyrethroid insecticides, the triazine 
and bipyridylium herbicides, a range of systemic fungicides and other chemicals 
such as veterinary medicines, anti-fouling paints and timber preservatives widely 
used in the environment. 

Awareness and concern about the risks of exposure to chemicals released into 
the environment were heightened during the latter half of the 1940s with the 
discovery of insect resistance to DDT, long before the publication of Rachel 
Carson’s Silent Spring in 1962. There followed a period during which excessive 
reports appeared on chemical residues in food crops and the effects on wildlife, 
including eggshell thinning and the associated widespread decline in the numbers 
of birds of prey (Hickey and Anderson, 1968; Hickey, 1969). Ratcliffe (1967) was 
able to establish that eggshell thinning started in the mid-1940s at the time when 
DDT was first introduced. 

Since Silent Spring, a number of discourses have focused on these issues and 
legislative action has been taken by regulatory authorities. These include an account 
by Mellanby (1992) and an alternative version of the DDT story by Kemm (1999). 
Kemm noted the global implication of restricting the use of or removing such 
chemicals from the market, promoted the need to take account of socioeconomic 
consequences in risk-based decision-making and appraised a range of options 
concerning the suitability of subsequent control measures worldwide. 
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Since the 1950s there have been many well-documented incidents of damage to 
human health and wildlife associated with the release of chemicals into our 
environment. A few examples, both old and new, with selective references, 
serve to illustrate these environmental concerns: 


e The bioaccumulative effects of persistent organochlorine pesticides in raptors 
and other predatory wildlife (Moore, 1967; Hickey, 1969). 

e Mercury poisoning in humans and seed-eating birds (Kurland et al., 1960; 
Harada, 1982; Scheuhammer, 1987). 

e Oil spills and detergent use from many famous shipping accidents such as the 
Torrey Canyon in 1967, the Amoco Cadiz in 1978 and the Sea Empress in 1996 
(Bellamy et al., 1967; White and Baker, 1998; Edwards and White, 1999). 
Imposex in dogwhelks caused by tributyl tin (Langston, 1995). 

e Endocrine disruption in a wide range of species including alligators, fish and 
invertebrates linked to a range of chemicals, most notably the natural and 
synthetic oestrogenic hormones (Moore and Stevenson, 1991; Guillette et al., 
1994, 1995; Jobling et al., 1998). 

e Amphibian deformities related to chemicals, disease and radiation (Harris 
et al., 1998a, b; Dalton, 2002). 


A brief chronology of the more notable historic events is shown in Table 1.1, and 
includes some of the more notable pieces of legislation covered later in this 
chapter. 

To gauge both the historical and the emerging concerns regarding risks to 
human health and wildlife from exposure to chemicals through environmental 
pathways and to help regulatory decision-making in the future, it is necessary 
to place in context the global importance of the multinational chemical 
industry. 


1.2.3 The chemical industry today 


The chemical industry has grown to become one of the largest manufacturing 
industries in the world, with sales estimated in the year 2000 to be well in excess 
of 1500 billion dollars. Some projections indicate an increase in the number of 
commercially available chemicals in the immediate future, with the possibility 
that they will be administered in smaller but more potent doses. 

The output from the industry covers the very large pharmaceutical, petrochem- 
ical and agrochemical businesses, as well as many others that provide speciality 
chemicals and consumer products such as paints, dyes, plastics and textiles. The 
industry is a large employer with an estimated 1.7 million people and many more 
that are reliant on its services. In Europe, sales in the year 2000 exceeded 480 
billion euros in an industry that contributed almost one-third of the world’s 
output. 
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Table 1.1 Key events in the history of chemical usage. 


Period 


Event 


10000 Bc-ap 0 


1000 Bc—ap 1000 


1649 
1690 
1750 
1750-early 1800s 


1800-1850 


1850-1900 


1900 
1900-1925 


1920 
1926-1950 


World population grew from 5 to 250 million 
Cultivated crops and domesticated livestock 


Sulphur used as a fumigant 
Arsenic used for pest control 


Rotenone used in South Africa to paralyse fish 


Nicotine, from tobacco leaf extract, used as a contact insecticide 


World population reached 750 million 


Landmark inventions of the industrial revolution include the steam 
engine, the spinning Jenny and the spinning mule 

Agrarian revolution includes improved livestock, more productive 
seed, scientific crop rotation and more efficient tools 


Use of louse powder (pyrethrum) 

Arsenic dip for sheep scab control 

Gypsum applied as a fertiliser 

Soap and fish oil used to repel insects 

Iodine used as an antiseptic 

Mercuric chloride and alcohol used as a bedbug control 
Phosphorus pastes used as a rodenticide 

Derris (rotenone) for insect control in Asia 


DDT 1,1,1-trichloro-2,2-bis( p-chlorophenyl)ethane prepared by 
Zeidler, insecticide properties not known 

Pyrethrum first used in the USA 

Paris Green (copper arsenite), and other inorganic substances, used 
as insecticides and herbicides include lime sulphur, lead arsenate, 
hydrogen cyanide, copper sulphate and kerosene 

1864 Mendel’s laws of heredity, 1875 new food plants from selec- 
tion and cross-fertilisation 


World population reached 1.65 billion 


Nicotine sulphate used dry for dusting crops 
Mercury seed dressing developed 
Selenium compounds tested for insecticidal properties 


World population reached 1.86 billion 


Alkyl phthalates patented as insect repellents 

Methyl bromide used as a fumigant 

Nicotine bentonite used as a dry dust 

1938 Tetraethyl pyrophosphate (TEPP) discovered — first organo- 
phosphate pesticide 

1939 Insecticidal properties of DDT discovered by Miiller 

1940s Early fish testing 

1941 Hexachlorocyclohexane (HCH) insecticide 


Table 1.1 Continued 
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Period Event 
e 1943 2,4-D (2,4-dichlorophenoxyacetic acid) patented as a plant 
growth regulator and later as a general herbicide; dithiocarbamate 
fungicide marketed 
e 1946 Chlordane introduced in the USA 
e 1947 Parathion and toxaphene introduced 
e 1947 The anti-coagulant warfarin discovered 
e 1948 Aldrin and dieldrin appeared 
e 1950 Malathion organophosphate pesticide introduced 
1950 World population reached 2.52 billion 
1951-1975 e 1950s Increased scientific publication on toxicity testing, the estab- 
lishment of dedicated laboratories and standard test protocols 
e Early 1950s First carbamate insecticides appeared, including isolan 
and pyrolan, followed later by carbaryl 
e Insecticidal properties of diazinon described 
e 1957 European Economic Community established under the Treaty 
of Rome 
e 1958 Atrazine, first of the triazine herbicides, introduced together 
with paraquat, the first bipyridylium herbicide 
e 1962 Rachel Carson’s Silent Spring warns of the dangers of chem- 
icals in the environment 
e Systemic fungicides and the synthetic pyrethroid insecticides appear 
in the 1960s 
e 1967 Torrey Canyon oil disaster off Cornish Coast — 119 000 tons of 
crude oil and excessive use of detergent kill many marine animals 
e 1969 Massive fish kill on river Rhine following dumped cans of the 
insecticide thiodan 
e 1970 Elevated mercury levels in livers of Alaskan fur seal and in 
tuna fish 
e 1970s An increase in legislative control on chemicals is seen 
1970 World population reached 3.63 billion 
1981 European Inventory of Existing Commercial Chemical Substances 
1987 World population reached 5 billion 
Montreal protocol on ozone depleting substances 
1988 Rotterdam convention on prior informed consents 
1992 Earth Summit in Rio establishes the Intergovernmental Forum on 
Chemical Safety 
UN Economic Commission protocol to control releases of persistent 
organic pollutants 
1998 OSPAR strategy to reduce discharges, emissions and losses of haz- 


ardous substances to the marine environment 


Cont. 
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Table 1.1 Continued 


Period Event 

1999 World population reached 6 billion 

2000 EU Water Framework Directive (2000/60/EC) 

2001 European Commission White Paper proposes a new regulatory system 


for chemicals comprising three components; registration, evaluation 
and authorisation of chemicals (REACH) 


2002 Johannesburg World Summit on Sustainable Development. Countries 
committed to ‘‘achieve by 2020, that chemicals are used and produced 
in ways that lead to the minimisation of significant adverse effects on 
human health and the environment’? 


2005? REACH system introduced 


Not surprisingly, there are many synthetic chemicals and formulations commer- 
cially available. In Europe alone more than 100000 chemicals (not formulations) 
are on the European Inventory of Existing Commercial Chemical Substances 
(EINECS), which lists chemicals on the market before September 1981. This list 
differentiates between existing and all new chemicals produced since 1981 that 
have to be notified. During the period between 1981 and 2000 more than 2700 
new substances were notified in Europe (Figure 1.3). For new substances, the 
obligatory notification system requires the manufacturer or importer to provide 
information suitable for risk assessment to be submitted to the competent author- 
ities. The details required are dependent on the production volume or import 
quantities of the chemical. 

More than 30000 of the commercially available chemicals have recorded 
production volumes of greater than 1 tonne and, of these, 5200 are known as 
high volume production chemicals, produced in quantities of more than 1000 
tonnes. It is difficult to know exactly how many chemicals are available in the 
marketplace at any one time but estimates are in tens of thousands and for the high 
volume production chemicals the manufacturers or importers are required to 
submit information suitable for risk assessment to the European Commission. 
The details include information available on the uses of the chemical and on the 
physicochemical and toxicological properties. From these details the Commission 
has prepared priority lists of potentially hazardous substances that require more 
detailed testing and assessment. 

A White Paper published by the European Commission in February 2001 
identified inadequacies in the current arrangements and proposed a new system 
for the registration, evaluation and authorisation of chemicals (REACH). The 
proposal will change the current procedures for submissions of risk assessments 
and is discussed later in this chapter. Risk-based decision-making thus has become 
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Figure 1.3 New chemicals notified in Europe each year since the introduction of NONS (notification of new 
substances). 


an important tool for the regulators, with ecotoxicity testing having a central role 
in the risk assessment and evaluation of chemicals. 


1.3  Ecotoxicity testing and its role in decision-making 


1.3.1 The development of test methods 


Between the 12th and 15th centuries the establishment of hospitals and medical 
schools in Europe helped to advance medical science, and the origins of modern 
toxicology date back to the early 19th century. Gallo and Doull (1991) provide an 
account of the historical aspects of the science. Basic research during the 1800s, 
including testing on a range of animals, was reported in a number of countries but 
it was not until the mid-1900s that environmental effects of chemicals became a 
concern. Some basic fish toxicity tests were developed in the 1940s (Anderson, 
1944; Hunn, 1989) and the post World War II years established dedicated labora- 
tory facilities in America and Europe. At this time, laboratory testing was con- 
ducted largely in static systems employing a range of test organisms and different 
control procedures. 

A number of scientific publications have emerged since the 1950s, including the 
work of Doudoroff (1976) and Doudoroff and Katz (1950, 1953) on the use of so- 
called ‘pickle-jar tests’ and the effects of industrial wastes. Doudoroff et al. (1951) 
developed a single-species fish bioassay, Cairns (1956, 1957) reported the physio- 
logical effects of temperature changes on fish and Henderson (1957) considered 
the application of bioassays for the safe disposal of toxic wastes. This early work 
on fish helped to establish aquatic toxicity testing and was followed quickly by the 
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concept of trophic-level testing, whereby a range or organisms was tested to 
represent different levels of the food chain. 

During the 1960s the scientific effort increased as public awareness grew 
and the environmental lobby raised issues of concern about releases of synthetic 
chemicals. Many classic papers were published on method developments and 
effects testing in the ensuing years, including those by Sprague and Ramsay 
(1965), Mount and Brungs (1967), Mount and Stephen (1967), Mount and 
Boyle (1969), Sprague (1969, 1970, 1971, 1973), Alabaster and Lloyd (1980), 
Cairns (1985, 1986, 1992) and Cairns and Mount (1990). During this period of 
heightened activity, more expert facilities were established and fish acute 
toxicity measures were introduced to meet legislative and investigative needs. 
Improvements were seen in flow-through systems, multispecies tests, sublethal 
end-points and interlaboratory calibration exercises and the interpretation of 
data. 

There followed developments in many other areas of environmental science 
as pollution-related issues and the chemicals effects agenda secured more research 
funding. In academia, modular degrees were introduced that allowed better inte- 
gration of the various science skills and disciplines. In the field, extensive bioaccu- 
mulation surveys were undertaken to obtain information on tissue residues in 
wildlife and to study the effects of biomagnification up the food chain (Robinson 
et al., 1967; Reish, 1972; Preston, 1973; Stephenson et al., 1986; Phillips, 1990, 
1993). National biological monitoring programmes helped to assess and classify 
water quality (Armitage et al., 1983, 1987; Furse et al., 1984; Wright et al., 1984, 
1988, 1993a, b; Moss et al., 1987; Armitage, 1989; Wright, 1995) and subsequently 
allowed associations with ecotoxicological data to evaluate community-level re- 
sponses (Maltby et al., 2000). Microcosm and mesocosm tests were undertaken to 
mimic field conditions (Cairns and Pratt, 1989; Pratt and Bowers, 1990; Graney 
et al., 1993) and a range of biological effect measures were introduced to help 
establish cause-and-effect relationships. 

Biomarker research emerged during the 1980s and 1990s to help understand the 
mechanistic links between exposure and effect (McCarthy and Shuggart, 1990; 
Peakall, 1992). Many papers and reviews have been published in the last decade, 
some of which provide definitions and overviews (Depledge, 1993; Institute for 
Environmental Health, 1996). Biomarkers are a recent addition to the armoury of 
available techniques that provide information on individual and population re- 
sponses either in the field or under controlled laboratory conditions. Opinion 
differs on their suitability for application in ecological risk assessment, and 
McCarty et al. (2002), introduced a definition for a bioindicator that attempts to 
overcome the lack of any requirement in the normative definitions of biomarkers 
to establish cause-effect linkages. 

The development of risk assessment procedures identified a need for expert 
contribution from a range of disciplines to help determine the mechanistic links 
between exposure and effect, opening up multiple channels of investigation. The 


HISTORICAL PERSPECTIVE AND OVERVIEW 11 


global nature of many of the issues has seen expert groups established, the 
membership of international learned societies expand and the appearance of 
many reference publications (Rand and Petrocelli, 1985; Munawar et al., 1989; 
Calow, 1993; Forbes and Forbes, 1994). 

Some of the limitations of ecotoxicity data sets have stimulated alternative 
approaches, including the development of structure—activity relationships (Niemi, 
1990; USEPA, 1994a; Hansch and Leo, 1995) and assumptions in exposure 
models to help fill data gaps and interpret acute toxicity data (Kenaga, 1982). 
Improvements in the quality of ecotoxicity test data since the mid-1950s has 
continued with the recognition of internationally accepted standard protocols 
and procedures adopted by societies such as the American Society for Testing 
and Materials (ASTM), the International Organization for Standardization (ISO) 
and the Organization for Economic Cooperation and Development (OECD). The 
fish toxicity test was the basis of the first ASTM protocol (1954) for aquatic 
toxicity testing. Since then, many others have been adopted and some of the more 
up to date and relevant references are shown in Table 1.2. 

An extensive and fully comprehensive review of all new developments in 
ecotoxicology is not possible in the scope of this chapter but continued effort in 
some areas that will help to integrate the various science strands are mentioned. 
These include continued growth in the range of available techniques both for 
investigation and routine monitoring. Examples include in situ deployments 
(Crane et al., 1996; Roddie et al., 1996; Olsen et al., 2001; Maltby et al., 2002,) 
and tests for compartments other than water, such as soils (Lokke and Van Gestel, 
1998; Van Gestel et al., 2001) and sediments (ASTM, 1995b; Crane et al., 2000; 
ISO, 2000e; OECD, 2000a; Environment Canada, 2002). Other developments 
include biosensor technology (Polak et al., 1996; Rogerson et al., 1996), portable 
field equipment and rapid-throughput toxicity tests that offer a quick turnaround 
of information and larger sample throughput, although few of these are currently 
used in routine monitoring programmes. Emerging technologies, including gene 
arrays and protein expression, are helping to unravel molecular-level activity and 
establish mechanistic links from exposure, availability and uptake to responses in 
the individual, including irreversible effects and population-level impacts. Infor- 
mation technology and modelling techniques are advancing our ability to model 
complex systems and to use extensive data sets to help understand community and 
ecosystem effects and to improve our diagnostic capability (Walley and Fontama, 
1998; Walley and O’Connor, 2000). As a result of these and other developments, 
risk frameworks are continually under development to improve the level of 
certainty in risk-based decision-making. 

There remain many challenges for these multiple lines of investigation and, 
despite the wealth of literature that continues to grow and the rapid advances in 
our understanding, there is a need to improve risk-based decision-making associ- 
ated with the legislative framework for controlling chemicals. Hopefully, targeted 
research effort in the future will introduce new scientific information to help meet 
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the needs of the end-user, and effective dialogue between scientists, policy-makers 
and operational staff will enhance our understanding and underpin decision- 
making with sound science. 

The following brief review of current practice illustrates the increasing appli- 
cation of bioassays around the world. 


1.3.2 The use of bioassays in the management and control of hazardous 
substances 


The conventional approach to controlling releases of hazardous substances in- 
volves establishing safe levels for specific substances that allow environmental 
quality objectives and associated standards to be set and licence conditions or 
fixed emission limits to be determined. Environmental safe levels take account of 
the toxicity of the substance, its persistence and ability to bioaccumulate, and in 
some cases can include mutagenicity, carcinogenicity and reproductive impair- 
ment. Whitehouse and Cartwright (1998) discuss the need for environmental 
standards and identify the following purposes: 


e Environmental benchmarks against which environmental monitoring data can 
be assessed. 

e Setting goals for pollution control activities. 

Acting as triggers for remedial action. 

e Environmental management tools that can be applied across different locations 
and times. 


The effects of individual substances on a wide range of species in the environment 
are rarely understood and, depending on the adequacy and the quality of the 
information, an uncertainty factor usually is applied. There are a number of 
limitations to this approach. It is substance specific and of the total number of 
listed chemicals less than 1% have sufficient information to derive a safe level. 
Uncertainty factors can move towards overly stringent control, the approach is 
unable to consider toxic effects of complex mixtures (which is the usual route of 
entry) and it takes no account of additive or synergistic effects. 

Bioassays applied to whole samples help to overcome many of the problems 
relating to the release of complex mixtures. Whole-sample toxicity test pro- 
grammes, largely from point source effluents, were promoted in the USA during 
the late 1970s and the 1980s and later in Europe. Wharfe (1996), Tinsley et al. 
(1996) and Wharfe and Heber (1998) provide an overview of the development of 
the procedures used in the USA and the UK and review the role of whole-sample 
toxicity assessment in the regulatory control of complex effluents. The approach 
has since found increasing recognition around the world and Power and Boum- 
phrey (2004) reviewed the global application of bioassays for both regulatory and 
non-regulatory effluent testing. Table 1.3 is a synthesis from their work, repro- 
duced with their kind permission. 
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Table 1.3 The use of bioassays around the world. 


North America 
USA 


Canada 


Europe 


Belgium 


Denmark 


France 


Germany 


Netherlands 


Northern Ireland 


Norway 


Spain 


Whole Effluent (Toxicity) Testing (WET) is well established and is used to 
help fulfil the requirements of the National Pollutant Discharge Elimination 
System (NPDES); it is a regulatory requirement under the Clean Water Act. 
Primarily used for source control, trophic level testing employs algae, inver- 
tebrate and fish species with both acute and chronic end-points. Application of 
WET criteria varies from region to region. Since the early 1980s more than 
6500 permits containing WET criteria have been issued. 


Toxicity testing is conducted on an industry sector basis to meet regulatory 
requirements. It is a general provision of the Fisheries Act and an industry- 
specific requirement under provisions of the Pulp and Paper Regulations and 
the Mining Effluent Regulations. Trophic level testing is used with both acute 
and chronic measures. Primarily used for source control but provisions can 
include environmental monitoring. 


The use of bioassays for effluent testing is not well established although 
currently being considered. There is no regulatory requirement for such 
testing. 


Toxicity testing is used to help characterise effluent discharges and to monitor 
marine and fresh-waters. Bacteria, algae, macrophytes, invertebrates and fish 
have been used for investigation purposes but there is no regulatory require- 
ment. 


Bioassays are often used to monitor industrial effluents and less frequently for 
regulatory purposes, although conditions are imposed in some permits. Bac- 

teria, algae, invertebrates and fish are used and mutagenicity is measured in 

addition to the more traditional acute and chronic end-points. 


Well established use of toxicity testing to meet regulatory requirements under 
the Wastewater Ordinance and Wastewater Charges Act. Bacteria, algae, 
macrophytes, invertebrates and fish are used to provide acute and chronic end- 
point measures and information on mutagenicity and genotoxicity. Used 
mainly for effluent testing; some monitoring of the receiving waters is also 
undertaken. 


Toxicity testing is used primarily for investigation and there is currently no 
regulatory requirement of such tests. Bacteria, algae, macrophytes, inverte- 
brates and fish are used and, in addition to the acute and chronic end-points, 
mutagenicity, endocrine and enzymatic responses are measured. 


Toxicity testing is conducted on both effluents and receiving waters and can 
be applied as a regulatory condition. Bacteria, algae, macrophyte, invertebrate 
and fish test are used to generate both acute and chronic data. 


Limited use of toxicity testing is made and can be applied as a statutory 
enforceable requirement. Trophic-level testing is conducted. 


Effluent toxicity testing is undertaken on a regional basis. There is no national 
regulatory requirement but legally enforceable conditions can be set locally. 
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Table 1.3 Continued 


Bacteria, algae and fish have been used to generate the acute data that are used 
primarily for source application, including discharges to municipal sewer 
systems. 


Sweden Bioassays are used to help fulfil requirements for the characterisation of 
industrial discharges, mainly from large industries. Statutory application is 
limited, although treatment plants can refuse to accept or restrict toxic in- 
dustrial discharges. Bacteria, algae, macrophytes, invertebrates and fish are 
used to generate information on acute and chronic end-points and on muta- 
genicity and enzymatic responses. 


UK Effluent and receiving water toxicity is conducted, primarily for investigation 
and site characterisation. Regulatory requirement is limited to approximately 
20 consent conditions, including toxicity measures, although further applica- 
tion is now part of an implementation process following a demonstration 
programme that involved both industry and regulators. Trophic-level testing is 
employed to generate both acute and chronic data. 


Australasia 

Australia Bioassays are conducted on effluents on a site-specific basis. Permit condi- 
tions can be enforced by states or territories based on national guidance. 
Trophic-level testing generates both acute and chronic effects data. 


New Zealand Effluent toxicity testing is conducted widely and can be applied as part of a 
permit condition. The system is flexible and leaves decisions at the regional 
level. Trophic-level testing generates acute and chronic data. 


1.4 Chemical legislation and drivers for change 


There is little doubt that Rachel Carson’s publication Silent Spring raised aware- 
ness of the impact of chemicals in the environment to an international level. Since 
then, environment groups worldwide have picked up the baton. Arguably, some 
activities and government-led responses were misjudged but their influence on the 
need for, and development of, environmental legislation concerning chemicals is 
unquestionable. 

There is now a large and diverse number of regulations concerning chemicals 
nested in a hierarchy of international agreements, continent-wide legislation and 
directives and national and regional instruments (Figure 1.4). Many associated 
priority lists of substances of concern have arisen from these pieces of legislation 
and more recently longer term strategies have emerged. 

An outline of this hierarchical approach, using Europe as an example, is 
described briefly and refers to some of the more important pieces of legislation. 
Table 1.4 provides more detail on the key pieces of European legislation concern- 
ing the control of chemicals. 
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International agreements 
Continent-wide directives/legislation 
National Government/State regulations 
Regional/regulatory agencies 


European Union chemicals strategy 


UK Government chemicals strategy 


Regulatory agency chemicals strategy 


Figure 1.4 The chemicals hierarchy. 


The 1992 Earth Summit in Rio de Janeiro laid the foundation for an Intergov- 
ernmental Forum on Chemical Safety (IFCS) and Chapter 19 of Agenda 21 dealt 
with the environmentally sound management of toxic chemicals. The IFCS over- 
sees the implementation of six programme areas: 


The expansion and acceleration of international chemical risk assessments. 
The harmonisation of chemical classification and labelling. 

Information exchange on toxic chemicals and chemical risks. 

The establishment of risk reduction programmes. 

The strengthening of national capabilities and capacities for the management 
of chemicals. 

e Stopping illegal international traffic in toxic and dangerous products. 


The IFCS coordinates an international structure that includes the United Nations 
Environment Programme (UNEP), the OECD, the UN Food and Agriculture 
Organization (FAO), the World Health Organization (WHO), the UN Industrial 
Development Organization (UNIDO) and the UN Institute for Training and 
Research (UNITAR). 

The chemical industry spans many countries of the world and chemicals are 
used worldwide. Despite the plethora of regulations on chemicals, many countries 
do not have adequate legislation or the necessary infrastructure to ensure their safe 
use. To help overcome this situation there is an international initiative for wide 
sharing of information and to provide support through training programmes and 
technical expertise. The Rotterdam Convention on the prior informed consent 
procedure for certain hazardous chemicals and pesticides in international trade, 
adopted in 1998, is an example. Other international agreements worthy of mention 
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Table 1.4 European Directives concerning chemicals. 


Directive/Regulation 


Commentary 


Key European Directive Pre-release Controls 


European Commission White 
Paper published in 2001, setting 
out change to existing Chemicals 
Policy 


Notification of New Substances 
Regulations 1993 (NONS 93) 
implementing part of EC Directive 
92/32/EEC, which is the Seventh 
Amendment of Directive 67/548/ 
EEC 


Existing Substance Regulation 
793/93/EEC came into effect in 
1993 


Chemicals (Hazardous Information 
and Packaging for Supply — CHIP) 
Regulations 2002, which 
implements Directive 67/548/EEC 
and its seventh amendment 92/32/ 
EEC, the Dangerous Preparations 
Directive (99/45/EC) and its 
amendments, and the Safety Data 
Sheet Directive (91/155/EEC) 


The Plant Protection Products 
(PPP) Directive 91/414/EEC, 
Directive 79/117/EEC on the 
marketing and use of pesticides, 
Directive 67/548/EEC on 
classification, packaging and 
labelling requirements, and 
Directives 76/895, 86/362/EEC, 
86/363/EEC and 90/642/EEC on 
pesticide residues in food 


The Biocidal Products Directive 
(98/08/EC) 


In February 2001, the European Commission published a 
White Paper entitled Strategy for a Future Chemicals 
Policy. The White Paper presented a new regulatory 
system, called REACH, for the ‘‘Registration, 
Evaluation and Authorisation of Chemicals’’. 


All new chemicals placed on the market in Europe 
require notification to the competent authority of a 
Member State. The notification sets out the information 
requirements, including toxicity testing, and this 
information is used to conduct risk assessments. Will be 
replaced by REACH. 


Existing chemicals are those that were on the EU market 
before 18 September 1981 and listed in EINECS (the 
European Inventory of Existing Commercial 
Substances). The Regulation requires industry to report 
data on existing substances, the Commission to prioritise 
substances for risk assessment and Member States to 
conduct risk assessments of those priority substances. 
Will be replaced by REACH. 


The classification and labelling requirements under the 
Dangerous Preparations Directive 67/548/EEC are 
implemented by the CHIP Regulations. The Regulations 
require chemical suppliers to identify the hazards of 
substances and preparations. Dangerous chemicals then 
must be packaged suitably, provided with labels and 
accompanied by additional information for safe use 
(such as safety data sheets). 


Council Directive 91/414/EEC aims to harmonise the 
authorisation of plant protection products (PPPs). This 
also provides for the review of active substances 
currently on the market. The Control of Pesticides 
Regulations 1986 requires that only approved pesticides 
are sold, supplied, used, stored or advertised. Directive 
79/117/EEC prohibits the placing on the market and the 
use of PPPs containing certain active substances. 
Directive 67/548/EEC is implemented via the CHIP 
Regulations (as above) and the Pesticide Residues 
Directives that set Maximum Residue Levels (MRLs) in 
food regulations. 


The Biocidal Products Directive aims to harmonise the 
authorisation and marketing of biocidal products and 
provide a high level of protection for humans and the 
environment across Europe. 


Cont. 
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Table 1.4 Continued 


Directive/Regulation 


Commentary 


Key European Directive Release 
Controls 

Dangerous Substances Directive 
(76/464/EEC) and amendments 
(1997) 


Water Framework Directive (2000/ 
60/EC) 


Groundwater Directive (80/68/ 
EEC) 


Directive (96/61/EC) concerning 
integrated pollution prevention and 
control 


Directive on Hazardous Wastes 
(91/689/EEC) 


Waste Incineration Directive 
(2000/76/EC) 


Landfill Directive (99/3 1/EC) 


The Directive establishes a system for controlling 
releases of dangerous substances to water through the 
setting of environmental quality standards for certain 
substances included in a list of daughter directives. 


One of the largest and most significant pieces of EU 
water policy to be developed for at least 20 years. It uses 
a new and integrated approach to the protection, 
improvement and sustainable use of river basins for the 
benefit of people and biodiversity. The provisions of the 
Directive take over the framework for the control of 
pollution by dangerous substances under Directive 76/ 
464/EEC and will be supplemented by a new 
groundwater daughter directive. 


Relates to the protection of groundwater quality from 
certain substances. It prohibits the discharge of 
substances/groups of substances in List 1 and requires 
pollution to be minimised from other substances in List 
2. New arrangements will include requirements on 
monitoring and reporting. 


The IPPC Directive is designed to prevent, reduce and 
eliminate pollution at source through the efficient use of 
natural resources. It is intended to help industrial 
operators move towards greater environmental 
sustainability. 


Provides a standard definition of, and laid down 
additional controls over, hazardous waste. Establishes a 
system for identifying, recording and controlling the 
collection, transport, storage and disposal of hazardous 
waste. Waste disposal sites must have a licence 
specifying the type and quantity of waste that they can 
accept. 


Introduced new controls over waste incinerators and set 
new objectives for the reduction of emissions of dioxins, 
cadmium, mercury and lead. 


Introduced new technical and operational requirements 
for landfills across Europe and targets for the reduction 
in landfill of biodegradable wastes.The Decision (2003/ 
33/EC), which comes into force in July 2004, is crucial 
for the implementation of the 1999 Landfill Directive. It 
outlines criteria for the waste that can be accepted at 
each of the defined types of site and for underground 
storage, sets out strict EU-wide leaching limit values and 
defines testing methods. The criteria are to be applied by 
Member States by July 2005. 
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Table 1.4 Continued 


Directive/Regulation Commentary 


Other Important Directives 


Urban Waste Water Treatment This is not an exhaustive list but includes a number of 
Directive (91/271/EEC) directives with specific requirements to monitor and 
Nitrate Directive (91/676/EEC) report on levels of particular contaminants in the aquatic 
Bathing Water Directive 76/160/ environment and to take appropriate action to control 
EEC releases. 


Detergents Directive 73/404/EEC 
Shellfish water Directive 79/923/ 
EEC 

Freshwater Fish Directive 78/659/ 
EEC 

Surface Water Abstraction 
Directive (75/440/EEC) 


Habitats Directive (92/43/EEC) Requires measures to maintain or restore, at favourable 
conservation status, natural habitats and species of 
fauna/flora of community interest. 


include the Montreal Protocol on substances that deplete the ozone layer, agreed 
in 1987, and, more recently, the Stockholm Convention on Persistent Organic 
Pollutants 2001. The UN Economic Commission for Europe convention on long- 
range transboundary air pollution and a protocol to the convention, which also 
covers North America, introduced controls on releases of persistent organic 
pollutants (POPs). 

International agreements have set the agenda for more detailed continent-wide 
regulation. In Europe, the legislation on chemicals covers many aspects of human 
health and the environment; it includes worker protection, major accidents and the 
transport of dangerous goods. Legislation concerned with risks posed through 
environmental exposure includes: marketing and use of legislation on the formu- 
lation, production, use and disposal of industrial chemicals; the export and import 
of chemicals; and additional legislation that covers associated practices, such as 
packaging, labelling, transport and storage. 

Strategic approaches cover wider issues concerned with the release of sub- 
stances to the environment. The OSPAR Convention (formerly the Oslo and Paris 
Commissions) agreed a strategy in 1998 for the protection of the marine environ- 
ment of the North East Atlantic. The objective is to prevent pollution of the 
maritime area by continuously reducing discharges, emissions and losses of 
hazardous substances, with the ultimate aim of achieving concentrations near 
the background values for naturally occurring substances and close to zero 
for synthetic substances. The Convention for the Protection of the Marine 
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Environment of the Baltic Sea (Baltic Marine Environment Protection Commis- 
sion) adopts appropriate legislative, administrative or other relevant measures to 
prevent and eliminate pollution in order to promote ecological restoration of the 
Baltic Sea area and preservation of its ecological balance. 

European directives (Table 1.4) are usually implemented through binding 
regulation on all Member States or through national legislation. This national 
legislation varies from one Member State to another, and it can involve the 
setting of environmental objectives and targets associated with substance-specific 
standards. Some standards are adopted by all Member States as statutory limits, 
whereas others cover specific regional requirements. The legislation can make 
provision for a system permitting fixed-point discharges and associated com- 
pliance measures. In recent times, a greater determination to make such infor- 
mation available has seen the wider dissemination of available information 
with the publication of registers and the development of pollution release 
inventories. 

International agreements and legislation at all levels provide an important basis 
and direction for the work of the ecotoxicologist and can involve the prioritisation 
of substances of concern, hazard assessment, risk evaluation and management and 
expert opinion. To be effective, the toxicologist (both human toxicologists and 
ecotoxicologists) must work with many other scientists to help assess the impact 
of chemicals on both human health and the environment. These include profes- 
sional risk assessors (under the various guises of chemical, ecological and envir- 
onmental), environmental scientists working in and across an array of disciplines, 
from the molecular to the ecological sciences, and socioeconomists, reminding us 
of the need for cost-effective appraisal of remedial options. The continued devel- 
opment of an integrated approach in risk assessment will be needed to meet the 
many challenges ahead. 


1.5 Change and challenges ahead 


Ecotoxicity testing has become internationalised in recent times and, with it, the 
recognition of its major contribution to risk-based procedures for the assessment 
and management of chemicals. National and international legislation has influ- 
enced the rapid advances we have seen and, with many unresolved challenges, it 
seems likely that this pace of progress will be maintained. 


1.5.1 Developments in the legislation concerning the pre-release of 
chemicals 


In Europe the volume of international legislation increased during the last half of 
the twentieth century; Table 1.4 shows the adopted pieces of environmental 
regulation that emerged during this period. Current European Union (EU) policy 
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on chemicals separates the existing chemicals — those that were on the market 
before September 1981 and listed in EINECS — and new chemicals — those subject 
to notification requirements since 1981. It is broadly understood that the notifica- 
tion and evaluation of post-1981 chemicals has been more or less an effective 
regime. 

Of the 106 000 existing substances (pre-1981) that account for over 95% of the 
total volume of substances on the market, only 140 had been identified for risk 
assessment on the four existing priority lists by 2002. During the period awaiting 
further assessment there is no marketing restriction on the sales of these sub- 
stances and there is no deadline under the regulation for the risk assessment or 
for possible trade sanctions where the producer fails to provide the necessary 
information. 

Under the current regulations the Member State authorities are responsible for 
the assessment; the companies producing, importing or using the substances bear 
no responsibility and it has been difficult to obtain precise information on the use 
of chemicals and the exposure arising from downstream uses. Assessment of the 
substances on the priority lists is regarded by many to be unacceptably slow and 
costly and the allocation of responsibilities to be inappropriate. The existing 
chemicals policy on the whole has proved unsatisfactory and the limitations 
have led to a White Paper published by the European Commission in February 
2001 entitled Strategy for a Future Chemicals Policy. The paper proposes a new 
single regulatory system for all chemicals, comprising registration, evaluation and 
authorisation of chemicals (REACH): 


e Registration. Producers will be obliged to provide basic safety data, by fixed 
deadlines to authorities, on all chemicals produced in quantities above 1 tonne 
per year. 

e Evaluation. For higher production volume chemicals above 100 tonnes, and 
for chemicals of concern, experts from Member States in association with a 
central co-ordinating body will evaluate the registration data. The evaluation 
may lead to authorisation (in the case of chemicals of ‘very high concern’), 
risk reduction (where dangerous uses are restricted) or no further regulatory 
action. 

e Authorisation. The use of chemicals considered to be of ‘very high concern’ 
would be subject to authorisation. The aim is for such chemicals to be phased 
out and substituted, unless industry can show that the use presents negligible 
risk or that it is acceptable, taking into account its socioeconomic benefits, the 
lack of safer chemicals and measures to minimise exposure. Chemicals of 
‘very high concern’ are likely to include carcinogens, mutagens or reprotoxic 
substances (CMRs), particularly persistent, bioaccumulative and toxic 
substances. 


There will be many debates on the implications of the new proposals and on the 
increased burden to industry. The current overall timetable for chemicals 
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legislation is to be published in the official journal by the end of 2005, although 
protracted discussion is already threatening this deadline. 


1.5.2 Developments in the legislation concerning the controlled release of 
chemicals 


Much of the existing environmental legislation concerning chemicals once they are 
released into the environment is targeted at point source inputs and requires the 
identification of priority substances of concern and the use of risk-based approaches 
to determine management strategies. The regulations are substance specific and 
often based on the achievement of a target load or concentration. Some of the newer 
European Directives to emerge move to the achievement of defined environmental 
outcomes in the form of ecological status (Water Framework Directive 2000/60/ 
EC) and habitat protection (Habitats Directive 92/43/EEC). 

In December 2000, the EU Water Framework Directive entered into force. It is 
the largest and most significant piece of EU water policy to be developed in 20 
years. Reporting the requirements of the Directive are challenging and risk-based 
decision-making will require the further development of practical measures of 
ecological outcome and associated diagnostic procedures to help appraise the 
options for improvement. Uncertainty is a feature of all ecological risk assess- 
ments, requiring the evaluation of multiple lines of evidence to improve the 
decision-making process. Often there is no definitive answer to a particular 
problem and questions of ecological relevance remain elusive. 

More recently, issues of low-dose effects on hormonal systems, particularly 
reproductive and genetic end-points, have brought into question the adequacy of 
current toxicity test procedures. These issues have significant implications for che- 
micals legislation that will have an impact on the chemicals industry and on society. 


1.5.3 Some of the challenges ahead 


Many national and international strategies concerned with sustainable develop- 
ment, particularly the assessment and control of chemicals, identify the need to 
use the resources offered by our environment while protecting ecological pro- 
cesses and ecosystems. It seems certain that the development of international 
legislation concerning the assessment and management of chemicals will continue 
to raise questions needing new knowledge from many branches of environmental 
and social sciences to help improve risk-based procedures and to reduce uncer- 
tainty in decision-making. Ecotoxicity testing has advanced rapidly since its early 
beginnings and has a central role in biological effects programmes. The continued 
development and application of methods and their acceptability will be directed 
towards the many challenges of emerging legislation. Some of the key questions 
include: 
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e How well are we able to determine effects on receptors resulting from con- 
tinued low-dose and long-term exposure to chemicals and mixtures? 

e What improvements are needed to current test regimes and biological end- 
points to provide adequate information and protection through current and 
emerging environmental regulation? 

e Should the prioritisation of chemicals of concern and their subsequent assess- 
ment and control take a more precautionary hazard-based approach or should a 
risk assessment always be undertaken? 

e Can new genomic, proteomic and information based technologies help estab- 
lish mechanistic links between exposure and effect? Can they provide rapid 
information for monitoring and regulatory control? 

e Do current biological measures provide robust environmental indicators, show 
clear environmental outcome from legislative action, and are they sufficiently 
well built into ecological risk frameworks? 

e Can we adequately regulate complex mixtures and diffuse inputs across all 
environmental compartments? 

e Will emerging nanotechnologies present a threat to our environment? Are we 
able to assess the toxic effect of very small particles? 

e Do current approaches to assess and control chemicals consider cradle to grave 
options? 

e Do research outputs adequately consider implementation needs and oper- 
ational practice? 


Some solutions are already available but uptake and practical application are often 
difficult and other questions will require improved and effective dialogue between 
the scientists and the policy-makers. For example, genomic and proteomic tech- 
nologies will help to improve our understanding of the effects of chemicals and 
will challenge traditional toxicological end-points. New lines of exploration in 
fields that include transcript profiling, proteomics and metabolomics seem likely 
to alter the traditional use of ecotoxicological test data in risk evaluation (Butler, 
2001; Curtis et al., 2003). This has implications for current regulatory policies on 
chemicals. Our diagnostic and monitoring capability will be enhanced by new 
techniques as multispecies genomic information becomes available to help un- 
ravel community interactions between species at the genetic level. Interactions 
with environmental stressors at the individual and population level also will be 
better understood. 

At present, environmental regulators are often faced with scientific information 
that is inconclusive and incomplete and they are required to make judgement on 
whether or not the case has been made for decisive action. Such decisions help to 
direct billion-dollar investment programmes and influence the continued competi- 
tive ability of the manufacturing industry and agriculture in a world market and in 
society at large. The end-user role that provides scientific direction and decision- 
making is important to successful implementation and needs to be understood and 
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established to help frame research proposals at an early stage. The drafting of an 
applied research proposal and the associated project initiation documentation 
should identify the responsibilities of both the investigator and the end-user. All 
too often science deliverables showing promise are left without any mechanism to 
transfer the output into a meaningful outcome through operational practice. The 
continued need for scientists to publish novel research can constrain development, 
and further demonstration often is required to consider issues of transferability 
that include equipment, facilities, training, skill acquisition, quality assurance and 
reporting requirements. Insufficient dialogue at an early stage will fail to identify 
the resources and funding needed to implement and sustain the science in oper- 
ational mode. Ecotoxicity testing is at the heart of risk-based assessment and 
management of chemicals. Together with other intrinsically linked scientific 
areas, this will help provide solutions to the environmental challenges that have 
been posed in this chapter and considered in greater detail in subsequent chapters. 
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2 Effective monitoring of the environment 
for toxicity 


Ian Johnson, Paul Whitehouse and Mark Crane 


2.1 Introduction 


In principle, ecotoxicological testing of environmental samples (whether from the 
aquatic, terrestrial or aerial compartments) can be carried out at any biological 
level of organisation — from the molecular level, through whole organisms, to 
populations and, ultimately, communities or assemblages of organisms (Calow, 
1989). The majority of pollutants act initially at the molecular level following 
accumulation into the exposed organism, with any effects then becoming apparent 
as physiological changes and effects on key individual parameters such as growth, 
reproduction or survival. Table 2.1 summarises the types of responses measurable 
at different levels of biological organisation. 

All of these responses are quantifiable and this chapter discusses some of the 
issues associated with ensuring that such toxicity data are of the highest possible 
quality. In the spirit of the saying ‘garbage in, garbage out’ we first discuss 


Table 2.1 Types of responses measurable at different levels of biological organisation. 


Level of biological organisation Types of measurable responses 


Sub-organism 
Molecular Structural and/or functional changes (e.g. amplification, 
translocation or mutation of genes, enzyme function, 
protein production) 


Cellular Structural and/or functional changes (e.g. carcinogenic, 
immunological and neurological responses) 
Tissue Structural and/or functional changes (e.g. gonadal inter- 


sex in fish) 


Whole organism Behavioural 
Developmental (growth and reproduction) 
Physiological 
Lethality 

Population Species densities and profiles (numbers of different sex/ 


size classes) 


Community Composition of communities and densities of particular 
species 
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how samples should be taken from the environment so that subsequent toxicity 
measurements are representative and interpretable. We then illustrate the necessity 
of good quality assurance and quality control systems if one is to have faith in the 
quantitative results of these biological tests. Such quality systems are vital ad- 
juncts to some of the more interesting and exciting aspects of environmental 
toxicology, and we explore the implications for decision-making if they are 
ignored. 


2.2 Design of monitoring programmes 


2.2.1 Introduction 


All environmental monitoring tools, including bioassays, must be embedded 
within a coherent monitoring framework if results are to be related meaningfully 
to monitoring objectives. Biological, chemical and statistical criteria must be 
considered before designing such programmes. 

Several comprehensive guides have been produced on the design of environ- 
mental quality monitoring programmes (e.g. Crawford et al., 1983; Horner et al., 
1986, Mar et al., 1987; Ellis, 1989; Loftis et al., 1989; Ward et al., 1990; Hipel 
and McLeod, 1994). Dixon and Chiswell (1996) reviewed over 150 papers on the 
subject of aquatic monitoring programme design and provide a useful framework 
for evaluating the rigour of a design. They divide programme design into three 
distinct stages: setting of information goals; selection of indicators of environ- 
mental quality; and data analysis. They argue strongly that it is only after these 
matters have been considered that the location and timing of sampling can be 
decided. Whitfield (1988) also emphasises the importance of setting clear infor- 
mation goals, but believes that often there is too little concern over why a 
particular site is chosen. In his view, reasons are too frequently given that data 
should be available ‘just in case’, or to feed data banks, or to justify the existence 
of a particular regulatory organisation. This sort of approach to the design of 
monitoring programmes can lead to results that are data rich but information poor. 
In an earlier paper Whitfield (1988) recommended several other stages that may 
be used to extend the model proposed by Dixon and Chiswell (1996). 


Establishment of a monitoring goal. 

Selection of a sampling strategy to meet the goal. 

Periodic review of adequacy of sampling, including quality control studies. 
Optimisation of sampling related to the goal over time. 

Review of adequacy of monitoring goal. 


EE a 


Harmancioglu and Alpaslan (1992) agree with these sentiments and extend them 
by recommending a quantitative approach to measuring the information that is 
conveyed during environmental monitoring. Their approach, based upon infor- 
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mation theory, can be used to develop new monitoring networks and also to pare 
down existing networks in the most efficient and cost-effective way. 


2.2.2 Setting of information goals 


There is a common complaint that environmental monitoring systems are often set 
up with too little thought about their purpose (Timmerman ef al., 2000). Even 
when thought is applied, it is often difficult to reconcile the wishes of different 
stakeholders, or to establish effective communication between information produ- 
cers such as scientists and information users such as regulators, politicians and the 
public. This is why Timmerman et al. (2000) recommend the use of an iterative 
‘information cycle’ in which both information producers and users are involved. 
Modern techniques for visualising data also will help scientists to communicate 
with non-scientists. The sophistication of these techniques has advanced beyond 
simple graphs, to complex three-dimensional animations of changing water qual- 
ity through time and space (e.g. Boyer et al., 2000), although simple displays will 
often be the most cost-effective means of communication. 

Different goals of an environmental monitoring programme might include 
information on ambient conditions and trends or whether regulatory limits have 
been breached (El-Shaarawi, 1993; Dixon and Chiswell, 1996; Brydges and 
Lumb, 1998). Assessment of particular environmental impacts caused by human 
activities and estimation of mass transport may also be valid programme goals 
(Whitfield, 1988). Human society, or at least a section of it, will decide upon the 
goals of environmental management (Pegram et al., 1997) because other organ- 
isms have no voice. How wider society should be consulted, so that protection 
targets and information goals can be decided, is an active area of sociological 
research. 

Against this background of debate, it is clear that bioassays are already used — 
or poised to play a role — in a number of statutory roles in the UK. These include: 


e Effluent control as part of a Direct Toxicity Assessment (DTA) approach 
(UKWIR, 2001), based on the recommendations of a DTA Demonstration 
Programme completed in 2000. Toxicity-based conditions may be imple- 
mented as part of Integrated Pollution Prevention and Control (IPPC) author- 
isations or to control emissions under the Water Resources Act. 

e Identification of ‘Special Wastes’ under the Special Waste Regulations (SWR) 
under Section 2 of the Environmental Protection Act 1990. Hazardous cat- 
egories include the category ‘Ecotoxicity’, defined as substances and prepar- 
ations that present or may present immediate or delayed risks for one or more 
sectors of the environment. Most waste is likely to be classified according to 
its individual chemical components and information abstracted from toxicity 
databases. However, there is provision in the SWR for bioassays to be 
performed, specifically those in Annex V of EC Directive 67/548/EEC. 
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e The UK National Marine Monitoring Programme (NMMP), in which samples 
of seawater, sediment and biota are collected for chemical analysis and 
application of a number of biological effects techniques, including water 
column and sediment bioassays and the measurement of biomarkers in fish. 

e The Framework Directive for Water (2000/60/EC) makes it possible that the 
environment agencies across Europe will come under increasing pressure to 
use bioassays. Indeed, after considering the surface water monitoring require- 
ments of the Directive, the Scientific Committee for Toxicity, Ecotoxicity and 
the Environment (CSTEE, 1998) recommended that bioassays might be help- 
ful in classifying the ecological status of waters, separating physical and 
chemical impacts on water quality and linking biological and chemical effects. 


Further information on the regulatory roles in which bioassays may be applied is 
given in Chapter 9. 


2.2.3 Selection of indicators of environmental quality 


The selection of appropriate environmental quality indicators depends upon the 
overall goal of a monitoring programme, as discussed above (Harmancioglu and 
Alpaslan, 1992). These goals themselves will depend upon decisions that are made 
about what it is that society wishes to protect. 

Once the overall goal has been selected, a feature must be selected that is both 
related to this goal and amenable to measurement (i.e. a ‘measurement’ end-point). 
Natural systems are often variable, so measurement end-points need to be selected 
that are as low in variability as possible. In practice, this may mean aggregating 
some data, such as information on individual species, so that a trade-off between 
useful biological information and low variability is obtained (Stow et al., 1998). 

In the selection of bioassays, much is often made of their “ecological relevance’, 
based on the understandable view that assays should help to inform us about the 
responses of biota at the site of concern. However, if the purpose of a test is to detect 
whether a sample is toxic or not, then any test system will be appropriate provided 
that it is sufficiently sensitive to detect toxicity. Some researchers claim that it is 
also important to use a test organism in a bioassay that has some kind of ‘ecological 
relevance’. This relevance may be defined as a test species that is also present in the 
habitat being investigated, one that bears physical or physiological similarities to 
those present, one that is functionally important, e.g. in nutrient cycling (perhaps a 
‘keystone’ species), or a test that yields demographically important end-points that 
directly influence population size, e.g. survival and fecundity. 

Because test organisms are usually bred in the laboratory and exposed under 
rather artificial conditions, it is more appropriate to regard them as surrogates for 
the many species that will remain untested. Under these circumstances it is hard to 
see how any researcher can claim superior “ecological relevance’ for their favoured 
test species and end-points, with the possible exception of demographic end-points 
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(survival, fecundity and migration) used as input parameters for ecological models, 
which estimate and predict population size. In contrast to ‘ecological relevance’, 
sensitivity to toxic chemicals normally should be the most important criterion in 
selecting test systems, especially when bioassaying ambient samples. 

We can extend this further by considering whether decision-making should be 
based on the responses of a single species or on a battery of test species. It is generally 
not appropriate to rely on the results of a single toxicity test or bioassay when making 
regulatory decisions (USEPA, 1991). The greatest risk is that of false negatives (Hill 
etal., 1993; Ankley, 1995), where results indicate that samples are non-toxic when in 
fact they are polluted. As a result, toxic samples could be classified as ‘good quality’ 
and probably would not be considered further in regulatory assessments. 

The most common cause of false-negative results is the insensitivity of the 
chosen species to contaminants in the test matrix. This may be because the test 
species is not susceptible to the primary mode of toxic action of the chemical(s) 
present in the sample or because it can avoid maximum exposure to the chemical. 
For example, organic compounds with a high log Ko: will bind preferentially to 
sediment particles. In a sediment—water exposure system, toxic effects may be seen 
in the sediment ingestors but not in the benthic filter feeders or those that live in the 
overlying water. Therefore, the latter test organisms are more likely to give false- 
negative results when these high log Koc compounds are present. Therefore, a 
battery of complementary tests (which together are sensitive to a wide range of 
chemical classes) is needed. 

However, the key question facing those responsible with carrying out testing for a 
particular role is ‘which battery of methods should be used?’. In short, the answer 
has to be ‘those that are most appropriate for the operational role’. Because the 
number of available test methods is large and increases each year, it can be difficult 
to identify which methods from the range of potential sub-organism, whole organ- 
ism and population-based tests are most appropriate. However, conventional 
wisdom indicates that the most objective approach is to evaluate different potential 
methods against a series of performance criteria (such as relevance, reproducibility, 
reliability, robustness, repeatability and sensitivity) and identify those methods that 
are most effective (Calow, 1993). We explore these issues in more detail below. 

Cairns et al. (1993) list several criteria that they believe should be present in a 
biological indicator: 


e Biological relevance — it should be easily related to what society wishes to 
protect in nature. 

e Social relevance — the public and decision-makers should value it. 

e Broad application — to many potential stressors at many different sites. 

e Sensitivity to stressors — but without large variability, or a simple ‘all or 
nothing’ response. 

e Measurability — it should be definable and quantifiable with known precision 
and accuracy, using an accepted procedure. 
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e Interpretability — acceptable and unacceptable impacts on the indicator should 
be identifiable in a way that will stand up in a court of law and be supported by 
the scientific community. 

e Continuity of measurement — should be possible both spatially and temporally, 
and at appropriate scales of space and time. 

e Low redundancy — it should provide information that is additional to that 
provided from other sources. 

e Integrative — it should summarise information from other important natural 
phenomena that cannot be measured currently. 

e Anticipatory — it should provide information before serious harm has occurred 
to the natural system that it was chosen to protect. 

e Timely — information should be provided within the time-scale required for a 
management decision and appropriate action. 

e Diagnostic — of the particular type of stressor that is causing the response. 

e Cost-effective — in producing the maximum amount of information for the 
resources invested. 

e Historically based — there should be sufficient historical information to enable 
determination of the normal range of responses. 

e Non-destructive — to the natural system. 


Both ecological survey and bioassay approaches fulfil most of these criteria, albeit 
to different degrees. 


2.2.4 Location and frequency of samples, and data analysis 


It is only after information goals and appropriate indicators have been defined 
accurately and precisely that sample location and frequency can be decided. 
Continuous monitoring of some water quality parameters is now commonplace 
in many parts of the world. However, the cost of these systems and limits to the 
parameters that can be measured with them means that spot or grab samples for 
testing probably always will form part of environmental quality monitoring 
strategies (Hazleton, 1998), and this remains true for bioassays. 

It is a cliché that correlation or association does not imply causality. However, 
environmental quality managers need to discover the causes of any positive or 
negative changes in environmental quality. Are they doomed, therefore, never to 
achieve this goal? Not necessarily. If correlations between two parameters are 
consistent, responsive and have a mechanistic basis, then it is highly likely that 
causality can be inferred (Spooner and Line, 1993). A consistent response means 
that the association is similar in each data set. Responsive associations occur when 
experimental manipulation of one parameter leads to the expected change in the 
other parameter. Mechanistic bases to associations are known when it is possible to 
describe a physical link between one parameter and another, such as knowing that a 
particular concentration of a pollutant will reduce energy allocation within an 
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individual organism, leading to a decline in reproduction (Maltby, 1999). Bioassays 
are well placed to meet these criteria when compared with ecological surveys. 

Of course, even if associations are consistent, responsive and mechanistic, there 
may not necessarily be a cause-and-effect relationship. However, it could be argued 
that this is also true of many laboratory experiments on biological responses to 
environmental parameters. It therefore seems sensible to accept that consistent, 
responsive and mechanistic associations detected in the field are strongly indicative 
of a causal relationship. For example, Crane et al. (1995) found that cholinesterase 
activity in caged freshwater amphipods (Gammarus pulex) consistently was in- 
hibited immediately below different watercress beds sprayed with organophosphate 
insecticide. This effect has a well known mechanistic basis and cholinesterase 
activity can be reduced in the laboratory by exposure to similar compounds. The 
result of this field study with in situ bioassays was that management practices (the 
installation of settlement ponds) were adopted by watercress growers to prevent 
pesticide-contaminated water from flowing into nearby chalk streams. 

When answering questions about the number, location and frequency of 
samples, data from earlier studies are usually essential to maximise the cost- 
effectiveness of sampling. Dixon and Chiswell (1996), in a comprehensive survey 
of the literature, found only one method in which prior information on water 
quality was not needed; in this case, sampling locations were determined by an 
algorithm based upon stream order number (Sharp, 1971). Harmancioglu and 
Alpaslan (1992) describe how this basic approach can be enhanced by only rather 
limited information on the number of pollutant discharges and their likely contri- 
bution to pollution (e.g. biochemical oxygen demand). It may be possible also to 
use topographic maps and aerial photography to identify sites most at risk from 
human impact (Bryce et al., 1999). 

In most cases previous information is required, and researchers often need to visit 
a large number of proposed monitoring sites before using judgement, or a statistic- 
ally based design, to settle on the best sites for future sampling (Dupont, 1992). This 
may not be too onerous a task in a small area, but could prove prohibitively 
expensive if a large area or a large number of smaller areas need to be assessed. 
However, researchers do not necessarily have to travel over an entire catchment to 
determine the best sampling sites. Hydrological models coupled with Geographical 
Information Systems have proved useful in identifying optimal water quality 
monitoring sites (Rosenthal and Hoffman, 1999). 


2.2.4.1 Comparison of ambient samples 

Ward and Loftis (1986) recommend the calculation of measures of central ten- 
dency, such as arithmetic means, or geometric means if data are highly skewed, 
and the plotting of these on charts or graphs as the easiest method for communi- 
cating differences in environmental quality to the public and environmental 
managers. Confidence limits should be reported always with measures of central 
tendency, such as means and lethal concentration (LC)/effective concentration 
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(EC) toxicity values, so that the reader has some indication of uncertainty in the 
estimate. 

These measures of central tendency can be compared for two samples using a 
parametric t-test or non-parametric Mann-Whitney test. When there are more than 
two samples, tests such as the parametric analysis of variance (ANOVA) or non- 
parametric Kruskal—Wallis test can be used, followed by a multiple comparison 
test. The power of these tests can be calculated readily and used to determine 
optimal sample sizes for the future. However, care should be exercised when 
using ANOVA on survey data, because incorrect models are frequently used 
(Evans and Coote, 1993). Data from the field often consist of fixed factors chosen 
by an investigator (e.g. particular sampling points) and random factors that are 
sampled from a larger population (e.g. sampling date, if samples have to be taken 
over several days, but the effect of date on the dependent variable is of no particular 
interest to the investigator). Because of this, mixed-model ANOVAs are often most 
appropriate for analysing environmental monitoring data (Evans and Coote, 1993). 

Because analyses of water quality usually involve the collection of data on 
several variables, multivariate statistical analyses often are relevant. For example, 
multivariate analysis of variance (MANOVA) and discriminant analysis were used 
by Alden (1997) to investigate water quality trends in Chesapeake Bay. 


2.2.4.2 Trend analysis 

Detection of trends is an objective of many environmental monitoring schemes 
(e.g. Hurley et al., 1996) and normally will require regular, long-term monitoring 
of environmental quality at fixed sites (van Belle and Hughes, 1983; Whitfield, 
1988). Even when quality varies diurnally at a particular station (e.g. for water or 
air), it will be best usually to sample at that station at the same time of day if trend 
detection is the goal (van Belle and Hughes, 1983). Techniques are available to 
compensate for unequal sampling dates or missing values (Champely and Dole- 
dec, 1997). However, Comber and Gardner (1999), in a study of trends in environ- 
mental chemical concentrations in water and biota across Europe, found that it 
was difficult to assess data quality or even to access data that had been collected in 
different countries. The duration, location and information goals of monitoring 
programmes also varied across different European countries. The unhelpful diver- 
sity of environmental monitoring approaches and the variable quality of results 
have been widely recognised (Clark et al., 1996), and international environmental 
quality programmes now often begin with a phase designed to harmonise infor- 
mation gathering activities (e.g. Botterweg and Rodda, 1999). 

Initially, spatially and temporally intensive surveys may be needed to establish 
appropriate sampling locations and frequencies (e.g. Caruso and Ward, 1998). These 
then can be reduced in number when data redundancy becomes apparent. However, if 
the goal is to assess long-term trends over large areas involving many sites, intensive 
surveys are unlikely to be of much practical use in detecting trends and would be a 
very expensive method for determining sampling sites (van Belle and Hughes, 1983). 
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Simple time-series plots of water or air quality can reveal a great deal of 
information (Ward and Loftis, 1986), such as: 


Detection of extreme values 

Trends 

Known and unknown impacts 
Dependencies between observations 
Seasonality 

A need for data transformation 
Heterogeneous trends across stations 
Long-term cycles 


Various parametric and non-parametric statistical methods have been recom- 
mended for detecting changes over time in environmental time-series data (e.g. 
Ward and Loftis, 1986; Kwiatkowski, 1991; El-Shaarawi, 1993; Esterby, 1993; 
Dixon and Chiswell, 1996; Thas et al., 1998; Comber and Gardner, 1999), 
including multivariate approaches (e.g. Loftis et al., 1991). Many of these, such 
as the Seasonal Kendall test, are available in easy-to-use general statistical 
software packages, and their statistical power can be estimated so that optimal 
sampling can be agreed. The Seasonal Kendall test is used frequently because it is 
robust when there are non-normal, censored, missing or seasonal data, such as 
those commonly found in environmental quality monitoring programmes, al- 
though only monotonic trends (i.e. trends either upwards or downwards) can be 
detected with this test (El-Shaarawi, 1993; Alden, 1997; Antelo et al., 1998; 
Stoddard et al., 1998). Newell et al. (1993) show how this test can be modified 
for use when changes in sampling or analytical methods appear to prevent analysis 
over an entire times series, and modifications can be made to account for serially 
correlated data (Thas, 1999). Thas et al. (1998) provide information on power 
calculations for several non-parametric time-series techniques. 


2.2.4.3 Breach of regulatory limits/compliance monitoring 

Although fixed-frequency sampling is likely to be best for detecting longer term 
trends in environmental quality, it will rarely be the optimal strategy for detecting 
breaches in regulatory limits, whether chemically or biologically based. Other 
approaches, such as sequential, Markovian and exceedance-driven sampling, are 
likely to be more effective (Whitfield, 1988). It may be useful also for an environ- 
mental manager to estimate the probability of a breach at a particular location. 
This will allow evaluation of the level of success in preventing breaches and help 
to focus resources on priority areas (Ward and Loftis, 1986). 


2.2.4.4 Assessment of environmental impact 

Optimal strategies for detecting the impacts of particular activities, such as 
damming, dredging or site development, often need to be decided on a case-by- 
case basis. However, despite some criticisms (Hurlbert, 1984; Stewart-Oaten et al., 
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1992; Smith et al., 1993), most sampling designs involve a Before and After, 
Control and Impact (BACI) type of design (Green, 1979; Stewart-Oaten et al., 
1992). The BACI design requires the selection of similar sites: at least one control 
and one site that will be impacted. Samples then are taken at both sites before and 
after the impact (Whitfield, 1988). Underwood (1991) provides examples of 
appropriate experimental designs for BACI and similar studies. El-Shaarawi 
(1993) shows how time-series analysis can be used in this context, and Reckhow 
(1990) provides a Bayesian framework for analysing this type of problem. 

If the aim is to detect time-series trends associated with environmentally 
impacting activities, then samples should be taken at regular intervals before 
and after the impact, with more samples taken after in case there is a lag in any 
effect. Of course, in many cases the impact may have occurred already if it was 
accidental, in which case the best design is that for comparison of ambient samples 
described above. It may be difficult to find truly independent sites that are 
sufficiently similar. For example, rivers are often monitored by comparing sites 
upstream of an impact with sites downstream of the impact. It is arguable whether 
such sites are truly independent. 

In summary, when designing any environmental monitoring strategy, including 
one with bioassays, considerable advice is available on optimal location and 
timing of samples. It is no longer necessary simply to rely on tradition or 
guesswork. 


2.3 Quality issues in the use of bioassays 


We have addressed issues of ecological relevance and now turn our attention 
towards measures for ensuring the reliability of test data that are generated from 
bioassays. This can be thought of in three distinct areas that, together, can make a 
significant contribution to the reliability of toxicity estimates that emerge from 
testing, and therefore the robustness of regulatory decisions made as a result: 


e Collection, handling and pretreatment of samples prior to testing 
e Standardisation of test protocols 
e Performance characteristics (particularly variability) of bioassays 


2.3.1 Sample collection, handling and pretreatment 


2.3.1.1 Sample collection and handling 

It is vital that environmental samples (such as effluents, leachates, receiving 
waters, sediments and soils) taken for testing with bioassays are considered 
representative and that the procedures adopted for the collection, storage and 
preparation of samples ensure that the toxicity of the sample obtained at source 
does not change markedly before a test is conducted. It is also vital that supporting 
documentation, in the form of a chain of custody record, accompanies the sample. 
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Detailed information on procedures for the collection, handling and preserva- 


tion of aqueous and sediment samples is given in a series of ASTM (1994a,b) and 
ISO (1990, 1991, 1992a,b, 1994, 1995, 1998a,b, 1999, 2000) documents. General 
issues for the collection, storage and preparation of environmental samples for 
bioassays that need to be considered are summarised below: 


Environmental samples for bioassays should be collected in accordance with 
any existing regulatory procedures. 

Environmental samples should be collected in containers made of materials 
certified by manufacturers as being inert. 

Measurements of appropriate basic physicochemical properties should be 
made both in the field at the time when samples are collected and on receipt 
at the laboratory. 

Samples must be labelled with the name and location (e.g. grid reference), the 
date and time the sample was taken, the duration of sampling, the initials of the 
sampler and the number of the chain of custody record forms. 

Samples should be transported to the testing facility within 24h and testing 
should commence as soon as possible after collection. Samples must be kept 
in the dark during transport and the sample temperature should not deviate 
markedly (+ 2°C) from that at the time of collection. The temperature 
history of the samples from collection to arrival at the testing facility 
should be recorded, ideally using disposable temperature recorders, where 
appropriate. 

Aqueous samples should be accompanied by triplicate trip blanks (e.g. reference 
water samples) to allow cross-contamination in transit to be identified. 
Samples of effluents or receiving waters requiring immediate testing should be 
adjusted to the required temperature for the relevant toxicity test(s) immedi- 
ately on receipt at the test facility. If the sample is not to be tested immedi- 
ately, it should be stored in darkness at 2—8°C. 

Initial characterisation studies on aqueous samples (effluents, leachates or 
receiving waters) should address the issue of sample stability and temporal 
changes in the toxicity of collected samples. 


2.3.1.2 Sample pretreatment 

The extent to which environmental samples are treated prior to testing depends on 
the objectives of the study and should be the subject of discussions between 
interested parties (e.g. dischargers and regulators). There are two possible ap- 
proaches: 


1. 


Testing of samples unadjusted in order to gain information on the total 
biological effects, including the influence of potentially confounding physi- 
cochemical parameters such as pH, dissolved oxygen, suspended solids and 
turbidity, hardness or salinity and colour. This approach could mean that in 
certain instances it will not be possible to carry out certain methods because 
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physicochemical parameters will fall outside the limits specified for the 
procedures (see Table 2.2). 

2. Adjusting either the sample or specific test solutions so that all potentially 
confounding physicochemical parameters specified for a particular method 
are met (see Table 2.2). Modification of the sample or test solutions will 
remove the influence of these parameters and reflect residual chemical tox- 
icity. 

In selecting an approach there is an issue of how representative a test methodology 
might be of conditions in the environment and whether the sample was being 
modified to meet test requirements with a subsequent loss of environmental realism 
(for example, due to changes in effluent character on adjustment). The influence of 
physicochemical parameters on aqueous samples typically will be more pro- 
nounced for effluents or leachates than receiving waters, where dilution may have 
occurred. Furthermore, problems of sample or test solution treatment for confound- 
ing physicochemical parameters generally will become important only if toxicity 
occurs at higher effluent concentrations. For samples where toxicity is evident at 
lower sample concentrations, dilution with reference water often will mean that 
physicochemical parameters in the test solutions meet the test method criteria. 


2.3.2 Test standardisation 


Consistency in the way testing is performed is vital if excessive variation in 
methodology is not to undermine the reliability of the test data that emerge. The 
next section explains how bias and variability can result, but this can be con- 
strained by identifying critical aspects of a test method and defining how these 
should be performed. This is clearly of greatest value if it can be done at the stage 
of test method development and, indeed, often features in the drafting of new test 
guidelines. As well as describing how a test is to be performed, these test 
guidelines typically advise on sources of test organisms and minimum perform- 
ance criteria for control responses. 

Such test guidelines often form a key part of a laboratory’s formal quality 
assurance procedure (e.g. Good Laboratory Practice or other formal accreditation 
schemes) and enable test results to be audited. However, to be fully effective these 
quality assurance procedures need to take account of the performance characteris- 
tics of the test (quality control). Such considerations form the basis of the 
following section. 


2.3.3 Variability in bioassay data 


If the same bioassay is performed on a sample of a substance, waste or environ- 
mental medium on a number of occasions, a range of toxicity estimates would be 
generated. The same would be true if different laboratories were asked to perform 
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a test, some variability between replicates is to be expected as a result of individuals 
or groups of individuals varying in their sensitivity to the material being tested. 

This variability is not unique to biological testing and is well understood in 
many industrial activities and chemical analyses. Indeed, substantial resources are 
devoted to measuring and controlling variability in outputs in these sectors. 
However, the same cannot be said of toxicity testing. In the following sections 
we consider why variability in aquatic bioassays is important and what can be 
done to constrain it within reasonable bounds. 


2.3.3.1 How does variability arise? 

In chemical analysis we can assess the accuracy of a method by comparing the 
measured result against known standards of known concentration, i.e. if we dissolve 
1 mg of a substance in a litre of water we can calibrate our analysis to estimate a 
concentration of 1 mg/l. Thus the accuracy of the analysis can be determined by the 
degree of agreement between the measured value and the ‘true’ value. An accurate 
measurement is one in which there is a lack of bias or systematic error. Accuracy in 
bioassays, on the other hand, is impossible to assess because the measured toxicity 
is determined empirically. There is no ‘true’ underlying toxicity that can be used as 
areference point. In this case, the only realistic way of understanding the underlying 
toxicity of a substance in a particular test (and thereby understanding how accurate a 
particular toxicity measurement is) is to make many estimations, ideally in different 
laboratories. The overall mean then may be taken as an estimate of the sample’s 
underlying toxicity in this particular test. The more tests that are performed, the 
better this estimate should be. 

Another important characteristic is that of precision. This becomes evident only 
when repeat measurements are made, because precision refers to the amount of 
agreement between repeated measurements (the standard deviation around the 
mean estimate). Precision is subject to both random and systematic errors. In 
industrial quality control and chemical analysis, Shewhart Control Charts provide 
a means of assessing the precision of repeat measurements but these approaches 
are rarely used in ecotoxicity testing. The effect is that we generally understand 
little about either the accuracy or the precision of most bioassays. 

Fulk (1995) usefully identifies two types of variability (random and systematic 
error) and three ways in which this may become manifest (within-test, within- 
laboratory and between laboratories). In a conventional concentration—response 
experiment, the random occurrence of variability within an experiment will give 
rise to error around the fitted regression line, i.e. it will make the estimate of 
toxicity less precise. By contrast, non-random occurrence of these factors between 
experiments or laboratories can result in different estimates of toxicity, leading to 
bias. However, testing on different occasions or in different laboratories is 
also subject to random errors. As a result, the variability that we see is usually 
a combination of random and systematic errors. Variability resulting from 
random errors is, by definition, difficult to address but systematic errors can be 
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investigated by reviewing current practices and comparing them with test proto- 
cols or practices adopted in other laboratories. 


2.3.3.2 Why does variability matter? 

Variability in ecotoxicity testing can have important implications, especially if we 
are using the data to make a decision about the acceptability (or otherwise) of a 
chemical, site, waste stream or process on the basis of the result. Thus, whenever 
we compare the outcome of a test with a threshold, there is a chance that a sample 
will appear to have exceeded the threshold simply because, on a particular 
occasion, the test yielded higher toxicity than the norm. Conversely, a bioassay 
may produce a result that indicates lower toxicity than the threshold, but only 
because the test on this occasion yielded an ECs that was particularly high. In 
both cases, the same test on another occasion, or the same test performed by 
another laboratory, could result in a different outcome. 

The results from toxicity tests and bioassays are usually compared with a 
predefined threshold, such as a compliance limit or classification threshold. 
When toxicity lies comfortably away from the threshold there is unlikely to be 
much doubt about which side of the threshold it lies. Put another way, the level of 
variability needs to be much higher to result in misclassification. However, the 
risk of misclassification increases as the underlying (‘true’) toxicity of a material 
approaches the threshold or where the test method gives rise to a particularly wide 
range of possible values. Although test regimes tend to involve the use of a battery 
of test species, often not all these will be used in the classification of a sample. 
Unless a weight-of-evidence approach is used, the determination of risk or hazard 
classification frequently is based on the most sensitive test datum and a simple 
face-value comparison with the threshold defining an unacceptable risk or separ- 
ating categories of environmental quality. 

We are not arguing that bioassay data must be completely free of systematic and 
random error. Indeed, if the degree of variability is known, this information may 
be incorporated into the decision-making process. It can be used to minimise the 
incidence of false negatives, by narrowing the margin between the measured 
toxicity and the limit value to a point where the chances of a false negative are 
reduced to some predefined level. The effect of such a strategy is to accord the 
“benefit of the doubt’ to the environment. Alternatively, in the case of an emission 
to which a toxicity limit has been assigned, the risk assessor may wish to accord 
the benefit of the doubt to a discharger by minimising the incidence of false 
positives. In this case, the margin between the measured toxicity and the limit 
value is effectively widened. For a fuller discussion, the reader is referred to 
Warren-Hicks and Parkhurst (1995). 

However, this strategy does little more than ‘make the best of a bad job’ and, in 
any case, requires an investment in understanding the degree of variability present. 
We argue that, if such information is to be gathered, it may be used more 
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effectively to achieve some control over variability rather than merely making 
allowances for it. 
To summarise, it is clear that: 


e Currently, the degree of accuracy and precision actually achieved in bioassays 
is largely unknown, and these performance characteristics matter. 

e The accuracy and precision of test data can be constrained and this will 
improve regulatory decision-making. 


2.3.3.3. How much variability is there? 

We have seen that variability in toxicity testing can arise from repeat measure- 
ments made within a laboratory and also between laboratories. In reality, the 
variability seen between laboratories is a consequence of both within- and be- 
tween-laboratory sources of variability, and both are also subject to the within-test 
variability referred to earlier, as evident from differences between test replicates. 
Research based on a series of acute aquatic toxicity tests (Whitehouse et al., 1996) 
shows that variation between laboratories is higher than that between repeat tests 
in the same laboratory. This, in turn, accounts for more variability than that seen 
between replicates within a test. Similar findings are evident from the work of 
others in connection with the introduction of whole-effluent toxicity tests in the 
USA (e.g. Warren-Hicks and Parkhurst, 1992; Fulk, 1995). Over the years, a 
number of authors have examined variability in aquatic toxicity testing. Typically 
these describe variability in terms of the coefficient of variation (standard devi- 
ation divided by the mean) in ECs9 or LCs values that is achieved when the same 
toxicant is tested several times (or by several laboratories) using the same method. 
Table 2.3 summarises the results of a review of published data. 

In 1995, a more detailed study was carried out, based on the widely used 
Daphnia magna 48-h immobilisation test. When a series of laboratories across 
Europe were asked to perform this test according to OECD Test Guideline 202 
using a subsample of the same batch of 3,4-dichloroaniline as a reference toxicant, 
a range of 48-h ECs values were reported (Figure 2.1). An overall mean ECs9 of 
0.83 mg/l was found but, even with this well-established test method, the range of 
48-h ECs values for 3,4-dichloroaniline ranged between 0.14 and 2.51 mg/l. It is 
clear also that variability is relatively low in highly toxic or non-toxic media and is 
highest at concentrations near the ECs9 or LCso (Parkhurst et al., 1992; Warren- 
Hicks and Parkhurst, 1992). The examples given in Figure 2.1 may therefore 
represent ‘worst case’ scenarios. 

Other test methods, in which laboratories had less experience, tended to gener- 
ate higher levels of variability. Interestingly, variability both within and between 
laboratories was smallest for a 15-min ICsq derived from the Microtox™ test — a 
rapid bioluminescence assay based on the marine bacterium Vibrio fischeri. For 
comparative purposes, 15-min ICs data for 3,4-dichloroaniline are also shown in 
Figure 2.1. Unlike most of the other tests evaluated, the Microtox methodology 
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Table 2.3 Summary of variability in toxicity resulting from testing single chemicals in aquatic 
toxicity tests (at least six data are required)". 


Test Source of No. of Coefficients of variation 
organism variability studies 
25% 50% 715% 
Microtox™ Within test 29 2 4 18 
(15-min ECs) Between test 3 Insufficient data 
Between laboratory 7 19 22 43 
Pacific oyster Within test 0 No data 
embryo larvae Between test 3 Insufficient data 
(24-h ECs) Between laboratory 4 Insufficient data 
Acartia tonsa Within test 0 No data 
(48-h LCs) Between test 16° 4 17 33 
Between laboratory 4 Insufficient data 
Tisbe battaglia Within test 0 No data 
(48-h LCs9) Between test 6 5 13 21 
Between laboratory 3 Insufficient data 
Daphnia magna Within test 45 1 4 7 
(48-h ECso) Between test 47 10 18 33 
Between laboratory 18 15 26 46 
Selenastrum Within test 0 No data 
capricornutum Between test 4 Insufficient data 
(72-h ECs) Between laboratory 1 Insufficient data 
Skeletonema costatum Within test 0 No data 
(72-h ECso) Between test 6 2 14 32 
Between laboratory 3 Insufficient data 
Phaeodactylum Within test 0 No data 
tricornutum Between test 5 Insufficient data 
(72-h ECs) Between laboratory 3 Insufficient data 
Rainbow trout Within test 0 No data 
(96-h LCso) Between test 10 10 17 29 
Between laboratory 11 39 58 98 
Turbot (96-h LCs) Within test 0 No data 
Between test 5 Insufficient data 
Between laboratory 3 Insufficient data 


* This table is based on studies by the following: 


Anderson and Norberg-King (1991) Curtis et al. (1982) 

Baird et al. (1991) Davis and Hoos (1975) 
Bjornestad and Petersen (1992) De Zwart and Sloof (1983) 
Buikema (1983) Dixon and Sprague (1981) 
Butler et al. (1992) Environment Canada (1990) 
Canton and Adema (1978) Gersich et al. (1986) Qureshi et al. (1982) 

Casseri et al. (1983) Hansen et al. (1979) Walker (1988) 

P It is not clear whether these studies generate information on within-test or within-laboratory variability. 


Horning and Weber (1985) 
ISO (1989) 

Lemke (1981) 

Lewis and Horning (1991) 
Lewis and Weber (1985) 
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is described in detail in a manufacturer’s manual and gives relatively little room 
for flexibility in how the test is performed or how the data are manipulated to 
estimate toxicity. 


2.3.34 Sources of variability 

Variability in toxicity measurements is recognised at every level of biological 
organisation, from the subcellular (Ratner and Fairbrother, 1991) to the commu- 
nity level (Taub et al., 1989). Differences in the response of individuals to 
pollutants may be due to environmental or genetic factors or a combination of 
the two (Hoffmann and Parsons, 1991). The total variability in the response of an 
organism to a chemical (V,) can be represented by the equation: 


Vp = Ve + Ve + Vee 
(Baird et al., 1989) 
where: V, = variability due to genetic heterogeneity 
Ve = variability due to environmental heterogeneity 
Vee = variability due to interaction between genetic and environmental 
factors 


Taking the 48-h Daphnia magna immobilisation test as an example, V, should be 
small because this species reproduces parthenogenetically. Although clonal dif- 
ferences can lead to significant differences in sensitivity (Baird et al., 1990, 1991), 
in practice, test laboratories maintain a relatively limited range of clones (Forbes 
and DePledge, 1992). Various environmental factors have been suggested or 
shown to influence the sensitivity of Daphnia to toxicants (Ve), including culture 
medium, diet type and ration, temperature, water hardness, light intensity and 
photoperiod. Many of these were investigated as part of a programme to update 
the test guideline for the OECD 21-day Daphnia magna reproduction test (Sims 
et al., 1993), but the contribution made by many of these factors remains unclear. 
It is thus perhaps not surprising that interactions between these factors (V¢e) 
remain almost completely unknown. 

Forbes and DePledge (1992) add a third consideration, that of experimental error. 
Our experience of ring-testing would tend to support this as an important consider- 
ation: there is evidence to indicate that greater precision is achieved by the more 
experienced laboratories and that closely defined protocols, such as the Microtox® 
example mentioned earlier, are associated with greater precision than those where 
there is a high degree of latitude in the test protocol (Whitehouse et al., 1996). 


2.3.3.5 How much variability is acceptable? 

Clearly there can come a point when estimates of toxicity are so imprecise or 
subject to bias that any conclusions drawn from them are meaningless. At the 
same time, it would be inappropriate to devote resources to constraining variabil- 
ity unless it was going to benefit decision-making in risk assessment. 
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(a) Daphnia magna immobilisation 
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Figure 2.1 Probability density functions for ECs /ICso values derived from an interlaboratory ring-test for 
Daphnia and Microtox™ tests using 3,4-dichloroaniline as a reference toxicant. 


A complete absence of any constraint on variability would seem to be irrespon- 
sible. The development of test protocols is an important contribution to constrain- 
ing variability because it limits the latitude for systematic variation between 
operators. However, the resulting variability within or between laboratories 
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remains unknown. As we explain below, variability can be monitored and, if 
necessary, controlled by defining acceptable levels of variability based on those 
achieved by experienced laboratories. 


2.3.3.6 How can variability be controlled? 

A conventional response to issues of variability in bioassays is to construct 
Shewhart Control Charts based on the results achieved in repeat tests within a 
laboratory using a reference toxicant. This effectively describes the range of 
results typically found within the laboratory and hence can be used to define 
limits within which the laboratory normally expects to operate. However, there is 
a flaw in such ‘internal’ quality control because the more variable a laboratory’s 
reference toxicant test results are, the wider the limits of acceptability will be. 
Indeed, it can serve merely to reinforce high variability or bias. 

Instead, a process of ‘external’ quality control is favoured. The accuracy and 
precision of ecotoxicity tests may be defined and monitored by defining limits on the 
amount of bias that is considered acceptable and also on the amount of variability 
between repeat tests. These limits can be estimated from ring-testing involving 
laboratories that are experienced in the test method and therefore can be regarded 
as reasonably proficient but are ‘imposed’ rather than being generated by individual 
laboratories. Furthermore, they must use the same reference toxicant (sometimes 
referred to as a ‘positive control’). The resulting conclusions are applicable only to 
this toxicant because it is clear that different toxicants yield different levels of 
within- and between-laboratory variability (Whitehouse et al., 1996). It follows 
that subsequent monitoring also must be based on the same toxicant. 

Such an approach was trialled in the late 1990s as part of an initiative by the 
Environment Agency in the UK. It led to proposals for a quality control scheme 
for use within the Agency’s Direct Toxicity Assessment programme for effluent 
assessment and control. The trial entailed an interlaboratory ring-test of four test 
methods using two toxicants (3,4-dichloroaniline and zinc sulphate) from which 
accuracy and precision criteria were estimated, as described below. 


2.3.3.7 Defining limits for accuracy 

Control limits may be applied to the ECs estimates, defining the range within 
which a given proportion (say 95%) of values would be expected to fall. This 
requires an estimate of the underlying toxicity of the toxicant using that test 
method (the ‘consensus’ mean) and the variance for reproducibility, which can 
be estimated from residual maximum likelihood analysis of the ring-test data. This 
analysis yields an estimate Of Oyeproducibility, the sum of the variances attributable to 
within-test, within-laboratory and between-laboratory sources of error. It is then a 
simple matter to define the control limits for accuracy as: 


95% Control limit for accuracy = ‘Consensus’mean + 1.96 X Greproducibility 
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We can then calculate the limits, expressed as concentrations of the reference 
toxicant, within which we would expect 95% of ECso estimates to lie. 


2.3.3.8 Defining limits for precision 

Residual maximum likelihood analysis of the ring-test data also provides an 
estimate of the underlying repeatability of each test method (Th peatability)- As part 
of a quality control scheme, this can be compared with variances estimated from the 
EC/LC., values derived from a series of repeat tests carried out within a laboratory 


using the same toxicant (S?) and using a conventional x? test, as shown below: 
S/S repeaicbnie O =. 1) < Xai, a) 

If S? is significantly greater than Ge eras for that test method, excessive 

variability between repeat tests is indicated and an investigation of possible 

sources of error might be prompted to restore within-laboratory variability to an 

acceptable level. 

Once the control criteria have been developed, laboratories can carry out a 
series of ecotoxicity tests with the reference toxicant. Their data then may be 
used to monitor both the risks of excessive bias and lack of precision (as 
illustrated in Figure 2.2) and, if necessary, problems highlighted at an early 
stage. Formal implementation of this approach might require laboratories to 
submit reference toxicant data for evaluation and to take remedial action when 
data fall outside specified limits. Although quality control limits derived in this 
way are simply based on the results obtained by a group of laboratories in ring- 
testing, the accumulation of reference toxicant data will help to refine the limits 
over time. 

In this example, each laboratory has performed six tests. Laboratories A, C, D, 
F and G would meet the criteria for both within- and between-laboratory variabil- 
ity. By contrast, data from laboratory J would be acceptable in terms of the 
between-laboratory criterion but the poor agreement between ECs values would 
marginally fail the criterion for within-laboratory variability. In this example, data 
from laboratories H and I exhibit poor repeatability and also fail the criterion for 
between-laboratory variability. 


2.3.3.9 Test method development and the derivation of quality control 

criteria 
The development of new test guidelines or the revision of existing ones provides 
an opportunity to address quality control considerations as well as the more 
conventional considerations concerned with the technical conduct of the tests. 
Although ring-testing is frequently involved, rarely is it designed in such a way 
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Figure 2.2 Different laboratory performances for 30-min Microtox® tests with 3,4-dichloroaniline: () 
acceptable precision; (—) marginal acceptability; (x) excessive variability between repeat tests. Values falling 
between upper and lower 95% confidence intervals indicate acceptable control over between-laboratory 
variation. 


that it will help to define the sort of control criteria outlined here. However, the 
development of a draft OECD Test Guideline for toxicity testing with aquatic 
plants (OECD 221) (Sims et al., 2001) and, more recently, the development of an 
AFNOR standard for a Brachionus calyciflorus 48-h toxicity test (Thiebaud and 
Thomas, 2000) did entail such ring-tests, enabling an examination of the between- 
and within-laboratory variability associated with these tests. 

In our view, such considerations ought to form a more prominent aspect of test 
guideline development, ideally leading to the inclusion of these important per- 
formance characteristics within the test validity criteria. The results thus obtained 
can then be treated with greater confidence, and the uncertainty in the regulatory 
decisions based on these data would be reduced. 


EFFECTIVE MONITORING OF THE ENVIRONMENT 55 


2.4 Summary 


All environmental monitoring tools, including bioassays, must be embedded 
within a coherent monitoring framework if results are to be related meaningfully 
to monitoring objectives. Biological, chemical and statistical criteria must be 
considered before designing such programmes. 

The reliability of toxicity estimates that emerge from testing, and therefore the 
robustness of regulatory decisions made as a result, depends on a number of 
elements, namely: 


e Collection, handling and pretreatment of samples prior to testing all ensure 
that the toxicity of the sample obtained at source does not change markedly 
before a test is conducted. 

e Standardisation of test protocols to ensure that elements of a procedure that are 
most critical in terms of its performance are identified and testing is carried out 
in a consistent manner within a laboratory at different times and also between 
laboratories. 

e Performance characteristics (particularly variability) of bioassays. 
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3 The nature and chemistry of toxicants 
Ulf Lidman 


3.1 Introduction 


3.1.1 History 


An environmental toxicant can be defined as a substance that, in a given concen- 
tration and chemical form, challenges the organisms of the ecosystem and causes 
adverse or toxic effects. 

From a historical and evolutionary point of view, all living organisms are 
continually exposed to a panorama of toxins of natural origin and in the course 
of evolution have developed different kinds of defense, e.g. biochemical and 
physiological mechanisms, in their efforts to handle toxic substances. The toxins 
produced by different organisms or natural processes differ considerably in nature 
and mechanism of toxic action, as do the purposes for production. Thus, many 
organisms, such as bacteria, plants, fungi and animals, produce very potent toxins 
for defense and protection of integrity (allelopatic substances) or for the capture of 
prey, whereas in other cases the toxins seems to be just secondary metabolites or 
waste products from ordinary metabolism. Also, there are natural toxin-producing 
processes such as fire, volcanic activity and leakage from ores. 

With the evolution and development of mankind and modern society, different 
man-made substances (anthropogenics or xenobiotics) have been added to the 
toxic panorama. Furthermore, many substances or products (e.g. metals) have 
been collected and concentrated for medical or industrial purposes and then 
redistributed in a manner that, today, is causing toxic exposure and harm to the 
biosphere. These processes have been accelerating during the last three centuries 
and millions of tons of xenobiotics have been distributed in the environment. 

Awareness of the problems with xenobiotics started to emerge in the middle of 
the 20th century and there is still ongoing discussion today. Much research has 
been performed, much knowledge has accumulated, various actions have been 
taken and numerous substances and processes have been banned or restricted. In 
parallel, however, many new chemicals and products have been developed, in 
some cases to replace those substances that were phased out as environmental 
hazards and in other cases as components of new materials or applications. 
These new substances are continuously added to the environment, in many cases 
without thorough toxic evaluation or risk assessment, and they pose new risks to 


62 ENVIRONMENTAL TOXICITY TESTING 


individuals and ecosystems. A special problem is the replacement of powerful 
environmental toxicants with other substances. To fit the process or application, 
the substituting substance in many cases has to have more or less the same 
physical and chemical characteristics and thus, in many cases, expresses similar 
toxicological behaviour to that of the banned substance. 


3.1.2 Properties 


Most environmental toxins share the properties of being lipid soluble and persist- 
ent to metabolism or breakdown, biotic as well as abiotic. Lipophilicity is com- 
monly characterized by the partition coefficient between octanol and water (Kow) 
and generally the bioavailability or tendency to be absorbed by biotic systems 
increases with increasing Kow. At very high Kow, however, the uptake might be 
hindered by the large molecular size or the substance might get stuck in lipophilic 
structures such as plasma membranes. The ideal value of Kow for absorption is 
around unity (Walker et al., 2001). 

For some substances, special mechanisms involving a recognition mechanism 
coupled to a transport reaction (active or passive) are available. Such mechanisms 
are, in most cases, aimed at the uptake and transport of essential substances but 
might be shared more or less specifically by the xenobiotics. 


3.1.3 Exposure 


A fundamental prerequisite for a substance to exert action in biological systems is 
that the system is exposed to the substance in a manner that allows absorption. The 
main routes for absorption and consequent exposure are the body linings, e.g. skin, 
respiratory surfaces and alimentary integument. Thus, exposure is through direct 
skin contact, air, water and food, including food chains and food webs. 


3.1.4 Bioavailability 


Generally, bioavailability and absorption by organisms are linked to lipophilicity 
and driven by concentration gradients. If, however, the molecules become too 
lipophilic, i.e. they possess a Kow value well above unity, they might become stuck 
in membranes or other lipid-rich structures. Under most such circumstances no 
toxic action is expressed. Also, many toxicants can use specialized transport 
mechanisms (passive or active), designed for the uptake of essential substances, 
for entry into organisms. In the actual physiological stages of an organism, certain 
transport mechanisms might be induced that enhance the uptake of a toxicant. 

A well-known example showing the differences in bioavailability for different 
forms of an element is mercury. For this substance, the liquid elemental form Hg? 
is poorly absorbed over gut and skin, the gaseous phase is readily absorbed over 
the lungs, the ions Hgt and Hg?* are more readily absorbed over the gut and 
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organic forms such as (CH3),Hg and CH3Hg™ are easily absorbed across all body 
linings (Gochfeld, 2003). 

The question of bioavailability is crucial in environmental toxicology and 
depends, in many cases, on the physicochemical properties of the surrounding 
environment and the corresponding equilibrium form of the envirotoxicant in 
question. 


3.1.5 Bioaccumulation 


After exposure to a bioavailable toxicant, absorption takes place and the substance 
is distributed throughout the body or to the different compartments of the ecosys- 
tem. If the substance has high affinity for a certain structure or is lipophilic and 
slowly metabolized, then bioaccumulation takes place. 

Elimination from the body is generally associated with hydrophilicity and very 
many envirotoxicants have to be metabolized to more hydrophilic components or 
derivatives before being excreted because the excretory organs, apart from milk 
glands and structures in parallel, are not efficient at handling lipophilic substances. 
From an abiotic point of view, xenobiotics may have settled and accumulated in 
sediments and, in many cases, exited from the biotic system. Then, however, they 
may be the target for microbial action and are either broken down or activated or 
experience a changed physicochemical environment associated with changed 
equilibriums so that they threaten the ecosystem in a new, more bioavailable form. 

After absorption many xenobiotics enter some kind of depot (e.g. adipose 
tissue, bone tissue, certain proteins or some other tissue components) and are 
thus excluded from playing a part in leveling the transport gradients. This means 
that further absorption will take place and the overall levels of the envirotoxicant 
in the organisms will increase. 


3.1.6 Biomagnification 


The organisms of an ecosystem constitute, among other things, a food web with 
different food chains and trophic levels. As a general rule, the organisms on the 
lower trophic levels are eaten by animals from higher levels. The animals on the 
higher levels, the top predators, have to eat many times their own body weight to 
survive, develop and grow. This constitutes the basis for biomagnification, because 
the natural food components will be used for energy and construction purposes 
while the persistent xenobiotics will be stored in the body and give rise to very high 
body burdens and levels of xenobiotics in the depot tissues of the top predators. 


3.1.7 Metabolism 


The question of metabolism is very complex and extremely important from a 
toxicological point of view and has been the subject and main topic for extensive 
research during the last three decades. 
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One of the main aims of metabolism, and possibly the most important, is to 
make lipophilic substances more hydrophilic in order to promote excretion and 
prevent bioaccumulation. 


Phase I Phase II 
Envirotoxicant ———> Metabolites Conjugate 
Endogenous ligand 


Increase in hydrophilicity 


This is, however, a complicated process and from a toxicological point of view 
two main concerns can be identified: interference of the envirotoxicant metabol- 
ism with the endogenous metabolism and turnover of, for example, steroid 
hormones and other endogenous substances; and the production of many, highly 
toxic, electrophilic intermediates and metabolites. These metabolites are often 
very reactive and in many cases act as genotoxicants, inducing specific carcino- 
genic and teratogenic effects, but they can also cause general cell and tissue 
necrosis (Figure 3.1). 

The metabolism of xenobiotics is commonly divided into phases I and II. Phase 
I consists of different fundamental chemical reactions (oxidations, reductions, 
hydratations, hydrolysis, etc.), resulting in slightly more water-soluble products 
with functional groups such as hydroxyl, amino and sulfhydryl. Phase II involves 
conjugation with highly water-soluble ligands such as glucuronic or sulphuric acid 
or glutathione (GSH) for excretion in urine and bile. Most of the highly reactive 
intermediates, free radicals, etc. are formed during phase I reactions, whereas 
phase II can be considered a detoxification process. There are, however, excep- 
tions and, in particular, sulphuric acid conjugates may give rise to mutagenic 
metabolites. 

Xenobiotic phase I metabolism can be performed through a vast number of 
enzymatic pathways, but the most important and most discussed in connection 
with envirotoxicants is the ‘mixed function oxidase’ system (MFO), based on a 
certain class of cytochromes called the cytochrome P450 family. These are 
membrane bound and localized to the smooth endoplasmic reticulum of liver 
cells in particular but also to many other cell types, preferably those making up 
different body linings facing the surrounding environment. Furthermore, the 
reactions are dependent on the reduced form of NADPH (produced in a mem- 
brane-bound NADPH generating system) and molecular oxygen. 

Cytochrome P450 exists in many different forms — isozymes — each of which 
are more or less specific to a certain envirotoxicant or class of envirotoxicants. 
Some are also inducible; for example, exposure to a certain xenobiotic will cause 
de novo synthesis of a particular cytochrome P450 isozyme and elevated levels 
and activity of that isozyme, creating a base for synergistic action between 
substances (Klaassen, 1996). 
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Figure 3.1 Metabolism of carbon tetrachloride with the production of electrophilic radicals and highly toxic 
metabolites. GSH denotes the important phase II conjugant glutathione. GSSG denotes oxidized glutathione. 


The actual isozyme pattern of the MFO system of an animal gives a picture of 
the exposure situation and history of that animal and thus may serve as an 
important tool in the characterization of an environment from an envirotoxicolo- 
gical point of view or, more specifically, changes in cytP450 isozyme patterns 
may be used as a biomarker in bioassays for monitoring the envirotoxicant impact 
of more or less specified substances. Other phase I xenobiotic metabolizing 
enzymes are esterases, epoxide hydrolases and reductases, many of which play 
special and significant roles in toxicology. Phase II reactions are catalyzed by 
different transferases adding an endogenic polar substance such as glucuronic acid 
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to the substrate, in many cases a phase I metabolite, creating a more polar product 
for excretion. 


3.18 Effects of environmental toxicants 


A fundamental requirement for a toxic effect to occur is the establishment of 
chemical contact between the envirotoxicant and some endogenous molecule at 
the site of action for the toxicant — ‘it always starts with a reaction between two 
molecules’. This, of course, requires exposure, bioavailability and absorption of 
the substance, as well as distribution within the organism to the site of action. 

The endogenous molecule reacting with the envirotoxicant might be of any 
type, e.g. nucleic acid, protein, lipoprotein, lipid or carbohydrate. Such molecules 
can constitute DNA, RNA, transport proteins, enzymes, receptors, ion channels, 
signal molecules, etc. In each case, a more or less severe disturbance of the 
regulation and internal balance, homeostasis, of the organism will occur, thus 
activating compensatory biochemical and physiological responses to bring the 
organism back to equilibrium and optimal function. 

The reactions and responses can be very specific and thus serve as biomarkers 
in ecotoxicological work. Well known examples are: induction of the MFO 
system by polychlorinated biphenyls (PCBs) and polycyclic aromatic hydrocar- 
bons (PAHs); interference of the DDT metabolite o,p'-DDE in the calcium 
metabolism of birds, resulting in eggshell thinning; and xenoendocrine effects 
of synthetic oestrogens and o,p'-DDT, resulting in vitellogenesis (yolk protein 
synthesis) in male fish. Further information on this subject is given below when 
discussing the effects of different envirotoxicants in connection with specific 
substances. 


3.1.9 Interactions between envirotoxicants 


In nature, organisms are never exposed to and threatened by only one isolated 
envirotoxicant or substance. In reality, the exposure situation is very complex and 
consists of a panorama of different substances. Furthermore, there are many 
interactions between substances and also between substances and organisms, 
both in the environment and inside the body. 

Many products appearing in the environment that are subject to regulatory 
actions are judged on the basis of one main active compound. In reality, 
however, the product in most cases consists of a mixture of additives and 
formulations for optimal functioning and also impurities and by-products from 
manufacturing. Also, as mentioned, the organisms are not exposed just to one 
product but rather to many products and different components. Thus, the situ- 
ation is very complex and to get the full or at least the best picture, testing and 
evaluation for the ecotoxicity of complete products and mixtures should be 
considered. 
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Interactions between substances are expressed in terms of synergism, potentia- 
tion and antagonism, sometimes with ‘more than additive’ and ‘less than additive’ 
effects. The terms ‘synergism’ and ‘potentiation’ are often used to express the 
same type of phenomenon, a ‘more than additive’ effect. Sometimes, however, the 
term synergism is restricted to the case where one of the compounds has no 
influence on the toxic effect under study at actual exposure level but strongly 
enhances the effect of the other in the combined exposure situation. Potentiation is 
then restricted to describing effects where two or more compounds each contribute 
to an overall toxicity that is more than additive. 

In many cases the toxic contributions are strictly additive, but sometimes the 
toxicity of a mixture of substances greatly exceeds the sum of the added 
toxicities of the compounds involved. Whether synergism or potentiation, this 
will result in effects that are larger than expected, e.g. ‘more than additive’ 
effects. This situation can be explained by interactions in the metabolism of the 
compounds involving metabolic inhibition or activation, resulting in failed or 
decreased detoxication or accelerated production of a highly toxic metabolite. 
Antagonism or ‘less than additive’ effects for corresponding situations then can 
be explained as increased detoxification or blocked activation (Walker et al., 
2001). 


3.2 Toxic metals 


3.2.1. Introduction 


Metals are elements, they are not man-made and they cannot be broken down or 
created in biological processes. Many metals are essential to living organisms and 
play fundamental roles in the normal metabolism of the organism. However, for 
metals and in fact for all substances the general dose-response relationship shows 
that even essential metals will be toxic at higher exposures, leading to biphasic 
dose-response curves. Examples of metals and metalloids essential to organisms 
are Ca, Co, Cu, Fe, K, Mg, Mn, Na, S, Se and Zn, of which Cu, Zn and Se might be 
of ecotoxicological concern. Among the non-essential metals, often referred to as 
heavy metals (density > 5kg/ dm’), are Cd, Hg, Pb and Sn. These metals do not 
have any known essential biochemical functions but exert a high toxicity to most 
living organisms and have been recognized as dangerous envirotoxicants for a 
long time (Fergusson, 1990). Other heavy metals of concern are Au, Ag, and U, 
which can act as toxic substances and are envirotoxicant candidates but normally 
have a very low bioavailability (Hogstrand and Wood, 1998). 

The metals are elements and, as such, are not produced by man. However, the 
occurrence of metals and their distribution in nature are often related to anthropo- 
genic activities, resulting in high levels in the surrounding environment and/ 
or bioavailable forms. Of great concern is the natural methylation of Hg, Pb 
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and Sn that takes place in sediments and other deposits. The formation of metallo- 
organics leads to a large increase in bioavailability and thus increased envirotox- 
icological impact. Aluminum is not classified as a heavy metal because of its low 
specific weight. It is not usually considered toxic and is used extensively in 
household equipment and other trivial applications but it may have a high ecotox- 
icological impact in connection with acid rain and acidified aquatic ecosystems 
(Nieboer and Richardson, 1980; Merian, 1991). 

Apart from the ‘classical’ envirotoxic metals (Cd, Hg, Pb) and the others 
mentioned above, the concept of new metals is now emerging as an environmental 
threat. Modern technology brings into extended use elements such as Am, Bi, In, 
Ga, La, Mo, Nb, Pd, Pt, Sb, Tc, Te and V, which are or will be distributed in the 
environment in a more or less uncontrolled manner. Very little is known about the 
envirotoxicity of these elements and thus toxicological data and risk assessment 
are a high priority. 


3.2.2 Cadmium 


Cadmium appears in nature together with zinc and is recovered as a by-product 
from zinc mining. It is used in different technical applications, such as recharge- 
able batteries, plating, as pigment and stabilizer in paints and plastic materials, in 
solders and in many other minor technological applications. It also appears as a 
natural contaminant in fertilizers and in some soils, and is taken up and accumu- 
lated in crops such as wheat and rice and also in fungi. It also appears as an 
anthropogenic contaminant in sludges from urban wastewater treatment. 

Cadmium shows a very high bioconcentration factor (BCF), mainly because of 
its extremely slow elimination, although the absorption is rather low. The metal is 
not biomethylated and does not exist in any highly bioavailable organic forms. Its 
uptake is coupled to calcium and iron transporting mechanisms in which cadmium 
is mistaken for the essential metal and consequently transported. The uptake of 
cadmium is thus enhanced in situations of iron deficiency. 

Exposure is mainly through food but also a direct uptake from water is also 
evident for aquatic organisms. This means that organisms exposed to even mod- 
erately elevated cadmium levels will bioaccumulate the element very effectively; 
significantly elevated levels are found, for instance, in kidney and liver tissue from 
wild herbivorous animals such as the elk (Alces alces) and in the hepatopancreas 
of marine crustaceans such as the lobster (Homarus gammarus) and the crab 
(Cancer pagurus). 

After uptake, cadmium is tightly bound to a certain depot protein called 
metallothionein, which is rich in sulfhydryl (SH) groups and stored in depots 
in kidney and liver tissues, resulting in very high levels of the metal in these 
organs. 

Cadmium is very toxic, with effects on kidney function, nerve and muscle 
function, ion balance, skeleton performance and circulatory function in organisms. 
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A common factor for these effects appears to be interference with the very 
important calcium metabolism of the organisms. 

Cadmium is to be considered one of the most threatening heavy metals for the 
environment because of its very high bioconcentration factor in combination with 
a very high toxicity. It is also hard to remediate areas or biotopes contaminated 
with cadmium because it is highly soluble and mobile in the environment. 


3.2.3. Mercury 


Mercury has been used extensively by man since ancient times, mainly in medical 
applications and alchemy but also in several technical and industrial applications, 
including electrical equipment, chlorine production and gold mining. Different 
organic formulations have been used as pesticides, e.g. fungicides in paper mills 
and for seed dressing in agriculture. Around the world, action has been taken to 
phase out mercury in varying applications but it is still in extended use. Also, 
mercury occurs as a significant contaminant in coal and is released in large 
amounts when burning coal for energy and electrical power generation. The 
burning of coal also leads to a high release of sulphur dioxide with concomitant 
proton generation, giving rise to acidification of the environment, which, in turn, 
increases the mobility and bioavailability of mercury as well as many other 
metals. 

The bioavailability for mercury depends to a large extent on its actual chemical 
form. At room temperature, mercury is a heavy liquid with very low bioavail- 
ability. The vapour phase, however, is readily absorbed by air-breathing organ- 
isms. Mercury ions (Hgt and Hg”*) are absorbed mainly across the digestive tract 
integument, whereas organic forms such as dimethyl mercury [(CH3).Hg], mono- 
methyl mercury chloride (CH3HgCl) and monomethyl mercury (CH3Hg" ) species 
are easily absorbed across all body linings. Inside the body, the inorganic forms of 
mercury are limited to peripheral body compartments whereas the organic forms 
of mercury penetrate the blood/brain barrier and cause harm to the central nervous 
system, including the brain. The body burden of mercury is slowly eliminated in 
the growing hair, fur or other structures made up of fibrous protein. 

In ecosystems, the different organic forms of mercury are easily bioaccumu- 
lated and effectively biomagnified, especially in aquatic environments and food 
webs. Thus, birds of prey and large predatory fish show highly elevated levels of 
total organic mercury compounds, especially in combination with acidification of 
the environment. Because mercury readily crosses the placental barrier and is a 
very potent teratogenic substance in mammals, it gives rise to morphological and 
functional disturbances in the human foetus. Consequently, authorities in many 
countries have black-listed fish with a total mercury content of more than | mg/kg 
from human consumption, especially with regard to women of child-bearing age. 

Besides the teratogenic effects, mercury is also very nephrotoxic, causing 
damage to the kidneys with accompanying proteinurea and disturbances in ion 
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homeostasis. Furthermore, intoxication in general creates various neural disorders. 
These disorders are limited to peripheral nervous system functions if the mercury 
compounds in question are inorganic, whereas absorption of organomercury 
compounds and elementary mercury in the gaseous phase will affect the brain 
and other central nervous system functions as well. From an ecotoxicological 
point of view, the severe neural and other disturbances occurring as a consequence 
of mercury poisoning might impair the functions of the individual when it comes 
to capture of prey, avoidance of enemies, reproductive success, etc., and thus, 
jeopardize the survival of the species and put population under pressure (Walker 
et al., 2001). 


3.24 Lead 


Lead is often considered the ‘symbol’ for heavy metals. It has been used since 
ancient times and its toxicity and harmful effects on organisms, including man, 
have been known since long before Christ, described among others by Hippocrates 
in 300 BC. Lead has been and is used in many differing technical applications, 
such as rechargeable batteries, as a construction material for pipes, cables, roofs, 
etc., as an anti-knock compound in petrol (although at present this use is being 
phased out), as bullet material in ammunition, as weights for recreational fishing, 
as a component in solders, as a pigment and anti-corrosive agent in paints, etc. 

The most important overall source of environmental contamination with lead 
has been the extensive use of leaded petrol all over the world, with the spread of 
organic lead compounds (e.g. tetraethyl lead, a substance expressing high bio- 
availability and effectively exposed to the overall ecosystem) dispersed in exhaust 
gases from automobiles. Other sources of ecotoxicological importance are lead 
shot from shotguns in wetlands and weights from recreational fishing. These 
applications expose wetland birds to lead shot and weights through swallowing, 
grinding and absorption from the gizzard in the upper part of the digestive system, 
consequently leading to acute lead poisoning. 

The bioavailability for lead from inorganic compounds in the environment is 
very much enhanced by lowered pH, and the ongoing acidification of many 
ecosystems causes increased exposure and absorption. Further important exposure 
routes are across respiratory epithelia, e.g. through inhaled air in air-breathing 
organisms and from the water and across the gills in water-respiring organisms, 
and also from food. 

After uptake, lead is absorbed into red blood cells and effectively distributed 
throughout the body of the organism, reaching all parts. The metal is then put into 
depot bound to the metal-binding protein metallothionein and in the crystals of 
bone tissue. It is excreted slowly, mainly through the bile. The property of being 
bound in bone structure creates a possibility for analyzing historic material for 
comparison of lead exposure during different periods and circumstances, with the 
actual exposure reflected in blood levels. 
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A very significant and sensitive effect from lead, and a useful biomarker in envir- 
otoxicological studies, is the decrease in the activity of several key enzymes, e.g. 
6-aminolevulinic acid dehydratase (ALA-D) and 6-aminolevulinic acid synthetase, 
(ALA-S), in haemoglobin synthesis. From an overall point of view, these disturb- 
ances at the molecular level might result in a pronounced anemia and decreased 
physical capability and fitness of the organism at the ecosystem level. Further well 
known results of lead poisoning are neurotoxic effects, involving disturbances at 
peripheral as well as central levels. The symptoms include motor and mental 
disturbances, impaired and retarded intellectual development and capacity and 
behavioural changes. 

Overall, lead poisoning will create a wide range of disturbances in the ecosys- 
tems affected and further actions for minimizing the impact of lead on ecosystems 
are needed. The change to unleaded petrol in many countries has improved the 
exposure situation enormously and is easily quantified. In Stockholm, for 
example, the mean lead level measured in the blood of the inhabitants has 
decreased by two-thirds during the last decade and similar improvements are 
seen all over the world. When planning further actions, however, the question of 
bioavailability is very important for lead, and usually elementary lead in terrestrial 
ecosystems is supposed to constitute a low risk. On the other hand, the risk for 
biomethylation in sediments creates possibilities for increases in bioavailability. 
Against this background, mitigating actions and alternatives should be evaluated 
thoroughly before being introduced. 


3.2.5 Copper 


Copper is a common metal with many technical applications, e.g. electrical 
equipment, plumbing for drinking water distribution and as roof material, replace- 
ment for asbestos in brake clutches for vehicles, bottom paints for ships and other 
pesticidal paints, etc. It is essential at low levels for most organisms but at the 
same time it is very toxic to lower life forms such as cyanobacteria, green algae 
and fungi, and it is frequently used in pesticide formulations. In mammals, 
absorption from the digestive channel is controlled and fairly large exposures 
are necessary to achieve toxic effects. 

Copper does not seem to pose any general ecotoxicological problem, but the 
widespread distribution and exposure to dust from car brakes certainly gives rise 
to local effects structuring the ecosystems. Furthermore, local pollution in con- 
nection with industrial activities and in yacht harbours, for example, creates 
significant changes in habitats. 


3.2.6 Tin 


Tin is a frequently used metal for plating, soldering and in alloys. It is also 
produced in different organic forms, such as tri- and tetra-butyltin for use as 
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pesticides or stabilizers in plastic materials. Tin in inorganic form is considered 
rather non-toxic because of low bioavailability and absorption, whereas organic 
forms are powerful envirotoxicants with strong anti-fouling properties. They are 
bioaccumulative and exert androgenic endocrine disturbance in different organ- 
isms. The most well known example is imposex, the development of a penis in 
female marine gastropods in response to tributyltin from anti-fouling paints used 
to prevent growth on hulls of boats. This phenomenon, first recognized in the late 
1960s, occurs at very low levels (around 1 ng/l of seawater for the most sensitive 
species) (Bryan et al., 1988). It is now recognized worldwide and actions, 
including bans, have been taken all over the world; the situation is improving 
in some areas but not in all. At the molecular level, the effect has been shown to 
depend on elevated levels of the male sex steroid testosterone because of a 
competitive block of the cytP450-mediated aromatase and the normal conversion 
of testosterone to estrogens in females. The effect is, however, not an effect of the 
metal per se but rather an effect of the tributyltin molecule as a whole (Matthies- 
sen and Gibbs, 1998). 


3.3 Halogenated hydrocarbons 


3.3.1 Introduction 


The halogenated hydrocarbons are almost exclusively anthropogenic substances, 
produced and distributed in the environment by man. In this category there are 
many important products and substances for industrial and technological use but 
also different types of pesticides and even drugs. Furthermore, many types of very 
toxic halogenated hydrocarbons, unintentionally produced as contaminants in 
combustion and certain industrial processes, are polluting the environment. 

The hydrocarbons might be aliphatic, cyclic, aromatic or a combined form 
and the halogens in question are not only chlorine but also bromine and fluorine. 
The hydrocarbon part gives the substance lipophilic characteristics for absorp- 
tion and the halogenated group contributes to the persistent, bioaccumulative 
and biomagnificative properties by making metabolism and biotransformation 
to a more hydrophilic derivative more difficult, thus preventing excretion or 
elimination. 

Many halogenated hydrocarbons exert toxicity in their native form whereas 
others are more toxic and exert effects from the intermediates and metabolites 
formed in the biotransformation for excretion or other purposes. A special group 
of intermediates or by-products that are formed are different types of very 
reactive macromolecule and tissue-harming free radicals from carbon, oxygen 
and chlorine and organic radicals such as CH}, as well as hydrogen peroxide, 
epoxides and other electrophilic compounds emanating from the oxidative 
metabolism. 
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3.3.2 Polychlorinated biphenyls (PCBs) 


These substances have been produced and used for differing technical purposes 
and applications from the end of the 1920s. The molecules consist of a biphenyl 
skeleton with a varying degree of chlorination and with chlorine in different 
positions; there are 209 different possible forms or congeners (Figure 3.2). The 
commercial products, consisting of around 120 congeners, are highly lipophilic, 
stable, unreactive, viscous liquids of low volatility, the actual physical properties 
varying with the degree of chlorination. 

Well known trademarks are Arochlor 1254 and Clophen A 50, with the last two 
digits indicating chlorine contents of 54% and 50%, respectively, on a weight 
basis. The higher the chlorine content, the greater is the relative amount of heavily 
chlorinated and bioresistant congeners in the mixture. 

Among important previous applications of PCB mixtures are hydraulic fluids, 
insulation dielectrics in transformers and condensers, plasticizers in plastics, 
outdoor paints and printer’s ink and different sealing and construction products 
for building and mounting purposes. 

The PCBs as environmental contaminants were first detected in Baltic Sea seals 
and herring in the 1960s (Jensen, 1966). Heavy bioaccumulation and biomagnifi- 
cation can result in very high concentrations in the fatty tissues of top predators, 
especially in aquatic food webs. The PCBs are also subject to long-distance air 
distribution and today they have contaminated the biosphere worldwide (Skaare 
et al., 2002). 


PCB, general structure 


Cl Cl Cl Cl 
Cl Cl Cl Cl 


2,2',4,4',6,6'-Hexachlorobiphenyl (not coplanar) 3,3',4,4',5,5'-Hexachlorobiphenyl (coplanar) 


Figure 3.2 General structure of the envirotoxic polychlorinated biphenyls and examples of two congeners, 
one coplanar with affinity for the Ah-receptor and one not coplanar. 
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The PCBs are very efficiently bioaccumulated and biomagnified in food webs; 
in particular, congeners with more than five chlorines are very persistent, with 
slow or practically absent metabolism. The substances are stored in adipose and 
fatty tissues and the only effective way for organisms to get rid of the heavier 
PCBs is through lipid-rich secretions such as mammalian milk, egg yolk, etc. 
(Skaare et al., 2002). This will, of course, result in serious exposure of embryos 
and offspring of the following generation. 

The acute toxicity exerted by PCBs is generally low. The most prominent effect 
is the pronounced induction of the MFO system in different tissues, with increased 
de novo synthesis and increased levels in several cytP450 isozymes. The PCBs in 
the environment occur as a mixture of congeners and every congener exerts 
specific toxicity, with some PCBs exerting exclusive effects. One such effect is 
the capability for planar PCBs to bind to and stimulate the cytoplasmatic aryl 
hydrocarbon receptor in the cell, the same receptor that is stimulated by the highly 
toxic polychlorinated dibenzodioxins (PCDDs) (see below). 

Other effects of different PCBs are anti-oestrogenic (planar or tetrachlorinated 
dibenzodioxin-like congeners) or estrogenic effects and displacement effects of 
the thyroid hormone thyroxine and vitamin A from the combined endogenous 
transport protein, retinol-binding protein/transthyretin, followed by consecutive 
disturbances in vitamin A and thyroxine-dependent metabolism. The latter effect 
is caused by a hydroxylated tetrachlorobiphenyl cytP450 metabolite, namely 4’- 
OH-3,4,3’,5’-TCB (Figure 3.3) (Brouwer et al., 1990). Different PCBs also exerts 
effects on thymus function acting as immunosuppressants (Richter et al., 1994, 
van Loveren et al., 2000). Other effects are neural disturbances, disturbed testicu- 
lar development from single prepuberal exposure in the rat (Hsu et al., 2004), 
disturbed haemoglobin synthesis with increased production of porphyrins, in- 
volvement in carcinogenesis, etc. On an integrated level, PCBs cause severe 
disturbances in reproduction, as for example in Baltic seals (Olsson et al., 
1992). In summary, the PCBs are very serious envirotoxicants with many effects 
at the biomolecular level, giving rise to a significant number of effects at 
the integrated levels. Even though many actions have been performed and the 


Cl Cl 


Cl 


Hydroxylated PCB metabolite 


Figure 3.3 Hydroxylated PCB metabolite with affinity for transthyretin. 
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ecological situation has improved considerably as a result of bans in use and 
remedial actions, the PCB problem will persist for a long period in the future 
because of the enormous amounts discharged into the systems and the global 
motility and the high persistence of especially the more heavily chlorinated 
congeners. 


3.3.3 Polychlorinated dibenzodioxins (PCDDs) and dibenzofurans (PCDFs) 


The polychlorinated dioxins and furans are not manufactured or produced for any 
intentional or commercial purposes. Rather, they occur as by-products from the 
production of chlorinated phenoxy herbicides, e.g. 2,4,5-trichlorophenoxyacetic 
acid (2,4,5-T), from production of the fungicide pentachlorophenol (PCP) and 
from combustion processes, especially metal smelters and the combustion of 
chlorinated organic substances such as PCBs and also in the burning of industrial 
and domestic waste. As for the PCBs, the chlorinated dioxins and furans appear in 
the form of different congeners with different distributions and degrees of chlor- 
ination: 75 for the PCDDs and 135 for the PCDFs; altogether 210 different 
substances (Figure 3.4). Out of these, 17 are considered to be of toxicological 
significance (Pollitt, 1999). A lot of actions to lower the dioxin pollution have 
been taken and the known amounts released to the environment have diminished, 
but so far no decreases in the levels of organisms from the Baltic have been 
detected (Olsson et al., 2003). 

The dioxins, especially 2,3,7,8-tetrachlorodibenzo-p-dioxin (TCDD), are ex- 
tremely toxic and exert effects at submicrogram levels. They are also very lipophilic 
and persistent and bioaccumulate and biomagnify very effectively. Toxic action is 


APAA 
(Cl), (Cl)y (Cl), O (Cl), 


Dibenzodioxin, general structure Dibenzofuran, general structure 


Cl ; l ; l 
CI O Cl 


2,3,7,8-Tetrachlorodibenzodioxin (TCDD) 


Figure 3.4 General structures for chlorinated dibenzodioxins and dibenzofurans, together with the most 
toxic dioxin congener TCDD. 
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exerted by high affinity for the cytoplasmic aryl hydrocarbon (Ah)-receptor and 
consecutive binding to DNA, with effects on gene expression. Further effects are 
the blocking of estrogenic receptors, causing anti-estrogenic effects. 

Dioxins and other substances (e.g. planar PCB congeners) with affinity for the Ah- 
receptor give rise to additive toxicity in proportion to the degree of affinity and action 
on the receptor. Thus, the different congeners are characterized by an affinity factor, 
the toxic equivalent factor (TEF), which, by multiplication with the actual concen- 
tration, gives the toxicity equivalent (TEQ) for the substance. In this context, the 
TEF of TCDD is set to unity and other substances have TEF < 1. By summing up the 
contributions or TEQs for all the congeners of PCDDs, PCDFs, PCBs, etc. involved, 
the total toxic impact on the Ah-receptor can be quantified (Paasivirta, 1991). 

Certain PCDDs and PCDFs act as very powerful inducers of the MFO system 
and give rise to de novo synthesis of CYP1A1, a cytochrome P450 isozyme 
associated with aryl hydrocarbon hydrolase (AHH or Ah), and ethoxyresorufin 
O-deethylase (EROD), a common biomarker for PCDD exposure. 

At the integrated level, PCDDs give rise to an overall ‘wasting syndrome’, 
including weight loss, liver damage with porphyria, epithelial changes, etc. Fur- 
thermore, the thymus gland is atrophied and the capability of the immunologic 
system is degraded (Kerkvliet, 1995; de Wit and Strandell, 1999). The PCDDs also 
affect reproduction and are thought to be carcinogenic (de Wit and Strandell, 1999). 

The PCDDs/ PCDFs are highly dangerous envirotoxicants and actions for reme- 
diation and for decreasing de novo production of the substances are important, e.g. 
proper combustion methods and care in handling of chlorinated waste, as well as 
properly controlled manufacturing and use of chlorine-containing products. 


3.3.4 Polybrominated flame retardants (PBFRs) 


Polybrominated flame retardants are in extensive use in modern society as addi- 
tives in many products, e.g. computers, other electronic equipment, furniture, cars, 
construction materials, sealings, etc. They are lipophilic substances with differing 
Kow and differing persistence, many of them characterized by very high bioavail- 
ability and bioconcentration factors. 

The increase in use has been dramatic during the last two decades and different 
classes of PBFRs, as well as many metabolites, are today globally distributed in 
the environment. The most important products today that are accumulated in 
abiotic as well as biotic systems, including man, are the polybrominated diphenyl 
ethers (PBDEs), polybrominated biphenyls (PBBs), tetrabromobisphenol A 
(TBBPA), pentabromophenol (PBP) and 2,4,6-tribromophenol (TBP). The latter 
two might be metabolites from the extensively used flame retardant hexabromo- 
benzene (HBB) (Figure 3.5). Out of these, TBBPA is the major PBFR produced 
but is also the least accumulated in biota. The substance exists in high levels in 
sediments and sewage sludge but is easily metabolized and excreted and does not 
biomagnify in animals (de Wit, 2002). The most serious PBFRs from an ecotox- 
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Polybrominated diphenyl ether, 
general structure 


OH 
Br i Br Br Br 
HO OH Br Br 
Br Br Br 
3,3',5,5'-Tetrabromobisphenol A Pentabromophenol 


Figure 3.5 Examples of polybrominated flame retardants (PBFRs). 


icological point of view appear to be the PBDEs. Like PCBs, these substances 
theoretically occur in 209 possible congeners with differing toxicological proper- 
ties. The production, use and distribution of this group of substances have in- 
creased exponentially during the last decade and so have the levels in different 
biota, including man. 

The congeners with the highest bioconcentration factors seem to be the tetra- and 
penta-BDEs (Figure 3.6). Doubling rates in levels for different aquatic animals have 
been shown to be of the order of 2—3 years and this has resulted in very high levels in 
many ecologically significant organisms and also in man, with very high levels of 
the substances in human breast milk, especially in North America. 

The toxicology of the PBFRs as a group is similar in many ways to the toxicology of 
PCBs and the dioxins. PBFRs express a panorama of effects, including low acute 
toxicity, interference with the Ah-receptor, interference with thyroid functions and 
transport protein for thyroxine, impairment of neurological development in fetuses, 
etc. To consider the thyroid disturbances in more detail, hydroxylated metabolites of 
tetra- and penta-BDEs have been shown to compete with the natural thyroid hor- 
mones T; and T; for the specific transport protein transthyretin (TTR) and to expel 
the hormones from the protein, resulting in a breakdown of the hormones and xeno- 
endocrine disruption (Figure 3.7) (de Wit and Strandell, 1999; de Boer et al., 2000; 
Darnerud et al., 2001; Darnerud, 2003; Hakk and Letcher, 2003; Hale et al., 2003). 

In a future perspective, the PBFRs impose a great threat to the environment by 
being produced, used and distributed in large amounts, being globally transported 
and expressing bioaccumulative and adverse toxic properties of the same kind as 
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Br Br Br Br 
Br Br Br Br 
Br 


2,2',4,4'-Tetrabromodiphenyl ether 2,2',4,4',5-Pentabromodiphenyl ether 


Figure 3.6 The tetra and penta congeners of PBDEs, which are strongly bioaccumulating substances. 
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4'-Hydroxy-3,3',5-tri-iodo-L-thyronine (T3) 
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4'-Hydroxy-2,3',4,6-tetra-BDE 


Figure 3.7 Structural resemblance between triiodothyronine and a hydroxylated PBDE metabolite. 


well known envirotoxicants. Actions are now being taken in parts of the world to 
limit the use of some of the most threatening products, e.g. tetra- and penta-BDEs, 
but the problem will continue to develop for a long time on the basis of the huge 
amount of these substances already present in society and the environment and with 
continued production approaching the levels of the total PCBs produced 
and released. 


3.3.5 Chlorinated pesticides/insecticides 


The production and spread of chlorinated insecticides started in the 1940s and 
culminated in the 1960s. The group consists of many different and diverse 
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substances, formulations and products, widely used and dispersed in the environ- 
ment (Brooks, 1974, Hasall, 1990). 

The most important product from a commercial as well as a envirotoxicological 
point of view has been 1,1,1-trichloro-2,2 -bis(4-chlorophenyl) ethane or dichlor- 
odiphenyltrichloroethane (DDT), but also aldrin, dieldrin, lindane (y-hexachloro- 
cyclohexane, y-HCH), chlordane and toxaphene are of environmental concern 
(Figure 3.8). 

All products have been used in different applications in agriculture and forestry 
practices but also for the elimination of malaria-carrying mosquitoes, lice and other 
sanitary purposes. Features in common are high lipid solubility, high bioavailability 
and pronounced persistence, either for the parent compound or for the metabol- 
ite(s). All substances except for aldrin have a worldwide distribution as a result of 
persistence and long-distance transportation and ground deposition far away from 
the source. Aldrin is easily metabolized to dieldrin and thus occurs in the environ- 
ment in the form of this persistent metabolite (Figure 3.8). 

Preparations containing DDT were in general use in many parts of the world as 
effective insecticides in different applications until the 1970s, when it was banned 
in many countries and the use and spread declined. As a result of this, levels in biota 
have declined as well. It is, however, still in use in tropical areas as an effective 
weapon against malaria and sometime new releases are detected in different parts of 
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Figure 3.8 Examples of ecotoxicologically important chlorinated insecticides. 
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the world. DDT expresses a high bioavailability based on lipophilicity and it is 
easily distributed in the organism. In the technical products, two different isomers 
p.p'-DDT and o,p'-DDT are formed and recognized. The p,p'-DDT isomer forms 
the primary insecticide with actions based on neurotoxicity, whereas o,p'-DDT 
exerts very low neurotoxic activity. In the animal body, these isomers undergo 
biotransformation or metabolism to p,p'-DDE and 0,p'-DDE and further to DDA. 
Of the metabolites, p,p'-DDE is very stable and persistent and remains in the 
environment for long periods (Figure 3.9). The acute toxicity of DDT is generally 
low for mammals and birds but high for poikilothermic fish, invertebrates and 
insects. The primary insecticidal action as well as effects on poikilothermic animals 
are based on effects on the nervous system, e.g. interaction with the sodium 
channels of the nerve axons, especially at low and moderate temperatures (Elde- 
frawi and Eldefrawi, 1990). 

Environmental concern from DDT is based mainly on the blocking of Ca?t- 
ATPase in the avian oviduct, resulting in impaired Ca? metabolism in the 
eggshell gland and eggshell thinning with consequent egg breakage (Peacall, 
1993). Also Nat/K*-ATPases in different tissues are affected, resulting in 
impaired ion metabolism. Furthermore, the isomer o,p'-DDT and its metabolite 
o,p'-DDE are known as xenoestrogenic substances, disturbing sexual differenti- 
ation and possibly reproductive success (Janssen et al., 1998). Another class 
of halogenated insecticides of great environmental concern is the chlorinated 
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Figure 3.9 Structure of DDT and its metabolites. 
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cyclodienes represented by aldrin, dieldrin and heptachlor. These substances, 
characterized by high bioavailability, high toxicity against vertebrates and high 
persistence, either for the substance per se or for the metabolite(s), were produced 
and spread during the 1950s. Of these, dieldrin has been shown to undergo 
substantial biomagnification, although this is somewhat limited, because of the 
high toxicity of the substance, sublethal effects and consequent death of the 
organism when the levels increase. 

Other important cyclodiene insecticides are chlordane, endrin and endosulphan. 
These substances do not fulfil all the criteria of envirotoxicants previously men- 
tioned and, although causing environmental harm, are considered to be of less 
environmental concern. 

The chlorinated cyclodienes were used in diverse formulations for different 
purposes such as spraying of crops and vectors of disease, for the control of 
ectoparasites on animals, for dressing of seed, etc. Their use was more or less 
phased out during the 1980s and today the uses are very few (Walker et al., 2001). 

The different cyclodienes in general and in the formulations are readily bioa- 
vailable and thus are absorbed by living organisms and metabolized and bioaccu- 
mulated. Aldrin is metabolized to dieldrin, a substance of high toxicity and very 
high persistence that is still found in significant amounts in the environment. The 
fundamental mechanism of toxic action for the chlorinated cyclodienes is inter- 
ference with the GABA receptor functions in the central nervous system, e.g. the 
brain, resulting in central nervous system disturbances and loss of integration, 
convulsions and death (Eldefrawi and Eldefrawi, 1990). As an effect of disturb- 
ances in brain functions, behavioral and reproductive disturbances might also be 
suspected (Atchisson et al., 1996). Thus, dieldrin is strongly suspected to be the 
fundamental cause of the decline in the sparrow hawk (Accipiter nisus) and 
peregrine (Falco peregrinus) populations in the UK in the late 1950s and early 
1960s, through a combination of acute lethal poisoning and sublethal behavioural 
effects (Walker and Newton, 1999; Sibly et al., 2000). 

Hexachlorocyclohexane has been used as an insecticide for the control of 
agricultural pests, for dressing of cereal seed and for the control of parasites on 
farm animals since the 1960s. Its use has been banned in many countries but it still 
remains in extensive use in others. Hexachlorocyclohexane mainly exists in the 
form of three different isomers, a-B- and y-hexachlorocyclohexane, appearing in 
a crude mixture after manufacture. Only one of these isomers, the y form, 
expresses insecticidal activity, and the refined product containing about 99% 
y-hexachlorocyclohexane (y-HCH) is named lindane. 

Lindane is a less lipophilic substance in comparison with many other serious 
envirotoxicants but still is characterized by a high degree of bioavailability. 
Furthermore, the substance is rather persistent, volatile and subject to long- 
distance transport. It bioaccumulates to a pronounced degree in lower biota and 
fish, although mammals and birds biotransform and excrete the metabolites to a 
great extent. Thus, the levels of lindane in contrast to, for example, PCBs have 
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been shown to be lower in fish-eating birds and seals than in fish edible (Jansson 
et al., 1993). 

The toxicity of lindane is related to the blocking of the Cl” channels and 
interference with the GABA receptors in the nervous system, including the 
brain, giving rise to sublethal effects and death at higher levels of exposure 
(Eldefrawi and Eldefrawi, 1990; Walker et al., 2001). 


3.3.6 Other halogenated organic compounds of environmental concern 


3.3.6.1 Chlorophenols 

Chlorophenols are a class of pesticide substances, e.g. fungicides, used for wood 
preservation, in pulp production and other miscellaneous applications. The sub- 
stances were introduced in the 1930s and have been used in very large amounts. 
Today, the consumption has decreased and the substances are banned in many 
countries. The main active substance in chlorophenol products is pentachloro- 
phenol (PCP; Figure 3.10). The substance is moderately lipophilic and persistent, 
yet readily absorbed and accumulated in biota and expresses a rather high acute 
toxicity. The metabolism and breakdown of this envirotoxicant in biota and in 
the environment are rather slow, resulting in successively dechlorinated metab- 
olites. 

Initially, the main concern with commercial PCP products was the contamin- 
ation with PCDDs (albeit not TCDD) as by-products from the manufacturing 
process, and many of the envirotoxic effects originally attributed to PCP have 
been shown to be effects of the dioxins. Toxic actions directly related to PCP are 
uncoupling of oxidative phosphorylation resulting in increased metabolism and 
the breakdown of energy reserves, immunological effects, liver and kidney 
damage and reproductive disturbances (National Research Council, 1986; Eisler, 
1989). Today the use of PCP is rather restricted, but in areas where the prepar- 
ations are still in extensive use, PCP poses a threat to aquatic environments in 
particular. 
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Figure 3.10 Examples of chlorinated phenols. 
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3.3.6.2 Chlorinated paraffins 

Chlorinated paraffins constitute a very large number of different substances, 
depending on the original paraffin molecule and the degree and positioning of 
chlorination. They have a lot of different industrial applications and in many cases 
are used as substitutes for PCBs and other banned envirotoxic products. Examples 
of use include outdoor paints, hydraulic fluids, plasticizers and flame retardants 
The chemical and physical properties and the bioavailability, persistence and 
tendency for bioaccumulation vary a lot between different chlorinated paraffins. 
In aquatic environments, the chlorinated paraffins bioaccumulate up to the level of 
fish but diminish at the levels of mammals, indicating an enhanced metabolism 
and elimination at higher trophic levels. In terrestrial ecosystems, however, the 
chlorinated paraffins show an increase up to the highest trophic levels. 

The toxicology of the chlorinated paraffins as a group is not considered very 
serious and they are not considered to be one of the most adverse ecological 
threats. Among all possible chlorinated substances in this group, however, some 
do exert adverse effects and so the use of chlorinated paraffin products should be 
restricted (Tomy et al., 1998). 


In conclusion, the halogenated hydrocarbons as a group are very powerful envir- 
otoxicants although the potency differs a lot between and in different categories of 
this immense collection of chemicals. Many are readily bioavailable and persistent 
and show strong tendencies for bioaccumulation and biomagnification. Some are 
extremely toxic and exhibit very distinct and specific mechanisms of action, 
whereas others exert a low and broad toxicity spectrum. Nevertheless, in every 
case the fundamental toxic action occurs as a reaction between two molecules, and 
much of the environmental toxicology is concerned with the prerequisites for this 
to happen. One important factor in this sense is persistence, giving the time for the 
necessary absorption, distribution and action. Persistence is a common feature for 
many envirotoxicants; thus persistent substances may act as envirotoxicants, e.g. 
halogenation of organic molecules is an important step for producing substances 
with the potential for creating environmental contamination. 


3.4 Polycyclic aromatic hydrocarbons (PAHs) 


The PAHs are substances mainly formed from incomplete combustion processes 
(e.g. pyrolysis) of petroleum and coal in connection with energy production, 
industrial activities, transport, etc. but also from graphite electrodes in industrial 
processes, from wood preservatives made up from coal tar and from products such 
as car tyres. The occurrence of PAHs is widespread, although often more or less 
concentrated to ‘hot spots’ associated with anthropogenic activities. Of course, 
PAHs being products from combustion processes, are also formed in natural 
combustion processes such as forest fires, volcanic activities, etc. and they are 
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also natural constituents in crude oil and coal. However, the sources of PAH 
production causing environmental harm are almost exclusively anthropogenic 
(Figure 3.11). 

The PAHs are composed of carbon and hydrogen, and different substituted 
substances can also be assigned to this group of environmental toxicants. The 
aromatic structure and the absence of polar groups constitute molecules of lipo- 
philic character that are prone to biotransformation or degradation. 

For many PAHs the bioavailability is high and they bioaccumulate to a certain 
degree in living organisms. In higher organisms, e.g. organisms with a well 
developed xenobiotic metabolism, they are normally readily metabolized and 
eliminated whereas in abiotic environments, especially under anoxic conditions, 
many substances exhibit a pronounced persistence with long half-lives, leading to 
heavy accumulation in sediments and earth (Hoffmann et al., 1995). 

The PAHs, like many other groups of envirotoxicants, constitute an immense 
number of different substances, each one expressing its own toxicity (Bispo et al., 
1999). However, certain PAHs express planar structures and affinity for the Ah- 
receptor and thus interact with certain PCDDs and planar PCBs, adding toxicity 
equivalents (TEQs) to the overall impact on the receptor. Also, for different PAHs, 
additive effects towards the Ah-receptor have been documented, as have competi- 
tion and antagonistic effects from naphthalene in combination with benzo[a]pyr- 
ene (White, 2002). Exposure to PAHs gives rise to a panorama of different toxic 
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Figure 3.11 Examples of polycyclic aromatic hydrocarbons (PAHs). 
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effects exerted through different mechanisms. Many PAHs are very efficient 
inducers of the MFO, leading to an increase in mainly the cytochrome P450 
1A1 fraction and corresponding increases in the activity of ethoxyresorufin O- 
deethylase (EROD), a very efficient biomarker in environmental toxicology (van 
der Oost et al., 2002). Furthermore, many PAHs exert toxic and genotoxic effects 
through phase I metabolites from the MFO metabolism, especially epoxides from 
substances expressing a so-called “bay region’, creating long-lived reactive me- 
tabolites. The most pronounced and well known example of such a reactive, 
genotoxic and carcinogenic metabolite is the benzo[a]pyrene-7,8-diol-9, 10-epox- 
ide formed from benzo[a]pyrene (Figure 3.12). The ability to form mutagenic, 
genotoxic and carcinogenic metabolites in the MFO metabolism is valid also for 
many other PAHs (Conney, 1982). 

Other effects of environmental concern from different PAHs are immunotoxi- 
city, resulting in increased sensitivity towards bacteria and virus. These effects 
seem to be mediated through the Ah-receptor and expressed at the DNA level 
(Grundy et al., 1996; Burchiel and Luster, 2001). 

The PAHs also give rise to endocrine disruption and can exert estrogenic as well 
as anti-estrogenic effects on the vitellogenin synthesis in fish liver. Estrogenic 
effects resulting in an increase in vitellogenin production in male fish are con- 
sidered to be the result of a direct stimulation of estrogenic receptors by certain 
hydroxylated PAH metabolites, whereas the anti-estrogenic effects in female fish, 
registered as a decrease in vitellogenin production, are explained by an increased 
metabolism and excretion of endogenous estrogens as an effect of the induced 
MFO system (Nicolas, 1999). Certain PAHs have also been shown to decrease 
testosterone levels in male fish, which is suggested to give rise to behavioural 
disturbances and failed reproductive success (Woodhead et al., 1999). 

As a whole, the PAHs are a very diverse group of substances produced in nature 
as well as from anthropogenic activities. Being mainly different substances, with 
every substance expressing its own toxicity, the toxic effects and environmental 
risks emanating from the PAHs are very diverse. The overall dominating risks 
come from PAHs produced and released in high concentrations through human 
industrial activities and care should be taken not to increase these risks further. 


3.5 Medical and veterinary drugs 


Quite recently, attention has been drawn to the environmental contamination 
caused by pharmaceutical products and drugs. These groups constitute an enormous 
number of different substances, selected and/or manufactured for the purpose 
of biochemical and physiological activity and interference. By definition, such 
substances can act as toxicants in elevated concentrations and especially in 
the wrong situations or places. Furthermore, modern drug design in many cases 
is directed towards the development of products with high bioavailability and 
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persistence in order to keep the dosage as low as possible — an important action for 
the avoidance of undesirable side-effects. In combination with highly specific 
physiological effects at very low concentrations, many of the attributes for a 
harmful environmental toxicant are also fulfilled (Richardson and Bowron, 1985; 
Halling-S6rensen et al., 1998). 

Drugs or medicines are composed of pharmaceutically active substances to- 
gether with other constituents such as colors, preservatives, fillers, etc. Of these, it 
is the active substance and on some occasions the preservatives, e.g. mercury, that 
might be of environmental concern. 

The total distribution and consumption of active substance from human drugs in 
Sweden for the year 2001 amounted to 1000 tonnes, a figure of the same order of 
magnitude as the total release of pesticides in the agricultural sector (Rosander, 
2002). These substances reach the environment through the deposition of unused, 
surplus drugs in landfills, with consequent leakage, and through the sewage 
systems, either directly by flushing surplus drugs down the toilet or after passing 
through the human body in the form of unabsorbed parent substances, metabolites 
and conjugates released in the urine and faeces. Another important source are the 
clinical laboratories, which release a lot of drug-contaminated waste into the 
sewage system (Hubner, 2001). Also, the manufacturing and production of medi- 
cines poses a threat, with possible releases to the environment. 

In modern society, household and hospital sewage is often transported to and 
treated in wastewater plants. After treatment the processed water is released into a 
watercourse and the sludge produced is deposited or spread as fertilizer on 
agricultural land. The fate of the different drugs and drug metabolites in the 
wastewater plant is dependent on the actual substance and on the processes and 
efficiency of the plant. In many cases the substances pass through the plant more 
or less unchanged. In some cases conjugates are cleaved and free, active substance 
is released into the environment and in some cases the substance is metabolized, 
inactivated and destroyed (Figure 3.13). Drug substances suggested or identified 
to be of environmental concern are synthetic sex steroids, antibiotics, cytostatics 
(e.g. cyclophosphamide and platinum-containing formulations), drugs for lowering 
blood lipid levels (e.g. gemfibrozil and bezafibrate), anticonvulsants (e.g. carba- 
mazepine), B-blockers (e.g. metoprolol and propranolol) and fluoxetine formula- 
tions, but also other substances might very well appear as candidates in this 
concern (Ternes, 1998). 

Environmental monitoring of drugs has revealed the occurrence of many sub- 
stances in terrestrial as well as aquatic environments. Thus, antibiotics (e.g. 
oxytetracycline in the order of mg/kg dry weight) have been detected in sediments 
and in wild fish in the surroundings of fish farms (Jacobsen and Berglind, 1988; 
Bjorklund et al., 1990), river sediments have been shown to contain human as well 
as veterinary drugs (Zuccato et al., 2000) and so has municipal wastewater 
(Ternes, 1998). Of special concern in this context are the endocrine-disrupting 
substances (Tyler et al., 1998). 
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Figure 3.13 An overview of the fate of medical drugs in the environment. 


For most of the drug substances the environmental impact is unknown, but for 
different types of antibiotics or antimicrobials a lot of concern is raised because of 
the development of bacterial resistance towards the drugs through different mo- 
lecular mechanisms (Kruse and Sörum, 1994). This poses a threat to animals as 
well as humans, with the development of multiresistant, sometimes pathogenic, 
microbial strains (Midtvedt, 1998) 

Another group of drugs of serious concern from an environmental point of view 
is the human female contraceptive based on estrogens and especially ethinyles- 
tradiol, a synthetic estrogenic substance used in modern pills. Ethinylestradiol is 
very persistent in the body and is excreted mainly in an unchanged but conjugated 
form. In the wastewater treatment plant, the conjugates are broken and the free 
hormonal substance is liberated to become available to living organisms, e.g. fish, 
in the receiving water, causing endocrine disruption and feminization of male fish. 
Measurement of increasing yolk protein synthesis (vitellogenesis) acts as a useful 
biomarker in this context (Larsson et al., 1999). 
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The awareness of environmental problems associated with the medical and 
veterinary use of drugs has arisen recently and it will be an area of much concern 
for the future. Different protocols for the evaluation of environmental risks from 
drugs are now being prepared by different organizations (see EMEA, 2003). 


3.6 Acid rain and acidification of the environment 


A serious environmental problem caused by the combustion of fossil fuels such as 
oil and coal is the production of sulphur dioxide (SO2) and nitrogen oxides (NO,). 
After oxidation in the atmosphere and local or long-range distribution, precipita- 
tion and exposure of the environment to sulphuric acid (H2SOq), and nitric acid 
(HNO3), will take place. This will result in a titration of buffering substances, e.g. 
bicarbonate (HCO; ) and others, in the terrestrial and aquatic ecosystems and a 
concomitant decrease in pH, especially in sensitive environments with low buffer- 
ing capacity. This is the case for Scandinavia, for example, but also in many other 
areas with bedrocks dominated by acidic types of rock such as granite and gneiss 
(Schofeld, 1976). 

The acid precipitation and concomitant decrease in pH — in most cases from 
around 6.5 to 4.5, corresponding to an increase in Ht concentration of 100 times — 
will exert a heavy impact on the ecosystems with a lot of restructuring. From a 
toxicological point of view, however, the most striking effects are found in the 
aquatic ecosystems, with changes in the flora resulting in a predominance of 
peatmoss (Sphagnum spp) and in differing effects on the survival of animals, 
including fish. 

In fish, the primary effects of acidification are exerted on the ion-regulating 
mechanisms in the gills. In fresh water, the body fluids of fish are more concen- 
trated, i.e. they contain more ions and other dissolved substances than the sur- 
rounding water. As a result of this, the fish constantly gain water through osmosis 
and lose ions through diffusion. These losses and gains have to be compensated 
through active, energy-demanding transport processes taking place mostly in the 
gill epithelia. An elevated concentration of Ht, e.g. lowered pH, will impair the 
essential ion-regulating processes of the gill chloride cells, with concomitant 
losses of ions and decreased blood levels of Nat, K+, Ca2* and CI” (Leivestad, 
1982; Goss et al., 1996). This, in turn, will disturb the important homeostasis and 
affect many important physiological mechanisms in the organisms, creating a lot 
of disturbances at integrated levels. 

At very low pH levels, i.e. 3.54, the exchange of H* produced in the animal 
metabolism at the gill surfaces is very much impaired, resulting in acidosis and a 
concomitant Bohr effect with diminished oxygen-carrying capacity of the blood 
haemoglobin (Leivestad, 1982). This cytotoxic anoxia is exaggerated further by an 
increased mucus production covering the gills, in part as an effect of increased 
levels of Al?+ (being released in significant amounts from the ground) as part of 
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the natural buffering system at these low pH levels. The aluminum ions also 
contribute in an additive manner to the H* effects on the ion-exchange mechan- 
isms (Potts and McWilliams, 1989). In conclusion, lowered pH in the environment 
will lead to disturbances in ion homeostasis and impaired oxygen uptake in 
aquatic animals and, as a consequence, impaired physiological performance and 
ultimately death. The most sensitive phase is reproduction and the newly hatched 
fry, and acidification of a lake is often observed through the absence of young 
generations of different species. 

Acid rain as a result of the burning of fossil fuels is an enormous environmental 
problem in sensitive areas. The situation has improved somewhat during recent 
years as a result of desulphuration of oil and the installation of scrubbers, etc. for 
removal of SO, but the handling of NO, (to a great extent produced from different 
transports) is more difficult. Furthermore, NO, is produced through incorporation 
of atmospheric nitrogen during the combustion process. 

Another problem with lowered pH in the environment is the mobilization and 
increased bioavailability of many metals. This will give rise to increased exposure 
and additional problems from Hg, Cd and Pb, among others (McDonald et al., 
1989). In Scandinavia, significant efforts are made to add chalk to the environ- 
ment. For example, in Sweden around 200000 tons/year are added (Swedish 
Environmental Protection Board, 2004), thus giving nature a boost to prevent 
further acidification. 


References 


Atchisson, G.J., Sandheinrich, M.B. and Bryan, M.D. (1996) Effects of environmental stressors 
on interspecific interactions of aquatic animals. In Ecotoxicology: a Hierarchical Approach, 
Newman, M.C. and Jagoe, C.H. (eds), pp. 319-337. Lewis, Chelsea, MI. 

Bispo, A., Jourdain, M.J. and Jauzein, M. (1999) Toxicity and genotoxicity of industrial soils 
polluted by polycyclic aromatic hydrocarbons (PAHs). Organic Geochemistry, 8B, 947-952. 

Bjorklund, H., Bondestam, J. and Bylund, G. (1990) Residues of oxytetracycline in wild fish and 
sediments from fish farms. Aquaculture 86, 359-367. 

Brooks, G.T. (1974) Chlorinated Insecticides (2 vol). CRC, Cleveland, OH. 

Brouwer, A., Murk, A.J. and Koemann, J.H. (1990) Biochemical and physiological approaches in 
ecotoxicology. Functional Ecology, 4, 275-281. 

Bryan, G.W., Gibbs, P.E. and Burt, G.R. (1988) A comparison of the effectiveness of tri-n- 
butyltin chloride and five other organotin compounds in promoting the development of 
imposex in the dog whelk Nucella lapillus. Journal of the Marine Biological Association of 
the United Kingdom, 68, 733-744. 

Burchiel, S.W. and Luster, M.I. (2001) Short analytical review: signaling by environmental 
polycyclic aromatic hydrocarbons in human lymphocytes. Clinical Immunology, 98, 2-10. 

Conney, A.H. (1982) Induction of microsomal enzymes by foreign chemicals and carcinogenesis 
by polycyclic aromatic hydrocarbons. Cancer Research, 42, 4875—4917. 

Darnerud, P.O. (2003) Toxic effects of brominated flame retardants in man and in wildlife. 
Environment International 29, 841-853. 

Darnerud, P.O., Eriksen, G., Johannesson, T., Larsen, P. and Viluksela, M. (2001) Polybromi- 
nated diphenyl ethers: occurrence, dietary exposure and toxicology. Environmental Health 
Perspectives, 109, 49-68. 


THE NATURE AND CHEMISTRY OF TOXICANTS 91 


de Boer, J., de Boer, K. and Boon, J.P. (2000) Polybrominated biphenyls and diphenylethers. In 
The Handbook of Environmental Chemistry 3. Part K. New Types of Persistent Halogenated 
Compounds, Paasivirta, J. (ed.), pp. 61-95. Springer Verlag, Berlin. 

de Wit, C.A. (2002) An overview of brominated flame retardants in the environment. Chemo- 
sphere 46, 583-624. 

de Wit, C.A. and Strandell, M. (1999) Levels, Sources and Trends of Dioxins and Dioxin-like 
Substances in the Swedish Environment — The Swedish Dioxin Survey, vol. 1, Report no. 
5047. Swedish Environmental Protection Agency, Stockholm, Sweden. 

Eisler, R. (1989) Pentachlorophenol hazards to fish, wildlife and invertebrates: a synoptic review. 
U.S. Department of the Interior, Fish and Wildlife Service Biological Report, 85, 1-17. 
Eldefrawi, M.E. and Eldefrawi, A.T. (1990) Nervous — system based insecticides. In Safer 
Insecticides — Development and Use, Hodgson, E. and Kuhr, R.J., (eds), pp. 155—207. Marcel 

Dekker, New York. 

EMEA (2003) Note for Guidance on Environmental Risk Assessment of Medicinal Products for 
Human Use. The European Agency for the Evaluation of Medicinal Products, www.e- 
mea.eu.int. 

Fergusson, J.E. (1990) The Heavy Elements: Chemistry, Environmental Impact and Health 
Effects. Pergamon Press, Oxford. 

Gochfeld, M. (2003) Cases of mercury exposure, bioavailability, and absorption. Ecotoxicology 
and Environmental Safety, 56, 174-179. 

Goss, G.G., Perry, S.F., Fryer, J.N. and Laurent, P. (1996) Gill morphology and acid — base 
regulation in freshwater fishes. Comparative Biochemistry and Physiology, 119A, 107-115. 

Grundy, M.M., Ratcliffe, N.A. and Moore, M.N. (1996) Immune inhibition in marine mussels by 
polycyclic aromatic hydrocarbons. Marine Environmental Research, 42, 187-190. 

Hakk, H. and Letcher, R.J. (2003) Metabolism in the toxicokinetics and fate of brominated flame 
retardants — a review. Environment International, 29, 801—828. 

Hale, R.C., Alaee, M., Manchester-Neesvig, J.B., Stapleton, H.M. and Ikonomou, M.G. (2003) 
Polybrominated diphenyl ether flame retardants in the North American environment. Envir- 
onment International, 29, 771-779. 

Halling-S6rensen, B., Nors Nielsen, S., Lanzky, P.F., Ingerslev, F., Holten Liitzhof, H.C. and 
Jörgensen, S.E. (1998) Occurrence, fate and effects of pharmaceutical substances in the 
environment — a review. Chemosphere, 36, 357-393. 

Hassall, K.A. (1990) The Biochemistry and Uses of Pesticides (2nd edn). Macmillan, London. 

Hoffmann, D. (1995) Handbook of Ecotoxicology, pp. 333—347. Lewis Publishers, Boca Raton, 
FL. 

Hogstrand, C. and Wood, C.M. (1998) Toward a better understanding of the bioavailability, 
physiology and toxicity of silver in fish: implications for water quality criteria. Environ- 
mental Toxicity and Chemistry, 17, 547—561. 

Hsu, P.-C., Guo, Y.L. and Li, M.-H. (2004) Effects of acute postnatal exposure to 3,3’,4,4’- 
tetrachlorobiphenyl on sperm function and hormone levels. In adult rats. Chemosphere, 54, 
611—618. 

Hubner, P. (2001) Emissions from clinical — chemical laboratories. In Pharmaceuticals in the 
Environment: Sources, Fates, Effects and Risks, Kümmerer, K. (ed.), pp. 43—48. Springer 
Verlag, Berlin. 

Jacobsen, P. and Berglind, L. (1988) Persistence of oxytetracyclin in sediments from fish farms. 
Aquaculture, 70, 365-370. 

Janssen, P.A.H., Faber, J.H. and Bosveld, A.T.C. (1998) (Fe)male? IBN Science Contribution, 
13. 

Jansson, B., Andersson, R., Asplund, L., Litzén, K., Nylund, K., Sellström, U., Uvemo, U.-B., 
Wahlberg, C., Wideqvist, U., Odsjö, T. and Olsson, M. (1993) Chlorinated and brominated 
persistent organic compounds in biological samples from the environment. Environmental 
Toxicology and Chemistry, 12, 1163. 

Jensen, S. (1966) Report of a new environmental hazard. New Scientist, 32, 612. 

Kerkvliet, N.I. (1995) Immunological effects of chlorinated dibenzo-p-dioxins. Environmental 
Health Perspectives, 103, 47-53. 

Klaassen, C.D. (1996) Casarett and Doull’s Toxicology: the Basic Science of Poisons (5th edn). 
McGraw-Hill, New York. 


92 ENVIRONMENTAL TOXICITY TESTING 


Kruse, H. and Sorum, H. (1994) Transfer of multiple drug resistance plasmids between bacteria 
of diverse origins in natural microenvironments. Applied Environmental Microbiology, 60, 
4015-4021. 

Larsson, D.G.J., Adolfsson-Erici, M., Parkkonen, J., Pettersson, M., Berg, A.H., Olsson, P.-E. 
and Forlin, L. (1999) Ethinyloestradiol — an undesired fish contraceptive? Aquatic Toxicol- 
ogy, 45, 91-97. 

Leivestad, H. (1982) Physiological effects from acid stress on fish. Proceedings of Inter- 
national Symposium on Acid Rain and Fisheries, American Fisheries Society, Bethesda, 
pp. 157-164. 

Matthiessen, P. and Gibbs, P.E. (1998) Critical appraisal of the evidence for tributyltin-mediated 

endocrine disruption in mollusks. Environmental Toxicology and Chemistry, 17, 37-43. 

McDonald, D.G., Reader, J.P. and Dalziel, T.R.K. (1989) The combined effects of pH and trace 

metals on fish ionoregulation. Seminar Series: Acid Toxicity and Aquatic Animals, pp. 221- 

242. Cambridge University Press, Cambridge. 

Merian, E. (ed.) (1991) Metals and their Compounds in the Environment. VCH, Weinhem. 

Midtvedt, T. (1998) The microbial threat — the Copenhagen recommendation. Microbial Ecology 

in Health and Disease, 10, 65—67. 

National Research Council (1986) Drinking Water and Health, vol. 6. National Academy of 

Sciences, Washington, DC. 

Nicolas, J.M. (1999) Vitellogenesis in fish and the effects of polycyclic aromatic hydrocarbon 

contaminants. Aquatic Toxicology, 45, 77-90. 

Nieboer, E. and Richardson, D.H.S. (1980) The replacement of the nondescript term ‘heavy 
metals’ by a biologically and chemically significant classification of metal ions. Environ- 
mental Pollution, 1B, 3-26. ss 

Olsson, M., Andersson, O., Bergman, A., Blomkvist, G., Frank, A. and Rappe, C. (1992) 
Contaminants and diseases in seals from Swedish waters. Ambio, 21, 561-562. 

Olsson, M., Bignert, A., de Wit, C. and Haglund, P. (2003). Dioxiner i Ostersjéns fisk — ett hot 
mot svenskt fiske. Ostersj6 2003, Stockholm Marine Research Centre, pp. 3—9 (with English 
summary). 

Paasivirta, J. (1991) Chemical Ecotoxicology. Lewis Publishers, Chelsea, MI. 

Peacall, D.B. (1993) DDE-induced eggshell thinning: an environmental detective story. Environ- 
mental Review, 1, 13—20. 

Pollitt, F. (1999) Polychlorinated dibenzodioxins and polychlorinated dibenzofurans. Regulatory 
Toxicology and Pharmacology, 30, 63—68. 

Potts, W.T.W. and McWilliams, P.G. (1989) The effects of hydrogen and aluminium ions on fish 
gills. Seminar Series: Acid Toxicity and Aquatic Animals, pp. 201-220. Cambridge Univer- 
sity Press, Cambridge. 

Richardson, M.L. and Bowron, J. (1985) The fate of pharmaceuticals in the aquatic environment. 
Journal of Pharmacology, 37, 1—12. 

Richter, C.A., Drake, J.B., Giesy, J.P. and Harrison, R.O. (1994) Immunoassay monitorring of 
polychlorinated bihenyls (PCBs) in the Great Lakes. Environmental Science and Pollution 
Research, 1, 69-74. 

Rosander, P. (2002) In Läkemedel i Miljön, pp. 14-20. Apoteket AB, Stockholm, Sweden. 

Sibly, R.M., Newton, I. and Walker, C.H. (2000) Effects of dieldrin on population growth rates 
of sparrowhawks 1963—1986 Journal of Applied Ecology, 37, 540-546. 

Schofeld, C.L. (1976) Acid precipitation: effects on fish. Ambio, 5, 228-230. 

Skaare, J.U., Larsen, H.J., Lie, E., Bernhoft, A., Derocher, A.E., Norstrom, R., Ropstad, E., Lunn, 
N.F. and Wiig, O. (2002) Ecological risk assessment of persistent organic pollutants in the 
arctic. Toxicology 181-182, 193-197. 

Swedish Environmental Protection Board (2004) www.environ.se. 

Ternes, T. (1998) Occurrence of drugs in German sewage treatment plants and rivers. Water 
Research, 32, 3245-3260. 

Tomy, G.T., Fisk, A.T., Westmore, J.B. and Muir, D.C.G. (1998) Environmental Chemistry and 
toxicology of polychlorinated n-alkanes. Review of Environmental Contamination and Toxi- 
cology, 158, 53-128. 

Tyler, C.R., Jobling, S. and Sumpter, J.P. (1998) Endocrine disruption in wildlife: a critical 
review of the evidence. Critical Review of Toxicology, 28, 319-361. 


THE NATURE AND CHEMISTRY OF TOXICANTS 93 


van der Oost, R., Beyer, J. and Vermeulen, N.P.E. (2002) Fish bioaccumulation and biomarkers in 
environmental risk assessment: a review. Environmental Toxicology and Pharmacology, 13, 
57-149. 

van Loveren, H., Ross, P.S., Osterhaus, A.D.M.E. and Vos, J.G. (2000) Contaminant induced 
immunosuppression and mass mortalities among harbor seal. Toxicology Letters, 112, 319- 
324. 

Walker, C.H. and Newton, I. (1999) Effects of cyclodienes insecticides on raptors in Britain — 
correction and updating of an earlier paper. Ecotoxicology, 8, 185-189. 

Walker, C.H., Hopkin, S.P., Sibly, R.M. and Peakall, D.B. (2001) Principles of Ecotoxicology. 
Taylor & Francis, London. 

White, P.A. (2002) The genotoxicity of priority polycyclic aromatic hydrocarbons in complex 
mixtures. Mutation Research/Genetic Toxicology and Environmental Mutagenesis, 515, 85— 
98. 

Woodhead, R.J, Law, R.J. and Matthiessen, P. (1999) Polycyclic aromatic hydrocarbons in 
surface sediments around England and Wales, and their possible biological significance. 
Marine Pollution Bulletin, 38, 773-790. 

Zuccato, E., Calamari, D., Natangelo, M. and Fanelli, R. (2000) Presence of therapeutic drugs in 
the environment. Lancet, 355, 1789-1790. 


4 Frameworks for the application of toxicity 
data 


Maria Consuelo Diaz-Baez and Bernard J. Dutka 


4.1 Introduction 


4.1.1 Background and objectives 


With the explosive increase in worldwide industrialization and urbanization over 
the past five decades coupled with an increasing demand for chemicals (industrial, 
medical and agricultural), both the developed and developing nations face increas- 
ing ecological and toxicological problems from the release of toxic contaminants 
into the environment. These releases have triggered, internationally, an increasing 
concern about the impacts of these chemicals. Because there is no instrument 
devised by man to measure toxicity or genotoxicity, these important properties must 
be measured with the only suitable material available for this purpose — living 
organisms (Cairns and Pratt, 1989). This awareness has stimulated an ever growing 
number of intensive and extensive bioassay investigations into the toxic and geno- 
toxic effects of discarded substances on the environment and on all life-forms. 

In response to these increasing stresses on the environment and in the belief that 
there is, as yet, no single criterion by which we can judge adequately the potential 
hazard (either to the environment or to man) of a given substance (Draggan and 
Giddings 1978), a multitude of biological assays and procedures have been 
developed, proposed and used to assess the impact of toxicants. The increased 
ability to measure toxic effects has also brought the realization that in any sample 
or series of samples, collected from the same area, there was no reliable means of 
establishing whether the observed toxicity/genotoxicity effect was caused by a 
single constituent, or a combination of constituents or a number of different 
chemicals, each periodically varying in concentration to cause the observed test 
response. 

Concomitantly it was realized that the tendency to focus all testing and moni- 
toring on a selected group of chemicals, the so-called priority pollutants, ignored 
the thousands of chemicals already in the environment and those being newly 
created as commercial products or as by-products of biodegradation processes, 
along with the multitude of synergistic effects potentially occurring in every 
ecosystem. It must be remembered also that toxicants in air or water recognize 
no national boundaries, and foods grown in contaminated soils can be/are trans- 
ported all over the world. Monitoring agencies became aware that the analysis of 
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water, effluent, sediment and other solid-phase samples for every suspected 
chemical would be very expensive in terms of time and money, and still there 
would be no assurance that the detection procedures would be sensitive enough or 
the synergistic responses would be recognized. 

One way of addressing these problems was the development of a number of 
short-term bioassays to screen the samples for an indication of toxic, genotoxic or 
chronic effects and then to prioritize the samples or sampled areas for chemical 
analysis and/or more intensive studies. Application of these tests to environmental 
samples soon revealed that there was no single bioassay that was responsive to all 
toxicants or mixtures of toxicants. This realization led to the concept of using 
several bioassays to ascertain environmental water quality and the ecological 
impacts of effluents, discharges and emissions that became known as the ‘battery 
of tests’ approach. A test battery would incorporate a range of trophic levels, life 
stages, routes of exposure and toxic end-points to approximate more reasonably 
the real world. 

As these short-term screening tests were developed it was found that they could 
be used to assist chemists and engineers in targeting specific in-plant toxic stream 
flows and specific extraction fractions of various industrial processes as sources of 
toxicants/genotoxicants and oestrogenic chemicals. This partnership with chem- 
ists could take place by one of the following means. One option is for chemists to 
quantify the concentrations of expected pollutants and then to check through 
bioassays whether or not there are other pollutants at risk concentrations. The 
observed toxicity must be explained on the basis of the chemicals detected. This 
assessment can be done theoretically by using the toxicity of pure chemicals for 
the test used or, alternatively, by running the bioassays on a reconstituted sample 
of similar characteristics spiked with the chemicals at the measured concentrations 
(Tarazona et al., 1995). However, this option ignores any changes of effects due to 
synergism or antagonism. 

Another option that does not need any kind of prediction on which chemicals 
could be hazardous starts with the biological screening of a sample using a 
‘battery of tests’ approach. If toxicity is detected, the identification of the toxic 
substances can be investigated using Toxicity Identification Evaluation (TIE) 
protocols (USEPA, 1988a,b, 1989a,b, 1991a, 1996, 2001). These methods are 
useful for any complex mixture, be it an industrial effluent, surface water, 
sediment pore-water or hazardous waste leachate (Norberg-King ef al., 1991; 
Kszos et al., 1992). The sample is subjected to a set of physical and chemical 
manipulations and the strength of toxicity before and after each treatment is used 
to identify the toxic fractions and to guide the chemical analysis. However, neither 
toxicity interactions (synergistic or antagonistic effects) nor the original bioavail- 
ability of chemicals producing the toxic effects can be established. 

Because industrial effluents, emissions and toxicants such as pesticides, car 
exhausts, landfill site leachates, etc. affect life forms at different levels and in 
many ways, it has become accepted practice that single or multitrophic toxicity 
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tests should be used in monitoring schemes. Researchers are now using a battery 
of biological tests to estimate the toxicity and mutagenicity of industrial effluents 
and their impact on receiving waters. 

In general, there are two main categories of toxicity screening tests: in vitro 
health effect tests and ecological effect tests. Health effect toxicity tests are based 
on the use of subcellular components (e.g. enzymes, DNA, RNA), isolated cells 
(e.g. E-screen, cell cultures, red blood cells), tissue sections or isolated whole 
organs (Soto et al., 1992). The E-screen test uses human breast estrogen-sensitive 
MCF7 cells. The assay compares the cell yield after 6 days of incubation in 
medium supplemented with 5% charcoal—dextran stripped fetal bovine serum in 
the presence or absence of estradiol (positive and negative controls) to various 
concentrations of chemicals/samples suspected of being estrogenic. The other tests 
consist of determining cell viability (vital staining with the dye inclusion test, 
plating efficiency, colony formation, cell reproduction, DNA unwinding, micro- 
nucleus increase or macronuclear biosynthesis). Ecological effect tests are mainly 
conducted to measure/assess the direct toxicity of chemicals to organisms repre- 
senting various trophic levels of the food chain. These tests help in the estimation 
of chemical toxicity in natural and man-modified ecosystems. Bacteria and their 
enzymes, algae, zooplankton, benthic invertebrates and fish have been used 
(USEPA, 2002a,b). 

Organisms are exposed to a wide range of toxic, organic and inorganic com- 
pounds in water systems, sewage treatment processes, industrial wastes and soils. 
The toxicity of the compounds depends on environmental parameters as well as on 
the organisms or enzyme systems being tested. The compounds may be altered 
metabolically to non-toxic metabolites or may exert a direct toxic action on 
populations. They may be subjected also to synergistic or antagonistic effects 
between components of toxicant mixtures. 

Toxic action is concentration dependent. For example, phenol can be metabol- 
ized at low concentrations but becomes toxic at higher concentrations. These types 
of actions often lead to the occurrence of a hormesis effect, i.e. the stimulating 
effect of small doses of a toxicant that is known to be inhibitory at larger concen- 
trations. Toxicant action also depends on the presence of other chemicals in 
solution (Dutka and Kwan, 1982). 

There are many known and proposed mechanisms by which toxicants inhibit 
and eventually kill organisms: halogens, Hg?* and Cd?+ may cause damage to the 
genetic material or their effect may lead to protein denaturation; phenol and 
quaternary ammonium compounds, may disrupt bacterial cell membranes, the 
end result being the leakage of DNA, RNA, proteins and other organic materials; 
and acids and alkalis may displace cations such as Nat and Ca?* from adsorption 
sites on bacterial cells. A more subtle action of toxic pollutants is their ability to 
block bacterial chemoreceptors (Mitchell and Chet, 1978), which may lead to the 
inhibition of organic decomposition and self-purification processes in sewage 
treatment plants and in waters receiving organic materials (Mitchell and Chet, 
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1978). However, it is believed that one of the most important effects of the toxic 
action of chemicals is on enzyme activity (Iverson and Brinckman, 1978). Also, in 
any toxicity study one must take into account the physicochemical factors (pres- 
ence of other cations, pH, oxidation—reduction potential, temperature, organic 
matter, clay particles, etc.) that control the toxic action towards organisms (Spra- 
gue, 1985; Brezonik et al., 1991). 

From this brief overview of toxicity tests, their uses and methods of assessing 
their responses to toxic substances, it can be seen that this is a very complex topic 
with many unknowns and no single best way of addressing the problem of 
bioavailable toxicant estimation. In this chapter, an attempt will be made to 
describe some applications of toxicological data, how they could be analysed 
and how toxicity results could be integrated in ecological risk assessment 
frameworks. 


4.2 The purpose of bioassays 


4.2.1 Toxicity tests within a triad of techniques 


Traditionally, environmental assessment has been directed mainly towards chem- 
ical characterization, which has resulted in the establishment of guidelines for 
regulatory purposes. Such parameters lack the dynamic toxicity information 
needed to determine the bioavailability of contaminants to the biota residing in 
an ecosystem (Munawar et al., 1989). 

The recognition of the need to base environmental management on the results of 
toxicological experimentation was an important step in the management of pollu- 
tion. Several attempts were made to develop rationale and approaches (Giesy et al., 
1988; Cairns and Pratt, 1989; Calow, 1989; Giesy and Graney, 1989; Cairns et al., 
1995) to measure and deal with environmental perturbation (Blaise et al., 1985; 
OECD, 1987; Sergy, 1987; Persoone et al., 1989; Scroggins, 1999). As a result of 
various initiatives, the concept of ecosystem health emerged in environmental 
toxicology. Under this approach, chemical characterization, toxicity testing and 
ecoassessment constitute a triad of techniques to deal with whole biological 
communities in the ecosystem. 

As can be seen in the diagram (Figure 4.1), toxicity testing cannot be a substitute 
for chemical measurements or for surveys of communities of organisms. The 
strengths of toxicity testing are defined in conjunction with chemical and bio- 
logical field measurements. These three approaches form a natural triad in which 
each component enhances the power of the others (Sergy, 1987; Scroggins, 1999). 
(see also Chapter 9B). 

Toxicity tests use biological systems to detect the presence of toxic chemicals in 
the samples being investigated (e.g. water, effluents, sediments, soil). The term 
bioassay also is used to describe a toxicity test. The idea is that the response of an 
organism will be representative of organisms living in the environment where the 
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BIOLOGICAL METHODS 


> 


TOXICITY TESTS ECOASSESSMENT 
Lab and field biotests Indicator system: 
Single-species Biological Indices 
Multi-species Ecological surveys: 
Genotoxicity Community structure 
Biomarkers: Physiological techniques 
Effect; exposure ENVIRONMENT Bioaccumulation tests 
QUALITY TRIAD 


CHEMICAL ANALYSIS 
Conventional : COD, BOD, SS 
Heavy metals: Hg, Cd, Pb, Cu, 
Zn, As, Ni. Cr, Fe and Mn 
Organics: PAH tota_; PCBs 


Figure 4.1 Schematic diagram of the triad of techniques that can be used, alone or in combination, in 
environmental toxicology. COD = chemical oxygen demand; BOD = biochemical oxygen demand; SS = 
suspended solids. 


substance would be released. However, no ‘perfect’ toxicity test has been de- 
veloped to represent all biological groups (microbes, plants, invertebrates, fish, 
etc.) in the ecosystem. 

Chemical tests can be used in two different ways. They can be regulatory if a 
limit is specified for a certain substance in an effluent and they can be predictive 
by calculating, from the discharge, the concentration expected in the environment; 
both are achieved by comparison with established quality guidelines for water, 
sediment or soil (Scroggins, 1999). 

Chemical analysis, however, continues to be used to assess the quality of 
industrial and municipal wastes, as well as to assess the limits of concentration 
or loading that can be applied to the environment. Such limits have been tied to 
“best-treatment’ performance of waste treatment plants, also termed best available 
treatment (BAT) and best available treatment economically achievable (BATEA). 
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Biological surveys in the receiving water or in the substrate of the receiving 
environment are important. These surveys are the definitive check on whether an 
ecosystem has been affected. Their use is a follow-up audit; however, biotic surveys 
can hardly serve in a predictive mode to prevent damage, unlike toxicity tests. 

Ecoassessments focus directly on populations or communities in order to detect 
if the exposed biocenosis is changing, how it has changed and whether there will 
be a change. They cover the methodologies related to analysis of biological 
communities and can be based on different factors such as the structure of the 
community, the presence and/or status of sentinel species or the use of biological 
alterations in individuals related to chemical exposure, e.g. crossed-bills in imma- 
ture cormorants. 

The use of biological indicator systems started more than 100 years ago and is 
now regarded as an essential tool for river quality monitoring (de Pauw et al., 
1992). Several biological indices based on species abundance and diversity are 
available. These have been reviewed and compared extensively and show good 
agreement among different assessment methods (Hellawell, 1986; de Pauw et al., 
1992). Some physiological or biochemical indices on sentinel populations, i.e. 
molluscs, have also been proposed (Livingstone, 1991). 

Any type of effect produced in an organism due to exposure to a chemical can 
be considered as a potential indicator for bioassessment. Waldichuck (1989) has 
categorized the effects that can be studied at the sublethal level, e.g. physiological, 
biochemical, morphological, pathological, genetical, behavioural and ecological, 
most of which can be used as potential biomarkers. In an attempt to prevent 
adverse biological effects in humans and wildlife as a result of contaminant 
exposure in aquatic ecosystems, a large range of biochemical and molecular 
indicators of toxicant exposure are being developed. These so-called ‘biomarkers’ 
of exposure have been promoted as a first tier in exposure monitoring programs. 
These early-detection tools can provide sentinel warnings of contaminant expos- 
ure in aquatic environments before irreversible, deleterious changes are effected in 
whole populations of organisms. 

The major advantage of using biomarkers is that the results directly answer the 
important question: are the populations exposed to toxic concentrations of pollu- 
tants? Because the effect is seen directly in the population itself, there are fewer 
concerns with bioavailability, kinetics or factors that modify the toxicity of the 
media (water, sediment, soil, air). However, the major disadvantage of biomarkers 
is the lack of information on the biology of wild species (see also Chapter 7). 

Environmental agencies and researchers that have embraced toxicity testing to 
regulate discharges have emphasized the importance of combining toxicity testing 
with more conventional chemistry and with bioassessments (Blaise et al., 1985; 
OECD, 1987; Klemm et al., 1990; Hunt et al., 1992; Scroggins, 1999). The three 
techniques in the triad play different roles and the results should be integrated to 
provide an early and cost-effective prediction of environmental effects, at an 
acceptable level of uncertainty, to guide regulatory and industrial decision-making. 
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4.2.2 Advantages and disadvantages of toxicity testing 


There are many applications of toxicity tests but in general they have been used as 
an environmental tool to provide information about: 


e Identification and rank order of toxicity potential of samples 

e Definition of the real extent of toxicity 

e Identification of the chemical fractions of a complex waste that contribute to 
toxicity (toxicity identification evaluation, TIE) 


From all these uses it is clear that the main advantage of bioassays is that they can 
provide information about toxicity. However, the strongest disadvantage is that 
the bioassays cannot identify the substance causing an effect (Scroggins, 1999). 
This is one of the reasons why toxicity testing should be complemented with 
chemical characterization. 

Associated with this first advantage, toxicity tests are used to measure directly 
the whole sample toxicity, without identifying and analyzing each pollutant 
individually. Whole-effluent bioassays are probably more representative of the 
total toxic effect of the complex effluent mixture. Toxicity tests give an integrated 
answer of the total effect of diverse toxicants in a given complex effluent. 

Toxicity test results expressed in terms of harm to living organisms are more 
credible or comprehensible than chemical data to non-specialists (Sergy, 1987). 
They can also be less expensive than comprehensive chemical analysis. However, 
a toxic finding could be misleading if used in a simplistic way, e.g. failing to allow 
for dilution or mitigating factors. 

Toxicity testing has been a contentious issue. Its opponents argue that toxicity 
tests are complex, expensive and imprecise. In spite of these arguments, as 
standardized toxicity tests are developed and their interpretation and regulatory 
applications are refined, it is clear that toxicity tests will become powerful 
instruments for pollution monitoring and control. They measure directly the 
potential environmental effects of complex mixtures and provide information 
that cannot be obtained by any other means. 


4.3 Interpretation of toxicological data 


4.3.1 Field validation 


The laboratory-based assessment of toxicity using bioassays is limited not only by 
laboratory conditions but also by the type of species used. As a matter of practice, 
tests are conducted under controlled and standardized conditions of light, tem- 
perature, oxygen, pH, etc. so that the precision of the results obtained is reliable 
and so that control over variables such as volatilization and biodegradability is 
maintained (USEPA, 2002a,b). 
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Even though measurements of toxic effects obtained under laboratory condi- 
tions do not always correspond with actual results obtained in the field when 
toxicants are liberated, they can be used to predict events that could affect 
populations in a given ecosystem. The difficulty of validating laboratory results 
with actual field results has been pointed out by several authors over the years. 
Nevertheless, a considerable number of papers have been published in which the 
predictive value of toxicity tests has been demonstrated (Stephan et al., 1985; 
Eagleson et al., 1990; Power and McCarty, 1997; Scroggins, 1999). One of the 
main difficulties in this context has to do with the risk of making predictions for 
complex organization levels (populations and communities) based on a single 
species (individual level). In addition, factors such as the presence and variability 
of other active contaminants make it even more difficult to deal with this problem. 
However, specific studies to evaluate the predictive value of toxicity tests have 
been conducted by governmental agencies (USEPA, Environment Canada) and 
have shown a positive correlation between field and laboratory results (Geckler 
et al., 1976; AETE, 1998). 

Most of these studies include field validation or the simulation of communities 
in ‘mesocosms’. There are, however, no clear guidelines to carry out these studies 
and therefore the possibilities for comparison are limited. In order to validate 
toxicity test results, some authors (Sanders, 1985; Cairns, 1986, 1988) have 
recommended the need to develop an appropriate experimental design, and the 
OECD (1992a) has established a number of principles and recommendations for 
these assays. According to Sprague (1995), there are two levels of validation 
procedures with varying degrees of complexity: 


e Field validation in which the correlation between toxicity tests results and 
quality measurements in the receiving community is established. The degree 
of correlation is established by comparison of the results and therefore can be 
subjective in many cases. 

e Scientific field validation, in which strict scientific methods based on formal 
experiments are used to establish whether toxicity tests do in fact predict the 
effects of the toxicants on the community. Previously defined acceptability 
criteria are applied and, consequently, it is possible to establish the level of 
agreement between laboratory and field results. Under this type of validation it 
is important to follow a series of steps that can be performed one by one or, in 
some cases, simultaneously. 


The main steps of the scientific field validation are to: 


1. Verify the adequacy of the toxicity tests carried out under laboratory condi- 
tions. 

2. Select the study sites together with a control site. 

3. Check existing information about the site, including physical, chemical and 
biological data. 
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4. Carry out a preliminary sampling program to establish the magnitude and 
variability of the site, i.e. wastewater discharge, plume size of the receiving 
water and the composition of the biological community. 

5. Develop a preliminary modeling and analysis method (a phase that can be 
carried out in parallel with the previous steps). 

6. Develop a detailed validation program. 

7. Implement the program. 


4.3.2 Application factors 


Application of toxicity test results was accomplished originally by multiplying 
median lethal concentration (LCs9) values obtained in acute tests by factors of less 
than unity, in order to predict the concentration in the ‘receiving water’ at which 
no negative effects would occur (Henderson and Tarzwell, 1957). These factors 
were intended to be a realistic representation of the ratio between the LCs and a 
concentration that just fails to cause sublethal toxicity (i.e. the sublethal threshold 
or the no-observed-effect concentration NOEC). The application factors have been 
used to predict the maximum acceptable toxicant concentration (MATC). The 
MATC is set equal to the product of the application factors and the LCs value 
(Giesy and Graney, 1989). 

The use of application factors was centred on substances that were non- 
persistent or had non-accumulative effects after mixing with the receiving waters. 
Recommended factors were designated at 1/10th of the 96-h LCso (as a maximum 
at any time or place) and at 1/20th or less as a 24-h average concentration after 
mixing. For toxicants that were persistent or cumulative, the threshold concen- 
trations were required not to exceed 1/20th and 1/100th of the 96-h LCs values. 

In some ways a security margin was being sought, because there was a lack of 
precise knowledge about the sensitivity of the aquatic organisms (Stephan ef al., 
1985). In addition, a more realistic prediction of the aquatic community concen- 
tration threshold was expected to be made. The system was easy and fast because 
it was based on a lethal concentration obtained from one or several species. 

Application factor values have been found to vary by a magnitude of 10 000 and 
sometimes even as great as 100000 for different compounds. Moreover, no 
relationship could be found between the acute lethality (LCs 9) of the compounds 
and the application factors. However, when the relationships between the applica- 
tion factors for a pair of species were examined, it was found that the application 
factor of one species could be predicted from that of another species (Kenaga, 
1977). 

In spite of the fact that numerical values originally were established intuitively, 
they became more standardized as new investigations began to generate infor- 
mation on sublethality (Sprague, 1971). During the 1960s, the USA and Canada 
approved their use for substances of unknown non-effective concentration 
(NTAC, 1968; OWRC, 1970). 
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Application factors are still used at the present time, although on a limited scale, 
particularly when enough knowledge is available regarding the sublethal effects of 
the toxic substances. For example, application factors of 0.01 and 0.05 have been 
established in Canada for persistent and non-persistent toxic substances, respect- 
ively (CCME, 1991). The potential health risks arising from using these applica- 
tion factors appear to be acceptable until clearer cause and effect dosages are 
available. 


4.3.3 Acute to chronic ratio (ACR) 


The definition of the acute to chronic ratio (ACR) has been one of the methods used 
to predict the threshold concentration at which a toxicant does not produce notice- 
able effects during a chronic exposure. This ratio is based on the same concept as the 
application factors, but its numerical value is the inverse (Stephan, 1982). The ACR 
is the ratio between chemical concentrations exerting a lethal versus sublethal toxic 
effect and describes the ratio of a lethal to sublethal end-point: 


ACR = LCs9/NOEC (or IC)5) 


This very simple value has proved to be an effective tool to predict chronic effects. 
Its main advantage stems from the fact that it can be used to predict, from known 
ACR values, possible chronic responses in similar species or with similar toxi- 
cants. It was possible to use this approach because at least 90% of the substances 
being evaluated showed that the concentration at which no effect was observed 
was found to be at least two orders of magnitude below the LCso values (Kenaga, 
1982a,b). 

Studies aimed at verifying this ratio have shown a 0.88 correlation coefficient 
for 11 freshwater species and 126 chemicals (Slooff et al., 1983). It was concluded 
on the basis of these results that compounds that produce acute toxicity also show 
chronic toxicity. Therefore, with the exception of substances with a very particular 
toxic action, it is possible to predict the chronic toxicity of a substance on a species 
based on the acute values obtained for the same compound with similar 
species (Giesy and Graney, 1989). 

In general, the term ACR describes the relation between a lethal and a sublethal 
end-point (e.g. LCs9/IC25), making it possible to estimate the sublethal value 
known as the threshold observed effect concentration (TOEC). The result, which 
is given in the form of a whole number, is easy to understand, making the technique 
quite popular. It is recommended, however, to use this ratio only when the LCs9 and 
sublethal values for a given species and a particular toxicant are known. Its use for 
predictive purposes is similar to that of the application factors, especially when used 
to predict the TOEC when modifying the environmental conditions for similar 
industrial discharges and in special cases for other species. 

Some environmental protection agencies have indicated that an ACR value 
of 10 can be used for industrial effluents and common chemicals when no 
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direct measurements are available (Scroggins, 1999). The geometric mean 
should be used when several toxicity tests for the same species are available. 
A similar procedure can be used when sublethality test results with the same end- 
point are known. When two sublethality test results are available (one for 
reproduction, e.g. IC25, and one for growth, e.g. ICso), the test results that 
indicate the lowest value (most sensitive) should be used to calculate the ACR 
(OECD, 1992b). 


4.3.4 Toxic units (see also Chapter 11, Section 11.2.5) 


As already mentioned, toxicity results obtained in the laboratory cannot always be 
interpreted directly. Often it is necessary to transform these values into units that 
are more meaningful in environmental management programs. One way to facili- 
tate the use of toxicity data, whether for regulatory purposes or for modeling of 
toxicity, is to use toxic units. 

Toxic units are a measure of toxicity in a sample as determined by the acute 
toxic units (TU,) or chronic toxicity units (TU,) measured. An acute toxic unit is 
the reciprocal of the effluent concentration that causes 50% of the organisms to 
die by the end of the acute exposure period (USEPA, 1991c). It is calculated by 
expressing the real or true concentration of the effluent as the numerator (which 
for an effluent will be 100%) and the lethality end-point as the denominator, as 
follows: 


Acute toxic units (TU,) = 100/LCs0 


However, it should be remembered that for contaminated media such as industrial 
effluents it is not possible to have TU, values of less than unity because the lethal 
concentration LCs9 cannot be higher than 100% (undiluted effluent). On the other 
hand, for chemicals found in the environment other units of concentration would 
be used. If the concentration of a chemical was 5 mg/l within the discharge plume, 
then this would be the concentration used in the numerator to calculate the toxic 
unit. If the chemical had an LCs9 of 0.5 mg/l for a particular species, that would be 
the denominator, and the toxic strength of the plume would be 5/0.5 = 10 TU, of 
the chemical. Because the TU, was greater than unity, strong lethal effects would 
be expected (Scroggins, 1999). 

Chronic toxic units (TU,) can be calculated in the same way as with acute 
exposure (USEPA, 1991c). The TU, is the reciprocal of the effluent concen- 
tration that causes no observable effect on the test organisms by the end of the 
chronic exposure period (i.e. 100/NOEC). It needs to be remembered, how- 
ever, that TU, and TU, values are different and cannot be mixed in the calcula- 
tions. Toxic units are dimensionless, so values obtained with other samples 
and compounds can be compared. Because these values depend on the organism 
and the end-point used, these data should always be reported (Scroggins, 
1999). 
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4.3.5 Toxicity indices 


In general, an index corresponds to expression of the results obtained in different 
toxicity tests by means of a number that allows the toxicity of the sample to be 
classified. 

There are examples of physical and chemical indices in water quality studies, 
with which a sample is classified and later compared with control values/sites to 
establish its own quality. Even though the use of these physicochemical indices is 
attractive, it should be remembered that they use sets of parameters that, in many 
cases, may not even include the main contaminant (toxicant). The resulting value 
may not show any type of hazard because it does not include the substance under 
investigation (Pratt et al., 1971). 

A precursor to a toxicity index is the common use of tests to rank environmental 
samples or hazardous sites according to the severity of the toxic responses. 
Toxicity ranking defines priority for action on the most toxic effluents or contam- 
inated sites. Ranking the samples can become complicated if toxicity has been 
measured with several tests that produced variations in rank. Joining the responses 
into a toxicity index would express potential hazard in a single number. 

An index based on the sum or average of bioassay end-points is the simplest to 
devise. In some instances it may be desirable to combine tests of acute lethality 
with sublethal tests in order to include a spectrum of organisms and/or responses. 
Indices are easier to construct if toxicity end-points are first translated into toxic 
units. The numerical values then can be summed like the chemical properties of a 
sample. An alternative would be to classify results on an ordinal scale (e.g. 0-10) 
based on the observed severity of effect. The approach is more subjective, but at 
least it incorporates expert judgement that should enter the assessment of data at 
some point. A ranking scale allows any kind of environmental measurement to be 
included in the index. 

In the design of an index, two decisions must be made about placing weights on 
components: 


e Whether any endpoint is to be considered more important and thus weighted 
more heavily. 

e Whether the extent of toxic response is more important than the strength of 
effect, or vice versa. 


4.3.5.1 Potential ecotoxic effects probe 

Based on case studies, many countries have tried to develop similar indices where a 
number of toxicological parameters are integrated with the aim of quickly measuring 
the potential danger of the samples, particularly industrial effluents. The potential 
ecotoxic effects probe (PEEP) is one of the best known. It was developed in Canada as 
part of the St. Lawrence River Action Plan and was used to rank the impact of 50 
industrial effluents discharged daily into the St. Lawrence River (Costan etal., 1993). 
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The following four bioassays are used to derive the PEEP index: 


e Algal growth test using Selenastrum capricornutum (Environment Canada, 
1992a). 

e SOS Chromotest (genotoxicity) using Escherichia coli (Quillardet et al., 1982, 
1985). 

e Luminescence test using Vibrio fischeri (formerly Photobacterium phosphor- 
eum) (Environment Canada, 1992b). 

e Survival and reproduction test using Ceriodaphnia dubia (Environment 
Canada, 1992c). 


To apply the PEEP index, the effluent sample is first evaluated using all four 
bioassays. After biodegradation, the sample is tested using three of the four 
toxicity tests; the Ceriodaphnia test is excluded. 

Results of all bioassays are reported as TOEC values, so a value can be entered 
into the PEEP index even if no inhibitory concentration (IC) or median effective 
concentration (ECs9) was determined. The TOECs are converted to toxic units. 
The PEEP is calculated as the sum of the toxic units, including both before and 
after biodegradation, according to the following formula: 


ai Ti 
1 SS 
+ o( N Q 
where: P = PEEP value 


n = number of end-points exhibiting toxic responses 

N = maximum number of obtainable toxic end-points 

T; = toxic units from each test, before and after biodegradation 
Q = effluent flow (in m7/h) 


P = logio 


The four tests produce a total of six end-points, because the Ceriodaphnia and 
SOS Chromotest each have two end-points. Without Ceriodaphnia there are four 
end-points after biodegradation, so the value of N is 10. The PEEP formula sums 
the toxic units from each end-point and divides by N to derive an average toxic unit 
for the effluent. This is multiplied by n to account for the breadth of toxic response 
and by the discharge volume to compute the total hourly number of toxic units 
entering the river or receiving water. The result is expressed as a logarithm 
(adding 1 in the formula merely ensures that the log is computable). This produces 
a scale of results that would normally fall between 0 and 10. 

The approach is designed to be flexible, and one or more tests can be removed 
or replaced with another test without preventing the calculation of a value for 
PEEP. However, indices based on different tests would not be comparable. 
The PEEP values from different industries are comparable because they are all 
based on toxicity, and PEEP values also compensate for discharge volume and are 
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thus appropriate for evaluating environmental impact. An example of a PEEP 
index value calculation is shown in Table 4.1 (Costan et al., 1993, pp. 133-5). 


Solution. From Table 4.1, perform the indicated steps: 


e Determine the number of bioassays exhibiting geno/toxic responses (n) for 
each effluent. 


e Determine the average toxicity ({T;/N) for each effluent. 

e Determine the toxic print [n (£T;/N)] for each effluent. 

e Determine the toxic charge (effluent flow x toxic print) for each effluent. 
e Set up a data summary table with the values obtained (Table 4.2). 
Results 


e The effluent PEEP values show the wide range of ecotoxic effects. 
Effluent 3 stands out because of its intense toxic print coupled with elevated 
flow rates. It also highlights the persistence of their toxicity. 

e The contribution of effluents 1 and 2 is low compared with that of effluent 3. 
The toxic charge of effluent 4 is negligible. 


4.3.5.2 Ranking scheme and ‘battery of tests’ approach 

Another Canadian index combined results from bioassays, biochemical assays and 
microbial enumerations from both water and sediments. It was used along the 
St. John River and other Canadian rivers (Dutka et al., 1990). With this approach a 
point ranking scheme was developed (Dutka et al., 1988) and all data from 
different rivers were analyzed in an attempt to obtain a representative core 
group of tests. In the development of the core group, it was believed important 
that hazards associated with or indicated by microbiological and toxicant pollution 
should be addressed. Therefore, the core group would have to contain some 
indicator microbiological tests. From application of Spearman’s rank correlation 
test to the water data, the core group selected was: fecal coliforms, coliphage, SOS 
Chromotest (genotoxicity), algal ATP and Daphnia magna (Dutka, 1988). 

In a similar way to the Milli-Q water-extracted sediment data, the following 
tests were suggested for the core group of the battery of tests: fecal coliforms, 
Clostridium perfringens, SOS Chromotest, algal ATP and Daphnia magna. It was 
expected that the proposed composition of the core battery of tests for water and 
Milli-Q water-extracted sediments would provide an indication of bacterial 
hazards, as well as genotoxic and toxic pollutants in the aquatic ecosystem. By 
using a point scoring scheme based on the degree of positiveness of various tests 
and by comparing various proposed core groups of tests, it was possible to develop 
a ranking system for the water and sediment samples collected (Dutka, 1988). 

A slightly revised format to award points for specific data values in order to 
rank the sampled waters and sediments is presented in Table 4.3, which shows the 
ranking scheme and battery of tests approach used by Dutka et al. (1991). Surface 
water samples were collected at seven sites (three per site) for eight toxicant 
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Table 4.4 River surface water toxicology data with point scores and ranking (Dutka et al., 1991). 


Site and D. S. Toxi Microtox® ATP-TOX Algal C. Mutatox® Total 
sample magna volutans Chromotest system ATP dubia points 
1 2 0 0 1 3 0 0 25 31 

2 3.5 0 0 0 9 0 0 0 12.5 
3 2 0 0 0 13 0 0 30 45 

4 1.5 0 0 0 9 0 0 15 25.5 
5 2 0 0 0 9 0 0 30 41 

6 4.5 0 0 2.5 11 0 0 15 35 

7 2 0 0 0 9 0 0 25 36 


screening tests. Table 4.4 summarizes the points awarded to the various genotoxic/ 
toxic results obtained from the water samples tested. 

The method of ranking the sites is based on the total accumulated points for 
only the toxicant/genotoxicant screening tests. In this scheme site 3 would be 
designated as having the greatest potential hazard load, followed by sites 5, 7, 6, 1, 
4 and 2. 


4.3.5.3 Toxicity classification system 

An example of this procedure is the evaluation/classification system proposed by 
the Laboratory for Biological Research in Aquatic Pollution (now the Laboratory of 
Environmental Toxicology and Aquatic Ecology, LETAE) from Ghent University 
in Belgium (Persoone and Vangheluwe, 2000; Persoone et al., 2003). Two different 
evaluation/classification systems were proposed: one for gross determination of the 
degree of toxic contamination of natural aquatic media; and one for quantification 
of the toxicity of wastes prior to their release into aquatic environments. 

Both systems are based on the application of a battery of bioassays with short 
exposure time (1-3 days). The battery of bioassays is composed of test species 
belonging to different phylogenetic groups and is comprised of the following 
bioassays: 


e Bacterial luminescence inhibition assay on Vibrio fischeri (formerly Photo- 
bacterium phosphoreum). 

e Algaltoxkit: growth inhibition test with the microalgae Selenastrum capricor- 
nutum (Raphidocelis subcapitata), with determination of the 72-h ECs 9 and 
the NOEC. 

e Protoxkit: reproduction inhibition test with the ciliated protozoan Tetrahy- 
mena thermophila, with determination of the 24-h ECs9 and the NOEC. 

e Rotoxkit: mortality test with the rotifer Brachionus calyciflorus, with deter- 
mination of the 24-h LCsọ. 

e Daphtoxkit: immobilization assay with the crustacean Daphnia magna, with 
determination of the 24-h and 48-h ECso. 
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e Thamnotoxkit: mortality test with the crustacean Thamnocephalus platyurus, 
with determination of the 24-h LCs9. 


The principle of the classification systems is a one-step determination of the acute 
hazard of natural waters on non-diluted samples with the battery of bioassays. The 
classification system is based on two values: 


e A class ranking in five acute hazard categories 
e A weight score for each hazard class 


Hazard classification of natural media 

Waters are ranked into one of five classes on the basis of the highest toxic 
response shown by at least one of the tests applied. After determination of the 
percentage effect (PE) obtained with each of the microbiotests, a weight score is 
calculated for each hazard class to indicate the quantitative importance (weight) of 
the toxicity in that class. This weight score is expressed as a percentage and ranges 
from 25% (only one test in the battery has reached the toxicity level of that class) 
to 93% (all tests but one have reached the toxicity level of that class). 


Acute hazard classes 

e Class I: no acute hazard = none of the tests shows a toxic effect (i.e. an effect 
value significantly higher than that in the controls). 

e Class II: slight acute hazard = the lowest observed effective concentration 
(LOEC) is reached in at least one test but the effect level is below 50%. 

e Class III: acute hazard = the 50% effect is reached or exceeded in at least one 
test but the effect level is below 100%. 

e Class IV: high acute hazard = the 100% effect is reached in at least one test. 

e Class V: very high acute hazard = the 100% effect is reached in all tests. 


The weight scores for the effect results of each bioassays are calculated as follows: 


No significant toxic effect = score 0 
Significant toxic effect < PE 50 = score 1 
Toxic effect > PE 50 but < PE 100 = score 2 
PE 100 = score 3 


The class weight score = > all test scores/n, where n = number of tests performed. 
The class weight score as a percentage = (class weight score)/(maximum class 
weight score) x 100. 

The hazard classification system for natural waters is: 


Class weight score (%) Class Hazard 
< 20 I No acute hazard 
20 < PE < 50 II Slight acute hazard 


50 < PE < 100 Ill Acute hazard 
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PE 100 in at least one test IV High acute hazard 
PE 100 in all tests V Very high acute hazard 


Classification of wastes 
The principle of the toxicity classification system for wastes discharged into the 
aquatic environment is a two-step determination and quantification of the acute 
toxicity of the liquid wastes or leachates with the battery of bioassays. In the first 
step the toxicity is determined on non-diluted samples, and in the second step the 
toxicity tests are performed on a dilution series of the samples with all bioassays 
for which more than 50% effect has been found in the non-diluted sample. 

The proposed system is also based on two values: an acute toxicity ranking in 
five classes and a weight score for each toxicity class. 


Acute toxicity classes. The effect results obtained with each bioassay are trans- 
formed into toxic units (TUs) with the formula TU = (1/LC.,) x 100. The 
samples are classified into one of the following categories on the basis of the 
highest number of TUs found in one of the tests of the battery: 


e Class I: no acute toxicity = none of the tests shows a toxic effect (i.e. an effect 
value significantly higher than that in the controls) 

e Class II: slight acute toxicity = the LOEC is reached with at least one test but 
the effect level is below 50% (< 1 TU) 

e Class III: acute toxicity = the LC /ECsp is reached or exceeded in at least one test 
but in the ten-fold dilution of the sample the effect is lower than 50% (1-10 TUs) 

e Class IV: high acute toxicity = the LC/ECso is reached in the tenfold dilution 
for at least one test but not in the 100-fold dilution (10—100 TUs) 

e Class V: very high acute toxicity = the LC/ECso is reached in the 100-fold 
dilution for at least one test (> 100 TUs). 


A weight score is calculated for each toxicity class, to indicate the quantitative 
importance (weight) of the toxicity in that class. The weight score is expressed as a 
percentage and ranges from 25% (only one test in the battery has reached the 
toxicity level of that class) to 93% (all tests but one have reached the toxicity level 
of that class). The weight scores are calculated as follows: 


No significant toxic effect = score 0 
Significant toxic effect but < LC/ECs (i.e. < 1 TU) = score | 
1-10 TUs = score 2 
10-100 TUs = score 3 
> 100 TUs = score 4 


The class weight score and the percentage class weight score are calculated 
following the scoring method on natural waters. The hazard classification system 
for wastes discharged into the aquatic environment is: 
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TU Class Toxicity 

< 0.4 I No acute toxicity 

0.4 < TU < 1 H Slight acute toxicity 

1 < TU < 10 MI Acute toxicity 

10 < TU < 100 IV High acute toxicity 

TU > 100 V Very high acute toxicity 
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Example: Toxicity classification system 


Natural water 


Bioassay % Effect Test score 
Bacteria < 10 0 
Microalgae 25 1 
Protozoa 72 2 
Rotifers 55 2 
Crustaceans 100 3 


Classification: the concerned water sample belongs to class IV (high acute hazard) 
because the 100% effect level is reached in one test (crustaceans). 

Class weight score: (0+ 1 +2 + 2 + 3)/5 = 8/5 = 1.6 

Percentage class weight score: 1.6 x 100/3 = 53% 


Industrial effluent 


Bioassay % Effect Test score 
Bacteria 12 3 
Microalgae 2 2 
Protozoa <1 1 
Rotifers 55 3 
Crustaceans 27 3 


Classification: the concerned industrial effluent is classified in class IV (high 
acute toxicity) because the number of TUs in the most sensitive test is situated 
between 10 and 100. 

Class weight score: 3 +2 + 1 +3 + 3/5 = 12/5 = 2.4 

Percentage class weight score: 2.4 x 100/3 = 80% 


4.3.5.4 The Chimiotox system 

The Chimiotox (Scroggins, 1999) is another rating system developed for the 
St. Lawrence River Action Plan as a companion to the PEEP index. It is not a 
toxicity index, because toxicity is not measured. Chemical profiles of municipal and 
industrial effluents and known toxicity data are used to rank the effluents 
for potential environmental damage. The daily load of each chemical component 
is multiplied by a toxicity factor, and the sum of toxic loads produces the rating. 
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Chimiotox provides a physicochemical characterization of substances in an 
effluent. The substances are weighted for their known toxicity, with the goal of 
providing a common denominator in terms of potential environmental damage. 
The toxic weighting factor (F,.x) is calculated according to the following formula 
(Scroggins, 1999): 


Foxi = 1 mg/1/MSC,mg/1 


where: Fioxi = toxic weighting factor for substance i 
1 mg/l = arbitrary reference 
MSC; = most stringent water quality criterion (guideline) for substance i 


Chimiotox units (UC) for each substance are calculated by multiplying its toxic 
weighting factor by its polluting load: 


UC, = Load; x Froxi 


Chimiotox units for each substance in an effluent are then combined to arrive at 
the Chimiotox index (IC) for the effluent, using the following formula. If desired, 
the same formula can be used to integrate the results for individual effluents, or 
individual substances, into totals according to types of industry, groups of sub- 
stances, geographic region or overall: 


Ic = 5 UC; 


where: IC = Chimiotox index for a given effluent 
UC; = Chimiotox units for a given substance 
n = number of substances 


Based on the physicochemical characterization of an effluent, the toxic weighting 
used in the Chimiotox model makes it possible to do the following on a predictive 
basis: 


Compare the results of characterization of different effluents 

Identify the predominant toxic substances 

Combine the results into a single value for compilation into databases 
Obtain an overall picture of the toxic waste situation 


Toxicity indices should be used cautiously because there is a loss of information in 
the calculation of only one summary value. 
4.3.6 Structure—activity relationships (SARs) 


The structure—activity relationship (SAR) is a means by which the effect of a drug 
or toxic chemical on an animal, plant or the environment can be related to its 
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molecular structure (Walker et al., 2001). This type of relationship may be 
assessed by considering a series of molecules and making gradual changes to 
them, noting the effect of each change upon their biological activity. Alterna- 
tively, it may be possible to assess a large body of toxicity data using intelligent 
tools such as neural networks to try to establish a relationship. Ideally, such 
relationships can be formulated as quantitative structure—activity relationships 
(QSARs), in which some degree of predictive capability is present (Walker 
et al., 2001). 

Computational models are used in human health risk assessment to predict the 
biological activity of potentially health-threatening agents. Structure—activity 
relationships that relate chemical structure to biological activity are examples of 
such models. Once a model is developed, it is used to predict the activity of new 
chemicals. The success or failure of a SAR model lies in its ability to predict 
correctly the true activity of a chemical. 

Hazard assessment of environmental pollutants requires the input of many 
physicochemical, biomedical and toxicological properties of large numbers of 
chemicals in the various decision-making steps. Unfortunately, most of the candi- 
date chemicals have very little or no laboratory data, a prerequisite to their proper 
evaluation. Modern combinatorial chemistry is quickly producing large libraries 
of real or virtual chemicals for which almost no property is known except their 
molecular structure. 

One solution to this quagmire has been the use of calculated properties esti- 
mated from the molecular structure of chemicals instead of their experimental 
data. Molecular descriptors calculated using different variations of the chemical 
structure lead to the development of quantitative structure—property/activity rela- 
tionship (QSPR/QSAR) models. 

In general, SARs predict the toxicity of organic compounds based on their 
physical and chemical properties, particularly in the field of carcinogenesis. 
Toxicants move from the environment into the organisms, to exert their toxic 
action within the cells. Both processes depend on the elemental composition and 
structure of the chemical. 

There are diverse uses of SARs: 


To predict the effect of new commercial chemicals 
To rank chemicals for priority in testing 

To develop preliminary water-quality guidelines 
To estimate missing toxicity data 

To select tests 


QSARs are used routinely in predicting aquatic toxicity quickly. The USEPA 
has developed QSARs for all new commercial chemicals evaluated since 1981 and 
has about 300 QSARs for some 100 classes of compounds, most of which are 
based on octanol—water coefficient (Kow) and molecular weight data (USEPA, 
1994). 
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In Europe, SARs are coming into use for hazard assessment of new chemicals 
under the European Economic Community (EEC) (Bol et al., 1993). Many 
endeavours on the use of SARs as an aid in setting environmental quality criteria 
have been made in The Netherlands (Verhaar et al., 1992). 

In Canada, new chemicals are controlled under the Canadian Environmental 
Protection Act (CEPA). The regulations promulgated under CEPA require produ- 
cers of new chemicals to provide toxicological data and, when appropriate, SARs 
might be used as a substitute for experimental data (Environment Canada and 
Health and Welfare Canada, 1993). 


4.3.7 Toxic emissions 


From the point of view of environmental management, the effect of an effluent on 
receiving water is a function of its toxic concentration as well as of the flow or 
volume discharged. The product of the concentration and the flow is called load 
and is usually expressed as the mass of contaminant per day (kg/day). Compari- 
sons of the effect of an effluent therefore should be done on the basis of its 
concentration and load. In terms of quality, the total mass load of the contaminant 
discharged per unit of time is usually determined. When the effluent is toxic it is 
important to know, in addition to its toxic concentration, the total amount of 
toxicants present in a given volume of discharge. This will make it possible to 
compare effluent streams of different volumes and toxic levels. These compari- 
sons can be carried out by calculating the toxic emission rate (TER), defined in 
1972 (Resources Agency, 1972) as: 


Toxic emission rate = TU x (volume of flow in m /day) 


The value thus obtained allows the evaluation of the relative quantities of toxicity 
contributed by various industries to the receiving water, or the contribution from 
different contaminated streams generated in an industrial process. It is important 
to note that, even though the TER is expressed in m*/day, it would be more 
appropriate to express it as m?/day of TUs. 

Similarly, the toxic emission factor (TEF) makes it possible to compare pro- 
cesses in different industrial sites because it is calculated as a function of the 
industrial product being produced. The TEF value is calculated as follows: 


Toxic emission factor = TU x (volume of flow in m? /t of product) 


Even though this factor may be considered of little importance, it is used in 
countries such as Canada for other parameters (e.g. biochemical oxygen demand). 
This constitutes an adequate way to compare industrial plants with different 
processes, because the TEF expresses the toxicity corrected for factors such as 
size of the plant and efficient use of water within the plant. 
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4.4 Ecological risk assessment 


Environmental problems are complex, with multiple causes and diverse ecological 
effects. Dealing with such problems requires a flexible decision-making process 
that can accommodate this diversity while providing some measure of the uncer- 
tainty associated with decisions that are made (Norton et al., 1995). For these 
reasons, different environmental protection agencies have an increasing interest in 
using ecological risk assessment as a basis for environmental decisions (Norton 
et al., 1995). 

Owing to the increased emphasis on ecological issues and the need to provide 
uniform procedures, the USEPA in 1989 initiated studies to produce ecological 
risk assessment guidelines based on the same open, peer-reviewed process that 
was used to develop the human health risk assessment guidelines (USEPA, 
1991b). As a result of this work several workshops were organized, and a variety 
of publications (USEPA, 1990, 1992a,b,c) were produced. To assist the Regions in 
implementing this policy, the Office of Emergency and Remedial Response 
(OERR) issued the Superfund Environmental Evaluation Manual (USEPA, 
1989c). The manual defines ecological assessment as: 


‘ 


. a qualitative and/or quantitative appraisal of the actual or potential effects of a 
hazardous waste site on plants and animals other than people or domesticated 
species.” 


Ecological risk assessment evaluates the likelihood that adverse ecological effects 
will occur or are occurring as a result of exposure to stressors related to human 
activities such as dredging or filling of wetlands or release of chemicals. The term 
stressor is used to describe any chemical, physical or biological entity that can 
induce adverse effects on ecological components, i.e. individuals, populations, 
communities or ecosystems. Adverse ecological effects encompass a wide range 
of disturbances, ranging from mortality in an individual organism to a loss in 
ecosystem function. Thus, the ecological risk assessment process must be flexible 
while providing a logical and scientific structure to accommodate a broad array of 
stressors and ecological components (Norton et al., 1995). In general terms, 
ecological risk assessment comprises four interrelated activities: 


1. Problem formulation: a qualitative evaluation of contaminant release, migra- 
tion and fate; identification of contaminants of concern, receptors, exposure 
pathways and known ecological effects of the contaminants; and selection of 
end-points for further study. The term end-point is used to describe the 
expected or anticipated effect of a contaminant on an ecological receptor 
(USEPA, 1989c). 

2. Exposure assessment: a quantification of contaminant release, migration and 
fate; characterization of exposure pathways and receptors; and measurement 
or estimation of exposure point concentrations (USEPA, 1989c). 
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3. Ecological effects assessment: literature reviews, field studies and toxicity 
tests linking contaminant concentrations to effects on ecological receptors 
(USEPA, 1989c). 

4. Risk characterization: a measurement or estimation of both current and future 
adverse effects (USEPA, 1989c). 


The ecological risk evaluation process is illustrated in Figure 4.2. As the diagram 
indicates, each element in the process can have an impact on others. The compon- 
ents do not always follow one another in a stepwise manner, and sometimes the 
evaluation can be done on aspects of all four components at the same time 
(USEPA, 1989c). 

Ecological risk may be expressed as a true probabilistic estimate of risk or may 
be deterministic or even qualitative in nature. The likelihood of adverse effects is 
expressed through a semi-quantitative or qualitative comparison of effects and 
exposure. 

The approach to ecological risk assessment emphasizes three areas (Norton 
et al., 1995): 


1. Ecological risk assessment can consider effects beyond those on individuals 
and the populations of a single species and may examine multiple popula- 
tions, communities and ecosystems. 

2. There is no single set of ecological values to be protected (e.g. health effects 
such as cancer or birth defects) that can be applied generally. Values are 
selected from a number of possibilities based on both scientific and policy 
considerations. 

3. There is an increasing awareness of the need for ecological risk assessments 
to consider non-chemical as well as chemical stressors. 


Risk assessment and risk management are two processes where the activities can 
be shared. At the beginning of the risk assessment process, managers can help to 
ensure that the risk assessment will provide relevant information for making 
decisions on the issues under consideration, while the risk assessor can ensure 
that the risk manager addresses all relevant ecological concerns. 

Risk assessment deals with data acquisition, verification and monitoring. The 
collection of data is required and the need for additional data may be identified at 
any point in the process. Verification and monitoring can help to determine the 
overall effectiveness of the framework approach, provide feedback concerning 
any need for future modifications, help to evaluate the effectiveness and practi- 
cality of policy decisions and point out the need for new or improved risk 
assessment techniques (USEPA, 1992a). 


4.4.1 Risk characterization 


Risk characterization for ecological risk assessments could be performed by 
weight of evidence (Risk Assessment Forum, 1992). In this process ecological 


FRAMEWORKS FOR THE APPLICATION OF TOXICITY DATA 119 


RISK ASSESSMENT 


PROBLEM FORMULATION 


EXPOSURE ASSESSMENT | ECOLOGICAL EFFECTS 


ASSESSMENT 


RISK CHARACTERIZATION | 
Current adverse effects 
Future adverse effects 
Uncertainty analysis 
Ecological significance 


DETERMINATION OF THE | CONTROL ALTERNATIVES 
ACCEPTABLE RISK LEVEL 


| 


CONTROL DECISIONS | 


RISK MANAGEMENT 


From: USEPA, 1998 


Figure 4.2 The framework for ecological risk assessment and risk management processes. The chart 
incorporates procedures and outlines. 


risk assessors examine all available data from chemical analysis, toxicity tests, 
biological surveys, and biomarkers to estimate the likelihood that significant 
effects are occurring or will occur, and they describe the nature, magnitude and 
extent of effects on the designated assessment end-points (Suter, 1996). 

The weight of evidence strategy is used to evaluate problems of toxicity by 
combining data obtained from three sources: chemical measurements, ecoassess- 
ment and toxicity tests. The concomitant analysis of data from these three sources 
will allow for a precise interpretation of the environmental impact produced by the 
discharge of toxic substances. In addition, more information on the presence, 
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potency, nature and effects of the toxicants present can be obtained. However, it is 
necessary to check carefully the information obtained because equal weight can be 
given to a set of different answers that might not have enough validity or 
applicability (Munkittrick and McCarty, 1995). 

The approach for estimating risk on the weight of evidence is based on 
individual lines of evidence that are combined through a process of weighting. 
The lines are integrated independently so that the implications of each are 
presented explicitly. For each line of evidence it is necessary to evaluate the 
relationship of the measurement end-point to the assessment end-point, the quality 
of the data and the relationship of the exposure metrics in the exposure—response 
data to the exposure metrics for the site (Suter et al., 1995). 

Because each technique has a different function and should be used for a 
specific purpose, each will contribute one of the following types of data: 


4.4.1.1 Chemical toxicity line 
Chemical techniques may be able to identify the various chemicals/compounds 
that are producing the toxic effect as well as their concentrations. With this 
information one can predict if there is the possibility of an effect, but toxic activity 
cannot be proved. 

The chemical toxicity line of evidence uses analysis of individual chemicals in 
individual media to estimate exposure and uses literature values for effects of 
individual chemicals to estimate effects. These are combined in two steps. 


1. The chemicals are screened against ecotoxicological benchmarks, against 
background exposures and against characteristics of the source to determine 
which are the chemicals of potential ecological concern (COPECs). 

2. A more definitive characterization is performed by comparing the distribu- 
tions of exposure and the effects for each COPEC. 


The integration of exposure with single chemical toxicity data is expressed as a 
quotient of the environment exposure concentration (EEC) divided by the toxico- 
logically effective concentration (TEC): 


Hazard quotient (HQ) = EEC/TEC 


The TEC may be a test end-point, a test end-point corrected by a factor or other 
extrapolation model or a regulatory criterion or other benchmark value. A hazard 
quotient (HQ) greater than unity is treated as evidence that the chemical is worthy 
of concern. Suter (1996) also suggests that, if numerous chemicals occur at 
potentially toxic concentrations, an index of total toxicity could be calculated by 
the sum of toxic units ({TUs). This permits a comparison of COPECs and 
examines their distribution across areas within a site. The TUs are quotients of 
the concentration of a chemical in a medium divided by the standard test end-point 
concentration for that chemical. 
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4.4.1.2 Toxicity tests line 

Toxicity tests will tell whether chemicals, waste, surface water, sediments or 
soil exhibit an adverse effect to the test organism. However, with this infor- 
mation it will not be possible to identify the toxicant causing the observed 
effect. 

Risk characterization for the toxicity line of evidence begins by determining 
whether the tests show significant toxicity. Toxicity is not significant if the effects 
relative to controls are less than 20% (e.g. less than 20% mortality) (Suter, 1996) 
and the effects are not statistically significantly different from the controls. Effects 
are considered significant if: 


e The hypothesis of no difference between responses in contaminated media and 
in either reference media or control media is rejected with 95% confidence 
(i.e. statistical significance). 

e An effect of 20% or greater in survival, growth or reproduction relative to 
either reference media or control media is observed (i.e. biological signifi- 
cance). 


If no significant toxicity is found, the risk characterization consists of determining 
the likelihood that the result constitutes a false negative. If significant toxicity 
occurs in the tests, the risk characterization should describe the nature and 
magnitude of the effects and the consistency of effects among tests conducted 
with different species in the same medium (Suter, 1996). 

If significant toxicity is found at one site, then the relationship of toxicity to 
exposure must be characterized. This may be done by analyzing the relation 
between toxicity and concentration of chemicals in the media. When sources of 
toxicants have been identified and tests have been performed on dilution series, 
the transport and fate of toxicity can be modeled like that of individual chemicals 
(Suter, 1996). Nevertheless, combined toxic effects of pollutant mixtures are not 
considered with this approach. 


4.4.1.3 Ecoassessment line 
Biological monitoring in the receiving ecosystem makes it possible to confirm 
whether or not there was an effect on the exposed community. 

When biological survey data are available for an end-point species or commu- 
nity, then it has to be established if significant effects are occurring. Normally, for 
some groups of organisms (fish, invertebrates, algae, bacteria) there are abundant 
data from reference sites. However, in order to produce more reliable results, it 
would be useful to obtain information from contaminated and reference sites 
directly. In addition, it is necessary to take into account that for some taxa, such 
as birds, traditional survey data are not useful for estimating risks from toxic 
contaminants because factors such as mobility and territoriality do not permit the 
clear establishment of demographic effects (Suter, 1996). 
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Suter (1996) also suggests considering the sensitivity of field data to toxic 
effects relative to other lines of evidence. Biological surveys may be very sensi- 
tive, moderately so or insensitive. This characteristic is important, especially when 
it is compared with other lines of evidence. For instance, if chemical analysis 
shows a high concentration of one toxicant suggesting that a medium should be 
highly toxic, that toxicity tests of the same medium do not show toxicity and that 
the community has not been affected or modified, it could be an indication that the 
chemical is present in a non-bioavailable form. Similarly, when a highly modified 
community is found and chemical analysis does not detect high levels of toxic 
chemicals, possible explanations may include combined toxic effects, toxic levels 
of unanalysed contaminants or episodic contamination (Suter, 1996). 

When biological survey data show a reduction in abundance, production or 
diversity, it is necessary to analyze the potential causes to see if there is an 
association with the apparent effects. The following procedure is used to carry 
out this analysis: 


e Compare the distribution of the apparent effects in space and time with the 
distribution of sources of contaminants. 

e Compare the distribution of apparent effects with the distribution of habitat 
factors that may affect the organisms. 

e Examine the natural variability of the populations and communities and the 
accuracy of the survey methods to estimate the probability that the effects are 
due to chance. 


4.4.14 Biomarkers line 

Biomarkers are physiological or biochemical measurements that may be indicative 
of exposure to contaminants. Although they are not used to estimate risks, they 
can be used to support other lines of inference (Suter, 1996). Because the effect is 
seen directly in the population itself, there is no problem with bioavailability, 
kinetics or other factors that modify the toxicity of the media (water, sediment, 
soil). A positive response means that the population is exposed to toxicants. The 
inference is established when the levels of biomarkers from contaminated and 
reference sites are significantly different. When the levels of biomarkers are 
characteristic of contaminant exposures, the distribution and frequency of elevated 
levels should be compared with the distribution and concentrations of contamin- 
ants. In addition, the implications of the observed biomarker levels for populations 
or communities should be estimated (Suter, 1996). 

The integration of results obtained from each line and for each end-point will 
permit an overview of the conditions at a particular site or ecosystem being 
studied (Table 4.5), which then can be compared with the values found at the 
reference site. 

The weight of evidence approach uses information from all sources, but par- 
ticularly from the chemical, toxicity, ecoassessment and biomarker characteriza- 
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tion. These approaches are compatible, and together they reveal more about the 
presence, strength, nature and effects of toxicants than could be discovered from 
any single approach. Each technique serves to both confirm and extend the 
understanding of environmental contamination in surface waters, sediments or 
soil (Scroggins, 1999). 

In the sediment triad approach, sites are studied by monitoring benthic inverte- 
brates, environmental chemistry and a battery of bioassays on whole sediment, 
porewater, elutriates or extracts. Results are compared with parallel measurements 
at nearby reference sites. Results for a given polluted site can be summarized as 
ratio-to-reference values, the ratio of a measurement at the test site to that at the 
reference site. The ratios can be presented on a triaxial graph with confidence limits 
(Alden, 1992; Canfield et al., 1994; Scroggins, 1999). As an alternative, data can be 
scaled from zero (reference site) to 100 (worst site) and be presented as triangles on 
axes with those scales (Figure 4.3). This analysis has been applied for sediments but 
in some cases interpretation may be difficult. The main problem resides in the fact 
that the axes are not equivalent because different parameters are measured with 
each of the techniques, which also have different purposes and sensitivities. In order 
to compare exposure and effect distributions to obtain a more complete picture of 
the nature of possible effects in the environment, weights are determined based on 
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Figure 4.3 Use of triaxial diagrams to illustrate results from the quality triad (Canfield et al., 1994). 
Axes are scaled from zero (reference value) to 100 (worst value measured). T = toxicity; C = chemistry; 
B = ecoassessment. 
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the following aspects (Suter, 1993; Menzie et al., 1996): relevance, exposure/ 
response, temporal scope, spatial scope, quality and quantity. 

These and other considerations are used in forming an expert judgment or 
consensus about which way the weight of evidence tips the balance. Table 4.5 
summarizes possible conclusions from different lines of evidence. 

Risk characterization in ecological assessment is a process of applying profes- 
sional judgment to determine whether adverse effects are occurring or will occur 
as a result of contamination associated with a site. Available methods (both 
quantitative and qualitative) seek to answer the following questions: 


e Are ecological receptors currently exposed to site contaminants at levels 
capable of causing harm, or is future exposure likely? 

e If adverse ecological effects are observed or predicted, what are the types, 
extent and severity of the effects? 

e What are the uncertainties associated with risk characterization? 


Risk characterization concludes with a risk description that: 


e Includes a summary of the risks and uncertainties 
e Interprets the ecological significance of the observed or predicted effects 


Risk description is a key step in communicating ecological risks to site managers 
and decision makers. Description, interpretation and communication of the eco- 
logical significance of the risk should include the nature and magnitude of the 
effects and their spatial and temporal distribution, as well as potential for recov- 
ery. A significant risk is sufficient to prompt consideration of remedial actions, but 
the nature, magnitude and distribution of its effects determine whether remedia- 
tion is justified, given the remedial costs and risks (Suter, 1996). 
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5 The aquatic environment 
William L. Goodfellow Jr. 


5.1 Introduction 


The overall quality of the aquatic environment has been increasingly scrutinized 
by regulatory agencies over the last few decades. However, the concept of using 
biological organisms in the measurement of potential impacts on aquatic systems 
was documented considerably earlier. For example, Hart et al. (1945) presented 
various techniques for evaluating wastewater toxicity and the associated effects on 
the receiving water, wastewater variability of toxicity, and multiple dischargers. 

Prior to the 1970s, protection of aquatic systems in the USA was focused 
principally on operations of sewage treatment plants and the eutrophication of 
lakes, streams, rivers, and estuaries. Identification of pollution problems through- 
out the 1960s and 1970s led State and Federal agencies to hold workshops or 
‘Enforcement Conferences’ to develop pollution abatement programs (Tebo, 
1986). Within the USA, these working groups and associated activities led to 
the development of various water quality criteria incorporating toxicity assess- 
ment with chemical specific data. These data were incorporated into national 
water quality criteria with water quality criteria books such as the Green Book 
(USEPA, 1972), Blue Book (USEPA, 1976), Red Book (USEPA, 1977), and Gold 
Book (USEPA, 1986), which were published periodically. 

During the 1970s, it became increasingly obvious that approaches other than 
only chemical-specific water quality criteria were needed for controlling pollu- 
tants. Engineering technology with the goal of developing best practical technol- 
ogy (BPT) and a longer term goal of developing best available technology (BAT) 
were being used in regulatory settings. An initiative to have all point sources 
directly discharging to wastewater treatment plants (WWTP) or to install specific 
wastewater treatment as part of the discharger’s operations began to be required. 
Through this initiative, it was believed that adverse pollutants to aquatic systems 
would be controlled or eliminated. However, once the BPT was completed in the 
USA by the end of 1974, studies demonstrated that many wastewaters remained 
toxic. For example, in 1974 roughly 80% of the WWTPs were still acutely toxic, 
and during 1975-1982, 62% still exhibited acute toxicity (Tebo, 1986). 

The Clean Water Act (CWA) was enacted in 1972 for the further protection of 
rivers, lakes, and coastal waters of the USA. The goal of the CWA was to restore and 
maintain the chemical, physical and biological integrity of the Nation’s waters. 
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Additionally, the CWA established a permitting process as a management tool to 
regulate the discharge of pollutants into the waters of the USA. The National 
Pollutant Discharge Elimination System (NPDES) permitting process marked the 
shift from controlling ‘conventional’ pollutants to controlling ‘toxic discharges’. 

Currently the USA has more than 400000 NPDES permitted facilities (www. 
epa.gov/ow) with more than 50 industrial classifications containing several hundred 
thousand businesses and more than 16000 publicly operated treatment works 
(POTWSs). Each facility is required to comply with limits in the NPDES permits. 
Permits are typically expressed as an amount, load or concentration of chemicals 
that can be discharged safely to the aquatic system. The primary objective of these 
permits is to identify controls to protect the receiving water for its ‘designated uses’. 

In 1984 the US Environmental Protection Agency (USEPA) issued a policy 
designated to reduce further or eliminate toxic wastewaters and to achieve the 
objectives of the CWA (USEPA, 1984). This integrated toxics control strategy 
applies both chemical-specific and biological methods to manage the discharge of 
toxic pollutants. The resulting USEPA publication, Technical Support Document 
for Water-Quality-based Toxics Control (often referred to as the TSD or Technical 
Support Document) (USEPA, 1984, 1991b), is the guidance for this approach. 
This process uses whole effluent toxicity (WET) testing as the principal tool to 
protect the Nation’s receiving waters. This is accomplished by establishing water 
quality standards and limits using NPDES permits. 

Whole effluent toxicity testing relies on acute and chronic aquatic toxicity tests 
to monitor discharges to receiving waters (Grothe ef al., 1996; USEPA, 2000). 
Acute toxicity tests are short-term tests designed to measure effects during a short 
exposure duration and is typically expressed as effects on survival over a 24-h to 
96-h period (USEPA, 2000). Chronic toxicity tests are designed to evaluate the 
toxic effects on survival, growth, reproduction, and other sublethal effects over a 
significant or sensitive portion of the organism’s life cycle (USEPA, 1995; 
2002b,c). 

Similar approaches that incorporate WET tests and toxicity-based controls have 
been or are being developed throughout the world. For example, the UK (Wharfe, 
1996), Sweden (Svenson et al., 1992), France (Vandevelde and Fauchon, 1998), as 
well as throughout the European Union (Van Leeuwen and Herman, 1995), 
Canada (Sergy, 1987), and much of South America (Barra et al., 2002) have 
adopted management processes that not only use chemical-specific monitoring of 
aquatic systems but also incorporate biological assessment of the wastewater 
using a ‘biological detector’ to indicate the presence of potential pollutants. 

Although the majority of regulatory issues have focused on the water in aquatic 
systems, recently sediment contamination and its effect on aquatic organisms have 
received greater interest in both the research and regulatory arenas. In the USEPA’s 
1998 Report to Congress on contaminated sediments (USEPA, 1997), the agency 
reported that 26% of surveyed watersheds in the continental USA, including 
streams, lakes, harbors, near-shore areas, and oceans, are sufficiently contaminated 
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with toxic pollutants to pose potential risks to aquatic life and to human health. As 
part of this assessment, the agency went further in identifying 96 watersheds that 
were deemed to be areas of probable concern. These watersheds represent approxi- 
mately 10% of the sediment underlying US surface waters. Roughly 70% of these 
watersheds have fish consumption advisories already in place. The sediment con- 
taminants most frequently identified to be associated with causing adverse effects 
include polychlorinated biphenyls (PCBs), mercury, organophosphate pesticides, 
and polycyclic aromatic hydrocarbons (PAHs). 

Although most data on contamination are largely characterizations of chemicals 
in the water and sediment/soil samples, the fraction that is biologically available (or 
bioavailable) can be considerably less than the total or even dissolved fraction. 
Bioavailability is the portion of the chemical that directly influences or interacts 
with the biota. It is difficult to ‘truly evaluate’ bioavailability, thus surrogate 
parameters such as acute and chronic toxicity and bioaccumulation are also used 
as direct evidence for whether a contaminant in a sediment is biologically available. 
There are many factors that determine the bioavailability of contaminants in 
sediments, including the chemistry of the water, the geochemistry of the sediment, 
the influence of the organism on the environment, the physical conditions of the 
water and sediment, and the wide variety of biochemical reactions that may occur 
once an organism has come in contact with the contaminant (Forbes et al., 1998). 
The response of the organism to the contaminant is directly related to the complex- 
ity of the exposure route (e.g. ingestion, dermal exposure, inhalation/respiration), 
which will influence the amount of the contaminant that enters the organism or cell 
of the organism. Additionally, the portion of the contaminant that has the potential 
to be bioavailable influences how the organism reacts to the contaminant. 

Bioavailability of contaminants in waters and sediments also changes in tem- 
poral and spatial scales. For example, because sediments are at best mixtures, 
rather than solutions like most water-borne pollutants, the conditions that influ- 
ence the bioavailability of a contaminant in two similar sites may change from day 
to day as well as be considerably different even though they are in close proximity 
to each other. In general, the characteristics of the water above the sediment 
(overlaying water) and the interstitial water (water in-between the particles of 
the sediment, often referred to as pore water) most influence the bioavailability of 
the contaminants in the sediment. It is believed that pore water has the greatest 
influence on the bioavailability of contaminants in sediments (Suter et al. 2000). 
One way to think of contaminants in water is that they are today’s pollution issue, 
whereas contaminants in sediments are both today’s and yesteryear’s issues. 


5.2 Aquatic toxicity 


Theoretically, any species can be used in a toxicity test if it meets the toxicological 
and other objectives of the assessment. However, several aspects of the studies are 


134 ENVIRONMENTAL TOXICITY TESTING 


important to consider when selecting a species. Additionally, several different types 
of tests can be used as part of traditional aquatic toxicity testing. As discussed 
earlier, the two standard types of tests are acute and chronic toxicity tests. Further- 
more, these types of test are divided into testing based on the handling of the test 
solutions, such as static testing without solution renewal, static-renewal testing, and 
flow-through testing. The amount of sample available for carrying out the toxicity 
test may be limited, especially in the case of wastewater treatability studies and pore 
water (sediment testing). Most often the samples are either hand-carried to the 
laboratory or shipped via overnight express courier service. As a result, tests that 
need very large amounts of samples may require on-site testing. This is not always 
practical and is often expensive. To facilitate the utilization of reduced volume 
tests, tests using species or early life stages of traditionally tested organisms have 
been developed that require limited sample volume, e.g. acute tests using daphnids 
or fathead minnows, and mysid tests requiring only 15-500 ml of sample per test 
chamber (USEPA, 2002a). Chronic toxicity tests often use larger test volumes 
because the sensitive end-points of growth and reproduction require larger volumes 
to minimize density-dependent variables in the testing (USEPA, 2002b,c). Many of 
these tests may require 30-1000 ml of solution per test chamber (USEPA, 2002b,c). 
Other factors to consider when selecting a species for testing are: organism avail- 
ability and sensitivity, relevance to study (e.g. pelagic vs. benthic, freshwater vs. 
marine), availability of toxicity data for the species and ease of test (e.g. feeding, 
temperature, light regime, water quality requirements) (USEPA, 2002a,b,c). The 
species most commonly used for both freshwater and marine testing in the USA are 
summarized below. 


5.2.1 Freshwater species 


A summary of the freshwater species that have been shown to be suitable for 
testing in the USA are presented in Table 5.1. Upon review of the available 
literature it quickly becomes apparent that the majority of toxicity tests performed 
in the USA use Ceriodaphnia dubia (water flea), Daphnia pulex (water flea), and 
D. magna (water flea) followed by Pimephales promelas (fathead minnow). The 
reason for this is that the vast majority of the toxicity tests carried out in the USA 
are in freshwater. In states (e.g. Washington) where protection of salmon popula- 
tion or other coldwater species is an issue, P. promelas may be replaced by 
Oncorhynchus mykiss (rainbow trout). Testing carried out on ambient water and 
sediments to identify toxicants from agricultural run-off often include the green 
algae species Selenastrum capricornutum (recently renamed, see Table 5.1) (Ank- 
ley et al., 1990, 1992; SETAC, 1998) as part of the toxicity assessment. 


5.2.2 Estuarine and marine species 


A summary of the estuarine and marine species that have been used most 
consistently in the USA is presented in Table 5.2. The species used in these 


Table 5.1 Commonly used freshwater species in the USA. 


Species 


Common name 


Pelagic 
Ceriodaphnia dubia 
Daphnia magna 
Daphnia pulex 
Gammarus pulex 
Oncorhynchus mykiss 
Pimephales promelas 


Benthic 

Chironomus tentans 
Hyalella azteca 
Lumbriculus variegatus 


Plant 


Water flea 
Water flea 
Water flea 
Amphipod 
Rainbow trout 
Fathead minnow 


Midge larvae 
Side-swimmer (Amphipod) 
Oligochaete 


Selenastrum capricornutum Green algae 
(renamed Raphidocelis subcapitata 

and more recently 

Pseudokirchneriella subcapitata) 


Table 5.2 Commonly used estuarine/marine species in the USA. 


Species Common name 


Pelagic 


Atherinops affinis 
Cyprinodon variegatus 
Menidia beryllina 
Americamysis bahia 


Benthic 


Ampelisca abdita 
Arbacia punctulata 
Corophium volutator 
Crassostrea gigas 
Dendraster excentricus 
Haliotus rufescens 
Mulinia lateralis 
Mytilus galloprovincialis 
Mytilus californianus 
Psammechinus miliaris 
Strongylocentrotus purpuratus 


Plant 


Champia parvula 
Macrocystis pyrifera 


Topsmelt (fish) 
Sheepshead minnow 
Inland silverside 
Mysid shrimp 


Amphipod 

Sea urchin 

Mud shrimp 
Portuguese oyster 
Sand dollar 
Abalone 

Dwarf surf clam 
Mussel 
California sea mussel 
Shore urchins 
Purple urchin 


Red macroalgae 
Giant kelp 
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studies are much more diverse than those used for freshwater. One reason for this 
is that both Atlantic and Pacific species are used. The most commonly used 
pelagic species for toxicity testing are Americamysis bahia (formally Mysidopsis 
bahia), Menidia beryllina, and Cyprinodon variegatus. Plant species used for 
biomonitoring tests include Champia parvula and Macrocystis pyrifera. Benthic 
species commonly used for testing are Ampelisca abdita, Arbacia punctulata, and 
Strongylocentrotus purpuratus. Other species that have been used in toxicity 
testing are also included in Table 5.2. 


5.2.3 Other organisms used for toxicity testing 


In addition to the species listed above, other test systems have been used success- 
fully for aquatic toxicity testing. Although not presented in this chapter in detail, 
one example of a test system in use is Microtox™. Microtox™ is discussed in this 
chapter because of its regular use in Europe. Microtox™ uses the luminescent 
marine bacteria Vibrio fischeri as the test species, with light output as the end- 
point. The main advantages of Microtox™ are the minimal exposure durations 
needed for responses (15-30 min) and the low sample volume required. Evidence 
exists implying that Microtox® does not always model the results of traditional 
species used in some of the compliance tests and is often not sensitive to 
secondary treatment effluent (Goodfellow et al., 1989). Examples of the investi- 
gators that have used Microtox™ as the primary test include Guzzella et al. (1996), 
Hoke et al. (1992), Mazidi et al. (1992), and Svenson et al. (1992, 1998). 

Although there are reservations about using Microtox® as the primary test in 
the USA, it is considered useful in species sensitivity comparisons (Ankley et al., 
1990, 1992; Bleckmann et al., 1996; Gupta and Karuppiah, 1996a,b). The Micro- 
tox® test is sensitive to certain toxicants but relatively insensitive to other 
toxicants, including ammonia. Ammonia is a common toxicant in water and 
sediment samples (Schot et al., 1995). Microtox™ often fails to identify ammonia 
as the toxicant at concentrations toxic to most other aquatic organisms. As a result, 
when Microtox™ is used in combination with other species tests, its relative 
insensitivity to ammonia may lead to results that provide information on toxicants 
that may be masked by ammonia when only traditional species are used. 

Other species that have been used for rapid detection of toxicants include 
rotifers, copepods, and brine shrimp. Additionally, organisms that have been fed 
chemical indicators as well as genetically engineered organisms have started to be 
explored as alternatives to traditional testing. For example, a product developed by 
Aqua Survey (Flemington, NJ, USA) that evaluates the toxicity of water samples 
has shown great promise as an early warning detection system with regard to 
monitoring for Homeland Security in a round-robin testing program. 

Recently a move towards the assessment of cellular damage, chemical effects 
on enzyme or stress proteins and the relationship towards environmental 
assessments of contaminants have become more accepted within the regulatory 
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community. Traditionally, histopathological evaluations of fish or bivalves, as 
they related to the commercial or recreational value of stock, were the extent of 
the evaluations performed with regard to regulatory situations. In the realm of 
human health-related toxicology, cellular-level assessments have long been the 
norm. However, as the breadth of experience in correlating environmental condi- 
tions and contamination with specific cellular damage or related enzymes and/or 
stress proteins knowledge increases, more and more regulatory situations will be 
evaluated at the cellular level rather than only at the organism level. 

In an excellent summary of biochemical mechanisms with discussions on me- 
tabolism, adaptation and toxicity, Di Guilio et al. (1995) provided the following 
insight. They believe that biochemical assessments have played a lesser role in 
aquatic toxicology for the following reasons. First, traditional toxicology is only 
concerned with one species (humans) and thus considerable information can be 
obtained with regard to the biochemical and cellular impacts to humans from 
specific chemicals or mixtures. Although models such as mice, rats and monkeys 
are used for investigative purposes, because they relate to humans, the number of 
organisms required to assess the toxicological impacts of contaminants in the 
aquatic environment are in the hundreds if not thousands. Di Guilio et al. (1995) 
also offered another reason for the minimal use of biochemical- or cellular-level 
assessment in that the principal concern of environmental contamination is not an 
individual organism but is rather at the population, community, or ecosystem level. 

Environmental scientists are applying more modern medical toxicology tools 
and theory to the assessment of the aquatic environment. Investigators have begun 
to employ biochemically based tool or biomarkers for monitoring environmental 
quality. Biomarkers are the assessment of biochemical responses measured in test 
organisms and they offer a potential diagnostic tool or early warning parameter 
with regard to environmental concerns. Specific biochemical assessment param- 
eters that have been used by investigators include: enzyme systems that metabol- 
ize or biotransform organic contaminants; and protective and toxic responses 
associated with oxyradicals, of which the production can be enhanced by specific 
chemicals, metal-binding proteins, and stress proteins. 


5.2.4 Multiple species assessments 


Using multiple species may provide the investigator with better insight into 
multiple toxicants or provide additional toxicant information based on differing 
species sensitivities. For example, inclusion of more than one species as part of the 
testing program (such as P. promelas, which is more sensitive to surfactants than 
C. dubia, while C. dubia is more sensitive to organophosphate pesticides) would 
help to resolve toxicants that are masked in their response when both are found at 
toxic concentrations in an aquatic sample. Additionally, any changes in the 
proportional relationship of toxicity between the species over time may indicate 
that the toxicants present in the sample are variable (USEPA, 2002a). 
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When the toxicity of two species is compared in order to reduce uncertainties 
due to fluctuations of various parameters such as pH and oxygen saturation, it may 
be informative and cost-efficient to test two species in the same test chamber. 
Species that have been tested successfully together include: 


e Ceriodaphnia dubia and Pimephales promelas (USEPA, 2002a) 
e C. dubia and Daphnia magna (USEPA, 2002a) 

e C. dubia and Daphnia pulex (USEPA, 2002a) 

e Ampelisca abdita and Americamysis bahia (USEPA, 1994a) 


5.2.5 Dilution water 


5.2.5.1 Freshwater 

Several water types and strategies are available for the performance of toxicity 
testing in freshwater discharge situations. The investigator can use natural receiv- 
ing water for the discharge situation, synthetic laboratory-prepared dilution water 
such as reconstituted freshwater following USEPA (2002a) or Standard Methods 
(APHA et al., 1998), dilute mineral water (USEPA, 2002a) or other appropriate 
surface water that can be a surrogate. Laboratory-prepared dilution waters such as 
reconstituted freshwater or dilute mineral water offer the investigator a water 
source that can be prepared easily, does not require collection, has characteristics 
that are consistent and has a composition that is known and controllable. Labora- 
tory-prepared dilution waters can be prepared readily using the desired hardness 
and alkalinity to mimic the effluent or receiving water in order to assist the 
investigator in performance of the toxicity test. The hardness of the dilution 
water can be prepared to allow for the concentration of the wastewater’s hardness 
during testing (i.e. maintaining the same hardness for the experiment, regardless of 
the test concentration), which is beneficial during evaluation of divalent metals, 
which are characterized by having a toxic response that is affected directly by 
hardness. However, laboratory waters are not equivalent to mature freshwater 
sources and are often devoid of the microelements and nutrients, organic acids or 
bacteria and micro food particles that may be necessary for the long-term survival 
and reproduction of some test organisms. 

The use of receiving waters and other surface waters offers the investigators an 
opportunity to mimic the physical/chemical characteristics of the wastewater’s 
receiving water in an effort to model what would happen to the test organisms in 
the lake, stream or river after discharge of the effluent. The advantage of using 
receiving waters is that they are more chemically and biological mature compared 
with laboratory-prepared dilution waters. The major disadvantage of using receiv- 
ing waters is that the water could contain unknown toxicant(s) that could ad- 
versely affect the results of the investigation. In addition, chemicals such as 
organic acids could reduce the toxicity of the wastewater being evaluated if metals 
are the toxicants. Because the receiving water composition is often largely un- 
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known, certain physical/chemical characteristics may fluctuate greatly during the 
overall study, necessitating the use of appropriate test controls. In situations where 
the receiving water is unacceptable for testing and the test organism requires 
natural water for adequate testing, other surface water sources can be used. 


5.2.5.2 Marine and estuarine waters 

For performing toxicity tests on wastewaters discharged to marine receiving 
waters, it is frequently desirable to test with marine species. If the sample waste- 
water is non-saline it will be necessary to adjust the salinity of the wastewater to a 
level that is acceptable to the test organisms. The need to adjust the sample raises 
several issues with regard to water type. First, how should the salinity be adjusted? 
There are two primary methods: addition of hypersaline brine or addition of 
reagent salts. Each method has advantages and disadvantage (Burgess ef al., 
1997). Hypersaline brine is prepared from natural seawater and thus is composed 
of the essential constituents needed for marine organisms. However, addition of 
hypersaline brine does result in a dilution of the wastewater sample. For mildly 
toxic wastewater samples, the dilution may result in the wastewater being inferred 
as non-toxic. Addition of reagent salts to adjust sample salinity does not involve a 
dilution effect but does mean incorporating artificial constituents into a sample, 
which may themselves cause artifactual toxic effects. The reagent salt recipe 
described as GP2 consists of the major ions in marine waters (Burgess et al., 
1997; USEPA, 2002a). This recipe has been used successfully for marine/estuar- 
ine assessments. There are several commercially available reagent salt formulas to 
select from, including Forty Fathoms™ which is commonly used with Atlantic and 
Gulf coast species, and Tropic Marin,™ which is frequently used with Pacific coast 
species (Nicely et al., 2000). These recipes contain both the macro and microele- 
ments representing marine/estuarine waters. 

A second critical issue raised by salinity adjustment is how to determine the 
final salinity value. Should the final salinity be calibrated to the receiving water 
salinity or a standard test salinity (i.e. 20%)? This issue is most dependent upon 
the objectives of the investigation being performed. For routine testing, using a 
standard test salinity may be most appropriate; however, for studies relating 
wastewater toxicity to receiving water effects, calibrating salinity to the receiving 
water conditions may be critical. 


5.2.6 Selection of end-points 


Typically, selection of the major test end-point to be used in the investigation is 
based on the compliance needs or the objective of the investigation. For acute 
exposures, survival is often the end-point selected for performance of the toxicity 
assessment. Although chronic exposures often use survival, growth expressed as 
dry weight, or some measure of reproductive potential (i.e. fecundity, offspring 
production) is the major test end-point. Survival of the test organisms (expressed 
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as mortality of the test organism) is probably the most utilized test end-point 
because it is easy to measure, may not require long test exposures, often is the 
least costly of all of the tests and most single chemical testing data exists for 
survival as the end-point in toxicology databases. However, the major disadvan- 
tage of using survival as the end-point is that it is not a sensitive end-point. 

Growth and/or reproduction in concert with survival are the typical end-points 
for chronic toxicity assessments. These end-points are usually more sensitive to 
toxicants than survival alone but are often more variable in test response because 
they may be influenced by test conditions that are less controllable than for tests 
evaluating only survival. In addition, tests evaluating growth and/or reproduction 
are often performed at temperatures higher than survival-only testing in order to 
maximize the organism’s response to a toxicant, which may influence interpret- 
ation of the testing. Chronic exposure testing typically incorporates at least one 
additional end-point other than survival as the major test end-point. 

Other end-points that might have diagnostic benefits that are typically not used 
during compliance testing include end-points such as symptoms or the organism’s 
behavior resulting from exposure to the wastewater, avoidance, and time to lethal 
or impairment response. The behavior of the test organism may lead the investi- 
gator to a specific chemical class, or be a diagnostic fingerprint for tracking the 
specific toxicant within the sewer system without identification of the toxicant. 
For example, an organism may be influenced by the effluent, causing a spinning 
behavior response that could be tracked upstream of the WWTP without specific- 
ally identifying the toxicant but identifying the source of the toxicant. Time to 
lethality or impairment has been used successfully by several investigators to assist 
in the assessment of specific toxicants. McCulloch et al. (1993) used time to 
lethality as one of their diagnostic end-points for a steel mill effluent. The time 
to lethality end-point offers the investigator another tool that can assist in develop- 
ing the specific ‘weight of evidence’ response of the wastewater to the test 
organisms. Toxicants that affect respiration or the gill tissue of fish and inverte- 
brates often influence the organism’s response to the toxicant more quickly than a 
toxicant that has an impact on specific organs or systems of the organism. Thus, 
the time to lethality end-point may provide additional information to the investi- 
gator than only survival data. 


5.3 Wastewater toxicity identification evaluations 


The presence and potency of the toxicants in the effluent and other wastewater 
samples are detected by performing various manipulations on the sample and 
by using aquatic organisms to track the changes in the toxicity. This toxicity- 
tracking step is the basis of toxicity identification evaluation (TIE). The method- 
ology/strategy most often employed was developed by USEPA as three phases 
(characterization, identification, and confirmation) and currently five guidance 
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documents cover the use of freshwater and estuarine/marine organisms. These 
methods are intended to provide techniques and approaches to those who need to 
characterize, identify or confirm the cause of toxicity in effluents. 

The general approach for TIE is described in the document Methods for Aquatic 
Toxicity Identification Evaluations: Phase I Toxicity Characterization Procedures 
(Mount and Anderson-Carnahan, 1989; Norberg-King et al., 1991). Norberg-King 
et al. (1992) describe methods that are applied to toxicity tests that estimate the 
chronic toxicity. The characterization manipulations include aeration, filtration, 
Cig SPE extraction and chromatography, chelation with EDTA, oxidant reduction 
and/or complexation with sodium thiosulfate, and toxicity testing at different pH 
values. The main differences between the acute and chronic techniques are that the 
concentrations of additives must be lower and the test conditions must be less 
severe in a chronic TIE because the longer exposure durations result in the test 
organisms being more sensitive to these conditions. 

In some instances, not all TIE treatments and/or tests must be performed (i.e. a 
full Phase I characterization) when the TIE can be applied for specific types of 
dischargers, i.e. dischargers that have high levels of ammonia and cationic metals 
may need to home in on the techniques of Phases I and II, which will help in 
characterizing the toxicity sufficiently for toxicity reduction evaluation (TRE). 
Another example would be when a discharger needs to evaluate the toxicity 
resulting from a specific substance, e.g. if ammonia is causing the toxicity in a 
wastewater or whether chemicals other than ammonia are involved. Conversely, 
eliminating tests may result in erroneous conclusions or unnecessary efforts, 
especially during the early stages of Phase I. 

After conducting the Phase I characterization tests, it is recommended that the 
investigator concentrates on the steps that are most clean-cut and have the major 
effect of reducing or eliminating the toxicity in the effluent. If toxicity in every 
effluent sample is not caused by the same toxicant(s), the characterization tests 
should indicate if the type of toxicant(s) is the same or different. Once identifica- 
tion is initiated, and suspect substances identified, the varying causes of toxicity 
can be evaluated because the concentrations of toxicants should correlate with the 
toxicity. 

Toxicity, and particularly chronic toxicity, must be present sufficiently fre- 
quently so that an adequate number of toxic samples can be obtained. Enough 
routine toxicity testing should be done on each effluent before a TIE is initiated to 
ensure that toxicity is consistently present. It is not important that the same 
amount of toxicity is present in each sample, rather the changing levels of toxicity 
can assist in determining the cause of toxicity. Also, once the acute toxicant is 
removed, it cannot be assumed that the sublethal toxicity that may occur is due to 
the same compound. 

Classes of chemicals characterized in Phase I include: (1) volatile toxicants 
such as organic solvents (e.g. xylene, benzene); (2) particulate-associated toxi- 
cants present in sample suspended matter, which may become bioavailable to a 
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testing organism upon particle ingestion; examples of particulate toxicants in- 
clude some pesticides and metals; (3) oxidants such as chlorine, commonly 
added to municipal effluents to eliminate pathogens before discharge; (4) non- 
polar organics, which include the vast suite of compounds such as solvents, 
hydrocarbons, fuels, some PAHs and some pesticides; (5) cationic metals, which 
are those elements commonly associated with toxicity to aquatic organisms [e.g. 
cadmium, copper, lead, nickel and zinc this group of toxicants can expand to 
include less toxic metals such as calcium, strontium, barium, manganese, cobalt 
and indium (Garvan, 1964)]; and (6) pH-dependent toxicants, which are sub- 
stances that show differing toxicity as a function of pH. Examples of these 
include ammonia, which generally is most toxic at high pH ranges (USEPA, 
2002a), and hydrogen sulfide, which is most toxic at low pH ranges (National 
Academy of Sciences, 1974). 

Although Phase I of a TIE characterizes the types of toxicants suspected of 
being active in a sample, Phase II is designed to identify the specific toxicant(s) 
active. Methods for accomplishing this objective are described for freshwater 
samples in Durhan et al. (1993). Specific Phase II marine TIE methods are not 
available but Phase II of a marine TIE can be performed based on Durhan et al. 
(1993) methods. The procedures used to identify active toxicants characterized in 
Phase I are specifically designed to demonstrate the role of non-polar organic 
toxicants, ammonia, cationic metals, oxidants and filterable toxicants. 

The final part of a TIE is Phase III. Phase III has the objective of confirming that 
toxicants characterized and identified in Phases I and II are the actual causes of 
toxicity. Phase III is described in great detail in Mount and Norberg-King (1993) 
for freshwater TIEs and, as noted above, specific Phase III marine TIE methods do 
not exist but general approaches in Mount and Norberg-King (1993) can be 
substituted. Phase III is essential in the conduct of a TIE. Owing to the inherent 
complexity of the toxicity tests, analytical chemistry and other TIE manipulations 
in Phases I and II, it is often necessary to reduce the statistical power of the TIE 
design (e.g. often a limited number of replicates are used due to the large number 
of treatments). Clearly, this compromise in experimental design can lead to 
erroneous or ambiguous results. Several Phase III procedures are available, in- 
cluding correlation, symptom, species sensitivity, spiking, mass balance and 
deletion methods. Another approach (a variation of spiking) is to prepare a serial 
dilution of a mock sample from control water that contains identical quantities of 
the identified toxicant(s). Statistically robust toxicity tests are then used with the 
mock sample and the actual sample; in principle, the two samples should demon- 
strate similar dose-response curves if the toxicant has been identified correctly. 
Other Phase III approaches include assessing the individual toxic unit contribution 
of each manipulation to ensure that they are equivalent to the original sample 
(mass balance) and relating quantities of identified toxicant to known toxicity 
values (e.g. single chemical toxicity data) to determine if enough toxicant is 
present to have the observed effects (correlation). 
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5.4 Sediment toxicity 


Although the majority of regulatory issues have focused on the water in aquatic 
systems, many investigators have attempted to correlate toxicity with measured 
concentrations in sediment. However, most studies do not measure the toxicity as 
an internal dose to the organism vs. potential exposures by the contaminant in the 
sediment. Thus, the major assumption of these studies is that the retrospective 
observation of organism response (reduced survival, reduced growth, etc.) is 
directly correlated to chemical characterization of the sediment, without direct 
data on cause and effect of the chemical in the sediment to the organism. Often, 
water column toxicity test results are applied to the sediment samples to evaluate 
the potential toxicity of various chemicals to aquatic organisms. The use of water 
quality criteria applied to the sediment concentrations determined in the sediment 
can lead to biased assessment of the potential risks of sediments to aquatic 
organisms. Additionally, these tests are determined in very controlled laboratory 
systems that typically have maximum bioavailability of the chemical being evalu- 
ated. The presence of a contamination does not indicate the potential for adverse 
effects. A contaminant can have toxic effects only if it occurs in a bioavailable 
form (Suter et al., 2000) and the compound can enter the cell of the animal or 
influence the normal processes of the organism. As discussed earlier, contamin- 
ants that are more bioavailable pose greater risk to the environment and potentially 
to human health than similarly toxic but less available contaminants. It is neces- 
sary to understand the factors and processes that influence the bioavailability of 
contaminants in sediments and to integrate this concept and information into the 
regulatory framework. The general factors influencing bioavailability predictions 
include: 


e Organic geochemistry 

— water and particulate organic matter 

— chemical speciation (this can be difficult to determine) 
e Organism interaction or niche variations 
e Biological variability/diversity of biochemical responses 
e Body burden or thermodynamic equilibrium 


The most common technique for assessing the impacts due to the bioavailable 
fraction of a contaminant in sediments is the use of toxicity testing. By exposing 
the aquatic organisms directly to the contaminant of concern or the matrix under 
investigation, the fraction that is bioavailable can be determined. Principally, the 
most common exposure regime used for toxicity testing is short-term exposures 
designed to evaluate the acute toxicity of a toxicant. Longer term chronic expos- 
ures that evaluate the survival/mortality of the test organisms, as well as growth 
and reproductive potential, are also employed. Less routine in the assessment of 
bioavailability, but gaining momentum in the evaluation of stressors and toxicants, 
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is the use of other end-points such as enzymes or stress proteins, as well as other 
biochemical end-points. 

The methodology for sediment toxicity testing varies, depending upon the 
regulatory requirement, but is fairly uniform. For detailed method descriptions, 
the reader should refer to USEPA (1994a,b), APHA et al. (1998), ASTM (2001) for 
water column, bulk sediment and bioaccumulation testing. The USEPA/USACE 
(1994) is a good starting point to better understand toxicity testing for dredged 
material/sediment assessments that include elutriate, bulk sediment and bioaccu- 
mulation testing as well as water-only testing. Table 5.3 summarizes the major 
toxicity test types, matrices and species most commonly utilized in the USA. 

As discussed earlier, toxicity testing is generally classified into three categories. 
Acute toxicity tests refer to relatively short exposure durations with an end-point 
of survival/mortality or other significant impact to the organism, such as immo- 
bilization. Acute tests have exposure durations that range from 48 to 96h for water 
column/pore water exposures and up to 10 days for bulk sediment exposures. 
Chronic toxicity tests are longer exposure tests that evaluate the impacts on the 
aquatic organisms using end-points such as growth and reproductive potential as 
well as survival/mortality. The duration of exposure for chronic tests is highly 
variable, ranging from several days to years, depending on the objective of the 
test. Typically, the exposure durations used in most chronic sediment toxicity tests 
are 7-35 days for water column/pore water exposures and 28 days for bulk 
sediment testing. Chronic test durations are often determined by the amount of 
time necessary to achieve an adequate end-point response. For example, the 
shorter durations are used with growth and survival/mortality end-points and 
longer durations are used with reproductive potential. Bioaccumulation testing 
evaluates the body burden (or tissue concentration) of the contaminant(s) of 
concern from exposure to the sediment. The organisms are held for exposure 
durations typically ranging from 28 to 56 days. Following exposure, the organisms 
are held for an additional time (1+ days, depending on organism and testing 
strategy) to remove sediment from the digestive system, which is termed depur- 
ation. Immediately following this step the organism’s tissue is evaluated analytic- 
ally to determine the uptake of the contaminant by the organism. 

Similar to the aquatic-only testing discussed earlier, the type of test is also 
classified by the renewal frequency of the test. Typically the renewal frequency 
refers to the water used in the test, with the sediment sample typically not replaced 
during testing. Static testing denotes testing where the water is not replaced during 
the toxicity test. This type of test is often used when the water quality characteris- 
tics are not expected to change during exposure and is typically used only for 
short-duration exposures. Static renewal testing is used when the water quality 
characteristics are anticipated to change during the exposure period or the test has 
a longer duration of exposure. This is the most typical type of test employed for 
sediment testing. Flow-through testing is used when the water quality characteris- 
tics are anticipated to change considerably during testing. Flow-through tests are 
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Table 5.3 Summary of major toxicity test types, matrices and species commonly utilized in the USA. 


Test type 


Matrices 


Species commonly used“ 


Acute toxicity tests 
(typically 48—96 h of 
exposure) 


Chronic toxicity tests 
(typically 7-35 days of 
exposure) 


Acute toxicity tests 
(typically 96 h to 10 days 
of exposure) 


Chronic toxicity tests 
(typically 28 days of 
exposure) 


Bioaccumulation 
(typically 28-56 days of 
exposure) 


Water, pore water, 
elutriate 


Water, pore water, 
elutriate 


Whole sediment 


Whole sediment 


Water, whole 
sediment 


Freshwater — water flea (Daphnia magna); 
water flea (Daphnia pulex); water flea 
(Ceriodaphnia dubia); fathead minnow 
(Pimephales promelas), bluegill (Lepomis 
macrochirus), channel catfish (Ictalurus 
punctatus); and rainbow trout, 
(Oncorhynchus mykiss) 

Marine/estuarine — mysid shrimp 
(Americamysis bahia and Neomysis 
americana); grass shrimp (Palaemonetes 
sp.); oyster (Crassostrea sp.); mussel 
(Mytilus edulis); sea urchin 
(Strongylocentrotus sp.); inland silverside 
(Menidia beryllina), and sheepshead 
minnow (Cyprinodon variegatus) 


Freshwater — water flea (C. dubia); 
fathead minnow (P. promelas); and 
rainbow trout (O. mykiss) 
Marine/estuarine — mysid shrimp (A. 
bahia); inland silverside (M. beryllina); 
and sheepshead minnow (C. variegatus) 


Freshwater — amphipod (Hyalella azteca); 
mayfly (Hexagenia limbata), and midge 
(Chironomus tentans and C. riparius) 
Marine/estuarine — amphipods (Ampelisca 
abdita, Rhepoxynius abronius, 
Leptocheirus plumulosus, Eohaustorius 
estuarius), mysid shrimp (A. bahia); and 
polychaete (Nenathes arenaceodentata) 


Freshwater — amphipod (H. azteca); 
midge (C. tentans) 
Marine/estuarine — amphipod 

(L. plumulosus) 


Freshwater — amphipod (H. azteca); 
fathead minnow (P. promelas); rainbow 
trout (O. mykiss); channel catfish 

(I. punctatus); mayfly (H. limbata), and 
oligochaetes (Lumbriculus variegatus) 
Marine/estuarine — polychaetes (N. 
arenaceodentata and Neris virens); 
bivalves (Macoma nasuta and M. edulis); 
sheepshead minnow (C. variegatus); and 
inland silverside (M. beryllina) 


Species commonly used in US Environmental Protection Agency (USEPA), American Testing and 
Materials (ASTM) and US Army Corps of Engineers (USACE) testing programs. 
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often employed for dredged material testing and bioaccumulation testing. The 
major limitation of this test is the large water requirement necessary for the test 
and the generation of a substantial volume of wastewater during testing. 

Sediment toxicity testing strategies are used to evaluate the potential toxicity of 
the sediment. The characteristics of the sediment, such as the water column or 
elutriate, pore water and bulk sediment, are evaluated using different testing 
regimes to tease out the impacts of various aspects of the complex sediment 
toxicity. Each of these aspects in concert with unknown contaminants or site 
conditions provides a weight of evidence for the overall impact of sediment 
toxicity on aquatic organisms. 


5.4.1 Water column or elutriate testing 


Water column or elutriate testing considers the effects on aquatic organisms that 
are only in direct contact with the water. Typically, the organisms are exposed to 
the overlying water or a prepared elutriate. The overlying water is the water that is 
in direct contact with the sediment but is not in the interstitial waters around the 
sediment particles. This testing is the easiest and most straightforward of all 
sediment-related testing. However, the toxicity associated with the interstitial 
water or bulk sediment is not fully considered during these assessments. Addition- 
ally, the overlying water often is not in equilibrium with the sediment. Thus, 
overlying water assessments alone can be biased low for the overall toxicity or 
bioavailability of the sediment. 

Elutriate testing attempts to consider the toxicity impacts related more directly to 
the sediment. The test most often employed is the elutriate or modified elutriate test, 
referenced in the US Army Corps of Engineers dredged material management 
programs (USEPA/USACE, 1994). This procedure uses four parts of water and 
one part of sediment, which is mixed for a period of time and allowed to settle. The 
supernatant is decanted and evaluated toxicologically. This test attempts to evaluate 
the effects related to dredging and in water placement of sediment. The advantage 
of this test is that a large volume of test solutions can be prepared. The major 
disadvantage of this test is that the water chemistry related to the sediment/water 
interface can be altered drastically and influence the bioavailability due to the 
oxidation of chemicals that are in a reduced state in the sediments. 


5.4.2 Pore water 


Pore water assessments evaluate the toxicity of the interstitial water of the 
sediment to the aquatic organism (Mayer, 1993). The interstitial water is removed 
from the sediment by sediment compression or centrifugation. The advantage of 
this assessment is that the equilibrium of the sediment/water interface is more 
closely evaluated toxicologically, which allows more confidence in the bioavail- 
ability assessment. However, toxicity artifacts such as ammonia and sulfide 
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toxicity that influence the observed sediment toxicity may overestimate the 
assigned sediment toxicity in the pore water assessments. A disadvantage of 
pore water testing is the difficulty in obtaining larger volumes of pore water 
from the sediment. 


5.4.3 Bulk sediment 


Bulk sediment testing is the second most common strategy for the assessment of 
toxicity and the bioavailability of contaminants related to the sediment. In bulk 
sediment testing the organisms are exposed directly to the sediment and their 
responses are evaluated. The advantage of this type of testing is that the organisms 
are allowed to interact directly with the sediment and interstitial water. However, 
it is difficult to isolate the causative agent in bulk sediment tests when toxicity is 
observed. Bioaccumulation testing is also performed on bulk sediments. As for all 
laboratory testing strategies, the bioavailability of a toxicant from the sediment 
may be altered from what is available in the environment. Caution must be 
employed in the interpretation of any laboratory studies and their integration to 
‘real life conditions’. Often, laboratory studies are best considered as worst-case 
situations because the organisms are exposed continuously to the toxicant or at 
greatly elevated concentration compared with the actual environmental conditions 
available in the field. 


5.4.4 In situ testing or ambient testing 


In situ or ambient testing attempts to integrate the field conditions into the 
toxicological assessment of the sediment. Many investigators have used cages or 
other devices to ensure that organisms are exposed to the sediment in relation to 
the other natural site conditions (e.g. site water quality impacts, temperature, 
ambient light levels, native food conditions, etc.). The advantage of this type of 
testing is that an attempt is made to integrate the field conditions with exposure to 
the sediment. However, artifacts resulting from the cage or other devices can be 
subject to damage or tampering, greatly influencing interpretation of the test 
results. 


5.5 Assessment of bioavailability 


Several tools have been investigated for assessing the bioavailability of contam- 
inants in addition to the use of toxicity testing. Typically each of these methods is 
developed for specific purposes and may not be applicable directly outside of the 
original purpose of their development. It is also important to keep in mind that the 
total amount of a compound that can be extracted from sediment using analytical 
techniques does not correlate to the exposure or bioavailability of a toxicant. 
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These examples of various techniques are not meant to be exhaustive but rather to 
provide the reader with an understanding of tools that can be utilized. 


5.5.1 Alternative extraction methods 


Several investigators have used digestive fluid extraction to measure the bioavail- 
ability of contaminants in sediments. Mayer et al. (1996) and Weston and Mayer 
(1998a,b) investigated the impacts of ingested sediment on deposit-feeding aqua- 
tic organisms by determining the role that the digestive system plays on the 
absorption of contaminants from the sediment. This bioavailability assessment 
incubates sediments in digestive fluids of the polychaete, Arenicola brasiliensis. 
Unlike the low pH of the digestive fluids of vertebrates, invertebrates have 
digestive fluids that are close to neutral. Weston and Mayer (1998a,b) found 
that the digestive fluid extraction yielded only 12-50% of PAHs in spiked 
sediment, thus assessment based solely on total PAHs would have overestimated 
the potential risk of the sediments by a factor of two to eight times. Furthermore, 
they found that the extraction of PAHs in the digestive fluid was dependent 
indirectly on the organic carbon concentration and contaminant concentration in 
the sediment (e.g. a higher organic carbon level yielded lower bioavailability of 
PAH). Weston and Mayer (1998a,b) found that holding time affected digestive 
fluid extraction efficiency. When sediments spiked with PAHs were extracted 
immediately by the digestive fluids, approximately 70% of the PAHs were 
extracted and bioavailable. However, storage of the sediment for 3 weeks reduced 
the bioavailability of the PAHs in the sediments by 35%, as demonstrated by 
lower digestive fluid extractability. Sediment ageing or weathering has been 
demonstrated by other studies to decrease the amount of contaminants that are 
bioavailable or bioaccumulative (Luthy et al., 1994; Ghoshal and Luthy, 1996; 
Forbes et al., 1998) and the use of digestive system extraction models provides 
further evidence for the reduced bioavailability due to sediment ageing. 
Lawrence et al. (1999) used digestive fluids as a way to evaluate the bioavail- 
ability of mercury and methylmercury with the lugworm, Arenicola marina. They 
found that digestive fluid solubilized these compounds to a greater level than 
seawater alone. Digestive fluid extracted the monomethylmercury more readily 
than mercury. The investigators found that an indirect relationship of organic 
content in the sediment to bioavailability existed, as evidenced from the digestive 
system model. Kelsey and Alexander (1997) evaluated the extraction of atrazine 
and phenanthrene using a variety of organic solvents and solvent combinations to 
mineralization by Pseudomonas. The bioavailability of atrazine was predictable 
for the bacteria with a methanol—water mixture, whereas phenanthrene bioavaila- 
bilty was best predicted with a butanol—water mixture. They demonstrated further 
that a relative decrease in bioavailability was related directly to a decrease in 
extractability of the contaminant from the sediment. Wood et al. (1997) found 
similar results in the assessment of PAH and PCB bioaccumulation patterns in 
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sediment-exposed Chironomus tentans larvae, as did Thomann and Komlos 
(1999) for PAHs with crayfish and sunfishes. 


5.5.2 Membrane analog methods 


Semipermeable membrane devices (SPMDs), Tenax TA and polyethylene tube 
dialysis (PTD) systems have been used to provide a better understanding of the 
bioavailability of many contaminants in the environment, including PAHs in 
sediments. Macrae and Hall (1998) found that for all of the methods listed 
above they had similar extraction amounts of PAHs, with PTDs being slightly 
more efficient. They also found that absorption of the PAHs increased with the log 
octanol/water partition factor (Kow) for two to four aromatic rings but decreased 
with more than four aromatic rings (probably due to the lower permeability of 
larger PAHs by the membranes). However, the researchers found complications 
(damage) in the use of the membranes after contact with the sediment for more 
than 24h and recommended that the membranes only be used for short-term 
exposures. Macrae and Hall (1998) reported that for the Tenax TA method, 
because there is no membrane in this method to limit diffusion, it is most likely 
more representative of total dissolved PAH rather than simply the bioavailability 
of PAHs in the sediment. They reported also that as the organic matter increases, 
the amount of PAH desorbed decreases using the SPMD method. 

Other investigators have used SPMDs for estimations of bioavailability. For 
example, Utvik and Johnsen (1999) used SPMDs and blue mussels to determine 
the bioavailability of PAHs from oil/natural gas exploration and the resulting 
“produced waters’. They found that the SPMDs reflected the water-soluble frac- 
tion of the PAHs, which they believed represented the exposure route for lower 
trophic levels of aquatic organisms. In their hypothesis, the tissue residues repre- 
sent both the water-soluble fraction and the bioavailable particle-bound fraction. 

In addition to direct membrane analogs, many researchers have used Cg, Cis, 
and XAD resins to simulate the bioavailability of organic compounds. Lake et al. 
(1996) used Cjg resins as a surrogate for benthic organism bioaccumulation of 
hydrophobic compounds from sediments. Gustafson and Dickhut (1997) and 
Ankley et al. (1991) also utilized resins to sorb compounds for the assessment 
of toxicity (and bioavailability) of contaminants in sediments. 


5.5.3 Pore water assessments 


Characterization of the pore water of sediment samples is a simple way of 
assessing the potential bioavailability of contaminants in sediments and is one 
of the principal matrices used in the performance of sediment TIEs (USEPA, 
1991a). Ankley ef al. (1991) found that pore water is a better predictor of 
bioavailability of contaminants than sediment elutriates. Pore water typically has 
the toxicant freely dissolved, which is the most readily bioavailable fraction. The 
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contaminants are partitioned between the pore water and sediment particles. This 
partitioning was described by Landrum and Robbins (1990) as a multikinetic 
process involving both a reversible portion and a resistant portion. However, 
pore water assessments alone do not consider the role of sediment ingestion on 
the total bioavailability of contaminants in sediments. The use of elutriates, 
although helpful for assessing the impacts on bioavailability due to disburances 
of the sediment (e.g. dredging), have limited use for assessing the normal bioa- 
vailabililty of contaminants. This is primarily because of substantial changes in 
sediment/water chemistry during preparation of the elutriate (Ankley et al., 1991; 
USEPA/USACE, 1994). It should be cautioned that changes in water/sediment 
chemistry during sampling and assessment of the pore water will occur and these 
changes need to be considered as part of the assessment of bioavailability. 

Kosnian et al. (1999) observed that pore waters strongly correlated with bioa- 
vailability determined using Ambersorb resin. This observation was based on 
reduced bioavailability of fluoranthene in sediment by reducing the pore water 
concentration and the overall toxicity to Lumbriculus variegatus. Zwiernik et al. 
(1999) also reported that the bioavailability of PCBs to bacteria correlated with 
PCB pore water concentrations. They found that the presence of PAHs reduced the 
pore water concentration of PCBs, thus reducing their bioavailability. This is an 
important result, because it is direct evidence that contaminants can influence the 
bioavailability of other contaminants in sediments. Carvalho et al. (1999) com- 
pared the bioavailability of free and colloidal-bound metals, including barium, 
cadmium, cobalt, iron, manganese, mercury, silver, tin, and zinc. They reported 
that generally the kinetics were similar for both free and colloidal forms, however, 
barium, tin and zinc free ions accumulated to a greater extent than colloidal-bound 
metals, suggesting that they were more bioavailable. 


5.6 Factors controlling bioavailability 


Current research suggests that the availability of contaminants to aquatic organ- 
isms that do not ingest sediments is controlled by the concentrations that dissolve 
in the sediment pore waters, or water in the case of effluent toxicity testing 
(Boucher and Watzin, 1999; Kosnian et al., 1999). Tomson and Pignatello 
(1999) suggest that pollutant mass transfer regulates bioavailability. However, 
others are currently testing these theories. Two key factors that have been demon- 
strated clearly to control bioavailability in sediment are acid-volatile sulfide and 
organic carbon for both sediment and wastewater toxicity. 


5.6.1 Acid-volatile sulfide 


Acid-volatile sulfide has been studied extensively and incorporated widely into 
models for assessing sediment contamination (DiToro et al., 1990, 1992; Carlson 
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et al., 1991; Berry et al., 1996; Ankley et al., 1996; Wang and Chapman, 1999). In 
marine waters where the concentration of sulfate is approximately 28 mM (Stumm 
and Morgan, 1996), sulfate-reducing bacteria convert sulfate to sulfide during the 
decomposition of organic matter (Wang and Chapman, 1999). Although concen- 
trations of sulfate are much lower in freshwater streams and rivers (typically 
0.12mM; Stumm and Morgan, 1996), under conditions of large amounts of 
organic sedimentary matter measurable amounts of sulfide may be present 
(Wang and Chapman, 1999). In anoxic sediments, sulfide forms iron and manga- 
nese sulfide solids, including amorphous iron sulfide, and other metal complexed 
solids. Thus, in these sediments the metals are not bioavailable owing to the 
insoluble metal sulfides. All of these complexes are easily dissolved in acid, 
which is why they are termed acid-volatile sulfide. 


5.6.2 Organic carbon 


As noted previously, many studies have correlated increased sediment and water- 
borne organic carbon concentrations with decreased bioavailability (Kelsey and 
Alexander, 1997; Macrae and Hall, 1998; Lawrence et al., 1999). Organic carbon 
is widely recognized as an important determinant of bioavailability. Weston and 
Mayer (1998a,b) found that the extractability of PAH in digestive fluids depends 
on the sediment’s organic carbon level. Baptista Neto et al. (2000) claimed a 
strong correlation between sediment organic carbon and iron, manganese, nickel, 
lead, zinc, and chromium levels. Davies et al. (1998) developed an assay for 
copper availability in freshwater that describes the strong role of organic carbon in 
reducing the bioavailability of copper. Standley (1997) found that sediment 
organic matter reduced the bioavailability of the organochlorine pesticide dieldrin 
to the oligochaete, Lumbricus variegatus. Baptista Neto et al. (2000) also found 
that sediment size (in addition to organic carbon content) influences the abun- 
dance and distribution of metals in surface sediments. 

In addition to sediment organic matter, dissolved organic carbon (DOC) affects 
contaminant concentrations through sorption, reducing bioavailability (Servos 
et al., 1989; Schubauer-Bergan and Ankley, 1991; Landrum et al., 1996; 
Lawrence et al., 1999). Breault et al. (1996) found that 84—99% of copper present 
in sediment was bound to dissolved fulvic acid and EDTA (added to sediment 
during the resulting laboratory investigations) in seven stream samples. They also 
found that the fraction of copper bound to DOC decreased with increasing water 
hardness, suggesting a role in availability, which is influenced by other metals 
such as calcium and magnesium. 

Not only the quantity but also the quality of organic matter has been shown to 
influence bioavailability (Karickhoff et al., 1979). Sediment organic carbon pro- 
vides a primary food source for benthic organisms. DeWitt et al. (1992) found that 
sediment pore water partitioning and toxicity of fluoranthene to the amphipod, 
Rheopyxinius abronius, were affected by sediment organic matter quality. 
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Gunnarsson et al. (1999) found that the polychaete, Neries diversicolor, preferen- 
tially fed on enriched sediment organic matter that also contained higher concen- 
trations of the contaminant trichlorobenzene (TCB). Phillips et al. (2004) found 
that N:C ratios provide a reasonable indicator of bacterial bioavailability for 
complex, recalcitrant carbon moieties typical of many aquatic systems. Gunnars- 
son et al. (1999) examined the impact of sediment organic carbon quality on 
contaminant uptake and benthic organism growth. Reactivity of the organic 
carbon was measured by respiration and dissolved inorganic nitrogen flux. Growth 
rates of the brittle star and TCB uptake rates and steady-state TCB concentrations 
differed significantly between treatments and were correlated to the quality of the 
sediment organic carbon, as measured by amino acid, lipid, C, N, and polyphe- 
nolic compounds (Gunnarsson ef al., 1999). They further suggested that organic 
matter quality should be studied and considered when developing sediment quality 
criteria. DeWitt et al. (1992) suggested that such a consideration is of limited 
utility because they found that organic matter quality affected partitioning and 
toxicity but the absolute range of toxicities was small. Schlekat et al. (2000) found 
that silver and cadmium attached to labile polymeric organic carbon were signifi- 
cantly more bioavailable for digestive uptake than metal complexed with recalci- 
trant organic carbon, mineralogical features such as iron oxides, or even foods 
such as phytoplankton. 


5.7 Processes effecting bioavailability in sediments 


Many toxicants are sequestered in sediments (such as sediments contaminated by 
wastewater) or they are naturally the source of the toxicant (such as for metal 
toxicity). In both of these examples the sediment would be termed the toxicant 
reservoir. Thus, an understanding of the processes affecting the bioavailability of 
contaminants in sediments is important for a comprehensive understanding of 
bioavailability in the aquatic environment. 


5.7.1 Ageing or weathering 


Although bioavailability depends on the target organism, there are several trends 
or governing factors. For instance, it has been shown that bioavailability decreases 
with increasing sediment-contaminant contact time for many organisms (Land- 
rum, 1989). Ageing or weathering of sediments appears to make the contaminant 
less available to aquatic organisms (Macrae and Hall, 1998). 

As compounds interact with sediment over a period of time — a process termed 
ageing or weathering — it is generally accepted that there are two fractions, a 
rapidly desorbed fraction and a fraction, that is more slowly desorbed. This 
fraction potentially may not be desorbed at all, depending on environmental 
conditions (Reid et al., 2000). Thus, aged or weathered sediments may be absent 
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or virtually void of the rapidly desorbed fraction, leaving only the slowly desorbed 
fraction, which is considerably less bioavailable. 


5.7.2 Sorption 


For contaminants in sediments as well as waters, the portion of the contaminant in 
the vapour or solution phase primarily determines bioavailability. Therefore, it is 
important to understand not only the thermodynamic forces that govern equilib- 
rium distribution, but also the rates of exchange of contaminants between the fluid 
and solid phases. Sorption of contaminants to sediments reduces bioavailability 
(Chen et al., 1999). Sorption is influenced by both sediment characteristics and 
contaminant characteristics, most notably hydrophobicity for organic contaminants 
(as measured by Kow). Many researchers have implicated organic matter as the 
primary characteristic governing bioavailability (Cornelissen et al., 1998). Equi- 
librium sorption and desorption processes at solid—liquid interfaces in subsurface- 
saturated systems are referred to generally as either aborption or adsorption 
processes. Absorption relates to the partitioning of a contaminant into the natural 
organic matter or mineral components of the aquatic system. Adsorption refers to 
the physical or chemical binding at surfaces or interfaces between a solution and a 
sorbent. In general there are two distinct kinetic phases of desorption of chemicals 
from sediments. Cornelissen et al. (1998) indicated that the fast desorption 
represented the fraction of a compound that is bioavailable, whereas the slowly 
desorbing fraction is less available biologically. 


5.7.3 Seasonality 


Researchers have found that bioavailability changes seasonally (Mendoza et al., 
1996; Balras, 1999). In an assessment of various metals and their bioavailability, 
Mendoza et al. (1996) found that the bioavailabilty of cadmium and lead peaked 
in July, whereas cobalt peaked in early spring for organisms in their study area. 
Balras (1999) reported that fish tissue and sediment concentrations varied season- 
ally, with lead, cadmium and cobalt concentrations increasing in sediment samples 
in August—October samples. In general, it is believed that the seasonality of the 
bioavailable fractions is linked directly to increased temperature-influenced reac- 
tion kinetics and increased organism activity as temperature increases, whereas 
reduced temperatures typically reduce the bioavailability of a contaminant. 


5.7.4 Bioturbation and sediment resuspension 


It has been demonstrated that water movement through bioturbation, irrigation, 
wave action and resuspension from dredging activities, etc. can increase 
bioavailability (Aller and Aller, 1992) and enhance mixing and redistribution 
of sediment-associated contaminants (Karickhoff and Morris, 1985). Bioturbation 
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is the mixing of sediment particles, redistribution within the sediment column 
and sediment resuspension in overlying water as a consequence of burrowing, 
feeding, defecation and tube-building activities by benthic organisms (Ciarrelli 
et al., 1999). Such redistribution could prevent or delay the establishment of the 
sediment water equilibrium of contaminants, significantly increasing the poten- 
tial for their accumulation by food or suspended sediment. Similarly, dredging 
activities or other factors such as storms, etc., may cause considerable redistri- 
bution of sediments within the aquatic system, which will influence the equ- 
ilibrium of contaminants and alter the predicted bioavailability of the 
contaminant. 


5.8 Estimating bioavailability 


Traditionally, strong acids or highly non-polar organic solvents are used in a 
chemical analysis of metals and organic compounds to determine the total rather 
than the bioavailable amount of the contaminant. However, harsh extraction 
procedures such as Soxhlet extraction or metal digestion procedures often do 
not correlate with the amount of a compound that is available to an aquatic 
organism (Bosma et al., 1997) or the associated environmental risk (Suter et al., 
2000). Recently, several additional selective extraction procedures have been 
used to quantify the bioavailable fraction, but none have been generally accepted 
or broadly adopted within the regulatory community (Suter et al., 2000). Corne- 
lissen et al. (1997), Kelsey and Alexander (1997) and Reid et al. (1999) have 
attempted to use more representative measures for bioavailable compounds. 
However, until the complex relationships are understood that control exposure, 
uptake and effect, no chemical method will predict accurately the bioavailability 
in the environment (Reid et al., 2000). Thus, the risk associated with contamin- 
ants often will be overestimated. 

The concentration of a contaminant can be used to estimate bioavailability for 
non-ionic organic compounds and metals using an equilibrium partitioning ap- 
proach. The water only or free pore water concentration of non-ionic compounds, 
most often considered the bioavailable fraction, can be estimated by normalizing 
the concentration to organic carbon content. This is the preferred method by the 
USEPA (1993). The dissolved organic carbon concentration and the partition 
coefficient must be known because a high proportion of the chemical can be 
complexed to dissolved organic matter. For metals, one can measure the fraction 
of the concentration that is bound to sulfide. This method is considered valid for 
the five divalent metals, cadmium, copper, lead, nickel, and zinc (DiTorro et al., 
1990). Extracted pore water has been shown to give a conservative estimate of 
sediment toxicity for metals (Ankley ef al., 1991), however, researchers have 
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demonstrated that toxicity in pore water does not necessarily indicate toxicity in 
the overlying waters. 

Biological methods measuring toxicity or bioaccumulation are currently used 
widely to indicate bioavailability, yet interpretation of the results can be con- 
founded by factors unrelated to bioavailability. For example, estimates of toxicity 
can be modified by the organism’s general health, acclimation or adaptation. 
Bioaccumulation as a measure of bioavailability is confounded by behavior- 
affected exposure (such as feeding and respiration rates) as well as by metabolism 
of the contaminant of interest (USEPA, 1998). 

The use of models for the prediction of metal toxicity using acid-volatile sulfide 
(DiTorro et al., 1990, 1992) and equilibrium partitioning for hydrophobic com- 
pounds (DiTorro et al., 1991) has been very useful for the prediction of bioavail- 
ability and associated toxicity of contaminants in sediments. Recently the Biotic 
Ligand model has been developed to relate metal bioavailability (and its potential 
toxicity) using the most recent chemical and physiological effects information on 
metals in aquatic environments (Paquin et al., 1999; DiTorro et al., 2001; Santore 
et al., 2001). 

Although thousands of anthropogenic compounds exist in surface waters, sedi- 
ments, and other ambient media, results of previous studies have tended to group 
compounds in a few chemical classes. Many of these chemical groups have distin- 
guishing characteristics that can be used to aid in their identification. Trace metal 
toxicants have been identified in sediments (Burgess et al., 2000), pore waters 
(Anderson et al., 2000), as well as in urban highway and industrial runoffs (Hunt 
et al., 1998). The ability to chelate trace metals and manipulate their bioavailability 
through pH adjustments aids in their identification. Non-polar organic compounds 
such as pesticides, PAHs and PCBs are often found in ambient samples and 
sediments, and their association with toxicity is usually determined by exploiting 
their different affinities, bioavailability, and relative toxicity. Organophosphate 
pesticides, being relatively water-soluble, may enter surface waters more readily 
than higher Kow compounds such as organochlorine or pyrethroid pesticides, which 
tend to enter surface water only through erosion and transport of associated soil 
particles (Phillips et al., 2004). These more hydrophobic compounds (including 
PAHs and PCBs) tend to accumulate in sediments, where they may occur at toxic 
concentrations (Phillips et al., 2004). Ammonia occurs in the environment natur- 
ally, but its concentrations are often enhanced by anthropogenic activities associ- 
ated with livestock operations, sewage treatment plants, and storm drains that 
concentrate organic matter in poorly mixed aquatic environments. Ammonia is 
commonly identified as the cause of sediment and pore water toxicity (Ankley et al., 
1991), as is hydrogen sulfide, another naturally occurring and anthropogenically 
enriched compound. Hydrogen sulfide is not usually an issue in surface waters, 
however, because it seldom persists in aerobic media. 


156 ENVIRONMENTAL TOXICITY TESTING 


5.9 Summary and conclusions 


It is important to understand that the bioavailability of a chemical in aquatic 
systems must be considered before the assessment can be complete. The fact 
that an elevated total chemical concentration is observed does not necessarily 
mean that the contaminant has any impact on the aquatic organisms. A contamin- 
ant must be biologically available before it will have a toxicological impact or risk 
to the environment. The bioavailability of a contaminant is influenced by numer- 
ous complexities related to the environment and site conditions. However, the use 
of toxicity testing procedures coupled with analytical characteristics of the water 
or sediment will provide an estimate of the potential risk associated with the 
contamination when used as a ‘weight of evidence’ approach. By exposing the 
aquatic organisms directly to the contaminant of concern or the matrix under 
investigation, the fraction that is biologically available can be determined. Princi- 
pally, the most common exposure regimes used for toxicity testing are short-term 
exposures designed to evaluate the acute toxicity of a toxicant, typically expressed 
as survival/mortality. Longer term exposures that evaluate the survival/mortality 
of the test organisms after exposure, as well as the effect of the toxicant on 
organism growth and reproductive potential, are termed chronic toxicity assess- 
ments. These tests provide more detail concerning the toxicity and bioavailability 
of contaminants but are more expensive and resource-dependent. 

Several tools have been investigated for measuring bioavailable compounds in 
addition to the use of toxicity testing. Methods such as alternative extraction 
methods, membrane analogs, and pore water assessments have been employed. 
Also, factors that control bioavailability, such as acid-volatile sulfide, organic 
carbon, the Biotic Ligand model, ageing or weathering of sediments, sorption, 
seasonality, and bioturbation, all greatly influence the bioavailability of contam- 
inants. Typically each of these methods is developed for specific purposes and 
may not be applicable directly outside the original purpose of their development. 
It is important to keep in mind that the total amount of a compound that can be 
extracted from water or sediment using analytical techniques does not correlate to 
the exposure or bioavailability of a toxicant. Thus, for the assessment of water and 
sediments and their impacts on the environment, it is extremely important to 
consider all data in an integrated approach rather than using brief investigative 
‘snap shots’ to understand the environmental condition and determine mitigation 
responses where appropriate. 
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6 Biological methods for assessing potentially 
contaminated soils 
David J. Spurgeon, Claus Svendsen and Peter K. Hankard 


6.1 Why biological testing 


Biological approaches offer a number of advantages that complement the detect- 
ive capability of chemical analysis in the assessment of contaminated soils. These 
include: 


e Direct measurement of effects on biota, rather than inferring these from 
comparisons of residue data and the results of laboratory toxicity tests. 

e Responding to all contaminants, rather than only those in a predefined analy- 
tical suite. 
Accounting for contaminant interactions with soil properties. 
Integrating the combined effects of simple and complex mixtures. 
Providing powerful tools for risk communication by demonstrating the pres- 
ence/absence of the components and functions of a healthy ecosystem. 


Taken together, these arguments make a convincing case for the inclusion of 
biological tools within any soil quality assessment framework. Recognising the 
need for biological testing raises the question of how biological methods should 
best be used within any assessment framework and which of the available indica- 
tors are suitable? That biological tools are available that could be used for 
assessing soil quality is beyond doubt. A great deal of research has been under- 
taken that has contributed to knowledge of the effects of contamination on the 
ecological status of soil ecosystems. From this work, a number of adapted and new 
methods have been developed. These tests, which measure parameters ranging 
from ecosystem functions to molecular genetic responses, can be categorised as 
follows (Van Gestel and Van Brummelen, 1996): 


e Ecological indicators. These are assays that measure ecosystem functional- 
level responses. 

e Bioindicator. The bioindicator concept is based on the presence/absence of a 
species behaving in its normal manner, thereby indicating an acceptable set of 
environmental conditions. 

e Bioassays. These are laboratory tests in which the toxicity of a sample 
is measured by exposing a specific organism and measuring life-cycle 
responses. 
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e Biomarkers. These have had a number of definitions in the context of 
ecotoxicology, which have ultimately agreed that a biomarker is ‘any bio- 
logical response to an environmental chemical, at the individual level or 
below, demonstrating a departure from normal status’. 

e Biosensors. These are analytical devices composed of a biological recogni- 
tion element interfaced to a signal transducer that relate pollutant concen- 
tration to a measurable response. 


Included within each of these categories is a range of procedures in various stages 
of development. Some tests are well established, with standardised protocols 
published by national and international organisations; other tests are established 
in the academic literature but have not been standardised yet; a final series of 
procedures are still in development at the research horizon and can be considered 
as still ‘emerging’. The range of biological tests that are available within these 
categories and examples of their application are detailed below. At the end of the 
chapter, the most suitable tests for current use and the most likely methods for 
future application are discussed. 


6.2 Standardised procedures 


A number of bodies issue standardised guidelines for ecotoxicity testing, of which 
those produced by the Organization for Economic Cooperation and Development 
(OECD) and the International Organization for Standardization (ISO) are regarded 
as the gold standard. Standardised tests include ecological indicators, bioassays 
and biosensors using soil microbial communities, individual microbial species, 
plants and invertebrates. As part of the process of producing a standardised 
guideline, each test has been subjected to interlaboratory comparison and ring- 
testing. This has improved aspects of test reproducibility, responsiveness and 
robustness. 

In all cases, the tests were originally developed for the regulatory approval of 
single compounds (usually plant protection products) and occasionally for effluent 
testing. This means that they were not intended for use in assessing contaminated 
soils. Despite this, these tests are now being more widely used for this purpose. 
Some of the tests are more readily adaptable than others. In particular, those that 
use the response of an aquatic animal or plant require sample manipulation that 
limits their relevance for contaminated soils. 


6.2.1 Ecological indicators 


6.2.1.1 Soil functional assessments 
There are two standardised procedures for measuring the functional activity of the 
soil microbial community. These provide an indication of the size and activity of 
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the microbial community by measuring carbon production rate following break- 
down of organic compounds and nitrate and ammonia formation rate, respectively. 


The OECDIISO carbon transformation/mineralisation (C-min) and substance- 
induced respiration (SIR) tests. The C-min and SIR tests have had a fairly 
wide application in examining the effects of selected chemicals on soil microbial 
function. This includes fungicides (Jones and Ananyeva, 2001), hydrocarbons 
(Brohon et al., 2001) and 2,4,6-trinitrotoluene (TNT) (Gong et al., 2000). In an 
examination of a range of responses to copper, SIR was found to be more sensitive 
than microbial nitrification, earthworm growth, soil enzyme activity and nematode 
abundance (Bogomolov et al., 1996). In contrast to these positive results, Murray 
et al. (2000) found that SIR was not affected by cadmium, copper, nickel, lead and 
zinc in urban soils, whereas SIR was found to increase with zinc concentrations 
(Aceves et al., 1999). These contrary results suggest that there may be a limited 
sensitivity of the C-min/SIR end-point to particular chemicals under some soil 
conditions that may limit the usefulness of the test. 


The OECDIISO nitrogen mineralisation (N-min) test. Because of the fundamen- 
tal role of nitrogen in soil ecosystems, measurement of mineralisation has been 
used widely in soil ecology. Studies of the effects of a range of contaminants have 
also been made. These include fluoride (Pomazkina ef al., 2001), heating oil 
(Weissman and Kunze, 1994), metal-containing sewage sludge (Chander et al., 
1995) and polychlorinated biphenyls (PCBs) (Dusek, 1995a). Among the studies 
that have been conducted to date, a number have found that nitrification measure- 
ments do not produce dose-responsive results. A further issue is that soil and 
climatic factors, such as soil moisture content and temperature, affect mineral- 
isation rate. The presence of these co-varying factors and the absence of clear dose 
— response relationships in some cases does not support the widespread application 
of nitrification tests for contaminated soil assessment. 


6.2.2 Bioassays 


6.2.2.1 Aquatic plant tests 

The OECD Algal Toxicity Test and the OECD Draft and ISO Draft Growth 
Inhibition Test using Lemna spp. Although intended for testing the toxicity of 
contaminated waters, these two aquatic plant tests can be adapted for use with 
soil solutions or soil extract. Examples of applications of the algal test include 
extracts containing polycyclic aromatic hydrocarbons (PAHs) (Barich et al., 
1987), heavy metals (Greene ef al., 1988; Barich et al., 1992), pesticides and 
chlorinated solvents (Linz and Nakles, 1996). An examination of the correlation 
between the results of the aquatic and terrestrial plant tests found good agree- 
ment for pentachlorophenol, which is easily soluble, but a poor correlation for 
the moderately soluble compound lindane. These results suggest that it may be 
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difficult to obtain representative samples for these aquatic tests, particularly 
when the contaminant is poorly soluble in water. With the Lemna test, Clement 
and Bouvet (1993) determined the toxicity of water-soluble leachates from 
municipal landfills by using serial dilutions. As outlined above, a concern was 
that because the test is aquatic it was first necessary to extract a representative 
sample. This issue means that the use of both of these tests for soil assessment 
should be limited, except in cases where risks to groundwater are a concern. 


6.2.2.2 Terrestrial plant tests 

The OECDIISO seedling emergence, growth and vegetative vigour tests. Plants 
have inherent properties that make them good candidates for toxicity testing. They 
interact intimately with the soil, have a large root (and mycorrhizal) surface area 
(which actively and passively absorbs contaminants) and are static. Additionally, 
they are essential to a healthy ecosystem. 

Despite the OECD and ISO plant tests originally being designed for the 
regulation of plant protection products, both have been successfully used for the 
assessment of contaminated field soils (Linz and Nakles, 1996). In a comparative 
study of 13 bioassays, Saterbak et al. (1999) recommended the seed germination 
test with dicotyledon (mustard and lettuce) and monocotyledon (maize and wheat) 
for the ecological risk assessment of hydrocarbon-contaminated sites. Barud- 
Grasset et al. (1993) successfully used the germination of lettuce, oat and millet 
to assess the effectiveness of bioremediation of a PAH-contaminated site, and 
Linder et al. (1990) used the germination and growth of cucumber and radish to 
screen soils from military sites. The success of all these studies clearly demon- 
strates the potential for using plants for contaminated soil assessment. To date, the 
majority of plant tests in contaminated field soils have used crop species. 
Although potentially suitable for testing plant protection products, these species 
are of course less relevant for contaminated soils. As an alternative to crop 
species, a few studies have used wild plants. 


6.2.2.3 Aquatic invertebrate tests 

The OECD Daphnia spp acute immobilisation and reproduction tests. A main- 
stay in aquatic toxicity testing, Daphnia tests have been used also to evaluate the 
toxicity of contaminated groundwaters and leachates (Kross and Cherryholmes, 
1992). As with any of the aquatic tests, the principal problem with the Daphnia 
test is the need to extract a suitable aqueous sample. This problem is illustrated by 
Kross and Cherryholmes (1992), who compared D. magna and Microtox™ assay 
results in leachates but found a poor correlation between the two methods. 


6.2.2.4 Terrestrial invertebrate tests 

Tests with three soil invertebrate groups, lumbricid earthworms, enchytraeids and 
springtails, have been ratified. All three tests were developed originally for testing 
the toxicity of plant protection products in an artificial soil consisting of 10% peat, 
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20% kaolin clay and 70% sand, with the pH adjusted to 6.0 and the moisture 
content to 33% wet weight. For testing, groups of animals are incubated in dosed 
or undosed soil for 28 days and supplied with suitable food. On termination of 
exposure, the survival and reproduction are determined either by wet sieving soil 
and counting the number of survivors and cocoons (for earthworms and enchy- 
traeids) or by counting adults and hatched juveniles (springtails) after flotation or 
tullgren extraction. 


The ISO and OECD Draft Earthworm Reproduction Test. Earthworms are 
suitable sentinel organisms for assessing the impact of anthropogenic stresses to 
soil. This is generally accepted by academics, regulators and the general public. 
Although most early work in earthworm ecotoxicology focused on lethal end- 
points, sublethal test methods are now available. These allow the measurement of 
reproduction (Van Gestel et al., 1989; Kula, 1992), growth and development 
(Spurgeon et al., 2004) and behaviour (Stephenson et al., 1998). So far, however, 
only the reproduction test has been adopted for standardisation. 

Among the many published studies that have used the earthworm reproduction 
test to measure chemical toxicity, only a few have assessed contaminated field 
soils. Two studies have been conducted along the contamination gradients from 
two smelting works (Spurgeon and Hopkin, 1995; Posthuma et al., 1998). Both 
studies found that earthworm reproduction was affected by elevated metal concen- 
trations in soil close to the point source. Studies in contaminated soils have 
indicated that reproduction can be influenced also by the soil characteristics 
(Saterbak et al., 1999). This makes the choice of suitable control soils vital for 
the assessment. 

The earthworm species recommended for the OECD/ISO reproduction test is 
Eisenia fetida. Other species have, however, also been used successfully. These 
include Lumbricus rubellus (Spurgeon et al., 2003), Aporrectodea caliginosa 
(Khalil et al., 1996), Lumbricus terrestris (Spurgeon et al., 2000) and Eudrilus 
eugeniae (Reinecke and Reinecke, 1997). Comparisons of species sensitivity 
generally have found that E. fetida is less susceptible (Edwards and Bohlen, 
1992; Spurgeon et al., 2000). Despite this, the use of E. fetida as the test species 
has continued, although because this species does not occur naturally in soil 
(instead inhabiting manure heaps) it would seem more relevant to use soil- 
dwelling species for field soils. 


The ISO springtail reproduction test. The standard laboratory-based springtail 
reproduction test using Folsomia candida or Folsomia fimetaria has been used for 
the toxicity assessment of TNT, phenols, PAHs, PCBs and fungicides and adapted 
to field soils, where it has been used successfully for the assessment of zinc-, 
copper- and mineral oil-contaminated soils (Smit and Van Gestel, 1996; Scott- 
Fordsmand et al., 2000; Van Gestel et al., 2001). Of the parameters that can be 
measured during the test, reproduction has been shown to be more sensitive than 
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adult toxicity. In some cases, effects on reproduction are direct, although repro- 
duction can be affected indirectly by reductions in growth. 

A disadvantage of the existing springtail test is that toxic effects are not 
known until the Collembola are extracted from the soil at the end of the exposure 
period (e.g. Sandifer and Hopkin, 1996). Hence, parameters such as growth, 
oviposition and hatching times cannot be monitored (Scott-Fordsmand et al., 
2000). A second issue is that soil factors such as organic matter content and pH 
are known to affect springtail reproduction. This means that the choice of a 
suitable control soil is vital. Given that a suitable control soil can be identified, 
the springtail reproduction test clearly has potential for the assessment of con- 
taminated soils. 


The OECD and ISO Draft Enchytraeid Reproduction Test. Enchytraeids are one 
of the most important invertebrate families in European soils. For this reason they 
have been recommended for use in a now standardised reproduction test. Despite 
the apparent suitability of the enchytraeid test for contaminated soil assessment, 
the method has not been as widely used as either the earthworm or springtail tests. 
This is due to the relative unfamiliarity of the enchytraeid family. From the results 
of the few studies that have been undertaken to date, mostly with spiked soils, 
responsiveness, robustness and reliability are similar to those of the earthworm 
reproduction test (Collado et al., 1999; Kuperman et al., 1999). Latterly, the test 
was used in an innovative study to understand the role of soil factors in modifying 
the toxicity of metals (Lock et al., 2000; Lock and Janssen, 2001). These studies 
illustrated the importance of pH and soil organic content in moderating toxic 
effects. A further similarity to the earthworm test is that the recommended test 
species Enchytraeus albidus is rarely found in meadows and other agricultural 
habitats, inhabiting instead organic-rich sites (compost heaps). As an alternative, 
the forest, grassland and peat-dwelling species Cognottia sphagnorum has been 
recommended (Augustsson and Rundgren, 1998). 


6.2.3 Biosensors 


The OECD Ames Test. This measures both chemical mutagenicity and carcino- 
genicity. The test uses a strain of Salmonella typhimurium that carries a mutant 
gene, making it unable to synthesize the amino acid histidine from the ingredients 
of a standard culture medium. In the presence of mutagens, this mutation can be 
reversed, making the bacteria able to survive and form colonies on histidine-free 
culture plates. Use of the Ames test to assess the mutagenicity of environmental 
samples is more limited than in routine chemical screening. The assay has been 
applied to samples from various industrial wastes as well as contaminated sedi- 
ments and air-borne particulates (Linz and Nakles, 1996). These studies suggest 
that there is value in the method (and similar systems such as Mutatox®) for 
detecting mutagens. 
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The ISO Draft Microtox® Toxicity Test. The Microtox™ system (which uses the 
strain of Vibrio fischeri NRRL B-11177) and other similar luminescent bacteria- 
based assays can be used to measure the toxicity of environmental samples. Over 
500 papers and reports pertaining to the use of such bacterial systems have been 
produced. These include a number describing environmental applications, includ- 
ing wastewater monitoring and treatment plant influent and effluent testing. To 
conduct the test as originally developed with soils, there is a need to extract a 
suitable aqueous phase sample. A variety of methods are available for this, each 
extracting a different fraction of pollutants. As outlined earlier, the need to extract 
an aqueous sample means that the test is less well suited for soils contaminated 
with hydrophobic compounds. As a result of this possible limitation, the procedure 
has been modified for direct testing of solid matrices such as soils (Kwan and 
Dutka, 1992). 

When testing contaminated soils, a perceived drawback of Microtox™ is that 
the organism is a marine bacterium. This means that in order to conduct the assay 
it is essential to add salt to the sample. One of the implications of this is that the 
ecological relevance of the assay for the niches present in soils is reduced, 
especially with respect to metals. Although this does not necessarily preclude 
use as a screening tool, the development of genetic engineering technology has 
allowed the gene that codes for bioluminescence to be transferred to naturally soil- 
dwelling bacteria. These may have greater relevance to soil systems and thereby 
could prove more suitable for soil assessment. 


6.3 Academically established methods 


These are tests that are established within the academic community as monitors of 
chemical exposure and chemical effect. Unlike the procedures discussed in section 
6.2, standards do not exist for these tests. Development instead can be tracked via 
a series of scientific papers. Some methods are long established in soil ecology 
and ecotoxicology. Examples include invertebrate bioassays, soil enzyme assays 
and litterbags. In contrast, a number of methods, such as bait lamina and some 
biochemical assays (e.g. lysosomal membrane stability), have been developed 
more recently but have passed quickly into widespread use. 


6.3.1 Ecological indicators 


6.3.1.1 Invertebrate feeding activity using bait lamina strip 

The bait lamina test measures the feeding activity of soil organisms by assessing 
the removal of a series of bait material pellets embedded in plastic strips (Törne, 
1990a,b). Larink and Liibben (1991) used the bait lamina test to study the influ- 
ence of heavy metals in arable fields amended with sewage sludge. Reduced 
feeding activity was found in the more contaminated plots. Kula and Rombke 
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(1998) used four functional assays (bait lamina, litterbags, minicontainers and 
cotton strips) to assess the effects of diflubenzuron in a deciduous woodland. 
Results indicated strong effects of the pesticide on invertebrate feeding activity 
measured using bait lamina. These changes were in accordance with changes in 
the abundance of different springtail species, confirming the ability of the assay to 
detect community-level changes. In addition to direct effects of chemicals on 
feeding, soil factors such as moisture content and pH are also known to influence 
bait lamina results. These effects mean that bait lamina studies should be timed 
carefully and suitable controls used. 


6.3.1.2 Community-level physiological profiling (CLPP) using BIOLOG 
plates 

The BIOLOG multiwell plate system for assessing carbon substrate utilisation by 
microorganisms was designed originally for the identification of bacterial isolates 
but has been adopted for environmental samples. Chapman et al. (2000) reviewed 
the studies that have used the method for soil bacterial community assessment. 
For contaminant monitoring, these included: the effects of metals in smelter- 
contaminated soils, for which Kelly and Tate (1998) found altered community 
metabolic profiles close to a factory; depleted uranium, for which Meyer et al. 
(1998) reported effects on functional diversity; and hydrocarbons, for which the 
pattern of utilisation corresponded to changes in the abundance of hydrocarbon- 
utilising strains (Wunsche ef al., 1995). In a study of CLPP responses to pesti- 
cides, Engelen et al. (1998) found that one pesticide, dinoterb, inhibited substrate 
usage but responses for others were less clear. This demonstrates that there can be 
variability in the CLPP response and, as a result, a clear dose-effect relationship 
cannot always be established. This problem can compromise the utility of the 
assay with respect to complexly polluted soils. 

A particular application of the BIOLOG system is analysis of pollution-induced 
community tolerance (PICT) in microbial communities. This is the process by 
which exposure to a chemical alters the structure of microbial assemblages through 
adaptation and extinction so that the resulting community becomes more resilient to 
the effects of that chemical. For PICT analysis, a range of concentrations of the 
chemical is spiked into the BIOLOG plates. These are then used to test the substrate 
utilisation of each community. Rutgers et al. (1998) used the PICT approach to 
study the effects of zinc in 2.5-year-old contaminated field plots. For most sub- 
strates, the metabolic activities showed an increased community tolerance with 
increasing zinc concentration, indicating that PICT had evolved. The method 
proved sensitive because PICT could be demonstrated at soil zinc concentrations 
close to the Dutch soil protection guideline value. 


6.3.1.3  Litterbags 
Litterbags are used to assess rates of organic decomposition by detritivorous soil 
fauna. Litterbags are constructed at least in part from mesh, the size of which can 
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be selected to allow the activity of particular invertebrate groups to be assessed. 
The low cost of litterbags means that they have been used very extensively to 
assess the impact of numerous soil factors, seasonal effects and land uses changes. 
They have had widespread use also in studying the effects of chemicals. Some 
studies have found a clear negative effect of exposure, e.g. for carbendazim 
(Forster et al., 1996) and captan (De Jong, 1998). In contrast, Huuselaveistola 
et al. (1994) found no effect of two pyrethroids on decomposition rate, indicating 
that either the method could be insensitive to some exposures or, alternatively, that 
the approach is accurately predicting a minimal effect on community composition. 


6.3.1.4 Minicontainers 

Minicontainers have been developed from litterbags. Each minicontainer has a 
central body over which gauze discs of variable mesh sizes are placed. The mesh 
allows access to selected soil fauna that facilitate litter breakdown. Since first 
published by Eisenbeis (1993), the system has been used in different areas of soil 
ecology. Only a few studies have used the minicontainer method to assess 
chemical effects on organic matter decomposition. One study by Paulus et al. 
(1999) compared three methods for assessing biological activity in a field experi- 
ment with two levels of diflubenzuron. The methods were litterbags, minicontai- 
ners and bait lamina. No visible effect on decomposition was seen using litterbags, 
whereas minicontainers showed lower decomposition in both biocide-treated plots 
compared with controls. This study suggests that there may be value in using 
minicontainers for site assessment, although care should be taken to include 
suitable controls. 


6.3.2 Microbial assemblage functions 


Microbial assemblage activities, including elements of the nitrogen cycle and 
enzyme functions, have the potential to provide information concerning the effects 
of chemicals on soil systems. 


6.3.2.1 Nitrification 

Nitrification is the second step in the mineralisation of nitrogen from organic 
matter and is characterised by the oxidation of ammonium to nitrite and nitrate. 
Only a small number of bacteria are capable of carrying out this function, with 
Nitrosomonas and Nitrobacter being the most common. Because only a few 
bacteria undertake nitrification, it has been suggested that this parameter could 
be particularly sensitive to soil pollutants. For organic compounds, Dusek (1995b) 
demonstrated an effect of PCBs on nitrification. Remde and Hund (1994) success- 
fully used the activity of nitrifying bacteria as an indicator of the potential toxicity 
of anthracene oil and dicyandiamide. For metals, effects on soil nitrification are 
inconsistent. Dusek (1995a) found that cadmium disrupted nitrification in spiked 
soils, however, the fact that effects were found only at 100 and 500 mg/kg suggests 
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that the parameter was not particularly sensitive. Murray et al. (2000) found no 
effect of cadmium, copper, nickel and lead, whereas Kandeler et al. (1992) found 
that nitrification was influenced more by the supply of organic substrate in sludge 
than the heavy metal content. These complex results and the possible low sensi- 
tivity do not, at present, support regulatory use of this test for contaminated soil 
assessment. 


6.3.2.2 Nitrogen fixation 

Nitrogen is fixed in soil both symbiotically and asymbiotically by a number of 
bacterial species. Domsch et al. (1983) concluded that nitrogen fixation under 
certain conditions can be sensitive to pollutants. Population sizes of nitrogen- 
fixers, nodulation, nitrogen fixation rate and growth of legumes can be limited by 
pesticide application (Gonzalezlopez et al., 1993; Martineztoledo et al., 1993). 
Additionally, symbiotic nitrogen-fixers have been found to be sensitive to metals 
(Simon, 2000), and in the clover Rhizobium leguminosarum bv trifolii association 
both reduced nitrogen fixation and clover yield have been associated with poor 
survival of the bacteria in contaminated soils (McGrath, 1994). However, despite 
these promising results, other studies have not always seen clear impacts of 
contamination on fixation. This is true particularly if fixation is already low, as 
would be likely at many industrial sites (Lorenz et al., 1992). 


6.3.2.3 Soil enzyme activity 

Enzymes such as dehydrogenase, glucose oxidase, catalase, peroxidase, phosphat- 
ases, cellulase, proteinase and urease carry out important functions in soil and 
inhibition of one or more of these could have important consequences for soil 
sustainability. Chemical effects on soil enzyme activities have been measured in a 
number of studies. Vink and Van Straalen (1999) studied the effects of a fungicide 
(benomyl), which is expected to inhibit microflora, and an insecticide (diazinon), 
which is expected to inhibit arthropod feeding in soil microcosms containing 
isopods. Benomyl hardly affected dehydrogenase and respiration but nitrification 
did decrease at high concentrations. Diazinon reduced respiration, dehydrogenase 
activity and nitrification. This study thus indicated that soil functions can be 
disrupted by effects on both micro- and macroorganisms. In the study by Tu 
(1990), effects on enzyme activity due to four insecticides were found. Strong 
temporal variations, however, made it difficult to draw conclusions on the effects 
of each pesticide. Soil enzyme responses to metals have also been analysed. 
Chander and Brookes (1991) found that both dehydrogenase and phosphatase 
activity was reduced by copper, with the former enzyme being more sensitive. 
In industrially contaminated soils containing hydrocarbons and metals, Brohon 
et al. (2001) found that urease and dehydrogenase were inhibited in the most 
contaminated soil. Trasar-Cepeda et al. (2000), however, found that activities of 
individual enzymes were apparently unaffected in three soils contaminated by 
tanning effluent, hydrocarbons or landfill effluent. Taken together, these results 
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give a somewhat inconsistent picture for chemical effects on soil-borne enzymes 
and, as a result, the methods should be used with caution. 


6.3.3 Bioassays in non-standardised species 


The most direct tool for assessing the toxicity of soil species is direct measure- 
ment of life-cycle parameters following exposure. For higher terrestrial plants, a 
single generic toxicity test has been recommended that can be adapted for a 
variety of species. For soil invertebrates where life-cycles and habitats vary, 
the development of such a species general protocol is not feasible and instead 
tests for a few representative species have been designed. So far only the 
springtail and two oligochaete reproduction tests have been developed and 
ring-tested. Among remaining species groups, a series of toxicity tests have 
been developed and proposed as potential bioassays for contaminated soils. 
These include Oribatid mites, Staphylinid beetles, woodlice, nematodes and 
snails. Competition (between two nematode species) and predation (of a mite 
on a collembolan) tests also have been developed. A full description of the 
methods for these tests is beyond the scope of this chapter and the reader is 
instead referred to the reviews of Van Gestel and Van Straalen (1994) and Løkke 
and Van Gestel (1998). Overall, some of these tests could have potential for 
contaminated soil and litter assessment but many will need further development 
before they can be used for this purpose. 


6.3.4 Biomarkers 


6.3.4.1 Tissue/cellular histopathological changes 

Histological and ultrastructural alterations in cells, tissues or organs can afford 
good biomarkers of pollutant stress. Early histological work developed approaches 
for fish and marine invertebrates. Only more recently have techniques been 
transferred to soil species. The most detailed histopathological change studies in 
terrestrial invertebrates are available for the metal-containing granules found in 
the digestive and excretory organs of most species (see comprehensive review by 
Hopkin, 1989). At the subcellular level of ultrastructure, Köhler and Triebskorn 
(1998) have revealed that cell organelles possess different susceptibilities to 
pollutants and show different spectra of reactions. By using the totality of all 
organelle reactions to build up a syndrome of intoxication, the influence of stress 
factors may be interpreted. Kohler and Triebskorn (1998) developed this idea into 
a protocol for evaluating ultrastructural stress reactions. The suitability of this 
protocol was demonstrated in slugs, woodlice, millipedes and springtails exposed 
to metals under laboratory conditions. The data showed different susceptibilities 
for different organelles in each species, for the investigated species to the particu- 
lar metals and for the monitored tissue. The system is, however, somewhat 
complex and is usable only by experts. 
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6.3.4.2 Lysosomal membrane stability 

One of the characteristic cellular changes occurring following chemical exposure 
is the increased fragility of the lysosomal membrane. Lowe et al. (1992) de- 
veloped an in vitro technique to measure the stability of the lysosomal membrane 
in isolated liver cells in fish caught in ‘clean’ and contaminated sites. The 
technique was based on the ability of cell lysosome to retain neutral red dye. On 
the basis of this technique, further modifications were implemented by Weeks and 
Svendsen (1996) to enable use with terrestrial invertebrates. This method (the 
neutral red retention time assay) has since been applied widely for measuring 
lysosomal damage. 

Chemical effects on lysosomal membrane in earthworms were demonstrated 
initially in L. rubellus and E. andrei exposed to copper (Weeks and Svendsen, 
1996), in earthworms sampled from an arsenic-contaminated gold mine (Weeks 
and Williams, 1994) and in worms at an industrial accident site (Svendsen et al., 
1996). Compared with ecologically relevant sublethal parameters (e.g. reproduc- 
tion, feeding rate, weight change), the neutral red retention time was decreased at 
lower soil copper concentrations (Svendsen and Weeks, 1997). Since this initial 
work, lower lysosomal membrane stability in earthworms has been demonstrated 
after exposure to nickel (Scott-Fordsmand ef al., 1998), mercury (Stubberud, 
1998), TNT (Robidoux et al., 2002), zinc, lead, cadmium, chloropyrifos and 
carbendazim (Eason et al., 1999; Svendsen, 2000). So far, only the carbamate 
pesticide methiocarb has been shown not to elicit the response (Grafton, 1995). 
The ubiquitous nature of the response and the fact that it has been found to be 
sensitive to chemicals but not influenced by environmental factors (such as 
temperature) make the neutral red retention time assay one of the most suitable 
biomarker methods for detecting chemical exposure of invertebrates. 


6.3.4.3 Immune system activity 

Immune systems are responsible for providing organisms with the ability to resist 
infections from various sources. It is well known that interactions of environ- 
mental chemicals with the immune system can both suppress and enhance immune 
activity (Luster et al., 1988). This means that immune responses have potential as 
biomarkers of chemical exposure and effect. To date, immune system studies in 
terrestrial ecosystems have concentrated on earthworms. This is because the 
immunobiology of this group is well researched and understood. Activities or 
competencies of the cellular immune system have been measured through a range 
of parameters, such as: 


The ability to reject allo- and xenografts and perform wound healing 
Phagocytosis of rosette formation of foreign cells adhering to coelomocytes 
Production of reactive oxygen species (HO, and 07) 

Spontaneous cytotoxicity (natural killing) 

Elimination of non-pathogenic bacteria 
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Compounds used in tests with earthworm immunity include PCBs (e.g. Goven et al., 
1994b; Cikutovic et al., 1999), metals (e.g. Goven et al., 1994a; Fugere et al., 1996) 
and the organic pesticides carbary] and 2,4-D (e.g. Ville et al., 1997). Although not 
all immunological parameters have been measured for each compound, some 
distinct response patterns have been observed. Most compounds caused some effect 
on the respective immune parameters at the concentrations used, the exceptions 
being some of the pesticides and lead. It was apparent that different compounds had 
different mechanisms, as coelomocytes demonstrated different levels of phagocy- 
totic activity (Ville et al., 1997; Giggleman et al., 1998). Importantly, cellular 
immunity usually was depressed following exposure to any compound, whereas 
the various humoral parameters in general were enhanced, with only a few becom- 
ing depressed and some remaining unaffected (Ville et al., 1997). The complexity 
of these responses mean that further work would be needed prior to use of immunity 
in soil assessment, although there does appear to be some promise in the approach. 


6.3.4.4 DNA alterations 

Some pollutants are genotoxic or are converted into genotoxins during metabol- 
ism. Thus, DNA damage has potential as a biomarker. The actual damage and 
alterations to DNA occur in four basic forms, the detection of which employs 
specific techniques: 


1. Pollutants, or metabolites, bind covalently to DNA to form ‘DNA adducts’. 
The DNA adducts are usually detected by the non-specific **P-post-labelling 
technique. 

2. Strand breaks can be measured by two methods, the alkaline unwinding 
technique and the single-cell gel electrophoresis or comet assay. 

3. Change in DNA minor base composition can be observed as a decreased level 
of methylation of the base 5-methyl deoxycytidine. 

4. Increased DNA synthesis due to repair can be measured by recording tritium- 
labelled thymidine incorporation. 


Among the terrestrial invertebrates, increased numbers of strand breaks were found 
when earthworms were exposed to a mixture of dioxins, X-rays, mitocin C (a known 
genotoxin) and soil contaminated with a range of organic compounds such as coke, 
benzene and aniline (Verschaeve et al., 1993; Verschaeve and Gilles, 1995; Sala- 
govic et al., 1996). The level of DNA adducts was studied in E. andrei exposed to 
increasing concentrations of benzo[a]pyrene (B[a]P) for different periods of time 
(Saint-Denis et al., 2000). The level of DNA adducts formed was dose-dependent 
for short-term exposure and significant at 50 wg B[a]P/kg. At the highest doses, the 
formation of DNA adducts reached a steady state. 

In terrestrial plants, the comet assay can be used in a range of species for in situ 
monitoring (Gichner et al., 1999). As an example, strand breaks in tobacco plant 
cells showed a concentration-response relationship after exposure to ethyl metha- 
nesulphonate (Gichner and Plewa, 1998; Stavreva et al., 1998). These studies 
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demonstrate that there is potential for the measurement of DNA alteration in cases 
where exposure of plants or animal species to genotoxins is suspected. 


6.3.4.5 Enzyme activity/induction 

Phase 1 detoxification enzymes. The response of the mixed-function oxidase 
system can be measured via several of its components, the most common being 
cytochrome P450 levels and the activities of ethoxyresorufin O-deethylase 
(EROD), ethoxycoumarin O-dealkylase (ECOD), aryl hydrocarbon hydroxylase 
(AHH) and NADPH cytochrome c reductase. 

As is commonly the case for biomarker systems, most of the work with 
cytochrome P450 has been undertaken in mammals and fish, but there are 
examples in invertebrates and in particular earthworms. The presence of cyto- 
chrome P450 monooxygenases in earthworms was documented by isolation and 
characterisation in L. terrestris by Berghout et al. (1990) and from whole-body 
microsomes of E. fetida by Achazi et al., (1998). Although induction of EROD is 
one of the most commonly used measures for P450 activity, no studies yet have 
observed this response in earthworms but ECOD activity has been observed in L. 
terrestris (Stenersen, 1984), L. rubellus, A. caliginosa and E. andrei (Eason et al., 
1998). The presence of cytochrome P450 has also been demonstrated in Enchy- 
traeus crypticus, where short-term exposure to B[a]P reduced EROD activity 
significantly but did not affect pentotyresorufin O-deethylase (PentROD). Long- 
term (8 weeks) exposure to B[a]P, however, had no effect on EROD activity but 
PentROD decreased to zero (Achazi et al., 1998). 

In other soil invertebrates, microsomal activity of cytochrome P450 and accom- 
panying conjugation enzymes has been demonstrated through the formation of 
pyreneglucoside and pyrenesulphate in the isopods Porcellio scaber and Oniscus 
asellus exposed to pyrene (de Knecht et al., 2001). When the isopods were given 
food containing B[a]P and 3-methyl-cholanthrene, the majority of the enzyme 
activities appeared to be non-inducible. This non- or low inducibility agrees with 
earlier cytochrome P450 1A (CYPI1A) measurements in O. asellus (Zanger et al., 
1997). In this animal, therefore, as in earthworms, the picture regarding the link 
between exposure and P450 enzyme activity is yet to be established. This limits 
the application of these biomarkers for contaminant detection. 


Glutathione S-transferase (GST). The induction and activities of GST, like the 
phase | enzymes above, have been measured as a potential biomarker of exposure 
to organic contaminants. In earthworms, Stokke and Stenersen (1993) found no 
increase of GST in E. andrei following exposure to three classic inducers (trans- 
stilbene oxide, 3-methylcholanthrene and 1,4-bis[2(3,5-dichloropyridoxy])]ben- 
zene) for 3 days, a result confirmed by Borgeraas et al. (1996) for both E. andrei 
and Eisenia veneta. In contrast, Hans et al. (1993) found induction of GST in 
another earthworm Pheretima posthuma following exposure to aldrin, endosul- 
phan and lindane. However, this induction was transient, which may explain some 
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of the differences between the studies. In other invertebrates, the activity of GST 
increased in larva of the lacewing Micromus tasmaniae exposed to sublethal doses 
of cypermethrin and decreased when exposed to fenoxycarb, whereas GST activ- 
ity in another lacewing species remained unaffected by all exposures (Rumpf et al., 
1997). These inconsistencies, like those for the phase 1 enzymes, currently limit 
the potential of GST measurements for contaminated soil assessment. 


Antioxidant enzymes. Toxic derivatives of O2, such as superoxide (O, ) radical, 
are scavenged by protective enzymes called antioxidants, which all the organisms 
analysed so far possess. The key enzymes are superoxide dismutase (SOD), 
catalase (CAT), peroxidase and glutathione reductase (see Gagné and Blaise, 
Chapter 7 of this volume). Increased antioxidant enzyme activities have been 
found to be a good indicator of solid or leachate phase toxicity in three terrestrial 
plants, oats, Chinese cabbage and lettuce (Ferrari et al., 1999), exposed to 
different concentrations of the herbicide sodium trichloroacetate. These studies 
showed that increases in the activities of SOD, CAT, peroxidase and glutathione 
reductase were more sensitive than effects on biomass and germination rate 
(Radetski et al., 2000). The use of these enzyme activities thus may permit the 
detection of early injury in plants, although further development is required. 

The utility of antioxidants in terrestrial animals has received relatively little 
attention so far. In earthworms, inhibition of CAT and glutathione peroxidase but 
not SOD have been demonstrated in E. fetida exposed to lead and uranium (Labrot 
et al., 1996). However, SOD and CAT activity were not induced in E. veneta and 
E. fetida exposed to Zn, Cu and Hg and the herbicide paraquat (Honsi et al., 1999). 
Antioxidant enzyme measurement therefore cannot be considered a reliable bio- 
marker of exposure in soil invertebrates. 


Isozymes. Several studies have demonstrated that various chemicals can cause 
differences in the quantities of isoenzymes. So far, responses have been measured in 
aquatic species. For example, the effect of mercury and cadmium on marine 
gastropods was investigated, with phosphoglucomutase, glucosephosphate isomer- 
ase and aminopeptidase showing a clear response (reviewed in Nevo et al., 1987). 

In addition to pollutants, several studies have shown a correlation between 
various alleles and environmental factors (Guttman, 1994). Temperature has 
been shown to effect allozymes of glucosephosphate isomerase in the isopod 
Porcellio laevis; the allele expressed in organisms with the slower migration 
rate was favoured in normal ‘unstressed’ conditions, but the allele expressed in 
organisms that migrate faster was favoured in stressed environments (McCluskey 
et al., 1993). Another factor that has been shown to be important is nutrition. For 
example, a change in the diet of the caterpillar Helicoverpa zea had an effect on 
representation of the enzyme esterase (Salama et al., 1992). Such studies suggest 
that the diagnosis of isoenzyme difference in wild populations may be complex 
and as a result the methods will require further development. 
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6.3.4.6 Enzyme inhibition 

Cholinesterase (ChE). Inhibition of ChE has been studied in various species 
such as lacewing (Rumpf et al., 1997), carabid beetles (Jensen et al., 1997) and 
grasshoppers (Schmidt and Ibrahim, 1994) but, as for many biochemical assays, 
most studies in soil invertebrates are with earthworms. In the initial study of ChE 
activity in earthworms, Stenersen et al. (1973) investigated the effects of seven 
organophosphate and three carbamate compounds on L. terrestris. The results 
showed that the organophosphates caused a more severe inhibition (> 99%) than 
the carbamates (30-80%). Booth et al. (2000) examined ChE inhibition following 
exposure of A. caliginosa to chlorpyrifos and diazinon. Both pesticides reduced 
enzyme activity but the work confirmed that the link between ChE inhibition and 
mortality observed in vertebrates does not appear to translate to earthworms. As an 
example, Stenersen (1979) found that earthworms could survive severe (99%) 
ChE inhibition that would result in vertebrate mortality, although behavioural 
changes were found. Similar links between ChE inhibition and behaviour have 
been found in carabids (Jensen et al., 1997). 

Although it is often thought that ChE measurements are specific for organo- 
phosphates and carbamate pesticides, some research has challenged this. Inhib- 
ition of ChE has been found following cadmium, mercury and lead exposure in 
grasshoppers (Schmidt and Ibrahim, 1994). Similarly, lead and uranium inhibited 
ChE activity in E. andrei after both in vitro and in vivo exposures (Labrot et al., 
1996). However, lead was, not found to cause ChE inhibition in E. fetida (Scaps 
et al., 1997) or E. andrei (Saint-Denis et al., 2001). This work has caused some 
uncertainty and at present the situation is far from clear. However, this non- 
specificity may enhance the applicability of ChE for mixtures, as demonstrated 
in exposure of the marine copepod Tigriopus brevicornis to binary combinations 
of metals (arsenic, copper, cadmium) and pesticides (carbofuran, dichlorvos, 
malathion) (Forget et al., 1999). 


6-Aminolevulinic acid dehydratase (ALAD). The best example of an enzyme that 
is specifically inhibited by a single pollutant is ALAD (for a review, see Mayer 
et al., 1992). This enzyme is present in the haem biosynthetic pathway and 
is specifically inhibited by lead (other metals being 1000 times less effective). 
Inhibition of ALAD is a standard assay for detecting lead exposure in humans. In 
soil invertebrates, application is limited to those species possessing haemoglobin. 
Earthworms are one such group and inhibition of ALAD has been demonstrated 
in L. terrestris sampled from roadside soils high in lead (Rozen and Mazur, 1997). 


6.3.4.7 Protein-based biomarkers 

Stress/heat shock proteins (see Gagné and Blaise, Chapter 7 of this volume). 
These constitute a set of protein families of different molecular weights that 
generally have been referred to as ‘heat shock proteins’ (HSPs), classified into 
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different protein families on the basis of their molecular weight. Among the 
families, a number are stress inducible, with HSP60 and HSP70 in particular 
being widely studied. 

The HSP70s are some of the most well-conserved proteins known and they 
comprise two major types, namely a 73 kDa protein and a 72 kDa protein, each in 
multiple isoforms. In terrestrial invertebrates, the first use of HSP70 induction in 
toxicity assessment was for the isopod Oniscus asellus (Kohler et al., 1992), with 
studies since then covering most common taxonomic groups and contaminants. For 
example, isopod HSP70 induction has been found to respond to metal mixtures, 
cadmium, lead, zinc, lindane, pentachlorophenol, PCB52 and B[a]P (Eckwert et al., 
1994, 1997; Köhler and Eckwert, 1997; Kohler et al., 1999). Investigations of 
HSP70 in two springtail species along a metal gradient from a brass mill showed 
that individuals from the middle of the gradient had 40% higher HSP70 levels than 
populations from the least and most contaminated sites (Köhler et al., 1999). This 
study also demonstrated that the induction of HSP70 was reversible. 

The HSP60s have been observed in all investigated organisms and, after heat 
shock, induction can cause HSP60 levels to increase to about 0.3% of the total protein 
(Langer and Neupert, 1990). Measurement of induction in terrestrial invertebrates 
indicated that metal exposure caused only slightly increased levels of HSP60 in the 
supernatant of homogenates of slugs, millipedes and woodlice. Comparing this 
response to that for HSP70 indicated that the induction of HSP60 was much lower 
(Eckwert et al., 1997). In the nematode Plectus acuminatus, an induction of HSP60 
has been demonstrated following exposure to heat, copper and cadmium (Kammenga 
et al., 1998). For the two metals, HSP60 induction was three (copper) and one 
(cadmium) order of magnitude more sensitive than the EC29 for reproduction. 

To date, field studies of HSPs in invertebrates exposed to pollutants have been 
scarce, but some aspects show promise. Köhler et al. (1992) found elevated 
HSP70 levels in O. asellus living on a smelter spoil bank. This study suggests 
there may be some value in measuring HSP levels as a biomarker, although it must 
be recognised that there is still a need for further development. In particular, the 
fact that some studies have suggested that there may be a non-sigmoidal response 
of HSPs to chemical exposure, with highest induction found at intermediate 
concentrations (Köhler et al., 1999), presents a possible problem. Additionally, 
many environmental factors are known to alter HSP levels and these effects would 
need to be taken into account during any assessment. 


Metallothionein, metal-binding proteins and phytochelatins (see Gagné and 
Blaise, Chapter 7 of this volume). Metallothioneins are low molecular weight, 
cysteine-rich proteins with a high affinity for transition metals. After they were 
first discovered in the kidney cortex of the horse they have been detected in a 
variety of animal species. It is widely accepted that metallothioneins are multi- 
functional proteins primarily involved in the homeostasis of essential trace metals, 
zinc-mediated gene regulation, and in the protection of cells against oxidative 
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stress. Traditional methods for measuring metallothionein concentrations are 
based on quantitative protein assays (see review by Stegeman et al., 1992). As 
an alternative, advances in molecular biology have provided tools for measuring 
metallothionein gene expression. 

The nature and responses of metallothioneins in terrestrial organisms have been 
gaining increasing attention. Four groups of invertebrates have been studied in 
detail, nematodes, insects, snails and earthworms, with most studies addressing the 
latter two groups. Snails possess distinct metallothionein isoforms involved in 
different metal-specific tasks (Dallinger et al., 2000). In Helix pomatia, one 
isoform is rapidly induced in response to cadmium, becoming nearly exclusively 
loaded with this metal (Berger et al., 1995). The second isoform, which is non- 
inducible by cadmium, binds nearly exclusively to copper and is probably in- 
volved in homeostatic regulation (Dallinger et al., 1997). This strong differential 
responses gives the snail metallothionein system potential as a multiple biomarker 
system for detecting metal exposure (Dallinger, 1996). 

In a detailed analysis of earthworm metallothioneins, Stiirzenbaum ef al. 
(1998c) identified two complementary DNAs (cDNAs) encoding metallothio- 
nein-like proteins. Both isoforms were induced by copper and cadmium and also 
a number of mine site soils. This work for both snails and earthworms confirms 
that metallothioneins are inducible by metal exposure and are thus useful biomar- 
kers of exposure. 

In addition to metallothioneins, some species of terrestrial invertebrates possess 
non-metallothionein metal-binding proteins. As examples, a glycoprotein in- 
volved in metal storage and/or detoxification has been isolated from isopods 
(Dallinger, 1993), and a non-metallothiorein metal-binding protein that is induced 
by cadmium was found in enchytraeids (Willuhn et al., 1996). Other species also 
shown to possess non-metallothionein metal-binding proteins include the nema- 
tode Caenorhabditis elegans, the grasshopper Aiolopus thalassinus and the stone- 
fly Pteronarcys californica (Clubb et al., 1975; Slice et al., 1990; Schmidt and 
Ibrahim, 1994). It remains to be demonstrated whether such proteins have the 
same biomarker potential as metallothioneins. 

In plants, two kinds of metal-binding peptides or proteins are synthesized. Plant 
metallothioneins are inducible cysteine-rich entities very like those found in 
animals. Differential expression (induction) of metallothionein genes can be due 
to both variation of external heavy metal concentrations and the influence of 
various environmental factors. The principle role of plant metallothioneins 
seems to be in homeostasis rather than in metal detoxification. Plants are also 
known to have so-called phytochelatins, which are non-protein thiols specifically 
induced upon exposure to heavy metals. A close positive relationship between the 
concentrations of cadmium and phytochelatins in the plant shoot material has been 
observed and linked to the degree of growth inhibition (Keltjens and Van Beu- 
sichem, 1998). These observations make the use of phytochelatins promising for 
the assessment of heavy metal effect on plants. 
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6.4 ‘Emerging’ techniques with future potential 


There are a number of research areas with potential to produce tools for assessing 
the effects of chemicals on organisms and populations inhabiting contaminated 
soils. These are: 


e Lipid and nucleic acid analysis approaches for assessing changes in the 
composition of the soil microbial community. 
Use of life-cycle theory to predict the long-term fate of exposed populations. 
Measurement of single gene biomarkers using high-throughput systems. 

e Profiling changes in activities of all genes, proteins and/or metabolites using 
the ‘omic’ technologies. 

e Transgenic organism biosensors. 


These areas are all fast developing and already have produced a number of new 
techniques that could have future uses in risk assessment and monitoring. In many 
cases the techniques are still in development, although a few already have 
demonstrated clear potential. 


6.4.1 Bioindicators 


6.4.1.1 Microbial community profiling 

Signature lipid biomarker analysis. Signature lipid biomarker analysis uses 
phospholipid fatty acid (PLFA), glycolipids, esterified lipids or lipopolysacchar- 
ide hydroxy fatty acid to identify the species and strain composition of the 
microbial community. Analysis of PLFA was first used to investigate the com- 
position of microbial communities in soils by Thompson et al. (1993). The method 
is suitable for fungi, bacteria and actinomycetes. Since its development, PLFA has 
become widely used in studies of the effects of environmental perturbations. 
Changes in phospholipid fatty acids indicating a shift in the bacterial species 
composition have been found in soil polluted by alkaline dust (Baath et al., 
1998), sewage sludge (Witter et al., 2000), metals (Kelly et al., 1999; Khan and 
Scullion, 2000) and organic compounds (Fuller and Manning, 1998; Thompson 
et al., 1999). Most studies have been conducted in spiked soils, although limited 
data are available for contaminated field soils. These have suggested that the 
approach could be developed for contaminated soil assessment, assuming that 
suitable baseline data are available. 


Nucleic acid analysis. Methods that analyse the microbial community from 
nucleic acid composition are based on use of the polymerase chain reaction 
(PCR). Universal forward and reverse primers are used in combination with PCR 
to amplify species-specific DNA fragments (usually the 16S subunit of ribosomal 
DNA) from samples isolated directly from soil. Samples then are separated 
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according to sequence by a range of methods such as: denaturing and temperature 
gradient gel electrophoresis (DGGE/TGGE); single-strand confirmation poly- 
morphism (SSCP); amplified ribosomal DNA restriction analysis (ARDRA) and 
terminal-restriction fragment length polymorphism (T-RFLP). Separation is 
followed then by analysis, such as image capture of gel banding. If needed, the 
PCR products can be collected for sequencing and thereby species identification. 

Both DGGE and TGGE have been applied to examine the soil bacterial 
community responses to pollutants. For metals, Kozdroj and van Elsas (2001) 
found that the microbial community in an industrially contaminated soil differed 
in ‘richness’ and structure from clean soils. Muller et al. (2001) found altered 
community structure and decreased diversity along a mercury gradient and Ras- 
mussen and Sorensen (2001) also found a negative effect of mercury on microbial 
diversity. For organic compounds, Duarte et al. (2001) found a reduction in the 
numbers of detected bands with increasing soil hydrocarbon content. In contrast to 
these results, Kandeler et al. (2000) found that addition of high concentrations of 
zinc, copper, nickel and cadmium did not change the DGGE profiles. 

The methods SSCP, ARDRA and T-RFLP have not been as widely applied as 
DGGE for assessing microbial community change in contaminated soils. Cho and 
Kim (2000) used SSCP to identify shifts in bacterial communities in soils subject 
to two remediation treatments. Beaulieu et al. (2000) showed reduced complexity 
of SSCP profiles in the pentachlorophenol-treated soil slurry but no change in a 
combined pentachlorophenol and hydrocarbon wood preservative-amended soil. 
Using ARDRA, Sandaa et al. (2001) found higher bacterial diversity in the high- 
sludge/high-metal-amended soil compared with low-sludge, low-metal treatments. 
This later study indicates that soil microbial community diversity may not always 
be linked to soil contaminant status, but instead can be dependent on other soil 
factors (e.g. organic content). These studies all suggest that there is potential value 
for the use of microbial community profiling methods based on nucleic acid 
analysis. Clearly care must be taken because profiles can be influenced by a 
range of soil factors as well as exposure to high contaminant concentrations. 


6.4.2 Bioassays 


Life-cycle tests combined with demographic modelling. Toxicity tests have been 
standardised for plants and a number of soil invertebrates. A prevailing view in 
these is that estimation of critical effect levels for a single sensitive trait has high 
predictive power for population effects. In reality, however, this is not always the 
case. It is only possible to predict the long-term consequences of chemical 
exposure by considering the effects of pollutants on all life-cycle parameters 
(Van Straalen and Kammenga, 1998). This is the principle that underlies demo- 
graphic methods. Because demographic studies require measurement of chemical 
effects throughout the full life-cycle, it is unsurprising that most studies of this 
type have used short-lived species (Van Straalen and Kammenga, 1998). In 
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invertebrates, favourites are cladocerans and copeopods in freshwater and spring- 
tails and nematodes in soil. For the latter group, Kammenga et al. (1996) opti- 
mised a life-cycle test for P. acuminatus that can be adapted for other species, 
such as C. elegans, and Crommentuijn et al. (1997) have developed a life-cycle- 
based approach with the springtail F. candida. For longer lived invertebrates, 
practical difficulties mean that demographic studies are rare. Laskowski and 
Hopkin (1996) combined data from a 3-month metal exposure with the snail 
Helix aspersa and information on age-specific survival in the field to construct 
transition matrices. The approach proved useful, suggesting that with further 
development this targeted testing approach could prove useful (Spurgeon et al., 
2003). 

Plants also have potential for demographic testing. Sheppard et al. (1993) 
proposed a 35-day test with Brassica rapa. Comparison of the results with a 
suite of assays in metal-spiked soils indicated that bloom initiation was more 
sensitive than lettuce emergence or earthworm survival for zinc but not mercury. 
Saterbak et al. (1999) used this test for the assessment of hydrocarbon-contamin- 
ated soil. The study, which used Brassica rapa selectively bred to reduce gener- 
ation time, proved unsuccessful due to low germination in the control soil, 
suggesting that there is still a need for further method development. 


6.4.3 Biomarkers 


6.4.3.1 Molecular genetic assays 

Genome mutation analysis using PCR-based methods. Exposure to genotoxins 
can result in the formation of DNA adducts, the faulty repair of which can result 
in point sequence mutations. Two molecular genetic techniques, randomly amp- 
lified polymorphic DNA (RAPD) and arbitrarily primed PCR (AP-PCR), are 
available for detection of point mutations. The RAPD technique has been used to 
investigate DNA mutation in parallel with life-cycle responses in D. magna 
exposed to B[a]P (Atienzar et al., 1999). Results indicated that RAPD was 
more sensitive than co-measured fitness parameters. However, although there 
was a negative correlation with B[a]P concentration, the shape of the relationship 
was complex. Savva (2000b) used AP-PCR to detect DNA damage in rats and 
shore crabs exposed to B[a]P in the laboratory and in crabs from control and 
polluted areas. Results indicated differences in fingerprints between treatment in 
both the laboratory and field samples. Although not conducted in soil species, 
these results suggest that the method could be used to detect genotoxin exposure 
in soil organisms. 


An introduction to single gene transcript quantification methods. A number of 
methods are now available for the detection of gene activity via messenger RNA 
(mRNA). In all protocols, the first step is to isolate total RNA. This can be probed 
directly or used for reverse transcriptase polymerase chain reaction (RT-PCR) 
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analysis after conversion to complementary DNA (cDNA). Once prepared, cDNA 
samples can be quantified by a series of analytical techniques. These include 
Northern, dot and slot blotting, quantitative competitive PCR and fluorescence- 
based protocols. 

The key aspect of transcript quantification is selecting suitable gene targets. In 
reality, the range and complexity of contaminants present in soils mean that even 
for a single species it is unlikely that a single gene suitable for quantitative 
assessment of contaminants in all situations will ever be identified. The best 
candidate genes can be categorised into three primary groups (although Gagné 
and Blaise, Chapter 7 this volume, separate early biological effect and defence 
from exposure to give four categories). These are biomarkers of exposure, physio- 
logical compensation and effect. 


e Exposure. This category includes genes encoding proteins such as metallothio- 
nein, cytochrome P450 and GST that are known to be involved in pollutant 
handling and detoxification. 

e Physiological compensation. This category includes genes involved in adap- 
tive biochemical pathways, such as HSPs, antioxidant enzymes, mitochondrial 
genes, lysosomal genes and metalloenzymes, for which toxic metals compete 
for binding in the active site. 

e Effect. These genes are linked to toxicity following exposure. The most well 
known is vitellogenin following xenoestrogen exposure, but other reproduc- 
tively linked genes (e.g. the zona pellucida proteins), hormones and apoptotic 
genes are also potential candidates. 


Northern and dot/slot blotting. These hybridisation techniques were among the 
first methods to be developed for RNA quantification. Both use a radiolabelled 
oligonucleotide probe for detection of the gene of interest. Use of these techniques 
for the quantitative assessment of gene expression is routine in the medical and 
toxicology sciences and application in ecotoxicology is also established. For the 
enchytraeid worm Enchytraeus buchholzi, Willuhn et al. (1994) used Northern 
blotting to investigate expression of a novel cysteine-rich non-metallothionein 
protein. Analysis reveals that the gene was not expressed in untreated worms but 
was rapidly induced by cadmium. 


Fluorescence-based quantitative PCR. Initially, a major obstacle to the use of 
PCR for gene expression quantification was that the final level of product that 
could be detected was derived from a limitation not related to the starting quantity 
of template. This means that parallel reactions with vastly different template 
inoculations resulted in near identical final product levels. To overcome this 
problem, techniques have been developed that take a snap shot of product levels 
during the PCR reaction. The most commonly used of these are based on fluores- 
cence in situ monitoring of PCR progress using two main detection methods. 
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1. SYBR® Green dye, which fluoresces when bound inside the double helix of 
DNA. 

2. The fluorogenic 5’ nuclease assay, which utilises the 5’ nuclease activity 
inherent as a secondary function of Taq DNA polymerase to cleave a gene- 
specific probe, thereby releasing a fluorescent molecule for detection. 


For both detection systems, the inclusion of a series of calibration standards 
containing cloned copies of the target gene at known concentrations can be used 
to obtain the relationship between transcript frequency and the number of cycles 
required to obtain a specific threshold. This standard curve is then used to 
determine gene concentration in samples. 

Since inception, fluorogenic detection has been used to monitor expression of a 
range of genes in different media. Following development in the medical field, 
work has begun to adapt the methods for environmental diagnostics. An early 
application of quantitative PCR by Stiirzenbaum (1997) and Stiirzenbaum ef al. 
(1998a,b,c, 1999) was to detect the transcript level of metal-responsive genes in L. 
rubellus exposed to metal-spiked and contaminated field soils. Results indicated 
increased expression for many of the analysed genes, with, in some cases, tran- 
script levels increased over 100-fold in the exposed animals. This demonstrates 
the ability of fluorescence detection RT-PCR to detect gene transcription changes 
and suggests that the method could have a wide scope for assessing the exposure 
and toxic response of organisms inhabiting contaminated soils. 


Chemiluminescent RNA hybridisation. This method offers an alternative to 
quantitative RT-PCR for the detection of mRNA. Already applied in aquatic 
ecotoxicology to measure vitellogenin and zona radiata protein expression in 
fish exposed to xenoestrogens, the assay has broad potential. For the assay, 
labelled probes complementary to the target gene are added to an RNA sample. 
This hybridises to the target and a reaction occurs from which light is given off. 
The light generated is proportional to the number of gene transcripts present. 


6.4.3.2 The ‘omic’ technologies 
Transcriptomics using oligonucleotide and cDNA microarrays. Over the past few 
years the genomes of over 50 organisms have been sequenced, with another 100 or 
so in progress. To take advantage of this increasing volume of sequence infor- 
mation, new technologies have been developed that measure changes in the expres- 
sion of multiple genes simultaneously, the best known of which are microarrays. 
Microarrays consist of at least many hundreds and usually many thousands of 
oligonuceolide sequences or cloned fragment or whole cDNAs printed onto a solid 
support (slide or membrane). Gene expression is analysed by labelling total 
mRNA from different treatments, such as pollutant exposed and control organism, 
with either a red or green fluorescent dye. Equal volumes of the labelled cDNA are 
mixed and hybridised to the DNA spots on the array slide. If the gene is expressed 
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differentially between the two conditions, one colour dominates and the spot 
appears red or green. If there is no difference, colours merge and the spot appears 
yellow. 

To date, the use of microarrays for analysis of environmentally derived changes 
in global gene expression has been limited, with applications in functional geno- 
mics and medical diagnostics dominating. Bartosiewicz et al. (2001) used a 
limited (148 expressed sequence tag) array to examine gene expression in re- 
sponse to B-naphthoflavone, cadmium, B[a]P and trichloroethylene in mice. The 
upregulated genes found were those predicted from prior knowledge of metabol- 
ism (e.g. metallothionein, P450, HSPs). This confirmed the suitability of the array 
for detecting differentially expressed genes. In a more comprehensive microarray 
study of 6000 yeast genes, Alexandre et al. (2001) found that 3.1% of the genes 
encoded in the yeast genome were up-regulated by at least a factor of three after 
30 min of ethanol stress, whereas 3.2% of genes were down-regulated by a similar 
factor. This indicates the number of genes that can be involved in chemical 
acclimatisation. 

Another detailed study of the effects of chemicals on the transcriptome was 
conducted by Kitagawa et al. (2003). This study investigated the relationship 
between gene expression profiles and chemical structure for a range of pesticides. 
These results suggest that DNA microarrays had potential for predicting which 
major chemicals will cause environmental toxicity and therefore they could be 
developed for use in risk assessment and monitoring. The power of the microarray 
approach means that in future it may be possible to elucidate simultaneously the 
combined toxic effects of various chemicals on a species and determine which 
chemicals are causing the observed effect. 


Proteomics. Proteomics has been made possible by the advent of two- 
dimensional gel electrophoresis and protein identification using time-of-flight 
mass spectrometry. Two-dimensional gel electrophoresis is used to separate pro- 
tein on a sodium dodecyl sulphate polyacrylamide gel. The first dimension 
separation is by isoelectric focusing and the second dimension separation is by 
size. Following separation, gels are visualised and image analysis is used to 
identify differentially expressed proteins. These can be excised for characterisa- 
tion and ultimate identification by time-of-flight mass spectrometry. This latter 
area is rapidly developing and a number of new mass spectroscopy-based ap- 
proaches to proteome analysis are being developed that circumvent the need for 
the two-dimensional separation step. 

Initial studies of proteome responses to environmental chemicals in soil-dwell- 
ing animals or plants are currently under way. Kuperman et al. (2004) have used 
the approach to identify differentially expressed proteins in earthworms exposed 
to chemical warfare agents. Toxicological studies also have been undertaken. 
Vido et al. (2001) analysed yeast cells exposed to an acute cadmium stress: 
54 proteins were induced and 43 repressed. Finally, Bradley (2000) used two- 
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dimensional gel electrophoresis to demonstrate differences in protein expression 
signatures from oysters collected along a chemical gradient. Although these 
results are preliminary, they suggest that proteomics may become a valued tool 
in future ecotoxicological assessment. 


Metabonomics (e.g. using nuclear magnetic resonance spectroscopy). As one of 
a range of potential detection methods for low molecular weight metabolites (e.g. 
chromatography mass spectrometry and spectroscopy methods), nuclear magnetic 
resonance (NMR) spectroscopy is based on the fact that atomic nuclei orientated 
by a strong magnetic field absorb radiation at characteristic frequencies. In 
different atomic environments, nuclei of the same element give rise to distinct 
spectral lines. This makes it possible to observe and measure signals from 
individual atoms in complex macromolecules and, from these, to interpret mo- 
lecular structure. There are a number of NMR active nuclei: 'H is the most 
sensitive and stable nucleus, '3C also may be used but has low sensitivity and 
abundance, and *!P and '°F can be used for specific applications. 

The use of NMR spectroscopy in ecotoxicology is undeveloped compared with 
soil science. Here, it has been used to study both the nature of soil organic matter 
and also how pollutants bind to soil constituents (Knicker, 1999; Xiong et al., 
1999; Kohl et al., 2000). In (eco)toxicology an application of 'H-NMR spectros- 
copy is to produce biochemical profiles, or fingerprints, of the small molecules in 
a complex matrix such as a biofluid. This non-selective detection can be combined 
with multivariate pattern recognition in order to probe toxic effects at the small 
molecule level (Nicholson et al., 1999). 'H-NMR has been used for initial 
characterisations of metabolic profiles in a range of invertebrates (Gibb et al., 
1997a). In earthworms, the method has been used to identify increasing free 
histidine in tissue extracts of L. rubellus (Gibb et al., 1997b; Bundy et al., 2001) 
and model compound (substituted anilines) effects on metabolite profiles in 
E. veneta (Warne et al., 2000; Bundy et al., 2001). NMR spectroscopy is also a 
well-established tool in plant biology and has been used to study physiological 
stress (Fan et al., 1992). It would be easy to extend these studies to investigate 
toxic effects at contaminated sites. 


6.4.4 Biosensors 


Transgenic bacterial biosensors. Systems such as the Microtox™ assay detailed 
earlier use the marine species Vibrio fischeri as the sensor. Because it uses a 
marine bacterium, Microtox® must be conducted in saline solution, which is 
ecologically irrelevant for most soils. Because no naturally luminescent soil 
bacteria are known that could be used as an alternative, one solution is to fuse 
the genes responsible for bioluminescence into soil-dwelling strains using recom- 
binant technology (Paton et al., 1997). Two approaches can be used: 
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1. In an approach analogous to Microtox™, light output can be linked to meta- 
bolic activity so that any chemical that disrupts metabolism decreases light 
output. 

2. The /ux gene can be fused to a functional gene linked to pollutant homeo- 
stasis. 


Soil-dwelling bacteria marked with the /ux gene cassette include Pseudomonas 
fluorescens, R. leguminosarum bv trifolii, Escherichia coli and Burkholderia sp. 
Of these, P. fluorescens has been used most widely for the metabolic system. 
Light output has been found to be reduced by heavy metals (singly and in 
combination) (Paton et al., 1995; Palmer et al., 1998; Chaudri et al., 1999), 
organometals (Bundy ef al., 1997), chlorophenols (Shaw et al., 2000; Boyd 
et al., 2001) and benzene (Boyd et al., 1997b). There are a few examples in 
which a change in bioluminescence has not been found, namely the PAHs 
phenanthrene, pyrene and B[a]P (Reid et al., 1998). 

The increased ecological relevance of engineered soil bacteria over Microtox™ 
is clear but comparative studies with the two systems are relatively rare. Boyd 
et al. (1997a) screened contaminated groundwater using both biosensors and the 
results indicated that the reproducibility of /ux-marked P. fluorescens and Micro- 
tox” was similar. For chlorobenzenes and chlorophenols, response profiles for the 
lux system agreed with fathead minnow, ciliate and diatom toxicity test results but 
not with Microtox ® (Boyd et al., 1998, 2001). Bundy (1997) also found different 
response profiles between the two systems for organotins, with Microtox™ being 
more sensitive to tri-organotins and P. fluorescens to di-organotins. 

An alternative to linking /ux to metabolism is fusion to the promoters for 
functionally active genes such as HSPs and enzymes involved in degradation or 
resistance. Van Dyk et al. (1994) fused lux and heat shock genes in F. coli. This 
system was used to establish the toxicity of a range of organic and inorganic 
pollutants. A further application of the lux gene used by Heitzer et al. (1992) 
is insertion in the genes responsible for naphthalene and salicylate catabolism into 
P. fluorescens. This approach could have application in the in situ monitoring of 
hydrocarbon remediation. 


Transgenic nematode biosensors. A number of transgenic strains of the nema- 
tode C. elegans have been developed in which a fluorescence or /acZ reporter gene 
has been linked to the HSP16 promoter (Power et al., 1998; Guven et al., 1999). 
Because of the relative novelty of transgenic nematode technology, the system has 
not yet been applied widely in contaminated soil assessment. Power and De 
Pomerai (1999) examined responses to cadmium, copper and zinc. High concen- 
trations (250 mg/kg) of cadmium induced a stress response but the response to 
copper and zinc was minimal. Another study found that the surfactant Pluronic 
F-127 enhanced the stress response of transgenic nematodes to cadmium, mercury, 
copper, manganese and zinc (Dennis ef al., 1997). As an alternative to HSP, Cioci 
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et al. (2000) linked a B-galactosidase reporter to the C. elegans metallothionein-2 
promoter. A comparative study indicated that the system was more sensitive for 
cadmium, mercury, zinc, and nickel than either a 24-h LCs assay or the HSP 
strain. 


64.5 Further methods 


The discussion in this chapter has been limited to techniques where there is some 
evidence of the potential of the method in ecotoxicology, ecology or toxicology. 
Outside these fields, there are methods that could also have potential for contam- 
inated soil assessment in the future. One example is the use of remote sensors to 
detect contaminant-induced stress in terrestrial plants. Such techniques, although 
not capable of differentiating small-scale site heterogeneity, could be used to 
identify large-scale physicochemical boundaries and gradients of contamination. 
Another area where research may cross over into ecotoxicology in the future is 
medical diagnostics. Here, research in cell biology, cell signalling, apoptosis and 
molecular genetics focused on disease diagnosis and drug discovery may yield 
methods with potential for environmental investigations. 


6.5 Community census analysis using macrofauna/flora 


The pollution-induced absence of species from contaminated areas where they 
would be expected to occur normally is strong evidence of effects on ecosystem 
properties. The ecological importance of changes in community for soil sustain- 
ability has lead to interest in using census data to assess contaminated ecosystems 
since the 1950s. Despite this, and the fact that such procedures are well established 
in non-terrestrial ecosystems (e.g. freshwaters), the analysis of higher organism 
communities for assessing changes in soil quality in terrestrial systems remains an 
‘emerging’ area. 


6.5.1 Selection of groups for census studies 


Community studies for assessing contaminated ecosystems have been undertaken 
in a range of habitats. Macroinvertebrates are the best studied group because they 
are present over a range of diverse habitats, are relatively easy to collect and 
identify (when good keys are available), are functionally important as ecosystem 
engineers and have relatively low mobility, meaning that they are representative 
of the local environment. These benefits outweigh some disadvantages such as the 
uncertain taxonomic status of selected groups, the limitations of some sampling 
methods to provide a representative sample and the time demands for sample 
processing and identification. Another group with potential for community-based 
analysis are plants. Plants are sedentary, have established taxonomy, can be 
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sampled readily and are of course functionally important. Despite these advan- 
tages, the number of studies that have used plant community structure to assess 
contaminated sites is far below that for macroinvertebrates. 


6.5.2 Community census analysis with macroinvertebrates 


In soil, numerous studies have assessed the effects of chemical pollutants on soil 
communities. These have quantified community changes for earthworms, spring- 
tails, ants, ground beetles, molluscs, Oribatid mites and spiders along contamin- 
ation or land-use gradients. The changes observed included reduced community 
size (including extinctions), lower diversity, altered composition and changes in 
species dominance/structure. In considering the use of invertebrate communities 
for detecting pollution effects, it is difficult to ignore the body of work that has 
been conducted around the Avonmouth smelter in south-west England. As a case 
study, this site provides a long and defined contamination gradient across semi- 
natural land or pasture. Studies undertaken include assessing the distribution of 
major invertebrate groups (Martin et al. 1982; Hopkin and Martin, 1985), a 
carabid beetle study (Read ef al., 1987) and earthworm community profiling 
(Spurgeon and Hopkin, 1996, 1999). By far the most detailed study of the effects 
of metal deposition on macroarthropods at this site was conducted by Sandifer 
(1996). Results indicated severe impacts on decomposers such as earthworms, 
isopods, molluscs, myriapods, springtails and mites. These groups were all absent 
or reduced in abundance and/or diversity at the two sites closest to the smelter and 
in some cases also at more distant sites. 

The feasibility of using community census as a tool to monitor the impact of 
chemical contamination and land-use change on soil ecosystems has been ad- 
dressed in two studies: 


1. The ‘SOILPACS’ study (Weeks et al. 1998). This study investigated the 
feasibility of the community census approach for soils. The study concluded 
that a system could be constructed but substantial development was needed. 
In particular, full faunistic, physical, geological and chemical surveys of 
many (diverse) reference sites would be needed to develop a system with 
predictive capability. For development of the UK river invertebrate prediction 
and classification scheme, over 400 sites were sampled in this manner. The 
fact that this number would need to be matched for SOILPACS presents a 
substantial hurdle to development. 

2. The BBSK project. This was launched in Germany as an initiative to develop a 
soil community-based monitoring scheme, but currently the method is not in 
day-to-day use, for a number of reasons. Some are political, but other scien- 
tific issues, including a lack of data from which to establish the normal 
biocoenosis, taxonomic problems for some groups and the absence of inter- 
nationally standardised sampling methods, are also hindering development. 
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An invertebrate-based system worth considering separately is the nematode ma- 
turity index (MI) (Bongers, 1990). The system is based on the fact that nematode 
families adapted for rapid colonisation dominate soil nematode communities in 
disturbed ecosystems. At any site, recording of the families of nematodes present 
can be used to derive an MI value, with high values indicating undisturbed soils 
and low values those subject to perturbation. Reduced MI values have been found 
after nitrogen addition (Sarathchandra et al., 2001) and pesticide use (Neher and 
Olson, 1999; Ruess et al., 2001). For metals, Korthals et al. (1996) found a lower 
MI in copper, nickel and zinc (but not cadmium) spiked soils. Not all uses of the 
nematode MI have shown clear responses to contamination. Nagy (1999) found 
that of 13 metals only selenium and chromium consistently reduced the MI and 
Fuller et al. (1997) found no effect of toluene on MI in two soils and an effect of 
trichloroethylene in only one soil. Despite these occasional anomalies, the vast 
majority of published work does support the fact that pollution or land-use change 
decreases the MI whereas recovery coincides with an increase in MI. The ap- 
proach is thus, at present, probably the best invertebrate community-based ap- 
proach for soil quality assessment. 


6.5.3 Community census analysis with plants 


Examples of community-based surveys of the effects of chemical contamination 
on plants are relatively limited. Salemaa et al. (2001) recorded under-storey 
vegetation along a gradient from a copper/nickel smelter and studies with sewage 
sludge and mine wastes have also been conducted (Stoughton and Marcus, 2000; 
Vasseur et al., 2000). These all showed clear effects on coverage, community 
composition and biodiversity. Overall, however, considering the frequency with 
which plant surveys are used to analyse long-term change in habitat structure and 
land use, full plant community surveys appear to have been underused for 
evaluating chemical effects. Instead the focus has been on bioindicator species 
such as metallophytes. 


6.6 Summary and selection of suitable assays 


The discussion above shows that there are a vast array of biological methods with 
potential for assessing contaminated soils. Outputs from a series of recent research 
programmes have now made it possible to envisage the use of a suite of biological 
assessment tools in temporal and spatial surveys of chemical effects in terrestrial 
ecosystems. Some methods are already standardised, others are established and 
further assays are in development. In parallel with the research to adapt or develop 
biological assessment methods, there has been increased regulatory emphasis on 
contaminated land and the link between this and ecosystem status. This is being 
driven by the increased awareness of the need to evaluate the ecological effects 
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caused by contaminated land and the potential impacts of point source and diffuse 
pollution on vulnerable habitats. 

The field of ecological risk assessment for contaminated soils is still developing 
and as a result the precise frameworks and conceptual models being used are 
evolving. This means that it is difficult to make precise recommendations con- 
cerning the most suitable assessment tools. Choice will be dependent on data 
requirements. Despite these limitations, biological methods can provide specific 
information on the effects of industrial, agricultural and diffuse pollution on the 
soil ecosystem. Among the methods, assays suitable for a range of assessment 
applications can be identified. For example, after a desk study of site historic use 
and chemical analyses have indicated potential risk, the most likely biological 
approach would be as follows: 


1. Use a rapid, easy to interpret and preferably sensitive biological system to 
provide initial quantitative spatial data concerning the likelihood of exposure. 
When possible, use should allow risk visualisation via geographical infor- 
mation systems. By overlaying this information onto chemical analysis data, 
contamination hot spots can be identified. 

2. Apply biological methods capable of accurate assessment of ecological 
effects that integrate mixture and bioavailability effects. 


The diverse nature of soil contamination means that it is currently not possible to 
recommend a single assay for soil quality assessments in all circumstances. A 
suite of assays is likely to be the most useful approach. Within the suite, comple- 
mentary methods applicable for a range of contaminants at different concentration 
levels and in a range of soils are needed. These include bioassay/biomarker/ 
biosensor methods that: 


e Detect both generic effects and also selected priority contaminant groups. 

e Measure responses in a range of organisms, including plants, bacteria, fungi 
and subsurface and surface-dwelling soil invertebrates. 

e Measure responses at a range of biological levels of organisation, thus eco- 
logical and biological indicators will show that changes to ecosystem func- 
tions have occurred; bioassays indicate that there may be significant impacts 
on individuals, whereas biomarkers may provide early warning of exposure 
and effect. 


In recommending assays, the existence of an internationally standardised proto- 
col is an important factor for the credibility of a given test. Coupled to this, 
however, is the recognition that there can be a considerable time delay before 
standardisation is attained and in any case current standard tests have not been 
fully developed for contaminated soil assessment. Even when tests become 
standardised, developments do not cease and methods can change on the basis 
of improved knowledge. For example, a revision of the OECD terrestrial plant 
growth test (OECD, 2000) first published in 1984 (OECD, 1984) has been 
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released. That said, some of the internationally standardised tests are among the 
most suitable assays for use in contaminated soil assessment. These include 
Microtox® (and similar systems), which has the potential as a screening tool, 
and toxicity tests with plants and the three invertebrate groups (earthworm, 
enchytraieid and springtail), which can be used for detailed effect assessment. 
The remaining standardised assays, however, appear either to be less relevant for 
use with soil systems (in the case of the aquatic test) or insufficiently sensitive to 
the effects of chemical disturbance (in the case of carbon and nitrogen mineral- 
isation). 

Accepting that the absence of an international guideline should not be a barrier 
to the use of developing methods, further useful methods can be identified. Some, 
such as the bait lamina (Törne, 1990a) and earthworm lysosomal membrane 
stability assay (Weeks and Svendsen, 1996), are now well established in the 
scientific literature and appear particularly suited to assessing exposure and 
effects. Some of the biomarker techniques, such as ChE inhibition, metallothio- 
nein induction and possibly immune function assessment, can be used to provide 
valuable information regarding the nature of the chemicals present and the expos- 
ure of soil species. 

For all these tests, interpretation and use would be easier if data on baseline 
responses were available. Currently, the quantity and quality of baseline data 
vary between tests. In the cases of standardised tests, such as the earthworm 
reproduction bioassay, performance criteria exist that can be used to discern if an 
observed effect is significant. For other assays, information of this type is not 
available. One area that any work to establish baselines should focus on is the 
interplay between soil factors, ecotypes and measured responses. This will give 
baselines for variation within the tests and will help to derive performance 
criteria that can be used as part of an algorithm to discern the status of a given 
location. 

Among the developing techniques there are clearly some assays that have 
potential for ecotoxicological studies and contaminated soil assessment. New 
approaches for microbes, such as PLFA and nucleic acid-based analysis, appear 
to offer an improved resolution for the effects of chemical exposure on the 
composition of the microbial community. Demographic approaches offer an 
apparent means by which to improve our ability to predict the long-term effects 
of chemical exposure. One of the most rapidly developing and promising areas is 
molecular genetics and biochemistry. Here, developments in medical diagnostics 
are the principal driving force behind the development of a suite of new 
technologies. The pace of development in this field means that regulatory 
agencies should remain informed on current developments (Kille et al., 2003). 
Methods such as microarrays, proteomics and metabolic profiling in particular 
appear to offer a real potential for elucidating the exposure of species to 
chemicals in contaminated soils and a platform from which to predict toxic 
effects. 
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7 Review of biomarkers and new techniques 
for in situ aquatic studies with bivalves 


Francois Gagné and Christian Blaise 


7.1 Introduction 


The social and economic expansion of society has contributed to the release of 
xenobiotics into aquatic environments that could impede the long-term survival of 
feral populations. These substances are either by-products of technology, includ- 
ing biotechnology, or of geological alterations by mining and land modifications. 
In addition to global changes, such as depletion of the ozone layer, climate 
change, loss of natural habitats and the reduced availability of drinking water, 
environmental degradation due to the release of thousands of chemicals poses a 
threat to the long-term survival of organisms and the maintenance of biodiversity. 

The impacts of environmental contaminants on wildlife are usually determined 
by resorting to the measurement of biomarkers of exposure and effects. Biomar- 
kers can be defined as any biochemical, physiological or morphological measure- 
ment that provides information about an interaction between a particular living 
entity and its immediate environment. These interactions can involve biological, 
chemical and/or physical agent(s). Although the domain of biochemical ecology 
or systematics deals with these interactions, especially in the context of signalling 
and communication with the environment, the domain of ecotoxicology deals with 
deleterious interactions between a chemical or physical agent and target tissues. 
Biomarkers are classified according to the nature of the interaction, level of 
biological organization and time scale. In this review, we discuss four types of 
biomarkers: biomarkers of exposure, biomarkers of early biological effects and 
defence, biomarkers of damage and biomarkers of reproduction (Table 7.1). 

Biomarkers of exposure are used to assess an organism’s exposure to a particu- 
lar contaminant or class of contaminants. Usually, measurement of the toxicant or 
metabolite(s) in target tissues confirms that exposure actually took place. The 
measurement of adducts to proteins or DNA is another means of assessing 
exposure. For example, the formation of DNA adducts confirms not only that 
exposure occurred but also that a biochemical interaction with biological target(s) 
took place. With respect to physical agents such as ionizing radiation, exposure to 
this type of agent could be confirmed by the presence of a specific chemical 
signature (e.g. the formation of pyrimidine dimers in nucleic acids). 

Biomarkers of early biological effects and defence provide information on 
biological disturbance or changes that do not necessarily translate into toxic 
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Table 7.1 Types of biomarkers used to assess the health of aquatic species. 


Type of biomarker Role Examples 


Exposure To determine exposure to aclass of Tissue body burdens DNA or 
contaminants and its reactivity to protein adducts 
biochemical ligands 


Early biological Initial reactions towards the Extrusion of chemicals outside 
effects presence of contaminants cells by protein pumps 
Defence mechanisms are a Induction of metal-binding 
special case of early biological proteins or biotransformation 


effects. They are either adaptive or enzymes for elimination 
defensive reactions and do not 
represent actual toxic damage. 


Damage A direct measure of toxic damage Lipid peroxidation 
at the molecular and cellular levels DNA strand breaks 
These effects could compromise Inflammation 


the long-term survival of the Immunosuppression 
individual 

Reproduction To assess reproductive status. Decreased vitellogenesis in 
Alteration of reproduction could females or increased vitellogenin 
have more direct impacts on levels in males (endocrine 
population status disruption) 


effects. Defence mechanisms are adaptive biochemical or physiological processes 
in response to exposure to contaminants. For example, some contaminants are 
excluded from the intracellular environment by inducing a P-glycoprotein multi- 
xenobiotic transporter protein (also called a multixenobiotic resistant transporter) 
at the cytoplasmic membrane, thus preventing the chemicals from reaching toxic 
concentrations and altering the normal homeostatic function of cells (Eufemia and 
Epel, 2000). The expression of these transporters is more of an adaptive response 
to the presence of xenobiotics than a toxic effect. 

Biomarkers of damage are related to the assessment of a specific damage that 
could compromise normal cell function. For example, the formation of lipid per- 
oxides by pro-oxidants indicates that lipids are damaged by these chemicals either 
directly (acting as oxidants) or indirectly, i.e. blocking the enzymes involved in the 
reduction of hydroperoxides in cells (Cossu et al., 2000). Biomarkers of reproduc- 
tion assess the capacity of the organism to reproduce effectively (Table 7.2). One 
such biomarker is the capacity of females to produce the egg-yolk protein precursor 
vitellogenin, the major energy source for the developing embryo. 

Biomarkers of early biological effects and damage can be measured at several 
levels of biological organization, i.e. the molecular, cellular, tissue, systemic and 
individual levels. Biomarkers should be selected for their usefulness in evaluating 
the health of an individual and designed to permit preventive measures with 
respect to population status and maintenance of biodiversity. Indeed, they should 
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Table 7.2 Overview of biomarkers to assess reproduction status of aquatic organisms. 


Sexual differentiation 


Gametogenesis 


Fertilization and 


Biomarker (target: nerve centers) (target: gonad) spawning (target:gonad/gills) 
Biochemical Females: decreased Steroidogenesis Increased serotonin 
parameters serotonin content and (progesterone, and cyclooxygenase 
increased estradiol and testosterone activity (prostaglandin 
aromatase activity in and estradiol- production) during 
nerve centres 178) spawning 
Males: increased Activation of aspartate Fertilization leads to germinal 
serotonin and low transcarbamoylse for vesicle breakdown and 
oestradiol content in pyrimidine synthesis increases free calcium 
nerve centres. ; in fertilized eggs 
i ; Increased dopamine 88 
Secretion of a penis . 
f levels during gamete 
forming factor develo inent 
(APGW P 
neuropeptide) Vitellogenesis in 
females 
Spermatogenesis 
Increased RNA/DNA 
ration 
Known Estradiol-3-benzoate Estradiol-17B Fluoxetine (spawning) 
disruptors (feminization of Nonylphenol Ibuprofen 
oysters) Tributyltin 
Tributyltin 


(masculinization of 
clams and gasteropods) 


have some predictive value regarding impaired reproduction, increased suscepti- 
bility to diseases and reduced life span (van der Oost et al., 2003). This implies 
that the effects measured ideally should be characterized in terms of reversibility 
versus irreversibility. Clearly, an irreversible effect is of greater consequence to 
the long-term survival of an organism. In addition to these criteria, the effects 
measured should be predictive or at least provide some information regarding 
population maintenance. For example, the elevation of metallothioneins in the 
gills of mussels held in lakes contaminated by mining activities was found to be 
related to changes at the morphological level, such as reduced growth and weight- 
to-length ratio (Couillard et al., 1995). These morphological end-points might be 
influential on population survival. 

Bivalves are particularly at risk to contaminants because they are sessile and 
live for relatively long periods (up to 30 years, depending on the species). The 
present decline of freshwater mussel populations is believed to be multifactorial. 
Habitat destruction by siltation, dredging channeling and pollution are among the 
likely contributors to this decline. Domestic sewage and effluent from paper mills, 
tanneries, chemical plants, steel mills, acid mine runoff and agriculture all have 
been implicated in the destruction of mussel populations (Bogan, 1993). The 
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purpose of this review is to highlight the use of biomarkers to assess the 
health status of bivalves in both freshwater and marine settings. The subject 
of DNA damage (genotoxicity) will not be discussed here because it is 
treated in another chapter of this book (Chapter 8). Some consideration will 
be given to the effects of pollutants on the reproductive status of these 
organisms. The integration of biomarkers on spatial and temporal surveys and 
the relevance of biomarkers to the assessment of population maintenance will also 
be discussed. 


7.2 Biomarkers of exposure 


Evaluation of exposure usually is performed by measuring the amount of contam- 
inant(s) in the whole organism. This will provide a preliminary indication of the 
bioavailability of a group of contaminants with respect to the organism. Further- 
more, the presence of adducts to proteins or DNA offers the opportunity to assess 
their respective affinity or reactivity towards biological molecules. 

In bivalves, exposure to contaminants usually is performed on the organism as a 
whole. This approach has some limitations in that no information is provided 
regarding the location of the major proportion of the contaminant in tissues. 
Furthermore, the level of contaminants that accumulates in a specific target tissue 
could be diluted by other organs when assessing the burden carried by the entire 
body mass. For example, it was shown that mussels exposed for 62 days to a 
municipal plume accumulated less cadmium and had unchanged silver levels 
when the metal evaluation was conducted on the whole soft-tissue, but cadmium 
and silver levels were significantly higher in the gills (Gagné et al., 2002b). 
Moreover, increased gill metallothionein levels were found in mussels from a 
site 4km downstream whereas decreased metallothionein levels were found in the 
digestive gland. These results suggest that redistribution of contaminants in target 
tissues could lead to toxic stress, although no apparent changes are observed in the 
total amount of contaminants in the whole body. 


7.3 Biomarkers of early biological effects and defence 


Once a chemical enters the vicinity of the cell’s environment, it is usually 
adsorbed to the cell surface or passes through the cell membrane by passive 
diffusion, pore channels or active transport (e.g. receptors). Although some chem- 
icals could interact with specific targets, others will react with miscellaneous sites 
depending on their chemical reactivity. Indeed, not all toxicants act through 
specific targets to produce toxic effects. Some act through hormone receptors 
(i.e. nonylphenol) or acetylcholinesterase inhibitors (i.e. organophosphorus and 
carbamate pesticides) and others produce their effects by non-specific interactions 
to intracellular components. For example, current evidence suggests that binding 
of cadmium to high-molecular-weight components in the cell leads to cytotoxi- 
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city, and protection from cell impairment occurs when the metal is sequestered by 
metal-binding proteins such as metallothionein. 


7.3.1 Defence mechanisms 


Cells are equipped with a P-glycoprotein located at the cytoplasmic membrane that 
extrudes xenobiotics from the cell’s intracellular environment. This transporter 
protein was first identified as a multidrug resistance pump in tumour cells that 
became resistant to anticancer drugs (van Tellingen, 2001). This pump represents a 
formidable defence mechanism by which cells could protect themselves, thereby 
excluding potentially cytotoxic xenobiotics. Environmental contaminants induce 
this multixenobiotic resistant (MXR) protein in Mytilus edulis (Eufemia and Epel, 
2000) but other contaminants that could block this MXR transporter were found by 
Smital and Kurelec (1998) in sediment extracts at polluted sites, rendering the 
organism highly sensitive to other pollutants. They have shown that exposure of 
mussels to polluted rivers enhanced the accumulation of rhodamine B dye or a 
carcinogenic aromatic amine in gills, indicating that contaminants could act as 
chemosensitizers by enhancing the bioaccumulation of toxic chemicals. This was 
also shown in another study in which membrane vesicles treated with staurosporine 
(as MXR transporter blocker) enhanced single-strand DNA broke upon exposure to 
2-acetylaminofluorene from the gills of the freshwater clam Corbicula fluminea 
(Waldmann et al., 1995). Organic anion-transporting polypeptides are another class 
of proteins involved in the extrusion of amphipathic organic solutes, such as steroid 
conjugates, numerous drugs and organic dyes (Bresler et al., 1999, Hagenbuch and 
Meier, 2003). 

Both thermal- and chemical-induced cellular stress bring about the production 
of various methionine-rich proteins in molluscs and vertebrates (Veldhuizen- 
Tsoerkan et al., 1991a; Snyder et al., 2001). These proteins initially were identi- 
fied as heat-shock proteins (induced by brief, non-lethal exposure to heat) but also 
were found to be induced by a variety of compounds, including heavy metals such 
as cadmium and hydrocarbons found in crude oil (Kammenga et al., 2000; Snyder 
et al., 2001). These proteins display defined molecular weights (23, 60, 70 and 
90 kDa) and are supposed to be involved in the maintenance of protein folding, 
hence their role as molecular chaperones or chaperonins. Protein folding could 
change upon exposure to heat or chemicals. Indeed, mussels held at contaminated 
sites for 10 weeks were less likely to produce heat-shock proteins after stress 
treatments, i.e. aerial exposure and increased temperature (Veldhuizen-Tsoerkan 
et al., 1991b), indicating that tissues were more susceptible to protein denaturation 
from heat or chemical exposure. 

Heavy metals are well known for inducing the synthesis of a family of metal- 
binding proteins called metallothioneins (Frazier, 1986). These low-molecular- 
weight proteins (6000 Da) contain 25-30% cysteine, enabling them to sequester 
divalent metals such as cadmium, copper, mercury and zinc from the Ib and 
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IIb groups of the Periodic Table. The sequestration of heavy metals by metal- 
lothionein prevents them from binding to high-molecular-weight proteins such as 
receptors, transporters and enzymes, which is thought to be the major detoxifi- 
cation mechanism. Metallothioneins also are involved in the mobilization (i.e. 
storage and transport) of essential metals such as zinc and copper in the intracel- 
lular environment, hence their role in metal homeostasis in cells. Levels of 
metallothionein in the bivalve Corbicula fluminea paralleled the depuration rates 
of cadmium and zinc levels, with estimated half-lives of 400 and 52 days, 
respectively (Baudrimont et al., 2003). This low depuration rate for cadmium 
was shown in an earlier study with the green-lipped mussel Perna viridis (Yang 
et al., 1995). 

In oviparous organisms, metallothioneins were found to be correlated nega- 
tively with the synthesis of vitellogenin, the egg-yolk protein precursor that also 
binds zinc and perhaps other essential metals (Olsson and Kling, 1995; Blaise 
et al., 2002b). Thus, metallothionein levels could be modulated during the repro- 
ductive cycle of organisms (i.e. gametogenesis) and special care should be con- 
sidered when reporting metallothionein concentrations in temporal field studies. 
Metallothionein levels were also found to be correlated positively with organism 
size (Amiard-Triquet et al., 1998; Cosson, 2000). 

Metallothioneins are also induced by other factors, such as oxidative stress, 
heat shock (sometimes considered a heat-shock protein), inflammatory condi- 
tions (related to oxidative stress) and glucocorticoid hormones, which limit their 
specificity towards heavy metal exposure. Thus, tissues should be measured for 
both metallothioneins and metals in an attempt to relate metallothionein re- 
sponses to heavy metal exposures. In fact, the identification of metals seques- 
tered by metallothionein might provide additional information. For example, it 
was found that metallothioneins were saturated with tin in zebra mussels col- 
lected from a harbour contaminated by tributyltin (de Lafontaine et al., 2000). In 
an attempt to define a biomarker of early biological effects more specific to 
heavy metals, it was proposed that increased labile zinc, an essential metal, could 
hold promise in this respect when measured in rainbow trout primary hepatocytes 
(Gagné and Blaise, 1996). The principle is that the entry of toxic metals in cells 
competes with the binding sites of essential metals such as zinc, thereby increas- 
ing the free form (i.e. bound only to low-molecular-weight ligands) of essential 
metals. Moreover, exposure of rat hepatocytes to the metallothionein-inducing 
glucocorticoid dexamethasone and the inflammatory mediator interleukin-3 had 
only a slight impact on the levels of labile zinc (Coyle et al., 1994), suggesting 
specificity of the response. Microsomal heme oxygenase (another heat-shock 
protein, HSP 32) was shown to be induced readily in vertebrates (Sunderman, 
1987) but this has yet to be demonstrated in bivalves, nor has it been demon- 
strated that its induction is specific to heavy metals. Heme prosthetic groups are 
ubiquitous in cells and some of them have been shown to have hydroxindole 
oxidase activity in mussels (Kampa and Peisach, 1980). 
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With respect to aromatic hydrocarbons, bivalves, are considered to have low 
cytochrome P450-dependent biotransformation capacity. Hence, they will be more 
susceptible to bioaccumulating non-polar organic compounds than eliminating 
them (Moore and Allen, 2002). Notwithstanding this low biotransformation cap- 
acity, benzo[a]pyrene (B[a]P) hydroxylase activity was found in microsomes of the 
digestive gland of the blue mussel Mytilus galloprovincialis (Akcha et al., 1999). 
Again, B[a]P-like DNA adducts were correlated with whole mussel tissue B[a]P 
concentration. However, exposure of mussels to Arochlor 1254 and hexachlorobi- 
phenyl leads to increased expression of CYP1A-immunopositive protein using 
hepatic CYP1A of perch, but no increase of CYP1A-like mRNA was observed 
using CDNA of rainbow trout CYP1A1 (Livingstone et al., 1997). This observation 
could be explained by the increased enzyme turnover without increasing the total 
amount of enzyme in tissues and by the increased half-life of CYP1A mRNA. 

Soft-tissue homogenate extracts of the digestive gland of Dreissena polymor- 
pha were found to have increased 7-ethoxyresorufin O-deethylase activity after 
exposure to a municipal effluent plume for 62 days but no significant change in 
activity was detected in digestive gland homogenates of Elliptio complanata 
mussels (Gagné et al., 2002b). Furthermore, digestive gland microsomes of 
Mytilus galloprovincialis from a polluted site showed higher levels of CYP1A, 
CYP2E and CYP4A, as determined by polyclonal antibodies raised against fish 
species (Peters et al., 1998). Also, they have shown immunoreactivity with at 
least five cytochrome P450s (CYPIA, CYP2B, CYP2E, CYP3A and CYP4A) in 
digestive gland microsomes. Phenobarbital is a known inducer of CYP2B cyto- 
chromes. Many pharmaceutical compounds, such as carbamazepine and loper- 
amide (discharged in municipal wastewater), are known to be metabolized by 
CYP3A4. This isoform also possesses testosterone 6B-hydroxylase activity, 
indicating that these drugs (aromatic amine compounds) could alter the levels 
of sexual steroids in bivalves. It appears that mussels are equipped with cyto- 
chrome P450-dependent monooxygenase enzymes but their induced expression 
is difficult to demonstrate. 

Glutathione S-transferase (GST), a noteworthy phase II conjugating enzyme 
family, is readily found in gill and digestive-gland tissues (Akcha et al., 2000). It 
catalyzes the conjugation of reduced glutathione to an electrophilic site of the 
contaminant, thus increasing its hydrophilicity for elimination. Induction of GST 
is not specific to a particular chemical class but exposure to 100 wg/l furadan for 
96h failed to induce the activity of gill GST in the mussel Perna perna and the 
mangrove oyster Crassostrea rhizophorae (Alves et al., 2002). In another study, 
the activity of GST in gills and hepatopancreas was found to be correlated 
positively with the levels of chlorinated hydrocarbons but not with chlorinated 
pesticides in the marine mussel Perna viridis (Cheung et al., 2002). Activity of 
GST in the hepatopancreas appears to be induced readily by high-molecular- 
weight polyaromatic hydrocarbons (PAHs) (e.g. 5-6 PAHs-ring compounds 
such as B[a]P) but not by low-molecular-weight PAHs (e.g. naphthalene) in 
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M. edulis mussels (Gowlan et al., 2002). Thus, GST activity correlates with 5—6- 
ring PAHs rather than with the total burden of PAHs in tissues. 


7.4 Biomarkers of damage 


This class of biomarkers measures actual toxic effects at the molecular, cellular 
and physiological levels. It is more closely related to pathological conditions 
(morbidity) that could lead to death. The oxidative status of cells has been 
proposed as a universal mechanism leading to cell dysfunction. The normal 
metabolism (e.g. B-oxidation, pentose shunt pathway, immune function) produces 
oxidizing precursors such as hydrogen peroxide (H202), nitric oxide (NO) and 
peroxynitrite (ONOO) that are rapidly eliminated by non-enzymatic and enzym- 
atic antioxidants to prevent tissue damage. 

Hydrogen peroxide is readily eliminated by non-enzymatic antioxidants (such 
as vitamins A, C and E and reduced glutathione) and by enzymatic pathways. 
These include catalase, superoxide dismutase, glutathione peroxidase and reduc- 
tase, which are involved in the elimination of hydroxy] radicals in tissues. This 
delicate balance could be altered by stress, such as chemical exposure, inflamma- 
tory responses and physical agents (heat, radiation). Increased production of these 
oxidants leads to injury, such as DNA damage (including mutation), lipid perox- 
idation (LPO), inflammation and tissue necrosis (Canova et al., 1998; Living- 
stone, 2001; Cheung et al., 2002). Mussels collected from an area contaminated by 
industrial effluents were shown to have increased lipid peroxidation in tissues 
(Cossu et al., 2000). They also found that lipid peroxidation was inversely 
proportional to the activity of antioxidants, such as reduced glutathione, glu- 
tathione reductase and peroxidase. 

For its part, NO is related to neuro-immune status in bivalves. During phagocyt- 
osis, NO is released in hemocytes and combined with superoxide anion from H202 
(OH) to yield peroxynitrite in an attempt to destroy biological agents (e.g. yeasts, 
viruses and bacteria) (Arumugam et al., 2000). NO is produced by calcium-depend- 
ent NO synthase, which is controlled, in part at least, by opioid receptors in microglia 
(Liu et al., 1996). The general effects of opioids are immuno-inhibitory rather than 
immuno-stimulatory in hemocytes. Although opioid peptides do not appear to have 
any influence on NO production, exposure to morphine leads to increased produc- 
tion of NO in hemocytes. Opioid peptides did not stimulate NO release, indicating 
that the process is controlled by the w3-receptor. In the context of the release of 
pharmaceuticals in the environment by municipal and hospital effluents, the pres- 
ence of morphine-related compounds is likely to impede these processes. Mya 
arenaria clams, collected at sites close to an urban area, were shown to have 
increased phagocytosis activity, suggesting that immunostimulating effects could 
be observed in the field (Blaise et al., 2002b). Of course, it remains to be confirmed 
whether opioid drugs are a causative factor for the observed effects in these bivalves. 
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7.5 Biomarkers of reproduction 


Significant breakthroughs in knowledge related to bivalve reproduction have been 
documented in the literature in recent years. Bivalve reproduction consists of 
many critical steps, beginning in nerve centres and ending in gonad tissues. 
These steps are sexual development, gametogenesis, fertilization and spawning 
(Table 7.2). On the whole, sexual differentiation processes are not completely 
understood in bivalves but some aspects are gaining a better understanding. 
Serotonin, dopamine and sexual steroids are involved in the sexual differentiation 
process (Martinez and Rivera, 1994; Croll et al., 1995). In the Tilapia brain, 
serotonin and estradiol are inversely related in females (Tsai et al., 2000). Expos- 
ure of nerve tissues to estradiol-178 or to a serotonin synthesis inhibitor was 
equally effective in increasing the female-to-male ratio in young broods. In the 
oyster, injection of estradiol-3-benzoate during the undifferentiated stage signifi- 
cantly increased the number of females (Mori et al., 1969). Moreover, the female 
part of the gonad in the hermaphrodite clam, Argopecten purpuratus, contains less 
serotonin than its male counterpart (Martinez and Rivera, 1994). 

Serotonin levels are regulated by monoamine oxidase (MAO), which is the 
main elimination pathway for monoamines such as dopamine, serotonin, octopa- 
mine and noradrenaline. The MAO activity could be induced by a variety of 
secondary amines in the environment and could likely modulate serotonin levels 
in nerve tissues and perhaps sex differentiation. For example, MAO activity in the 
nerve ganglia and gonad was shown to be induced with a concomitant decrease in 
serotonin and dopamine in mussels exposed for 90 days, 10 km downstream from 
a primary-treated municipal effluent plume (Gagné and Blaise, 2003). In contrast, 
scallop MAO activity was shown to be repressed by pharmaceuticals such as the 
type A and B inhibitors deprenyl, pargyline and clorgyline (Pani and Croll, 1998). 

The formation of male sexual organs in gastropods seems to be controlled by 
the release of the APGW neuropeptide (Ala-Pro-Gly-Trp-NH,) in neurons that 
innervate gonad tissues. However, this neuropeptide was found also in the central 
nervous system of the deep sea scallop P. magellanicus (Smith et al., 1997). It was 
present in both juveniles and adults and immunoreactivity was found in ganglia of 
both sexes. Hence, the exact physiological role of this neuropeptide and other 
peptides with respect to the gametogenesis of the male reproductive tract in 
bivalves remains to be fully understood. 

Gametogenesis could be followed by biomarkers indicative of gamete activity. 
During this process, significant amounts of pyrimidine and purine are required to 
produce sperm and oocytes. Aspartate transcarbamoylase is the rate-limiting 
enzyme of pyrimidine biosynthesis (Mathieu ef al., 1982). The activity of this 
rate-limiting enzyme was found to be correlated with the gonadosomatic index in 
the blue mussel M. edulis. Moreover, the stimulatory action of cerebral ganglia co- 
cultivation with mantle tissues is associated with increases of this enzyme activity 
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(Mathieu, 1987). The RNA/DNA ratio also is readily increased during gamete 
maturation because the amount of RNA is increased to assist protein synthesis. 
Dopamine levels also rise during this stage and fall just before spawning, when 
there is a concomitant rise in serotonin (Osada and Nomura, 1989). 

Vitellogenin, the egg-yolk precursor, is regulated by the estrogen receptor in 
oviparous organisms. It is a high-molecular-weight (in the range 400-600 kDa) 
glycophospholipoprotein that provides energy for developing embryos. Although 
vitellogenin is produced in the liver of vertebrates, current evidence indicates that 
this process occurs in gonad tissues in invertebrates. Under natural conditions, 
oocytes produce estradiol-178 (E2) to initiate vitellogenesis, leading to the pro- 
duction of large amounts (ng to mg) of vitellogenin for the developing embryos. 
During this phase, dopamine levels are steadily increased (Osada and Nomura, 
1989). Indeed, a significant increase of dopamine was produced 22h after the 
gonad was exposed to Ep, indicating that E> is involved in the regulation of this 
monoamine in the gonad. Other estrogens, such as p-nonylphenol, may also 
activate vitellogenesis and vitellogenin production in males is used as a biomarker 
to detect the early biological effects of estrogens (Sumpter and Jobling, 1995). 

Vitellogenin synthesis in invertebrates (bivalves) seems to occur in the vesicu- 
lar connective tissue in female gonads, from where it is transported to the oocytes 
by pinocytosis. Final metabolic transformations are thought to occur in the oocytes 
(Eckelbarger and Davis, 1996). Thus, vitellogenin production occurs through 
heterosynthetic (i.e. vesicular connective tissues) and autosynthetic (i.e. oocytes) 
pathways (Pipe, 1987; Eckelbarger and Davis, 1996). This biosynthetic process 
was shown to be regulated by estrogens in the oyster Crassostrea gigas (Li et al., 
1998) and in the clam Mya arenaria (Blaise et al., 1999; Gagné et al., 2002a), 
such that injection of estradiol leads to increased levels of vitellogenin in the 
gonad. Moreover, the presence of specific and saturable E, binding (receptors) in 
gonad tissues was demonstrated for the first time in Elliption complanata mussels 
(Gagné et al., 2001). Shellfish appear to produce sexual steroids (i.e. estrogens and 
androgens), which play a major role in the reproductive cycle of these organisms 
(Delongcamp et al., 1974). Because bivalves are immobile, they may be at risk 
particularly when exposed continuously to sources of estrogen, such as urban 
effluents. Indeed, exposure to xenoestrogens throughout their sexual development 
stages and reproductive cycles could decimate the population by augmenting 
feminization. 

Spawning is usually induced by serotonin or potassium and prepares the 
oocyte for fertilization. In addition, increased dopamine levels have been meas- 
ured after injections of E, in the sea scallop, but they dropped during the active 
spawning period (Osada and Nomura, 1989). Moreover, dopamine was shown to 
inhibit spawning activity in serotonin-treated D. polymorpha mussels (Fong et al., 
1993), indicating that spawning activity is stimulated by serotonin but negatively 
controlled by dopamine (i.e. dopamine is linked to gametogenesis rather than 
spawning and fertilization). In another study, dopamine and noradrenaline levels 


216 ENVIRONMENTAL TOXICITY TESTING 


were low at the spawning stage in bivalve molluscs (Osada et al., 1987). 
Treatment of gonad tissues with 0.1-1 uM serotonin was found to stimulate 
egg release in the scallop ovaries (Osada et al., 1992). Moreover, egg release 
calls for the production of prostaglandins for smooth muscle contraction to assist 
egg expulsion. Prostaglandins are produced by prostaglandin synthase (or ara- 
chidonate cyclooxygenase) and its activity can be used to monitor the spawning 
process. Interestingly, the cyclooxygenase inhibitor acetylsalicylic acid (aspirin) 
inhibited the accelerating effect of E2 on serotonin-induced egg release. In 
another study with tricyclic antidepressants (i.e. serotonin reuptake inhibitors 
such as fluoxetine), these compounds were found to reduce spawning activity 
and fertilization of eggs in zebra mussels (Hardedge et al., 1997). 

At the completion of oocyte maturation, oocytes are maintained at the germinal 
vesicle stage (i.e. prophase I) in the ovary (Fong et al., 1994). Fertilization leads to 
germinal vesicle breakdown, which involves many mediators, such as serotonin, 
calcium/calmodulin, cAMP messenger systems, potassium uptake, and the acti- 
vation of protein kinases for protein phosphorylation and inositol triphosphates. 
Maturation was induced in Spisula oocytes by 5 uM of serotonin (Haneji and 
Koide, 1988). After 10 and 30min of incubation, significant incorporation of 
radioactive phosphates (°P) in proteins from **P-labelled ATP and GTP was 
observed on sodium dodecyl sulphate polyacrylamide gel electrophoresis (SDS- 
PAGE) just before germinal vesicle breakdown. Serotonin also initiates germinal 
vesicle breakdown and oocytes, to be arrested at metaphase I to await fertilization 
(Moreau et al., 1996). Serotonin is well known to participate in the maturation of 
meiose-arrested oocytes. Inhibition of serotonin reuptake by antidepressive drugs 
(selective serotonin uptake inhibitors) in oocytes could reduce maturation and 
perhaps fertility (Juneja et al., 1993). Thimerosal, an organic mercury complex 
used as an antiseptic in many pharmaceutical preparations, was found to have 
similar serotonergic effects toward germinal vesicle breakdown in oocytes of the 
clam Ruditapes philippinarum (Lippai et al., 1995). Moreau et al. (1996) demon- 
strated that release from metaphase I block is produced by sperm or excess KCI and 
that fertilization requires functional calcium channels. These studies suggest that 
environmental contaminants are likely to act at each stage of reproduction. 


7.6 Integrating effects 


Biomarkers are often used in test batteries to evaluate the effects of exposure to 
multiple sources of contaminants and to detect responses to various sources of 
pollution, such as harbours, miscellaneous industrial sites and municipal and 
hospital wastewaters. Field studies with biomarkers are often plagued by various 
constraints, such as spatial variation (e.g. change in habitat characteristics), 
temporal variation (e.g. cycle of reproduction) and availability of organisms that 
can hamper data acquisition and prevent the use of multivariate methods during 
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statistical analysis. The full potential of biomarker test batteries in monitoring 
approaches based on effects is often limited by a lack of integrative statistical 
models over spatial and temporal settings. Only a handful of approaches have been 
proposed to date, some of which are discussed below. 

Biomarker data sets can be plotted on star plots, where the intensity of the 
responses is directly proportional to the surface area at each site (Figure 7.1). An 
integrated biomarker response (IBR) can then be calculated simply by adding the 
surface area for each biomarker response (Beliaeff and Burgeot, 2002). First, 
this approach calls for estimation of the mean value of the population at each 
site, where available, or a generic value obtained from a pooled sample of 
organisms. After standardization of the mean estimates for each site with respect 
to the mean and standard deviation for all the stations, the standardized mean 
estimates are scored by adding the minimum value of all the stations. The scored 
values are then plotted according to their relative area in star plots available in 
common spreadsheet software, such as Excel (Figure 7.1). Then, the IBR index is 
obtained as the sum of areas for each biomarker. This approach offers the ability to 
plot visually a multivariate data set and identify the most affected sites in a spatial 
study. Moreover, the IBR is based on the sum of the responses observed in 
organisms and not on mean values. However, this approach still depends on the 
data distribution because it requires sound mean estimates. The IBR is also 
practical for observing changes over time by following changes in the surface 
area of the IBR with respect to sites but natural temporal variation is not discrim- 
inated with this approach. This limitation is understandable because no assump- 
tion of site quality is factored into the model. In other words, no assumptions are 
made to identify a reference site or a site supposed to be contaminated only 
slightly. 

A classification scale also based on biochemical markers has been proposed 
(Narbonne ef al., 1999). In this approach, each biomarker response is scaled 
according to the discriminant factor, defined as the difference between the lowest 
and highest value of the mean at the site plus the confidence interval divided by 
the confidence interval of the data set. For example, if the difference between the 
highest and lowest mean is 15 units for metallothionein and the confidence 
interval of the data set is 5, then (15 + 5)/5 = 4 classes could be generated to 
scale the metallothionein responses. Then, each biomarker mean is assigned a 
class value depending on its position with respect to the total number of classes. 
This approach is applied to each biomarker and the corresponding classes at each 
site are added, resulting in an integrated biomarker response index. This approach 
requires parametric data because the classification scale is produced through 
discriminant factor definition. Thus, this approach is relevant to spatial studies 
when good estimates of the central value (i.e. good replication is needed) are 
available at each site for each biomarker. 

When the data are non-parametric, even after transformation (e.g. log trans- 
formation), a ranked approach can be used to calculate an index (Blaise et al., 
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Figure 7.1 Integrative biomarker index as star plots. The integrated biomarker response is obtained from the 
sum of areas of each biomarker in the test battery. For the spatial survey, it can be observed that sites 1 and 4 
are more stressed or affected than the other sites. The general response of biomarkers can be appraised in 
temporal settings where changes are observed between sites over time. 


2002a). The mean value for each site is assigned a rank value with increasing 
order (i.e. the lower mean corresponds to rank 1 and the highest mean value 
corresponds to the highest rank value), such that the highest rank number corres- 
ponds to the number of sampling sites. Then, each site is tested with a rank-based 
multicomparison test (e.g. Mann-Whitney U test) to confirm a statistical differ- 
ence between each site. If the difference is not statistically significant then both 
sites are assigned the same rank value. Conversely, if the difference is statistically 
different then rank values of 1 and 2 are assigned accordingly (i.e. rank 2 
corresponds to a significantly higher value than rank 1). The process is repeated 
between rank 2 and rank 3 sites and so forth. Thus, each rank value assigned to a 
site corresponds to a statistical difference as determined by a non-parametric 
statistical test. The rank value for each biomarker is then added to yield a 
biomarker index. 

In field studies, data are not always normally distributed or parametric, even 
with relatively high replication (N = 10-16 individuals per site) and the use of 
data transformation techniques (e.g. logarithmic, reciprocal or arcsine). This could 
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limit multivariate analyses (such as discriminant and principal component ana- 
lyses) in an attempt to discriminate the most affected sites and the most important 
or relevant biomarkers. Distribution-free multivariate analysis is possible using 
rule-based approaches, such as rough set analysis and classification trees (Chévre 
et al., 2003b). Rule-based approaches have the advantage of complete independ- 
ence from data distribution constraints. These approaches are explained in detail 
in the above reference. With respect to discriminant analysis, rough set analysis 
and classification trees provided better classifications from a data set having some 
non-parametric distributions, even after log transformation. Moreover, rough set 
analysis, like discriminant and principal component analyses, provided classifica- 
tion rules that could identify the most important biomarkers for site identification. 
Furthermore, rough set analysis offers the possibility of discretization of continu- 
ous data into classes. The discretization procedure used by the ROSE2 software 
(Fayyad and Irani, 1993) is a recursive algorithm that minimizes entropy, i.e. the 
amount of information necessary to form a class. 

Integrating biomarkers in temporal surveys presents additional difficulties 
compared with spatial surveys, where data are obtained in a given time frame. 
Indeed, biomarker responses vary throughout the year due to ‘natural’ variables 
such as the reproductive state of the organism, sexual differentiation, temperature, 
nutrient status and habitat modification. The natural temporal variation must be 
characterized in some way to highlight the effects of pollution, or else confusing 
results might be obtained. For example, in a molluscan biomarker study performed 
in littoral regions of the Red, Mediterranean and North Seas, although some 
biomarkers responded readily at affected sites (e.g. enhanced frequency of DNA 
lesions, increased expression of multixenobiotic resistance pump) the IBR of 
Narbonne et al. (1999) failed to show any difference at the various sampling 
sites (Bresler et al., 1999). The IBR’s lack of response may have been attributable 
to the sampling interval between each site. Indeed, the IBR at the reference site 
had the lowest IBR value in July 1996 but the highest value in April 1996, 
indicating that the biomarker responses changed significantly over time. The 
natural (background) variation of the biomarkers is usually determined by 
following the various responses over time at pristine sites and comparing them 
with sites where affects are suspected (Chévre et al., 2003a). 

First, a biomarker-based index is obtained by adding the biomarker responses at 
each time of sampling at a given site after transformation into classes by a 
distribution-free approach as explained above (rough set analysis). The biomarker 
index is then plotted in a control chart format to highlight changes at sites over 
space and time (Figure 7.2). Because field data are often non-parametric, the 
median and the 10th, 25th, 75th and 90th centiles were plotted to portray visually 
the change in the biomarker index outside natural temporal and spatial variations. 
This approach is useful if the reference site is well identified. In the case of 
uncertainty or absence of the reference site, the data could be plotted in the same 
manner, with all sites confounded and the median value of the data set in 
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Figure 7.2 The use of a biomarker index in temporal and spatial studies. In this survey, three sites were 
sampled over ten different time periods. In order to sort out natural variation in time, a control chart approach 
is used. The median value of the pristine site is plotted with the 10th, 25th, 75th and 90th centiles. Biomarker 
index values outside the 90th and 10th centiles are most likely to be outside natural variability and could be 
associated with pollution factors. 


Figure 7.2 increased to 8, and with sites outside the first and third quartiles (i.e. 25 
and 75%) considered to be affected. In the temporal data, the index was able to 
identify possible contamination-induced (especially those values outside the 10th 
and 90th centiles) effects even though the interpretation of temporal variation is 
complicated by natural variations occurring throughout the year. 


7.7 Linking biomarkers at higher levels of biological organization 


One of the issues in the use of biomarkers in ecotoxicology is their ecological 
relevance to population and community structure. Although biomarkers are 
designed to assess individual health status and reproductive capacity, two issues 
that differ completely from population maintenance or integrity, they could be 
used effectively if contamination is the main cause of population loss. Clearly, 
pollution is not the only cause of population perturbations. Change in habitat 
characteristics, availability of nutrients, human encroachment (housing and indus- 
tries) and global environmental changes (e.g. water quantity, global warming, 
depletion of the ozone layer) are also likely to impede the long-term survival of 
feral populations. Biomarkers of early biological effects and damage provide 


BIOMARKERS AND AQUATIC STUDIES WITH BIVALVES 221 


information about the susceptibility of organisms to the quality of a given habitat. 
A change in one or many habitat characteristics could render faunic species more 
or less susceptible to contaminants without any discernible change in water 
quality. At this time, bivalve population status is fragile throughout the world 
and many species are threatened (Bogan, 1993). 

Relatively few studies have been performed with bivalves in an attempt to relate 
effects observed at the individual level with those likely to influence the mainten- 
ance of populations. After placing mussels in a lake contaminated by mine tailings 
for 400 days, gills exhibited increased lipid peroxidation (as determined by 
thiobarbituric acid reactants) and Ca levels (Couillard et al., 1995). These effects 
coincided with the appearance of low-molecular-weight Cd (metallothionein) in 
gills. Mussel growth rate and condition factors were significantly reduced com- 
pared with mussels held in a control lake, indicating that the population status 
could be compromised. In another study, the cytochemical index based on the 
latency of lysosomal enzymes was found to correlate with growth rates in trans- 
planted blue mussels (Bayne et al., 1979). In a model stream approach for the 
evaluation of 25(26)-alcohol ethoxylates, species richness and abundance of 
selected populations such as the mayfly, caddisfly and the Asiatic clam were the 
most affected (Belanger et al., 2000), indicating that bivalves are good sentinels of 
benthic community structure. The responses observed with caged mussels in rivers 
contaminated by the effluent from a bleached kraft pulp and paper mill were more 
consistent with those observed in the benthic invertebrate survey than with those 
observed for fish (Martel et al., 2003). They also showed that caged mussels grew 
more slowly at sites downstream from the plume than they did at upstream sites. In 
a study with fathead minnows, long-term exposure to ethinylestradiol (the active 
ingredient in oral contraceptives) was shown to feminize fish (and induce vitello- 
genin in males) at a threshold concentration of 2 ng/l (Grist et al., 2003). They 
also found that population growth was reduced at this level of contamination 
(3.1-3.4ng/l) and that this effect was more related to reduced fertility than 
survival rates. Long-term exposure of mussels and barnacles to pollution could 
significantly reduce genetic diversity, as determined by a randomly amplified 
polymorphic DNA-polymerase chain reaction (Ma et al., 2000). Moreover, indi- 
viduals collected at affected sites were more likely to share the same haplotypes 
than those from clean sites, indicating reduced genetic diversity in bivalves at 
contaminated sites. 

Some trends were observed between biomarker responses and population status 
in Mya arenaria clams from the Saguenay Fjord, Quebec, Canada (Blaise et al., 
2003). Clams exhibiting marked responses with metallothionein, lipid peroxida- 
tion, vitellogenin-like proteins and gonadosomatic index were found at affected 
sites where clams generally displayed changes in the development index (i.e. shell 
length-to-age ratio) and clam density. In contrast, no link could be found between 
the occurrence of dead animals (empty shells) and site quality. These results 
suggest that biomarkers of defence, damage and reproduction are statistically 
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associated with changes in population status and that they could be used effect- 
ively to monitor evolution of field situations (i.e. restoration or degradation). 
Correlation analysis of biomarker data and population metrics revealed that the 
development index was correlated negatively with lipid peroxidation in the di- 
gestive gland (R = —0.51, P < 0.05), metallothionein in the digestive gland 
(R = —0.49, P < 0.05), gonadosomatic index (R = —0.36, P < 0.05) and vitel- 
logenin-like proteins (R = —0.4, P < 0.05). Moreover, the condition index (total 
clam weight/shell length) was also correlated negatively with lipid peroxidation in 
the digestive gland (R = —0.43, P < 0.05). Some biochemical targets appear to 
have more relevance to detecting changes at the population level in zebra mussels 
(Smolders et al., 2004) and Daphnia magna (de Coen and Janssen, 2003). Bio- 
markers related to change in energy reserves (total lipids, carbohydrates and 
proteins) and cellular respiration rates (electron transport activity) were the most 
relevant relative to population effects. Indeed, these biomarkers were all correl- 
ated with chronic (21 days) threshold effects values (i.e. EC1ọ) based on growth, 
survival and reproduction of Daphnia magna (see also Chapter 11). 

Hence, biomarkers could be used as predictive tools for ecosystem quality in 
addition to their simple use as indices of exposure to specific pollutants (Vasseur 
and Cossu-Leguille, 2003). Biomarkers and ecological investigations could be 
combined together to diagnose ecosystem quality. For example, documented 
effects with biomarkers together with observed changes in population status 
would certainly signify a perturbed environment, whereas the absence of these 
two levels of response would indicate good ecosystem quality. The presence of 
effects at either level of investigation would indicate a likely fragile and unstable 
system. Again, the absence of effects at the biomarker level would indicate that 
pollution is not a contributing factor in the decline of populations or loss of 
biodiversity. 


7.8 Emerging issues 


Endocrine disrupters have been studied extensively in fish. A smaller yet increas- 
ing number of studies have been conducted recently with bivalves and other 
benthic invertebrates. Environmental estrogens are by far the most studied endo- 
crine disrupter in aquatic wildlife. However, reproductive success depends not 
only on estrogens but on other hormonal systems as well, such as gonado- 
stimulating neurohormones, monoamines (catecholamines and serotonin) and 
neuropeptides (e.g. the APGW neuropeptides). For example, exogenous opioid 
peptides were reported to increase dopamine levels in a naloxone-reversible 
manner in pedal ganglia of the marine mollusc M. edulis and this organism was 
shown to contain specific opiate-binding sites in invertebrates (Kream et al., 
1980). Moreover, the presence of p-type opiate receptors and morphine is ex- 
pressed in mollusc ganglia and appears to be involved in physiological processes 
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involving adaptation to thermal stress (Cadet et al., 2002). Exposure of mussel 
populations to a primary-treated municipal effluent plume induces MAO activity 
with a concomitant reduction in serotonin and dopamine in gonad tissues (Gagné 
and Blaise, 2003). These studies indicate that environmental pollutants in urban 
wastewaters are likely to affect other neurohormonal systems in bivalves. 

The advent of biotechnology products, such as genetically modified crops, has 
raised a new issue: biological pollution due to new (micro)organisms and/or their 
gene or protein products being discharged into aquatic environments. The creation 
of genetically modified organisms not normally found in nature could constitute a 
potentially new input of alien species/products with an, as yet, unknown impact on 
biota. Indeed, genetically modified organisms produce gene expression products 
not normally found in the wild type, thereby altering the routes of exposure of 
these products in the environment. For example, corn was modified to express 
Cry1Ab endotoxin, which is normally found in the soil bacterium Bacillus thur- 
ingiensis (Bt) in the form of water-insoluble crystals. This endotoxin specifically 
acts through insects from the Lepidoptera and Diptera families. The endotoxin 
expressed in corn is already in its activated more-soluble form in water so that 
mass cultivation of Bt-corn could release this biological contaminant in soils, 
sediments and waterways. The increasing use of biotechnology products such as 
Bt-corn could contribute to an increase of the endotoxin in the environment and 
could have adverse consequences for non-target organisms. For example, Cry1Ab 
endotoxin was shown to be toxic to Chironomus riparius midge and the monarch 
butterfly (Kondo et al., 1995; Losey et al., 1999). It is anticipated that cultivation 
of crops derived from biotechnology is likely to increase steadily in the next 20 
years, reaching markets in the billions of US dollars. Thus, the environment is 
likely to be ‘polluted’ increasingly by biological contaminants, although possibly 
less so by chemical pesticides, and these invasive new species will produce 
miscellaneous by-products, some of which may have unsuspected effects on 
wildlife. 

Recent studies have shown that our surface waters, including drinking water 
sources, are likely to be contaminated by miscellaneous pharmaceutical, veterin- 
ary and personal care products (Halling-Sorensen et al., 1998; Kolpin et al., 2002). 
These studies have shown that over-the-counter products (e.g. acetylsalicylic acid, 
ibuprofen, triclosan) and prescription drugs (clofibrates, fluoxetine, carbamaze- 
pine) are likely to be found in surface waters near municipal/urban discharges. 
Moreover, a recent quantitative structure—activity relationship study indicated that 
these drugs are not likely to have acute effects on fish, daphnids or algae, but long- 
term effects on reproduction, behaviour, metabolism and bacterial resistance are 
still uncertain (Sanderson ef al., 2003). These drugs may have unsuspected 
toxicological effects, and biomarkers of defence and effects for these drugs are 
presently wanting. As discussed above, tricyclic antidepressants have the potential 
to block the spawning and fertilization of oocytes (Hardedge et al., 1997). Non- 
steroidal anti-inflammatory drugs such as ibuprofen and aspirin give rise to 
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reduced prostaglandin synthesis by inhibiting cyclooxygenases. However, some of 
these prostaglandins (PGE) assist spawning activity by contracting smooth 
muscles (Matsutami and Nomura, 1987). Recent advances in proteomic research, 
which calls for two-dimensional gel electrophoresis, holds promise for identifying 
novel biomarkers at the protein expression level to detect drug-related effects, 
because these were designed to have specific biochemical properties. Proteomics 
also could help to assess the early biological effects of biotechnology products. 
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8 Environmental monitoring for genotoxic 
compounds 


Johan Bierkens, Ethel Brits and Luc Verschaeve 


8.1 Introduction 


The European Union regulation on existing substances aims to map the knowledge 
that exists with regard to the risks and safety hazards associated with these 
chemicals, because the knowledge of the tens of thousands of compounds that 
are commercially available today is by no means comprehensive (Van Wezel, 
1999). Therefore, it has been decided to prioritise substances based on their 
intrinsic properties. Intrinsic properties that have to be taken into account are 
persistency, toxicity and bioaccumulative potential along with carcinogenicity, 
mutagenicity and effects on reproduction. (Roex et al., 2001). The latter sub- 
stances have been implicated as potentially important causal factors in reducing 
the inter- and intraspecific biodiversity that appears to occur worldwide (World 
Summit, Rio de Janeiro, 1992). Aside from the obvious human health issues, the 
concern remains that inheritable mutations lower the reproductive output of 
affected populations because the exposed individuals may have a decreased 
viability and fertility. Also, changes in the gene pools induced via direct and 
indirect effects of genotoxins may affect future generations. As such, the question 
arises of how the hazards and risks of genotoxic agents can be evaluated. 

In this chapter the types of genotoxic effects are discussed and then the tech- 
niques currently available for detecting genotoxins are briefly described and evalu- 
ated. The emphasis is on screening assays for environmental samples and because 
the aim of ecotoxicology is to study the effect of pollutants on natural populations 
and not on individual animals per se, the final section discusses the ecological 
relevance of genotoxic effects and their possible implications for risk assessment. 


8.2 Types of genotoxic effect 


The genome, defined as the total hereditary material (DNA) contained within the 
cells of an organism, is made up of individual molecules called nucleotides that 
contain the bases adenine (A), thymine (T), guanine (G) and cytosine (C). The 
DNA molecule is a double helix composed of two intertwined nucleotide chains 
oriented in opposite directions. These chains of nucleotides in DNA are wound up 
and compacted into the chromosomes that are found in the nucleus of a cell. 
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Different species may have a different total number of chromosomes. Genes, the 
functional units of DNA on the chromosomes, encode for the characteristics of a 
species. In most higher animal and plant species there are two copies of each 
chromosome (homologous chromosomes) and each gene (allele) is inherited from 
each parent. Allelic variation, i.e. slight variation between the same genes on 
homologous chromosomes, causes variation within a species (Russell, 1983). The 
effects of environmental exposure to genotoxins may be direct alterations in genes 
and gene expression or indirect effects of pollutants on gene frequencies (Anderson 
and Wild, 1994; Anderson et al., 1994). Genetic ecotoxicology (also referred to as 
ecogenotoxicology) studies the interaction of chemicals or physical processes (e.g. 
radiation) with the genetic material (DNA), the damage response mechanisms 
(DNA repair) and the subsequent effects, including carcinogenesis, teratogenesis 
and population effects. 


8.2.1 Direct genotoxic effects 


Mutagenicity refers to the induction of permanent heritable changes in the amount 
or structure of the genetic material in individual cells or organisms that is not 
explicable by recombination of pre-existing genetic variability (Russell, 1983). 
Mutations may occur in any cell and at any stage in the cell cycle and may involve 
a single gene or gene segment, a block of genes or whole chromosomes. Three 
types of mutations can be distinguished. 


(1) Gene mutations. A gene that has changed from one allelic form into another 
has undergone mutation. Spontaneous mutations may occur during the entire life- 
span of organisms (Drake et al., 1998; Radman, 1999). In man the natural average 
mutation rate is about one mutation per one hundred thousand to one million cell 
divisions (Drake et al., 1998). Mutation rates vary greatly among loci (Staton et al., 
2001). Gene mutations, when they occur in germ cells, are one of the driving 
forces of evolution. When they occur in somatic cells they are thought to be the 
fundamental cause of cancer. 

Gene mutations can occur as a result of one of the following four events: a 
duplication mutation (an exact copy of a DNA sequence is added to the make-up of 
the gene), a deletion mutation (a DNA sequence is lost from the gene), a substitution 
mutation (one base is substituted for another in the gene) and an insertion mutation 
that occurs by the movement of specific sequences and their insertion into a gene. 
These mutations can occur spontaneously or can be caused by physical, chemical or 
viral carcinogens (Diffley and Evan, 2000). The efficiency of these mechanisms is 
known to be sequence dependent, i.e. they are non-random and occur most often at 
so-called mutation hot spots (Rogozin and Pavlov, 2003). 


(2) Chromosome mutations. One speaks of chromosome mutations when the 
fundamental structure of a chromosome is subject to mutation, which will most 
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likely (but not only) occur during crossing over at meiosis. There are a number of 
ways in which the chromosome structure can change, which will result in detri- 
mental changes of the genotype and phenotype of the organism (Russell, 1983). 
Whereas deletion involves the loss of a portion of a chromosome, a duplication 
produces an exact extra copy of a specific region of a specific chromosome. Also, 
inversions that re-order a segment of chromosome backwards, and translocations 
that occur when a piece of chromosome attaches to another chromosome do occur. 


(3) Genome mutations. Genome mutations occur when the total number of 
chromosomes is altered (aneuploidy) (Russell, 1983). Polyploidy arises when an 
extra copy of every chromosome is made, and trisomy arises when only one extra 
copy of a single chromosome is present. If an entire chromosome is absent, the 
consequent disorder is called a monosomy. 

Essential for assessment of the impact of pollutants at population level is the 
distinction that is made between somatic and germ-line mutations. Mutations in 
somatic cells may (among other effects) induce neoplasia, but because they do not 
occur in cells that give rise to gametes the mutation will not be passed on to the 
next generations. 

Cancer is now considered a progressive disease characterized by the accumula- 
tion of defects in different genes. Cancer-related genes are classified mainly as 
either oncogenes or tumour suppressor genes. Mutated proto-oncogenes (i.e. 
oncogenes) contribute to tumour development by enhancing cell growth. Tumour 
suppressor genes usually inhibit uncontrolled cell growth and transformation, and 
their loss of function contributes to tumour development (Migliore and Coppede, 
2002). Also, other types of genes have been found that, if inactivated by muta- 
tions, can contribute to carcinogenesis. For example, damaged DNA repair genes 
affect the carcinogenetic process by destroying the genetic stability of cells, 
making them more prone to mutational alterations (Devereux et al., 1999). Several 
chemicals require metabolic activation to exhibit their genotoxic effect; for this 
reason, differences in metabolic enzymes may account for inter-individual sus- 
ceptibility to them (Migliore and Coppedé, 2002). 

Germ-line mutations that are passed on to future generations may result in 
gamete loss, embryo mortality, abnormal development (teratogenesis), heritable 
mutations that affect genetic diversity and heritable mutations that affect gene 
expression, and consequently Darwinian fitness (Roex et al., 2001). The latter two 
germ-line mutations may affect future populations and are the most important in 
studying effects of mutagens on populations (Roex et al., 2001). 


8.2.2 DNA repair 


A major defence against (environmental) damage to DNA are the DNA repair 
mechanisms, which are present in all organisms examined, including bacteria, 
yeast, drosophila, fish, amphibians, rodents and humans. DNA repair is involved 
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in processes that minimize cell killing, mutations, replication errors, persistence of 
DNA damage and genomic instability. Recently, two papers compiled the data from 
about 130 human DNA repair genes that were cloned and sequenced (Ronen and 
Glickman, 2001; Wood et al., 2001). Not all of them, however, have been charac- 
terized as yet to their function. Deficiencies in the DNA repair mechanisms have 
been implicated in tumour induction, aging and human pathologies (von Zglinicki 
et al., 2001; Digweed, 2003). Damage to DNA is repaired by three distinct systems. 
The ‘mismatch repair’ system plays a key role in the correction of errors introduced 
during DNA replication because of its ability to recognize newly synthesized 
strands of DNA (Modrich, 1994). By comparison, DNA ‘excision repair’ removes 
DNA adducts (Sancar, 1994), and ‘transcription-coupled repair’ is most active for 
genes that are undergoing transcription (Hanawalt, 1994). The presence of indu- 
cible DNA repair mechanisms may hamper the interpretation of genotoxicity tests 
because a simple link between exposure to a genotoxin and the incidence of 
mutations may not exist (Hebert and Murdoch Luiker, 1996). 


8.2.3 Indirect genotoxic effects 


A broad range of pollutants (not necessarily genotoxic compounds) may affect the 
genome of future generations and/or the fitness of a population indirectly. 
A decline in genetic diversity caused by severe fluctuations in population sizes 
due to contaminant exposure at a site may limit the ability of populations to adapt 
to a changing environment and/or may lead to increased inbreeding and associated 
reductions in fertility and offspring viability (Roex et al., 2001). This process of 
genetic drift (bottlenecks) may increase the chances of extinction for populations. 

A second indirect effect of environmental pollutants, genetic adaptation, refers 
to the advantage of certain genotypes in terms of life-history costs to adapt to 
environmental changes, which may eventually lead to changes in genotype fre- 
quencies (Roex et al., 2001). Although changes in gene frequency are common, 
the response at single loci often varies among contaminated sites. This suggests 
that these changes are an indirect consequence of selection rather than providing a 
single-locus monitor of the effect of contaminant exposure (Hebert and Murdoch 
Luiker, 1996). 

In general, it is assumed that chemical exposure will affect, both directly and 
indirectly, the genetic variation in natural populations. Populations might respond 
with increased genetic variation resulting from new mutations directly induced 
by a mutagen, or with decreased genetic variation resulting from population 
bottlenecks (genetic drift) or selective sweeps that also affect allele frequencies 
(Bickham et al., 2000). Such changes in allele frequencies and levels of genetic 
variability have been described as ‘emergent effects’ (Bickham and Smolen, 
1994). Although the initial effects are at the molecular or cellular level, emergent 
effects are seen at higher levels of organization but are not predictable solely on 
knowledge of the mechanism of toxicity (Bickham et al., 2000). Which of the 
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possible outcomes is most likely (i.e. mutation, bottlenecks, selection) is not 
a priori predictable (Belfiore and Anderson, 2001). 


8.3 Genotoxicity testing methods 


Most of the tests currently in use are developed in the field of human genotox- 
icology and measure the biochemical and molecular responses discussed above. 
Genotoxicity tests can be based on both in vitro and in vivo systems (animal 
studies). Although in vitro tests can be used for the screening of carcinogenic 
compounds, quantitative calculations on cancer risk can be extrapolated only from 
in vivo experiments because biological repair mechanisms and metabolic activity 
in in vitro tests are not always representative for the in vivo situation. Distinction 
should be made between genotoxicity testing to reveal the intrinsic genotoxic 
potential of compounds or environmental samples (hazard assessment) and geno- 
toxicity testing required for environmental monitoring of emergent effects (risk 
assessment). The focus here will be on some fast screening methods available for 
hazard assessment. However, screening for mutagenic properties of a compound 
or an environmental sample can be considered a first essential step in genotox- 
icological risk assessment (Kramers et al., 1992). 


8.3.1 Test battery approach 


There are a number of well validated tests that must be performed before new 
compounds can be brought on the market. These tests are also used for other 
purposes, e.g. human and environmental monitoring, risk assessment, etc. The 
kind of test(s) that should be performed is greatly dependent on the physicochem- 
ical properties of a compound (and consequently its fate in the environment) or on 
aspects such as the risk for human exposure, but as a general rule a battery of tests 
is required to allow the detection of different genotoxic events (gene, chromo- 
some, genome mutations). Time and budgetary limitations exclude the use of a 
large battery of genotoxicity tests for routine screening of environmental samples, 
therefore a limited number of tests that are technically simple, standardized, 
inexpensive, fast, ecologically representative and reproducible are necessary 
(Verschaeve, 2002). Bacterial tests are certainly among the recommended tests 
because they meet most of the aforementioned requirements. Among them the 
‘classical’ Ames test may be envisaged, but other tests can be applied as well. 
Such tests are, for example, the umu-C, SOS Chromotest, VITOTOX™ test and 
others. Although DNA is universal and results obtained in bacteria may be more or 
less predictive for genotoxicity in higher organisms, including man, it may be 
important also to perform one or several tests on eukaryotic organisms. One of the 
few tests that may be envisaged for routine screening is the alkaline comet assay. 
Contrary to cytogenetic methods (investigations of chromosome aberrations, sister 
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chromatid exchange, micronuclei, unscheduled DNA synthesis, etc.), this test can 
be performed on virtually any cell type, it does not require proliferating cells, large 
cell populations or labelling techniques, and it allows a cell-by-cell investigation 
and hence the detection of intercellular differences (Tice, 1995). More details on 
the bioassays mentioned above and the criteria used to select a proper genotoxicity 
assay are given in the subsequent sections. 


8.3.2 Selection criteria for genotoxicity assays 


Several criteria should be considered when selecting genotoxicity tests in product 
testing or ecotoxicological surveys. The most important criteria can be subdivided 
into three categories: practicality of the test, acceptability of the test and eco- 
logical significance. Some specific criteria for each of these categories are listed in 
Table 8.1. In order to select appropriate tests, a scoring system should be applied 
that includes as many of these criteria as possible. According to the purpose of the 
investigation, i.e. early warning versus establishing causal relationships between 
the presence of genotoxins and population effects, different weighting factors can 
be applied to select a test battery of genotoxicity tests. In the latter case more 
elaborate and thus more expensive tests may be advisable. 


8.3.3 Individual fast-screening test systems 


As mentioned above several tests can be selected to study the genotoxic potential 
of substances. As some dozens of assays are currently available, the focus here 
will be on the most frequently used fast screening assays that can be performed 
easily in routine biomonitoring programmes (Corbisier et al., 2001). They consti- 


Table 8.1 Criteria to consider when selecting genotoxicity tests. 


1. Practicality of the test 
Feasibility 
Cost-effectiveness 
Rapidity 


2. Acceptability 
Standardization 
Reproducibility 
Statistical validity 
Good laboratory practice 
Broad chemical responsiveness 


3. Ecological significance 
Sensitivity 
Type of genotoxic lesion 
Ecological realism 
Biological validity 
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tute good biomarkers of exposure as the test results correlate well with the 
exposure concentration. When the focus is on risk assessment, i.e. the effects of 
genotoxins at species or population level, more advanced techniques in the field of 
molecular biology (e.g. DNA sequencing, establishing genotype frequencies or 
DNA fingerprinting) may be necessary. 

Short-term genetic bioassays are based on the cellular and subcellular mechan- 
isms underlying mutagenic and carcinogenic processes and are used to ascertain 
different types of genetic damage. Commonly studied end-points include DNA 
damage, DNA repair mechanisms, DNA adducts, gene or sister chromatid exchange 
(exposure markers) and occurrence of micronuclei, chromosomal aberrations, aneu- 
ploidy and cell transformation (effect markers). The type of lesion is important 
because it conveys information about the intrinsic nature of the genetic hazard. 

Since about 1970 the field of environmental genotoxicology has expanded 
quickly, resulting in a wide range of assays often employing bacteria as test 
organisms. Although a wide range of assays has been developed to evaluate the 
genotoxicity of pure compounds, a limited number have been utilized successfully 
for the evaluation of environmental mixtures. A brief, non-exhaustive overview of 
genotoxicity tests based on markers of exposure and on markers of effect is given 
below. The distinction between biomarkers of exposure and effect is sometimes 
arbitrary because it is not always clear what impact the lesion observed in a 
bioassay will have at a higher level of organization. 


8.3.3.1 Genotoxicity tests for monitoring DNA damage and repair 
(exposure assessment) 

Exposure to contaminants can lead to both the modification of nucleotides and the 
physical disruption of DNA strands. They are not considered to be markers of 
effect because a clear link cannot always be established with manifest effects at 
cellular or organism level. Several approaches have been developed to examine 
the extent of DNA damage by measuring the extent of DNA damage and repair, 
the extent of breakage in DNA strands, the extent of base-pair modifications 
(DNA adducts) and by inspection of metaphase chromosomes to examine the 
variation in rates of strand breakage and reunion. 


The bacterial Ames test (Ames et al., 1973; Mortelmans and Zeiger, 2000). The 
Ames test is the most widely and validated bacterial genotoxicity test. It detects 
back-mutations in the His” operon (— His*) by growing (mutagen-exposed) 
Salmonella typhimurium bacteria on a histidine-poor medium. Indeed, His~ bac- 
teria cannot grow on a medium that is poor in histidine and will die when histidine 
is depleted. Only His” — Hist mutants are able to grow on the medium because 
they can make histidine themselves. The sensitivity of the test is enhanced by the 
use of particular mutant strains preventing adequate DNA repair or increasing 
resistance to toxic compounds. Bacteria are grown on a selective medium in the 
presence of the test compound. After 48h of incubation at 37°C, mutant colonies 
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are counted and compared with the number of colonies formed in unexposed 
cultures (spontaneous back-mutations) (Figure 8.1). 

Several Salmonella strains can be used, each differing in the type of mutation(s) 
involved, e.g. TA98 and TA100 (base-pair substitution or frame-shift mutations). 
In the plate incorporation test the sample is brought immediately on the culture 
(Petri dish) and cultures are initiated. Variants of the test exist, e.g. the pre- 
incubation test is often preferred because it is more accurate in some instances. 
A compound is usually considered genotoxic when the mean number of revertants 
is at least double that found in the solvent control culture and when a dose-effect 
relationship can be established. 

The Ames test is thus typically a bacterial test to assess the genotoxicity of 
chemicals or environmental compounds but it can be used also to detect the 
presence of mutagens (and hence reflect a mutagen exposure) in human body 
fluids, especially in the urine. The Ames test thus can be used as a tool for human 
biomonitoring studies as well. 

A number of bacterial genotoxicity tests discussed below are based on the 
bacterial SOS response, which helps the cell to save itself in the presence of 
potentially lethal stresses, such as ultraviolet irradiation, DNA-modifying reagents 
and inactivation of genes essential to DNA replication (Walker, 1985; Koch and 
Woodgate, 1998; Janion, 2001). In the SOS system several genes are controlled by 
a single repressor-operator system. Such a set of unlinked genes, regulated by a 
common mechanism, is called a regulon. The control elements in the SOS regulon 
are the products of genes lexA and recA (Gundas and Pardee, 1975). The RecA 
protein stimulates DNA strand-pairing during recombination. Remarkably, this 
small protein has enzymatic activity in addition to the activities involved in 


Figure 8.1 His revertants in the Ames test. 
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recombination. When bound to single-strand DNA, RecA can stimulate proteo- 
lytic cleavage of the proteins encoded by cl, lexA and umuD (Little et al., 1980; 
Little and Mount, 1982; Walker et al., 1982). In non-induced cells, the SOS 
response genes are repressed by the LexA repressor protein. Increasing concen- 
trations of single-stranded DNA, trinucleotides and oligonucleotides cause con- 
version of the RecA protein into a protease by conformation changes, which splice 
the LexA repressor protein (Kenyon, 1983). LexA is a repressor that binds to at 
least 15 different operators scattered about the bacterial genome (Lewis et al., 
1994). Each operator controls the transcription of one or more proteins that help 
the cell to respond after environmental damage that might harm the genetic 
apparatus. These proteins include the gene products of uvrA and uvrB involved 
in nucleotide excision repair, umuC and umuD involved in error-prone mutagen- 
esis, sulA involved in cell division control, dnaA, the structural gene for DNA 
polymerase II, recA itself, lexA itself and several genes of unknown function, 
including dinA, dinB and dinF (Koch and Woodgate, 1998; Janion, 2001). 


The VITOTOX® test (van der Lelie et al., 1997; Verschaeve et al., 1999). The first 
test to be discussed, which is based on SOS induction, is the VITOTOX® test. The 
test is based on bacteria that contain the lux operon of Vibrio fischeri under 
transcriptional control of the recN gene, which is part of the SOS system. This 
gene normally is not transcribed (no light production) but will be ‘switched on’ 
when the bacteria are exposed to a genotoxic compound (mutagen or ‘SOS-indu- 
cing’ substance). Genotoxicity is thus expressed as light production (Figure 8.2). 
The signal-to-noise ratio (S/N), i.e. the light production of exposed cells divided by 
the light production of non-exposed cells, is used to evaluate genotoxicity. 

Virtually any bacterial strain can be used but the Salmonella typhimurium 
strains were chosen because they are well known for mutagenicity testing and 
because the same bacteria can be used for a classical Ames test if required. 
However, because all Salmonella constructs gave very comparable results, only 
the TA104 construct (called TA104 recN2-4) is used as it was shown sometimes to 
be a more sensitive than the other hybrid strains. Because it was realized that some 
compounds act directly on light production (e.g. aldehydes) or enhance the 
metabolism of the bacteria creating false-positive results, a constitutive light- 
producing strain with a lux operon under control of a strong promoter pr? was 
incorporated (Verschaeve et al., 1999). This is used as an internal control system, 
which also gives important information on the toxicity of the test compound. 
Figure 8.3 gives an example of test results. Results are typically obtained within 
4h. As an example of genotoxicity screening on environmental matrices, a test 
result on the River Musi in Hyderabad (India) is given in Figure 8.4. 


Mutatox™ test (Johnson, 1991; Microbics, 1995). The Mutatox™ test is based 
on the use of a dark variant of the luminescent bacterium Vibrio fischeri. 
This bacterium is a well known organism used for evaluation of acute toxic effects 
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Figure 8.2 Schematic representation of the principle of SOS induction on which the VITOTOX™ test is 
based (insertion of an operon-less /ux gene next to recN results in light production when the bacterial DNA is 
damaged). 


of aquatic environmental samples. The dark variant can be used to detect geno- 
toxic effects in aqueous samples. The presence of genotoxic compounds results in 
DNA damage and subsequent SOS activation, which leads to the formation of a 
protease that breaks down a repressor protein of the lux pathway, leading to 
bioluminescence. This restoration of photoluminescence serves as a measure for 
the genotoxicity of the tested sample. The test can be purchased as a test kit, with 
light readings being performed using a luminometer. The test can be performed 
also in microtitre format. 


Umu-C test. The umu-c test has been standardized and validated by ISO (ISO 
13829, 2000) and is based on the use of the genetically engineered bacteria 
Salmonella typhimurium TA 1535 pSK1002. The test strain was constructed from 
its precursor, Salmonella typhimurium TA98, a his, rfa, uvrB and lacZ mutant 
(Ames et al., 1973, 1975; McCann et al., 1975a,b). Genotoxicity effects are 
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Figure 8.3 Example of results obtained in the VITOTOX™ test (with strains TA104recN2-4 and TA104pr1) 
after exposure to a mutagen (test without addition of a metabolizing rat liver S9 fraction). A dose-response 
relationship is observed with TA104recN2-4 (a), whereas strain TA104pr1 does not show toxicity or a ‘false 
positive’ response (b). A maximum effect with TA104recN2-4 is found after about 140 min. 


detected by measuring activation of the SOS response in bacteria and by recording 
the B-galactosidase activity from an integrated reporter system. With the help of a 
substrate that is converted into a coloured end-product by B-galactosidase, the 
amount of DNA damage can be measured. The test is performed in microplates 
and the coloured end-product is measured using a spectrophotometer. 

In Germany, this procedure has often been used for pre-screening and screening 
of environmental samples and for regulatory purposes (Krumbeck and Hansen, 
1995). High sensitivity to genotoxins (individual substances, environmental 
samples and food) has been described by Oda et al. (1985, 1988), Reifferscheid 
et al. (1991) and Ono et al. (1992). 


SOS Chromotest (Quillardet and Hofnung, 1993). The SOS Chromotest (Quil- 
lardet et al., 1982) is based on the use of the intestinal bacterium Escherichia coli 
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Figure 8.4 VITOTOX™ test results expressed as signal-to-noise ratio in Salmonella typhimurium TA104r- 
ecN2-4 strain after exposure to dilutions of water from the Musi river in Hyderabad (India) sampled near 
Chaitayapuri. 


with a reporter gene (lacZ) encoding for the enzyme B-galactosidase, coupled to 
the SOS repair system. With the help of a substrate, a blue chromogen that is 
converted into a coloured end-product by B-galactosidase, the extent of DNA 
damage can be measured. The test is available as a test kit with all the necessary 
materials included. The test detects any primary DNA damage caused by geno- 
toxins and can be used for various kinds of aqueous samples, therefore the test is 
particularly suitable for testing of environmental samples. The test is performed in 
microplates and the coloured end-product is measured using a spectrophotometer. 


Comet assay (Singh et al., 1988; Tice et al., 1995). The DNA molecules in each 
cell must undergo continuous maintenance to sustain their integrity. Several of the 
key mechanisms in this repair process involve the degradation of a short stretch of 
DNA leading to a transitory break in one DNA strand. A DNA strand breakage can 
be detected using the alkaline unwinding assay (Shugart, 1988) and agarose gel 
electrophoresis (Theodorakis et al., 1994). 

The DNA alkaline unwinding assay enables the assessment of primary DNA 
damage in tissue from exposed aquatic test organisms of higher evolutionary 
order. The test system is based on the fact that DNA of an exposed organism 
shows a large number of DNA unwinding points in comparison with untreated 
DNA. As a consequence, the DNA unwinding process is enhanced under alkaline 
conditions (pH > 12). The hydroxyapatite chromatography technique then is used 
to separate single- and double-stranded DNA fractions. Basic studies of this 
procedure have been worked out by Kanter and Schwarz (1978) and Ahnström 
and Erixon (1981). 
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The comet assay or ‘single-cell gel electrophoresis (SCGE) assay’ (Singh et al., 
1988) is considered to be a very important alternative for the classical cytogenetic 
tests and is used worldwide to evaluate the in vitro and in vivo genotoxicity of 
chemicals; more recently it has been applied also for environmental biomonitor- 
ing. Most frequently, the alkaline version is applied, which detects DNA breakage, 
alkali-labile sites, open repair sites and cross-links. For this technique cells are 
mixed with agarose gel, which is spread onto a microscope slide. The cells then 
are lysed with high salt concentrations and detergents. The remaining nuclear 
DNA is denatured in an alkali buffer and electrophoresed in the same buffer. The 
DNA fragments migrate out of the nucleus, towards the positive pole. After 
electrophoresis, the slides are stained with a fluorochrome such as ethidium 
bromide. An image analysis system can be used to measure several damage 
parameters, including tail length and tail DNA content (Figure 8.5). 

Ecogenotoxicological surveys using the comet assay have been performed in 
different organisms, e.g. mussels (Steinert et al., 1998; Wilson et al., 1998), tadpoles 
(Ralph and Olive, 1997), earthworm coelomocytes (Verschaeve and Gilles, 1993; 
Salagovic et al., 1996) and cells from plant root and leaves (Koppen, 1996; Koppen 
& Verschaeve, 1997). 


Sister chromatid exchange (Kato, 1974; OECD, 1986). Studies on sister chro- 
matid exchange rely upon the differential labelling of chromatids to permit the 
recognition of exchanges of DNA among them. Sister chromatid exchange arises 
as a consequence of breaks in the DNA near the replication fork, followed by an 
exchange of sister strands rather than the original strands (Figure 8.6). In practice 
these exchange events are tracked through the incorporation of 5-bromodeoxyur- 
idine (a thymidine analogue) during DNA replication. Because this compound 


Figure 8.5 Example of a DNA comet. 
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Figure 8.6 Example of a human metaphase figure showing several sister chromatid exchanges (indicated by 
arrow heads). 


quenches the fluorescence of some DNA-specific stains, its differential display 
can be used to distinguish sister chromatids. Contaminants that increase the rate of 
sister chromatid exchange may do so by blocking movement of the replication 
fork (Tucker et al., 1993). 


DNA adducts. Soon after an organism is exposed to toxic chemicals, the pres- 
ence of an exogenous substance or its interactive product may be detected in the 
form of a covalently bound DNA adduct. DNA adducts, although directly impli- 
cated in chemical carcinogenesis, are relatively early-stage alterations in the 
progression from genotoxin exposure to disease manifestation. It is only when 
DNA adducts are mis-repaired or persist through to the DNA replication stage of 
the cell cycle that manifestations of genotoxicity, including decreased reproduct- 
ive capacity and the induction of neoplasia, may occur. Quantitative analysis of 
DNA adducts enables determination of the biologically active levels of exposure 
to genotoxic chemicals, by taking into account physiological factors such as 
adsorption, metabolism and detoxification involved in genotoxin adduct forma- 
tion. Currently, methods of varying sensitivity exist to measure DNA adducts, 
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including **P-post-labelling, high-performance liquid chromatography (HPLC)/ 
fluorescence spectrophotometry and immunoassays using adduct-specific poly- 
clonal or monoclonal antibodies. 


8.3.3.2 Genotoxicity tests for monitoring cytogenetic effects (effect 

assessment) 
The extent of cytogenetic damage induced by contaminant exposure can be 
quantified through the analysis of shifts in the incidence of micronuclei or through 
the study of shifts in genome size distribution or variation in chromosome number 
or structure (Bickham, 1994). 


The in vitro micronucleus test (Fenech, 2000). A micronucleus is formed when, 
during cell division, a chromosome or a chromosome fragment becomes separated 
from the spindle and therefore is not incorporated into one of the daughter nuclei 
(i.e. it remains in the cytoplasm and is encapsulated to form a small nucleus) (Di 
Georgio et al., 1994). This test can detect both clastogenic (chromosome breaking) 
and aneugenic (e.g. spindle disturbances, genome mutations) events, which can be 
distinguished using anti-kinetochore antibodies (CREST staining), centromere 
banding (C-banding) or fluorescent in situ hybridization (FISH). 

In the in vitro micronucleus test usually human peripheral blood lymphocytes 
are used. To distinguish cells that divided just once in culture, the cultures are 
treated with cytochalasin-B, a chemical that blocks actin polymerization and, as 
such, also cytokinesis. After one cell cycle, binucleated cells eventually with one 
or more micronuclei are obtained (Figure 8.7). It is necessary to distinguish the 
cells that divided in culture, because cell division is required for the formation of a 
micronucleus and a very small fraction of lymphocytes may have acquired 
micronuclei in vivo. Furthermore, micronuclei should be detected in cells that 
divided only once in culture in order to avoid an underestimation of the micro- 
nucleus frequency due to cell death. 

A number of factors constrain the usefulness of this test, i.e. variability between 
gender, age and strain, and its limited sensitivity. 


Chromosomal aberrations. The study of chromosomal aberrations involves 
examination of individual chromosomes for deletion, duplication or rearrange- 
ment of its normal gene array (Swierenga et al., 1991). Studies are initiated by 
exposing organisms or cell lines to contaminants, followed by the addition of 
colchicine to capture cells at metaphase. Chromosome preparations are then 
stained and the incidence of chromosome aberrations is quantified (Figure 8.8). 


Novel methods to detect effects at population level. Ecogenotoxicology has been 
described as ‘an approach that applies the principles and techniques of genetic 
toxicology to assess the potential of environmental pollution, in the form of 
genotoxic agents, on the health of the ecosystem’ (Shugart and Theodorakis, 
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Figure 8.7 A cytochalasin-B-blocked binucleated cell, with two micronuclei. 


1994). However, although one might argue that the ultimate goal of ecogenotox- 
icology is to elucidate whether exposure to mutagens has an impact on biodiver- 
sity, experiments showing causal relationships between exposure to genotoxins 
and loss of biodiversity only become feasible by using novel molecular biological 
techniques to study genetic variability in natural populations. 

The two major categories of methods to assess genetic patterns directly are 
allozyme electrophoresis and DNA molecular techniques. Allozymes are enzymes 
(proteins) with varying electrophoretic mobility, encoded by different alleles of 
single genetic loci. The technique is limited because allozymes are proteins, so 
alterations at DNA level that do not result in an amino acid substitution are not 
detected. Despite its limited resolution, allozyme analysis remains the simplest 
and most rapid technique for surveying genetic diversity in single-copy nuclear 
genes (Bickham et al., 2000). 

Molecular techniques allow the evaluation of molecular-level (DNA and RNA) 
variation in populations. Most techniques use the polymerase chain reaction 
(PCR) to amplify short nucleotide sequences from small amounts of tissues. 
With DNA techniques, one can examine neutral markers (non-coding regions 
widely dispersed over the entire genome) or patterns at coding loci (regions that 
are essential for functional differences in important proteins or for gene expres- 
sion). Also, mitochondrial DNA (mtDNA) (see Lecrenier and Foury, 2000) has 
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Figure 8.8 Human metaphase figure showing a dicentric chromosome (a) and an acentric fragment (b). 


attracted a lot of attention. Mitochondrial DNA is located outside the nucleus, with 
multiple copies of a single chromosome found in each cell. The mtDNA is 
maternally inherited and thus does not recombine. However, the rapid turnover 
rates of mitochondria ensure that the mitochondrial genome undergoes more 
cycles of replication than the nuclear genome. As such, nucleotide sequence 
analysis of the genes of mtDNA has become a powerful tool to assess the effect 
of genotoxins at population level (Belfiore and Anderson, 2001). 

Several basic methods of generating data on DNA and mtDNA variation exist. 
Bickham et al. (2000) summarize the technical approaches that can be used to 
address the effects of chemical contaminants on the genetic diversity in natural 
populations. They conclude that, because the alternative methods target different 
segments of the genome, possess differing resolutions and involve varied operat- 
ing and developmental costs, no single optimal technique exists and the selection 
of which methodology to use should be guided by the problem under investi- 
gation. Essential to this approach is the requirement to discriminate between 
contaminant-induced genetic change and genetic differences that result from 
many other, unrelated, variables, i.e. bottleneck effects (reduced survival or 
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fecundity resulting from chronic exposure that lead to an overall reduction in 
genetic diversity) or selection. 


8.4 Exposure assessment of genotoxic compounds 


Fast and cheap routine screening methods for the genotoxicity of environmental 
samples are required in monitoring programmes assessing the ‘health status’ of the 
environment. Apart from the assessment of environmental samples, they can be 
applied also to evaluate the intrinsic properties of new substances or the genotoxic 
potential of effluents. In the previous sections several of these screening assays for 
genotoxicity testing have been described. Which one should be used is often a 
matter of debate and will depend largely on the purpose of the site investigation. In 
a comparative investigation Verschaeve (2002) demonstrated that because the 
different tests are based on different molecular induction mechanisms they may, 
logically, obtain different results. It is therefore not possible to identify the best 
test to evaluate genotoxicity in environmental compartments such as surface 
waters, soils and groundwater. Comparisons of different tests are therefore only 
indicative of which tests could be used reasonably in rapid screening programmes 
(Verschaeve, 2002). From its comparison the same author concludes that, overall, 
the Ames test remains a very important tool for environmental monitoring but that 
tests such as the umu-C and VITOTOX™ test may also be considered, especially 
when no pre-concentration step is required. The comet assay on eukaryotic cell 
systems may be important as well but it should be realized that DNA comets may 
result from different biological interaction mechanisms and conditions (including, 
for example, cell-cycle stages and apoptosis) and is subject to phenomena that 
should be well understood and controlled (Verschaeve, 2002). In any case, much 
benefit could be obtained by using a couple of the currently available screening 
assays in tandem. 

Roex et al. (2001) compiled some experiments from recent literature that tried 
to bridge the gap between in vitro tests and fitness parameters (e.g. growth, 
mortality, reproduction) for some ecologically relevant species. From this compil- 
ation the authors concluded that because the genotoxicity tests most often were 
more sensitive compared with the fitness parameters, these tests can act as early 
warning systems. Moreover, fast screening assays have some advantages over 
chemical screening methods because they take into account the bioavailability of a 
compound and the interaction of multiple genotoxins in complex mixtures. 

In order to protect our environment, it is required that in situ exposure assess- 
ment on resident populations for several classes of pollutants, including genotox- 
ins, should be performed on a regular basis. Field investigations in which animal 
and plant species are collected and investigated for genotoxic lesions (e.g. inci- 
dence of tumours or DNA adducts) have the advantage that they can look into 
chronic exposure integrated over long spans of time. However, because they are 
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time consuming and costly they are applied less often in monitoring programmes 
compared with fast screening assays. Also, interpretation of the results can be 
hampered by aspects such as the lack of an adequate reference site or an incom- 
plete match between the species found at different locations. 

Numerous studies have demonstrated correlations between elevated levels of 
carcinogens and the incidence of neoplasia in organisms. Baumann and Harshbar- 
ger (1998) reported a long-term trend of liver cancer prevalence in brown bullheads 
(Ameirus nebulosus) inhabiting a river polluted with polycyclic aromatic hydrocar- 
bons (PAHs). Other examples of these are the induction of tumours in oysters 
(Crassostrea virginica) (Gardner et al., 1992) and in planarians (Schaeffer, 1993) 
following exposure to a mixture of PAHs and polychlorinated biphenyls (PCBs), 
amines and metals and a range of genotoxins, respectively. Neoplasia in inverte- 
brate species seems to occur rather rarely in comparison with incidences reported 
for vertebrates (Depledge, 1998). Although these and many more examples point 
towards a correlation between tumour incidence and exposure to environmental 
carcinogens, so far no evidence has been found for correlations between high 
incidences of tumours and a decline in population size in the field (Depledge, 1996). 

Apart from studying the incidence of neoplasia, many other markers have been 
applied in order to assess the exposure to genotoxins in wildlife species, such as 
DNA adducts, chromosomal aberrations, micronuclei, c-K-ras oncogenes, etc. 
Correlations between contaminant exposure and mutations in oncogenes have 
been examined in molluscs (Van Beneden, 1994). Pink salmon (Oncorhynchus 
gorbuscha) embryos exposed to crude oil were shown to have high frequencies of 
mutations in the K-ras oncogene (Roy et al., 1999). 

Several studies have reported on the suitability of DNA adducts for the deter- 
mination of chronic exposure to genotoxic compounds in various organisms. 
Using **P-post-labelling, Stein et al. (1994) demonstrated a dose-response rela- 
tionship between hepatic DNA adducts in dab (Limanda limanda) and flounder 
(Platichthys flesus) and environmental exposure to PAHs. Vanarasi et al. (1989) 
showed a good correlation between the levels of hepatic DNA adducts in the 
marine flatfish Parophrys vetulus (English sole) and the levels of PAHs in 
sediments at three sites with low, intermediate and high levels of pollution. 
DNA adducts and micronuclei were shown to be good short-term indicators of 
effects on fitness in amphibians (Sadinski et al., 1995). Lyons et al. (1997) and 
Harvey et al. (1999) demonstated genetic damage, as detected by elevated levels 
of DNA adducts, in the reproductive organs of the intertidal teleost Lipophrys 
pholis following PAH exposure. 

Not all fish species seem equally well suited to study DNA adduct formation. 
Van der Oost (1997) summarized that about 50% of the species studied under field 
conditions can be considered as responders by showing significant increases of 
DNA adduct levels in liver in a polluted environment. In general, in order to 
obtain meaningful results, the choice of appropriate reference sites is of crucial 
importance in studies on aquatic organisms. Furthermore, fish from different 
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locations should be matched properly for species, gender, age and sampling time 
(Kleinjans and van Schooten, 2002). Kirby et al. (2000) compared results on 
hepatic DNA adducts in dab (Limanda limanda) and flounder (Platichthys flesus) 
exposed to complex mixtures of PAHs. The results from flounder, being a relative 
sedentary species, correlated much better with the levels of contamination at the 
location of capture compared with the results from dab, which is a migratory 
species. They recommend that when fish are used as sentinels of pollution the use 
of migratory fish should be avoided. 

A comparison of DNA adducts in the blood and liver from different Mugil 
species collected in a PAH-polluted harbour suggests that DNA adducts in the 
blood reflect recent exposure as a result of the more rapid turnover of blood cells 
compared with liver cells (Telli-Krakoc et al., 2001). The level of DNA adducts in 
the liver has been shown to correlate well with development and the pattern of 
prevalence of liver tumours in flounders (Vethaak and Wester, 1996). 

Other species have been used as environmental sentinels. The frequency of 
chromosomal aberrations in the gill tissue of Mytilus edulis transplanted to field 
sites contaminated to different extents increased with increasing exposure to 
contaminants (Al-Sabti and Kurelec, 1985). Pavlica et al. (2001) measured a 
significant increase of the tail length of comets in haemocytes of zebra mussels 
(Dreissena polymorpha) after experimental exposure to polychlorophenol. 
Reichert et al. (1999) showed aromatic DNA adducts in the liver of Phoca vitulina 
richardsi (harbour seals) exposed to petroleum after the Exxon Valdez oil spill. 

As for the soil compartment, the comet assay on coelomocytes of earthworms 
(Eisenia foetida) kept in PAH-contaminated soil samples had higher DNA damage 
than in control samples (Verschaeve, 2002). However no dose-effect relationship 
was observed. Also, the levels of PAH—DNA adducts in Lumbricus terrestris, 
another earthworm species, kept on industrially contaminated soils increased with 
exposure time (Van Schooten ef al., 1995). Few surveys have been performed on 
terrestrial plant species, but trifluralin was shown to induce a significant increase 
in tail length in the comet assay applied on the leaves of Vicia faba (Bierkens et al., 
1998). 

Another means of monitoring the exposure of organisms to genotoxins is to use 
the induction of biomarkers, i.e. protective enzyme systems and DNA repair 
mechanisms. An example of this is given by Wirgin and Garte (1994), who 
have shown a good correlation between levels of expression of CYP1A (cyto- 
chrome P450) genes in livers of tomcod and their exposure to hydrocarbon 
pollution in water and sediments. The levels of these cytochrome P450s are 
known to be increased by the presence of environmentally significant xenobiotics 
such as PAHs and PCBs. In a comparative study Kirby et al. (2000) found good 
correlations between the levels of DNA adducts and other biomarkers of PAH 
exposure, such as bile metabolites and the induction of cytochrome P450 by 
measuring ethoxyresonifin O-deethylase (EROD) activity in dab (Limanda 
limanda) and flounder (Platichthys flesus). 
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8.5 Ecological implications of genotoxic effects 


As discussed above, mutations may occur in somatic as well as germ cells. 
Somatic mutations endanger the survival potential of the individual, but only for 
animal species with a low reproductive output (e.g. large mammals) may this 
affect the stability and the size of a population. As such, in order to assess the 
impact of genotoxins on biodiversity, heritable germ-line mutations are most 
important because they may change the genetic diversity and fitness of a popula- 
tion. Germ-line mutations are ecologically relevant but are hard to predict from 
screening on somatic mutations alone. One way to detect possible heritable effects 
of mutagens is to perform multi-generation toxicity studies in which only the 
parent generation is exposed and effects on the progeny are determined. An 
example of this type of experiment is provided by White et al. (1999) on fathead 
minnows Pimephales promelas exposed for four months to benzo[a]pyrene 
(B[a]P). The hatching frequency, the number of eggs laid by F1 females and the 
survival of the F2 larvae were shown to be reduced significantly even when no 
effects were observed in the parental generation. This result points out that 
heritable effects of pollutants may exist. In two successive studies Vinson et al. 
(1963) and Boyd and Ferguson (1964) showed that mosquitofish (Gambusia 
affinis) exposed to agricultural chemicals were resistant to selected insecticides 
and when they were transferred to an uncontaminated pond and allowed to breed 
the offspring showed increased resistance to strobane and chlordane. Also, the 
offspring of killifish (Fundulus heteroclitus) collected at PCB-contaminated areas 
showed no CYPIAI responses, in contrast to reference specimens whose parents 
had not been exposed (Elskus et al., 1999). The authors assume a genetic adaptive 
response. 

As discussed, with the advent of new molecular techniques other types of 
experiments on the genetic diversity in natural populations became feasible. 
Methods of detecting genetic variation and several case studies are discussed by 
Bickham et al. (2000) and Belfiore and Anderson (2001). Many of these case 
studies demonstrate heritable germ-line mutations, reduced genetic variability, 
shifts in allele frequencies and damaged repair systems in a variety of vertebrate 
species. For example Wirgin et al. (1990) showed genetic diversity at the c-abl 
oncogene and in mitochondrial DNA between populations of Atlantic tomcods 
(Microgadus tomcod) from contaminated and reference sites. Yauk and Quinn 
(1996) and Yauk et al. (2000) demonstrated a high rate of heritable genetic 
mutations and induced mini-satellite germ-line mutations in herring gulls (Larus 
argentatus) nestling in an industrialized urban site using DNA fingerprinting. 

Many heritable mutations are correlated with a reduced fitness, i.e. a reduced 
survival probability of the offspring of the mutant. The reduction in average 
fitness with the arrival of new mutations is called mutation load (Crow and 
Kimura, 1970). However, the more deleterious a mutation is, the sooner it will 
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disappear as a consequence of natural selection (Cronin and Bickham, 1998). It 
has been shown also that most known lethal mutations in established natural 
populations are nearly totally recessive (Cronin and Bickham, 1998). This sug- 
gests that natural selection removes those mutations that are dominant or partly 
recessive from natural populations. 

It has been hypothesized that heterozygosity is associated with improved 
survivorship in polluted conditions (Hendrick, 1986; Depledge, 1998). Indeed, 
some evidence exists to suggest that genetically rich (i.e. heterozygous) species 
display higher survivorship than genetically poor species after exposure to inor- 
ganic and organic pollutants (Nevo et al., 1986; Hawkins et al., 1989; Kopp et al., 
1992). Roark and Brown (1996) found a significantly higher proportion of hetero- 
zygous individuals of three fish species (Pimephales notatus, Gambusia affinis 
and Fundulus notatus) at a contaminated site subject to mine-tailing run-off as 
compared with a reference site. Troncoso et al. (2000) found a positive correlation 
between multi-loci heterozygosity and survival in young individuals of Chilean 
scallops (Argopecten purpuratus) exposed to copper. 

Some caution in interpreting some of these observations should be taken 
because, as mentioned previously, higher mutation rates caused by chronic expos- 
ure to genotoxins may be masked by indirect effects such as selection. Indeed, in 
contrast with previous examples, Guttman (1994) found a reduced heterozygosity 
in fish from sites contaminated with heavy metals compared with non-polluted 
sites. Similar results were obtained from studies on the oligochaete Limnodrilus 
hoffmeisteri from non-polluted and cadmium-polluted sites (Klerks and Leving- 
ton, 1989). It is assumed that the lower genetic diversity at these heavy-metal- 
polluted sites reflects selective pressures associated with exposure to heavy metals 
(Guttman, 1994). This is also illustrated by Patarnello et a/. (1991), who found that 
the allele and genotype frequencies of barnacles (Balanus amphitrite) from three 
locations in the lagoon of Venice did not differ among juvenile populations but 
differed significantly among adults from the most contaminated location and the 
two other locations, supporting the hypothesis that post-settlement selection on 
barnacles occurred in this location. 


8.6 Conclusions 


Assessment of the genotoxic potential of environmental samples is one of the 
main tasks of environmental monitoring for the control of pollution. Deposition of 
genotoxic agents resulting from their continuous accumulation and impact on the 
environment requires the development of sensitive and rapid assays to monitor 
their biological relevance. Estimation of genotoxic activity can be carried out by 
measuring the genetic end-points, which exhibit primary DNA damage. A large 
number of genotoxicity tests are available for this purpose, several of which have 
been discussed here. Because no single assay will give full insight into the 
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genotoxic potential of environmental matrices, a test battery approach has been 
suggested. Moreover, fast screening of the genotoxic potential of environmental 
samples using the above mentioned bioassays may have some advantages over 
chemical screening methods because the assays take into account the bioavail- 
ability of a compound and the test results reflect the total outcome of the 
interaction between substances when multiple genotoxins are present in complex 
mixtures. 

Screening for mutagenic properties of compounds is only a first, but essential, 
step in genotoxicological risk assessment (Kramers et al., 1992). The outcome of 
these tests only provides information on the potential hazard of a compound or an 
environmental sample. Therefore, as well as fast-screening monitoring pro- 
grammes, in situ exposure and effect assessment on resident species and popula- 
tions is required to evaluate the long-term effects of genotoxins in the environment 
and to account for both the direct and indirect effects of genotoxins, including 
genetic drift (bottlenecks) and selection. Numerous studies in the literature have 
demonstrated a strong correlation between elevated levels of potentially muta- 
genic substances and tumour incidences in biota. Although neoplasia in fish and 
invertebrates, as well as genotoxin-induced inheritable mutations, are potentially 
of great concern, there is often insufficient information to understand causal 
mechanisms or to quantify environmental risks (Depledge, 1996). Lately, more 
elaborate experiments studying the genetic diversity of resident populations have 
been performed. The predictions of bottleneck effects and selection were borne 
out in several of these studies by using a variety of means of assessing genetic 
change (Belfiore and Anderson, 2001). In addition to these commonly perceived 
risks, mutation has been put forward as an important risk to populations and it has 
been recognized that population-level effects occur at ambient contaminant con- 
centrations (Belfiore and Anderson, 2001). In their review paper Bickham et al., 
(2000) conclude that ‘The potential for an increased mutation rate, especially 
when combined with population bottleneck and the resulting fixation of deleteri- 
ous alleles, to contribute to a downward spiral of fitness decline (mutational 
meltdown) should be of grave concern to ecotoxicologists and conservation 
biologists’. 
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9 Approach to legislation in a global context 


A UK PERSPECTIVE 
Jim Wharfe 


9A.1 Introduction 


The production of chemicals has grown to become one of the largest manufactur- 
ing industries in the world and with it, a wide range of chemicals and formulations 
has become available that spans major business areas concerned with petrochem- 
icals, agricultural chemicals, pharmaceuticals and veterinary medicines, industrial 
chemicals and associated products. It is perhaps not surprising, therefore, that the 
regulations concerning the control of chemicals have been developed rather 
piecemeal and that the accompanying institutional arrangements are complicated. 

Environmental law relating to chemicals is relatively new, although laws on 
environmental issues have been in existence for far longer. Despite the short 
history, legislation on chemicals is both voluminous and complex, and it increased 
substantially following the establishment of the European Economic Community 
in the late 1950s. Figure 9.1 provides an indication of the increase in environ- 
mental legislation that has emerged from Europe since the 1970s. 

In the opening chapter of this book, reference is made to the hierarchy of some 
of the relevant international and European legislation and its influence on the 
development of risk-based approaches to help manage and control hazardous 
substances. Reference is made also to the central role of ecotoxicity testing in 
risk assessment. 

This part of Chapter 9 sets out a more detailed perspective of how legislation 
concerning chemicals is implemented in the UK, and it considers how develop- 
ments have been influenced by traditions. In the context of this chapter, it is not 
the intention to provide a complete and comprehensive review but rather, by 
selective illustration, to show how the typical British approach based on infor- 
mality and regulatory discretion has moved to the more formal and centralised 
control necessary within the European Union (EU). Where appropriate, reference 
to other international law is made to indicate where different approaches influence 
enforcement procedures. 
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Year 


Figure 9.1 Environmental legislation to emerge from Europe since 1970. 


9A.2 History and tradition in the UK 


In the UK, Central Government is accountable to the monarch of the day and has 
responsibility for environmental law and policy and, in the first instance, for all 
primary legislation. This framework allows the transposition of applicable inter- 
national agreements and European Directives. The current lead for enacting much 
of the environmental legislation is the Department of the Environment, Food and 
Rural Affairs (DEFRA). Many delegated bodies, which include government 
departments, environmental regulatory agencies and local authorities, share the 
enforcement of such legislation. In the UK the 1995 Environment Act established 
two new integrated regulatory agencies with a remit covering air, land, water and 
waste issues: the Environment Agency for England and Wales and the Scottish 
Environmental Protection Agency. Since the late 1950s following the establish- 
ment of the European Economic Community, environmental regulation in the UK, 
and particularly that associated with chemicals, has been strongly influenced and 
directed by European agreement. The workings of the community are rule-based 
with agreement between Member States. This is somewhat in contrast with British 
tradition, which has been less formal and discretionary. Differences between 
Member States are recognised and continue to pose challenges to the harmonisa- 
tion of procedures and the establishment of common baselines. This has undoubt- 
edly hampered progress and by the mid-1990s the European Environment Agency, 
in its summary document Environment in the European Union at the Turn of the 
Century, questioned the success of environmental policy with factual information 
indicating little real improvement after 25 years of community policy. Over the 
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last 20 years the UK has complied increasingly with a more centralised and 
legalistic framework but many issues concerning the control of releases of chem- 
icals into our environment remain; these are discussed further in this chapter. 

Early law in the UK concerning pollutants in the environment dates back to 
medieval history, with restrictions on tannery effluents discharged to rivers and 
the burning of coal that became a smoke irritant in some local communities. 
Population levels increased in urban areas during the industrial revolution (Chap- 
ter 1), highlighting growing health problems related to emissions and identifying a 
need to control the siting of installations. The alkali inspectorate was created 
under the 1863 Alkali Act, primarily to control releases from the chlor-alkali 
industry, and by the late 19th century, with housing and public health a priority, 
the 1875 Public Health Act was passed. At the same time a framework for water 
pollution control was introduced with the 1876 Rivers Pollution Prevention Act, 
although subsequent enforcement proved extremely difficult. 

There were subsequently many similar pieces of national legislation introduced 
as environmental issues continued to oscillate on and off government agendas and 
into and out of public concern. Legislation came into force largely to solve 
particular problems. For example, the issue concerning poor air quality arising 
from coal burning in heavily populated areas escalated during the industrial 
revolution and urban smog disrupted daily life and contributed to rising death 
rates. Further legislation was introduced in the 1920s to reduce smoke from 
industrial sources but the localised use of coal as a domestic fuel continued to 
grow. The introduction of the Clean Air Acts of 1956 and 1968 was in response to 
the great smog of London in 1952. Subsequent legislation introduced since the 
1970s targeted releases from vehicle fuel and industrial fuel oils. Traffic conges- 
tion, however, continued to grow in urban areas and with it the threat of photo- 
chemical smog caused by chemical reactions of pollutant releases with sunlight. 
These issues contributed to the passage of the 1995 Environment Act that subse- 
quently required the publication in 1997 of the National Air Quality Strategy, 
setting air quality objectives for local authorities up to 2005. 

This example illustrates the often issue-based and ad hoc approach to setting 
national environmental legislation. In recent times, a more integrated assessment 
has been adopted and the regulatory agencies in the UK have regulatory duties that 
cover air, land and water to reflect this holistic approach. This model has not been 
followed by many other European Member States. 

The primary environmental legislation in England and Wales that relates to the 
release and control of waste discharges includes the 1990 Environmental Protec- 
tion Act, the 1991 Water Resources Act, the 1995 Environment Act and the 1999 
Pollution Prevention and Control Act. Some of the more important elements of 
these acts are discussed below. 

The 1990 Environmental Protection Act introduced Integrated Pollution Con- 
trol (IPC) to releases from prescribed industrial processes. It is divided into Parts 
A and B, the more technically complex and potentially polluting Part A processes 
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being regulated by the Environment Agency, with some of the less complex 
processes under Part B regulated locally. The Act requires operators of prescribed 
processes to apply best available techniques (BAT) to prevent, minimise or render 
harmless the releases under their control through a system of prior permitting. 
Additional powers include specific controls on hazardous substances that allow 
the regulator to obtain relevant information from manufacturers, importers and 
suppliers about specific chemicals for the purpose of assessing their risk (section 
142). Regulations to prohibit or restrict importation into the UK and the use, 
supply and storage of substances are also possible (section 140). The 1999 
Pollution Prevention and Control Act and subsequent 2000 regulations make 
provision for the implementation of the EU Directive on Integrated Pollution 
Prevention and Control (IPPC) that replaces and extends the 1990 Act. 

The 1991 Water Resources Act relates to the control of discharges to controlled 
waters. Section 85(1) states ‘A person contravenes this section if he causes or 
knowingly permits any poisonous, noxious or polluting matter or any solid waste 
matter to enter any controlled waters’. The Act defines controlled waters and 
provides for the Secretary of State to establish water-quality objectives and the 
attainment of these objectives. The Act provides powers to the Environment 
Agency to prosecute a consent-holder if conditions are breached and to serve a 
works notice on an offender requiring them to remove or alleviate the pollution. 
Section 190 of the Act also established registers that include details such as: 
notices of water-quality objectives; applications made for consents; consents and 
the conditions to which the consents are subject; samples of water or effluent 
taken by the [Agency] for the purposes of any of the water pollution provisions of 
this Act; and information produced by analyses of those samples. 

The 1995 Environment Act established the Environment Agency for England 
and Wales and the Scottish Environment Protection Agency, and sets out all 
provisions for the transfer arrangements of existing legislation. 

Although this raft of legislation allows for the transposition of many European 
Directives, reference to the release of hazardous substances in the primary 
environmental legislation of the UK is not specific, although the Secretary of 
State is empowered to make regulations establishing quality objectives and 
standards. Much of the chemicals regulation in the UK results from European 
Directives, international conventions and agreements, and is dominated by con- 
trols on individual substances. By contrast, some countries make specific refer- 
ence to the control of hazardous substances in their primary legislation and 
whole-sample toxicity procedures are embedded in the overall approach. Notable 
among these are the United States Clean Water Act 1972 and the Canadian 
Environment Protection Act 1999 (see also Chapter 1, Sections 1.3 and 1.4). For 
information on the UK Direct Toxicity Assessment (DTA) demonstration pro- 
gramme and the ecotoxicity test methods for effluent and receiving water 
assessment, the reader is referred to the sources of information given in the 
note at the end of Section 9A (page 268). 
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9A.3 Development of chemical regulations in Europe and the UK 


The growing international awareness of chemicals in the environment that 
emerged during the 1970s following such publications as Rachel Carson’s Silent 
Spring in 1962 had a profound influence on the development of regulations 
concerning hazardous substances and subsequently on the development of a 
hierarchy of international agreements, European Directives and national law. An 
overview of some of the more important international initiatives and European 
Directives is provided in Chapter 1. 

The management and control of chemicals at all levels is complex and their 
regulation is made difficult because of: 


e The movement of chemicals across national and international political and 
administrative boundaries. 

e Incomplete information on the hazardous properties of many chemicals and on 
their use, transport and storage. 

e The use of single substance-based standards in cases where complex mixtures 
of many chemical discharges result in compounded toxicity and difficulties in 
assessing the associated risks. 

e The uncertainty surrounding the effects of chemicals on human health and the 
environment, especially low-level concentrations and long-term exposure. 

e The many institutions and organisations involved in different aspects of the 
management of chemicals. 


Important in a national context is the mechanism by which the large amount of 
legislation concerning the control on chemicals translates into enforcement action 
in Member States. In the UK this legislation and the associated enforcement are 
under the control of a large number of regulatory bodies. The more important 
pieces of national legislation, the associated European Directives and the compe- 
tent authorities are summarised in Table 9.1. The list is not complete and excludes 
some additional regulations relating to other issues that concern the transport and 
storage of chemicals. 

Table 9.1 illustrates the complexity of both the legislation and the institutional 
arrangements. This has resulted in a growing number of priority lists of chemicals of 
concern, produced largely in response to specific pieces of legislation. The lists 
often differ in their priorities and lack clear criteria for either selection or de- 
selection. Monitoring effort associated with the legislative requirements also differs 
from one Member State to another and there is little or no harmonisation of 
monitoring programmes. 


9A.4 The role of a National Regulatory Agency 


With so many pieces of legislation, associated priority lists of substances of 
concern and different enforcement authorities involved, it is perhaps not surprising 
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that cradle to grave management is far from clear. This is revealed in a closer look 
at the legislative issues at different points in the life-cycle of chemicals and some 
of the roles, duties and obligations of a single regulatory agency. 

The Environment Agency for England and Wales has specific roles in different 
regulatory regimes that vary not only for the type of chemical (industrial, biocide, 
pesticide, veterinary medicines, etc.) but also for the life-cycle stage (production, 
use, storage, release, waste disposal, etc.). Furthermore, there are different pieces 
of legislation that apply at the same stage. For instance, the control of chemicals 
released to the environment through industrial emissions, domestic sewage and 
waste-tip leachates. 

Some of the various roles, duties and powers of the EA are shown in Figure 9.2 
and include: 


e Enacting part of the UK competent authority, on behalf of DEFRA and 
together with the Health and Safety Executive (HSE), for the notification of 
new substances and undertaking environmental risk assessments on existing 
substances. 

e Authorising the release of chemicals to air and water from major industrial 
sources. 

e Consenting discharges to watercourses from sewage treatment plants. 

e Assessing the presence and effect of chemicals in, and on, the water environ- 
ment and exercising powers to meet water-quality objectives. 

e Determining operational requirements for landfill sites for hazardous and non- 
hazardous wastes. 

e Administering the consignment system for special waste. 

e Acting as the enforcement authority for contaminated land designated as 
special sites and advising local authorities on other determined sites. 

e Reporting on emissions for regulated processes through the Pollution Inventory. 

e Monitoring and reporting on the state of the environment for England and 
Wales. 


Ways, other than legislative means, in which control can be exerted are also 
shown in Figure 9.2. These include codes of good practice and campaigns, fiscal 
measures such as the landfill tax and the proposed pesticide tax, and the publica- 
tion of information. The Environment Agency’s Pollution Inventory, launched in 
1999, provides environmental information to a large audience, particularly the 
general public. The inventory is a database of emissions of pollutants to the 
environment from particular industries in the UK. 


9A.5 Future developments 


Legislation concerned with the assessment and control of chemicals is varied and 
complex and has resulted in a piecemeal development of the regulatory process. 
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Table 9.1 Summary of chemicals legislation in England and Wales and associated EU 
legislation. 


Production, Market and Use 

Notification of New Substances (NONS) Directive 92/32EEC came into effect following the 6th 
amendment of the Classification, Packaging and Labelling of Dangerous Substances Directive 
(CPL 67/548/EC) in 1979 requiring the pre-market notification of chemicals produced after 
September 1981. Manufacturers and importers are required to submit a notification dossier that 
includes data on environmental fate and effects to the nominated competent authority of Member 
States. In England and Wales this duty is shared between the HSE and the Environment Agency 
acting on behalf of DEFRA. The 7th amendment required risk assessment. During the period 
awaiting further assessment there is no marketing restriction on the sales of these substances. 


Existing Substances Regulation (ESR Council Regulation 793/93) More than 100000 existing 
industrial chemicals on the market prior to September 1981 are registered on the European 
Inventory of Existing Commercial Chemical Substances (EINECS). The ESR establishes 
priority lists and requires industry to supply all the necessary data for a comprehensive risk 
assessment. To date there have been four priority lists totalling almost 140 substances of high- 
volume production for risk assessment. The risk assessment is undertaken by the designated 
competent authority of the Member State, which in England and Wales is the same for NONS. 
There is no deadline under the regulation for the risk assessment or for possible trade sanctions 
where the producer fails to provide the necessary information. 


Marketing and Use Directive for Dangerous Substances and Preparations (76/769EEC). The 
legislative framework for risk management of industrial chemicals enables the European 
Commission to propose measures to ban or restrict the use of substances. It places a general ban 
on those substances classified as carcinogens, mutagens or human reproductive toxins in products 
for use by the general public. Subsequent amendments have introduced daughter directives to 
place restrictions on specific substances such as polychlorinated biphenyls, mercury, cadmium and 
lead. 


Positive Approvals. Certain product groups are required to meet demanding approval regimes. 
These include: 


e Plant Protection Products (Pesticides Directive 91/414/EEC). In England and Wales 
the Pesticide Safety Directorate (PSD) is responsible for evaluating and processing 
applications for approvals under the Control of Pesticide Regulations 1986 (COPR). 
The regimes utilise many of the requirements of other regulations and directives 
(including CPL, NONS and CHIP — the Chemicals Hazardous Information and Pack- 
aging for Supply Regulations) and require information on composition, metabolism, 
fate and degradation products. 

e Biocidal Products (Directive 98/8EEC). The HSE is the competent authority for author- 
isations of non-agricultural pesticides. Under the biocidal products directive, and COPR 
in England and Wales, the competent authority evaluates risk to human health and the 
environment on data provided by companies in support of approval applications. 

e Veterinary Medicines (Directive 81/852/EEC). Veterinary medicines can be approved 
by the European Medicines Evaluation Agency (EMEA) or at national level. In England 
and Wales, the Veterinary Medicines Directorate (VMD) is responsible for the licensing 
of animal medicines under the Marketing Authorisations for Veterinary Medicinal 
Products Regulations 1994. It also has the power to grant emergency licences and 
regulate animal testing. 

e Pharmaceuticals (Directive 65/65/EEC). The EMEA in Europe is responsible for the 
registration of new pharmaceutical products placed on the market after 1993. In 
England and Wales the Medicines Control Agency is responsible for licensing 
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Table 9.1 Continued 


human medicines under the Medicines for Human Use Regulations 1994. The regulations 
allow trial licences and manufacturer and dealer licenses to be issued. 


Worker Protection 

The basis for health and safety law in the United Kingdom is provided under the Health and 
Safety at Work Act 1974 (HSWA), which sets out the general duties that employers have to their 
employees, and members of the public, and that employees have to themselves and each other. 
The legislation helps to fulfil wider European requirements for health and safety and places a 
general duty on manufacturers to ensure that substances are safe when properly used and to carry 
out such tests as are necessary. 


The Chemicals (Hazardous Information and Packaging for Supply) Regulations (CHIP) that were 
enacted in 1993 under the HSWA, together with subsequent amendments, are concerned with the 
supply of dangerous substances and preparations and sets out how these should be classified, 
labelled and packaged. There is also a requirement on the supplier to provide safety data sheets. 


The Control of Substances Hazardous to Health Regulations 1994 (COSHH) are set out under the 
HSWA and protect workers against risk to health from exposure to substances in the workplace. A 
risk assessment is required and must be made available to workers, with training given to those 
who might be exposed to such substances. The HSE is the competent authority for CHIP and 
COSHH in the United Kingdom. 


Accidents 

The Control of Major Accident Hazards Regulations 1999 (COMAH) implement the so-called 
Seveso II Directive 96/82/EEC. The regulations require operators to take steps to prevent the 
occurrence of accidents and to limit their consequences to people and the environment. 
Thresholds for storing and using certain dangerous substances are laid down in the Directive. 
Where higher threshold quantities are stored, a safety report and associated on-site emergency 
plan are required, together with an off-site plan from the local authority and the communication of 
safety measures to the public. The HSE and the Environment Agency operate the joint competent 
authority for England and Wales. 


Releases to Air, Land and Water 

Extensive legislation exists for controlling releases to the environment. The usual mechanism of 
control is through either a fixed emission limit and/or environmental quality standards that apply 
to both point and diffuse sources. Much of the legislation is specific to air, land or water, although 
integrated pollution control requires releases from major industrial processes to air, land and 
water to be considered together with the aim of minimising their impact on the environment. 


The main legislation is the Environmental Protection Act (1990), the Water Resources Act (1991), 
the Environment Act 1995 and the Pollution Prevention Control Act (1999) (see main text). 

Air 

The 1990 legislation introduced Integrated Pollution Control (IPC) under which prescribed 
processes are authorised by the competent authority in such a way as to ensure that operators 
apply ‘best available techniques not entailing excessive cost’ (BATNEEC) to prevent, minimise 
or render harmless releases under their control through a system of prior permitting. In England 
and Wales the Environment Agency is the competent authority for the larger and more complex 
Part A installations and Local Authorities for the Part B installations. Registers are kept by the 
competent authorities, detailing information relating to the authorisation and making this freely 
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Table 9.1 Continued 


available to the public. The Prevention Pollution Control Act 1999 represents a tightening of the 
1990 Environmental Protection Act (EPA) and implements The Integrated Pollution Prevention 
and Control Directive (96/61/EEC). There is more emphasis on improving the environment by 
requiring industry to use ‘best available techniques’ (BAT) for pollution prevention — (the words 
‘not entailing excessive cost’ have been dropped, although explanatory guidance states that the 
intent is unchanged). 


The EPA (1990) established a system of Local Authority Air Pollution Control (LAAPC) requiring 
the competent authorities to ensure that smaller air pollution sources meet specific emission limits. 
In 1997 Central Government published the National Air Quality Strategy, setting air quality 
objectives for local authorities up to 2005. 


Land 

Part IIA of the Environmental Protection Act 1990 — which was inserted into that Act by Section 
57 of the Environment Act 1995 — provides a new regulatory regime for the identification and 
remediation of contaminated land. Under the Contaminated Land (England) Regulations 2000 the 
local authority decide, in the first instance, whether land within the description of a special site is 
contaminated land or not. The work of the Environment Agency as enforcing authority starts once 
that determination is made. However, the statutory guidance on the identification of contaminated 
land says that, in making that determination, local authorities should consider whether, if land 
were designated, it would be a special site. If that is the case, the local authority should always 
seek to make arrangements with the Environment Agency to carry out any inspections of the land 
that may be needed, on behalf of the local authority. 


Operation of the regime is subject to regulations and statutory guidance. 
Section 78A(2) defines Contaminated Land for the purposes of Part ITA as: 


‘any land which appears to the Local Authority in whose area it is situated to be in such a 
condition, by reason of substances in, on or under the land, that: 

(a) Significant harm is being caused or there is a significant possibility of such harm being caused; 
or (b) Pollution of controlled waters is being, or is likely to be, caused.’ 


For certain substances, soil quality guidelines have been produced to aid the risk assessment. The 
regulations require each enforcing authority to keep a public register. The public register is 
intended to act as a full and permanent record, open for public inspection, of all regulatory action 
taken by the enforcing authority in respect of the remediation of contaminated land, and will 
include information about the condition of land. 


Water 

The Water Resources Act (WRA) 1991 provides for the regulating authority, the Environment 
Agency in England and Wales, to issue consents that include information on the composition of the 
discharge, volume, concentration and total amount of substances that can be released. Conditions 
vary on the use of the receiving watercourse but must ensure no deterioration in water quality. 
Registers of information are kept and are freely available to the public. The Water Industry Act 
199] requires sewerage undertakers consenting trade waste to notify the Environment Agency of 
effluents that are categorised as special if they contain certain hazardous substances. Consent 
conditions under WRA 1991 are set to achieve environmental quality standards determined as safe 
levels in the receiving water. The regulations are substance specific and often based on the 
achievement of a target load or concentration. The regulations enact provisions under a number 
of European Directives, including: the Dangerous Substances Directive (76/464/EEC) and 
amendments (1997); the Urban Waste Water Treatment Directive (91/271/EEC); the Nitrate 
Directive (91/676/EEC); and the Bathing Water Directive 76/160/EEC. Some of the newer 
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European Directives of particular importance to the water environment move to the achievement 
of defined environmental outcomes in the form of ecological status (Water Framework Directive 
2000/60/EC) and habitat protection (Habitats Directive 92/43/EEC). 


The Groundwater Directive (80/68/EEC) refers to the protection of groundwater quality from 
certain substances. It prohibits the discharge of substances/groups of substances in List 1 and 
requires pollution to be minimised from other substances in List 2. The 1998 Groundwater 
Regulations are enforced by the Environment Agency. List 1 substances are the most toxic and 
must be prevented from entering groundwater. They include pesticides, sheep dip, solvents, 
hydrocarbons, mercury, cadmium and cyanide. List 2 substances are less dangerous, but if 
disposed of in significant amounts they could be harmful to groundwater. They include some 
heavy metals, ammonia, phosphorus and its compounds. Entry of these substances into 
groundwater must be restricted to prevent pollution. Control is also required where water is 
recharged to ground for storage for later drinking-water use. New arrangements will include 
requirements on monitoring and reporting. A new Groundwater daughter Directive will 
supplement the provisions of the Water Framework Directive (2000/60/EC). 


Waste 

The waste management licensing regime is enacted under part 2 of the Environment Protection 
Act 1990, allowing the Environment Agency to grant, modify, suspend or revocate licences for 
waste management. Chemical waste is covered under the provisions of the Waste Management 
Licensing Regulations 1994, meeting the requirements of the Waste Framework Directive 91/ 
156/EEC. The Special Waste Regulations 1996, also made under the Environment Protection Act 
1990, implement the requirements of the Hazardous Waste Directive (91/689/EEC) and place 
additional controls on movements, disposal and treatment of waste containing hazardous 
material. These regulations will be replaced by new Hazardous Waste Regulations that will 
introduce specific controls. There are many other Directives associated with chemicals control 
in waste management (see Chapter 1), including the Waste Incineration Directive (2000/76/EC) 
and the Landfill Directive (99/31/EC). 


Furthermore, the large number of commercially available chemicals with little or 
no hazard information has impeded risk management and the introduction of 
targeted environmental monitoring programmes. 

Inadequacies in some important elements of the legislative system have been 
identified at both international and national level. The Commission of the Euro- 
pean Communities White Paper on a Strategy for a Future Chemicals Policy 
(2001) and the UK Government strategy Sustainable Production and Use of 
Chemicals (DETR, 1999) both recognise the need for greater transparency and a 
more timely approach to the regulations with regard to the risk assessment of 
existing substances. The White Paper proposes a new regulatory system compris- 
ing three components: registration, evaluation and authorisation (of chemicals) — 
REACH. Further information on the proposal is provided in Chapter 1. 

The 21st report of the Royal Commission on Environmental Pollution (1998), 
Setting Environmental Standards, called for transparency in the process of setting 
standards and a programme informed and steered by public values. The most 
recent (24th) report of the Commission (2003), Chemicals in Products, recom- 
mends a more fundamental shift in the way that risks from chemicals are managed. 
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This report indicates that risk assessment on its own is insufficient, and that 


monitoring to help understand the fate and effects of chemicals in the environment 


is not being carried out effectively. 


The undoubted benefits of chemicals must be balanced with the serious threat 
they pose to the environment if left unchecked. Many issues remain and the 


development of a more strategic approach might consider: 
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e The institutional arrangements, with a view to reducing unnecessary bureau- 
cracy and improving current understanding. 

e The timely application of appropriate regulations for production, marketing 
and use, and improved understanding of how these sit alongside those used for 
regulating releases to the environment and waste management. 

e The harmonisation of procedures for cradle-to-grave risk assessment of chem- 
icals and control using the most appropriate legislation, and alternative ap- 
proaches and options other than legislative means of control. 

e Criteria for selecting and de-selecting priority substances of concern and the 
inclusion of monitoring information to aid risk decision-making. In particular, 
improved understanding of biological responses and their human and eco- 
logical significance. 

e Exposure to complex mixtures (the usual route of entry to the environment) 
and the development of techniques and procedures for improved screening and 
control. 

e Accessible information and improved transparency in any approval process. 
Wider stakeholder involvement should be encouraged without diluting the 
value of expert judgement. 

e Wider stakeholder engagement and socioeconomic implications 


Despite these outstanding issues the need for greater international cooperation and 
harmonisation of approach with respect to legislation concerning the assessment 
and control of chemicals is recognised by national governments and international 
organisations. Whole ecosystem management for the benefit of man and wildlife 
will be necessary to tackle complex issues on biodiversity and habitat protection 
and these will need the wide involvement of many scientific disciplines to provide 
the necessary evidence to underpin policy development and decision-making to 
achieve sustainability. 


Notes 


Some useful sources of information on the UK Direct Toxicity Assessment (DTA) demonstration 
programme: 

UKWIR (2000) Technical Guidance for the Implementation of Direct Toxicity Assessment 

(DTA) for Effluent Control: Addressing Water Quality Problems in Catchments where 

Acute Toxicity is an Issue. Report TX02B 217. 

KWIR (2000) UK Direct Toxicity Assessment (DTA) Demonstration Programme: River Aire 

Project. Report 00/TX/02/01 

KWIR (2000) UK Direct Toxicity Assessment (DTA) Demonstration Programme: River Esk 

Project. Report 00/TX/02/02 

KWIR (2000) UK Direct Toxicity Assessment (DTA) Demonstration Programme: Lower Tees 

Estuary Demonstration Project Parts I and II. Reports 00/TX/02/03 and 00/TX/02/04 

KWIR (2000) UK Direct Toxicity Assessment (DTA) Demonstration Programme: Review of 

Toxicity Reduction Evaluations at Sewage Treatment Works. Report 00/TX/02/05 

KWIR (2000) UK Direct Toxicity Assessment (DTA) Demonstration Programme: Recommen- 

dations from the Steering Group to the Environmental Regulators. Report 00/TX/02/06 


= 


a 


Ge 


= 


E 


APPROACH TO LEGISLATION IN A GLOBAL CONTEXT 269 


UKWIR (2000) UK Direct Toxicity Assessment (DTA) Demonstration Programme: Technical 
Guidance. Report 00/TX/02/07 

(Note: UKWIR is UK Water Industry Research Ltd, 1 Queen Anne’s Gate, London, SW1H 9BT, 
UK) 

Ecotoxicity Test Methods for Effluent and Receiving Water Assessment: Comprehensive 
Guidance, October 2001, Environment Agency (Available from Biological Effects Lab, 4 
The Meadows, Waterberry Drive, Waterlooville, PO7 7XX, UK) 
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B THE NETHERLANDS PERSPECTIVE - SOILS 
AND SEDIMENTS 


Michiel Rutgers and Piet den Besten 


9B.1 Developments in soil contamination policy in The Netherlands 


In The Netherlands, the policy for the protection of soils and sediments has a history 
of about 20 years. In the 1980s, the first cases of soil contamination in inhabited 
areas were discovered and the first remediation plans were put into action. Since 
then, a vast number of contaminated sites have been discovered. The latest esti- 
mates indicate that there are 175 000 seriously contaminated sites (RIVM, 1999). 

As a response, a policy framework was developed and introduced in 1986, with 
an update for the remediation of contaminated sites in 1994, the so-called Soil 
Protection Act (SPA). The main purpose was to establish the accountability of 
individuals in contributing to soil and sediment pollution, and to include the 
question of financial responsibility. In the SPA, the aim to preserve soil quality 
has a functional basis: the quality of the soil is important due to the functional 
properties of soil. It is not stated explicitly but it can be assumed that the 
organisms responsible for soil functions have to be protected. In the SPA, soil 
and freshwater sediment are considered to be closely linked environmental com- 
partments that require a uniform framework for protection and remediation. 

In 1994, intervention values (IVs), target values (TVs) and the methodology to 
determine the urgency of remediation were formalized in the SPA. The TVs and 
IVs specify the levels of slightly and seriously contaminated soil, respectively 
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(Figure 9.3). They are often based on scientifically derived environmental quality 
criteria. Both human and ecological risk limits are used for deriving these values. 
The procedure for obtaining these values, and the values themselves, are described 
in several reports and publications (INS, 1999; Swartjes, 1999; VROM, 2000). 
When a site is seriously contaminated and when remediation is considered urgent 
according to the urgency methodology, the remediation objective is to end up with 
clean soil, i.e. contaminant levels lower than the TV. This approach is multifunc- 
tional because below the TV the soil is considered to be clean, allowing all kinds 
of land-uses and soil functions. 

The Ministry of Housing, Spatial Planning and the Environment decided to re- 
evaluate the clean-up regulations of the SPA in 1996. Cleaning up the soil became 
too expensive and clean-up operations were not cost-effective enough because too 
few cases were tackled per unit of time. Furthermore, the size of the soil contamin- 
ation in relation to the potential resources available for tackling the problem had 
led to stagnation in spatial planning and economic processes. 

In 2002, changes were incorporated in the SPA. The major adjustment was to 
make remediation cheaper by the introduction of land-use-dependent remediation 
objectives (LRO; Figure 9.3) (BEVER, 1999). Consequently, the multifunctional 
approach was abandoned. It is no longer necessary that each remediation project 
should end in soil with contamination levels below the target values. 


9B.2 Environmental quality criteria 


The environmental standards for various compounds are derived from toxicity 
data in the literature. In The Netherlands, quality criteria based on human and 
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Figure 9.3 Soil, sediment and groundwater quality standards in The Netherlands. LRO = land-use-depend- 
ent remediation objective (see text). If the contamination exceeds the IV, remediation is urgent, unless there 
are no actual risks for dispersion, human health and the ecosystem. In the methodology on remediation 
urgency (Swartjes, 1999) the exceedance of the HCso values (page 280) is judged against the contaminated 
area and the land-use. Both parameters influence the priority for remediation. For instance, when the 
exceedance is smaller than 10 times the local HCs9 and the contaminated area is smaller than 0.5 km? for 
an industrial site, remediation is considered ‘not urgent’ with respect to ecological risks. 
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ecological toxicity are compared and the most stringent values are used in the 
setting of standards for serious soil contamination. Details about human risk 
assessments in The Netherlands are described by Swartjes (1999). 

In general, ecotoxicological quality criteria in The Netherlands are based on a 
probabilistic approach via species sensitivity distributions (SSDs). Van Straalen 
and Denneman (1989) have developed this methodology and further advance- 
ments are described by Posthuma et al. (2002). It was proposed that a cumulative 
logistic distribution of the logarithm of no-observed-effect concentration (NOEC) 
data is satisfactory for calculation of the SSD. Historically, the 5th percentile of 
the distribution has been chosen as the cut-off point, defining the HC; (hazardous 
concentration that is equal or higher than the NOEC for 5% of the exposed species 
in laboratory tests). This value is called the maximal permissible concentration 
(MPC), which is subsequently used to derive the target value (TV) in standard 
setting. The intervention value (IV), the concentration at which the soil is ser- 
iously contaminated, is at the 50th percentile of the SSD curve. The TVs and IVs 
for about 125 compounds and groups of contaminants have been described, 
including analytical methods for determining these values (VROM, 2000). 


9B.3 Towards site-specific approaches 


Despite a substantial framework for the derivation of target and intervention values 
and land-use-dependent remediation objectives, there is a strong recognition of an 
additional need for site-specific approaches (Ferguson et al., 1998; Nijhof and 
Koolenbrander, 1998; Rutgers et al., 2000). The vast number of seriously contamin- 
ated sites is still increasing and the question arises whether it is necessary to 
remediate them all. Furthermore, some other problems may arise because of special 
characteristics of the contaminated site. For instance, many sites in The Netherlands 
are too big or too complex for clean-up. They also may contain specific cultural, 
geographical or natural values. For these cases tailor-made solutions should be 
designed for dealing with the site in a dependable and sensible way, in order to 
maximize environmental gains and minimize costs for society. The idea was 
expressed recently in the update of the soil protection policy (VROM, 2001). For 
instance, in the case of nature and agricultural land-use it is expected that site- 
specific approaches are the rule rather than the exception. To date, no general Dutch 
framework for site-specific ecological risk assessment (ERA) in terrestrial ecosys- 
tems exists, except for the method to determine the priority for remediation. 


9B.4 Risk perceptions and negotiation formats 


Many parties are involved in ERA, including local site-owners, local and regional 
authorities and the public. Consequently, for the entire process of decision-making 
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a transparent procedure should be followed. Each step should be addressed 
carefully and decided upon by all parties. Essentially, decisions should be made 
about the land-use, about ecological aspects of interest for the functioning of the 
ecosystem, about the protection of species or ecotypes and about the instrumenta- 
tion to be used for ERA (type of investigations and criteria for judgement). In this 
process different views on risks, nature values, ecological management and 
sustainable land-use will become manifest. The various ways to cope with this 
are covered by Power and Adams (1997), the USEPA (1998), Suter et al. (2000), 
Rutgers et al. (2000) Van de Leemkule (2001), and Den Besten et al. (2003). 


9B.5 Many ways to improve site specificity in ERA 


The basis for the derivation of environmental quality criteria is a large set of 
literature toxicity data. Instead of calculating HC; and HCsọo values, these toxicity 
data can be used to attain effect values for the levels of pollutants at the site. 
Furthermore, site-specific effect values can be derived while accounting for spe- 
cific features of the ecosystem, food chain implications, differential bioavailability 
and summing up the effects of the complete cocktail of contaminants while taking 
into account natural background concentrations. Discussion about the theoretical 
background and potency of SSDs for ERA is beyond the scope of this chapter; for 
this, the reader is referred to a recently published book (Posthuma et al., 2002). 

There are many alternative techniques available that are beneficial for site- 
specific ecological risk assessments, such as the application of bioassays, biomar- 
kers and field ecological monitoring (i.e. biological methods). In contrast to the 
application of literature toxicity data, the development of frameworks for the 
application of biological methods in ERA is way behind. In The Netherlands, 
there are some initiatives for the application of bioassays (reviewed by Den Besten 
et al., 2003) but not for biomarkers or field monitoring. It is to be expected that 
these frameworks will be developed soon. The general motivation to use bio- 
logical methods originates from the idea that, due to so-called conceptual uncer- 
tainties, substance-directed approaches sometimes simply fail to notice existing 
risks (e.g. in the case of an unknown contamination, or complex contaminant 
mixtures) or sometimes tend to overestimate risks (e.g. in the case of a limited 
bioavailability). Biological methods integrate the effects of all contaminants 
present at their actual bioavailability (and detect possible combination or syner- 
gistic effects). Conceptual uncertainties also can arise from not taking into account 
specific ecosystem characteristics, such as sensitive species, or incorrectly ad- 
dressing the land-use. Ecological risk assessment will always suffer from concep- 
tual uncertainties and the application of biological methods will not solve this 
(Suter, 1998; USEPA, 1998; Suter et al., 2000). Despite this general limitation, 
biological methods inevitably will add to the improved understanding of eco- 
logical risks (Lancaster, 2000). 
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9B.6 Weight-of-evidence (WOE) approaches 


In order to deal in a pragmatic way with conceptual uncertainties, it was proposed to 
use weight-of-evidence (WOE) approaches for ERA (Long and Chapman, 1985; 
Den Besten et al., 1995; Hall and Giddings, 2000; Rutgers et al., 2000; Suter et al., 
2000; Burton etal., 2002; Chapman et al., 2002). The WOE rationale is akin to that in 
the legal process, in that there are many independent ways to arrive at one conclu- 
sion. This provides stronger evidence of ecological effects, making ERA less 
uncertain. 

Basically, in the sediment research area the application of WOE started at an 
early stage and was called the Sediment Quality Triad (Long and Chapman, 1985). 
For terrestrial ecosystems WOE approaches and the Triad are in a developing 
stage (USEPA, 1998; Suter et al., 2000; Mesman et al., 2003; Rutgers et al., 
2001). The Triad approach is based on the simultaneous and integrated deploy- 
ment of site-specific chemical, toxicological and ecological information in the risk 
assessment. The major assumption is that WOE in three independent disciplines 
will lead to a more precise answer than an approach that is solely based on, for 
example, the concentrations of pollutants at the site. A multidisciplinary approach 
will help to minimize the number of false-positive and false-negative conclusions 
in ERA. It also gives acknowledgement to ecosystems as being too complex for 
analysing in one-factorial approaches. 

In this part of Chapter 9 the current situation and progress towards application 
of biological based methods in ERA is reviewed, including the development of 
WOE frameworks. For aquatic ecosystems and sediments, bioassay test systems 
and WOE frameworks already exist and they are currently being used. For the 
terrestrial environment the situation is still immature. After briefly presenting the 
aquatic and sediment frameworks, including key references, the developments for 
the terrestrial environment are discussed. The preliminary terrestrial framework is 
demonstrated on the basis of the results of investigations at a contaminated site in 
The Netherlands. 


9B.7 Aquatic ecosystems 


Application of bioassays for toxicity testing in aquatic ecosystems is well under 
way. Recently, a risk framework for a preliminary and a refined effect assessment 
has been suggested (Straetmans ef al., 2003). As part of the toxicity measure- 
ments, organic contaminants in aquatic samples are 100x concentrated (using a 
XAD resin and acetone) and toxicity experiments are performed with dilution 
series (De Zwart and Sterkenburg, 2002). Major features of this framework are: 


e Preliminary effect assessment. Three acute or chronic bioassays from different 
taxonomic groups are prescribed. Three cut-off effect levels are discerned, i.e. 
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a negligible effect level, maximal permissible effect level and a serious effect 
level. The ECs9 is expressed in a concentration factor of the sample (i.e. the 
required sample concentration to obtain 50% response in the respective bio- 
assay) and determines the level of toxicity. 

e Refined effect assessment. The results from four acute or chronic bioassays of 
different taxonomic groups are expressed in a concentration factor where 50% 
effect is measured (ECs9). These data then are used to construct a sensitivity 
distribution (De Zwart and Sterkenburg, 2002). The potentially affected frac- 
tion (PAF) is determined for the 100% sample (the ‘as is’ sample). The 
negligible effect level is at a value for PAF = 5%. 


9B.8 Sediments 


Ecological risk assessment approaches currently used in The Netherlands for 
aquatic sediments have been described recently by Den Besten ef al. (2003). 
Two main goals for sediment quality assessment in Europe are distinguished: 


1. Biological effects-based assessment of in situ risks (in situ BEBA) at sites where 
sediment quality and potentially sediment management is to be considered. 

2. Biological effects-based assessment of the ex situ quality of dredged sedi- 
ments (ex situ BEBA) in order to select sediment management options (e.g. 
free or confined disposal or treatment options). 


In this chapter we will discuss only the assessment of in situ risks. For assessment 
of ex situ risks, see Den Besten et al. (2003). 

Site-specific assessments of the in situ risks of sediment pollution in The 
Netherlands are carried out mainly in freshwater systems. The in situ BEBA is 
then part of a broader evaluation of the risks caused by sediment pollution, aimed 
at the question of whether the risks make sediment remediation necessary. For this 
evaluation, a tiered approach is followed: 


e First tier assessment: comparison of levels of priority pollutants with national 
standards/ guidelines. Chemicals measured routinely are mineral oil, chloro- 
benzenes, organochlorine pesticides, polychlorinated biphenyls (PCBs: stand- 
ard group of seven congeners), polycyclic aromatic hydrocarbons (PAHs: 16 
from the USEPA) and heavy metals. Contaminant levels are normalized 
according to the approach described by the CUWVO (1990) in order to 
compensate for differences in sorption characteristics between sediments. 
(Standard sediment is defined as having a 25% particle fraction < 2 wm and 
10% organic matter on a dry weight basis.) Normalized contaminant levels are 
then compared with the Dutch sediment quality criteria (developed for first tier 
assessment of risks for human health and ecosystems). According to the 
resulting classification, most polluted sediments (class 4 on a scale from 0 to 
4) require a risk assessment (second tier). 
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e Second tier assessment. The primary statement for this second tier assessment 
is as follows: if a priority pollutant exceeds the intervention value (IV), the site 
needs to be remediated urgently, unless it is shown that there are actually no 
risks. Thus, there is an assumption of risk until it is disproved. If the data 
supplied from the second tier show that there is actually no risk at a site where 
a priority pollutant exceeds the IV, then the need for remediation is no longer 
considered as urgent. Conversely, if actual risk was confirmed, the next step 
would review different remediation options that are to be compared for the 
expected risk reduction. Three main pathways are considered within this tier 
for achieving a complete risk assessment (Swartjes, 1999), namely human 
exposure, the risk of transport or dispersion of the contaminants and an in situ 
BEBA approach. The latter is based on a Triad approach. In the Dutch version 
of the Triad for aquatic sediment, bioaccumulation measurements are also 
considered, using the results of laboratory tests or, preferably, by measure- 
ments using indigenous organisms (Den Besten et al., 1995). Based on the 
most sensitive parameter, sediments are classified for the categories ‘field 
observations’ and ‘bioassays’ as either ‘—’ (no effect/risk), ‘+’ (moderate 
effect/risk) or ‘+’ (strong effect/high risk). The goal is to elucidate the 
relationship between effects on macrozoobenthos and responses of bioassays 
which, in turn, can be related to levels of chemical pollution. For that purpose, 
chemical concentrations are converted into ‘toxic units’ (TU): the ratio be- 
tween the chemical’s normalised concentration and the lowest NOEC reported 
in the literature among the bioassays included in the battery (Den Besten et al., 
1995). High risk is inferred when strong effects are observed in field surveys 
and/or bioassays that can be related to chemicals present in the sediment. 

e Prioritization. When the supplied data from the second tier show that there are 
actually no high risks at a site where a priority pollutant exceeds the IV, the 
need for remediation is no longer considered urgent. In the case where actual 
high risks were confirmed, a next step is possible in which different remedia- 
tion options are considered for the risk reduction that can be achieved. The 
information from the sediment quality assessment can be used again in setting 
priorities within the group of locations that urgently need to be remediated. In 
The Netherlands, some experience exists with the use of multicriteria analysis 
(MCA; also called the analytic hierarchy process; Saaty, 1980) for this pur- 
pose. Multicriteria analysis enables a ranking of sites based on risks for the 
ecosystem. This method is based on the same classification of results as 
described above (Den Besten et al., 1995). For each criterion (= parameter), 
standard numerical values (scores) were assigned to the effect/risk classes, 
from the value 1 for the class representing the strongest effect or highest risk 
to, for example, 0.5 and 0.25 for the classes representing moderate risk and no 
risk, respectively. Then the criteria are given a specific place and weight in a 
hierarchy. The scores are multiplied by the weight of the corresponding 
criterion and subsequently totalled, resulting in a final score between 0 and 1. 
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The difference between the final and theoretical score 1 (the score for a site 
with strong effects/high risk for all parameters) gives an indication of the risks 
for ecosystem health at each of the sites. For this method all available infor- 
mation from the field surveys can be used, including bioaccumulation data. At 
a higher level of a decision hierarchy, information from human risk studies, 
ERA and estimates of contaminant mobility (transport) can be integrated. In 
the MCA, specific weights can be attributed to the different criteria (= 
parameters) and, higher in the hierarchy, at branch points. This makes the 
method useful for decision-makers, who have to deal with all these aspects at 
the same time and therefore need integrated information. In the near future, 
estimates of the expected beneficial effects of remedial action will be inte- 
grated in the step of prioritization of dredging locations. 


The application of bioassays in BEBA provides the risk assessor with more 
information about the exposure of organisms in contaminated sediment. At the 
same time, this approach also creates concern with regard to adequate quality 
assurance of the techniques. Several issues are of great importance when using 
bioassays for the evaluation of sediment quality. Firstly, bioassays are subject to a 
number of confounding factors that may have nothing to do with contaminant load 
(such as grain size, ammonia and countless other issues). Secondly, it is very 
important to define references and controls that are meaningful for the site under 
consideration. A third point of concern is the question of whether all relevant 
modes of action can be covered by a set of bioassays. For instance, if only 
bioassays are used that measure acute toxicity, sublethal modes of toxicity (effects 
on fecundity, growth, immunocompetence, etc.) could be overlooked, with im- 
portant consequences for ecosystem health. 

Chemical measurements have developed over the past decade. At present, 
sophisticated methods are available that can characterise the bioavailability of 
contaminants (Cornelissen et al., 2001; Burgess et al., 2003). These techniques 
may prove to be powerful in constructing lines of evidence between contamination 
and direct effects on organisms living in the sediment. 

From the perspective of the EU Water Framework Directive, which focuses 
primarily on water quality, it is expected that sediment quality assessment will be 
employed primarily as a diagnostic tool, in case the question is raised of whether 
sediment pollution should be held responsible for not meeting ecological water 
quality criteria. 


9B.9 Triad in terrestrial ecosystems and selection of biological tests 
The weight-of-evidence approach (WOE) is becoming increasingly important for 


ERA in terrestrial ecosystems. There is a broad range of bioassays, biomarkers and 
ecological field parameters applicable. Different kinds of implementation levels 
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can be discerned, such as the level of standardization, the ease and costs of 
analysis, the sensitivity for typical contaminants, the level of biological organisa- 
tion in the test (sub-organism, individual, population and community-level) and 
the level of relevance for the site (is the species present at the site?, is the end- 
point relevant for the functioning of the ecosystem?, etc.). For many potential 
possibilities, the reader is referred to other chapters in this book and to the 
literature (Ferguson et al., 1998; Fairbrother et al., 2003; Markert et al., 2003). 

Because there are many selections possible, it is very important to make the 
goals of the ERA clear and how the experimental set-up is aiming to contribute to 
these goals (Rutgers et al., 2000; Suter et al., 2000) via a single test or a battery of 
tests. For instance, when it is important to focus on the cause versus effect 
relationship (do the ‘known’ contaminants indeed cause ecological effects?), the 
selection of tests should focus on this relationship. Suter et al., (2002) formulated 
a formal system for inference of causality between effects and possible causes 
based on Koch’s postulates. For instance, when a certain test organism responds in 
a bioassay, it is informative to look for the same species in the field. When certain 
contaminants are predominantly causing effects via food transfer and bioaccumu- 
lation (i.e. some persistent and bioaccumulative pesticides), it makes more sense 
to look for effects in populations of bioaccumulative organisms (e.g. birds, 
mammals) than in microbial communities. Therefore, in The Netherlands ERA 
frameworks for aquatic ecosystems and sediments are designed to focus on the 
explanation of ecological effects from the presence of contaminants (Den Besten 
et al., 1995, 2003). 

When the aim of ERA is to provide general quality figures for the site, including 
effects from ‘unknown’ contaminants or mixtures, a general set of tests should be 
used that focus on a broad spectrum of contaminant effects. Following this 
approach, the chance for false negatives is reduced. Also, for general monitoring 
of activities broadly responding tests should be preferred over specific tests. 

Usually, site-specific risk assessment contains one or more tiers: each subse- 
quent tier is used when uncertainty in the risk estimation in the last tier is 
considered too high (USEPA, 1998; Suter et al., 2000). Usually, in the lower 
tiers cost-effective and quick biological methods are applied, whereas the higher 
tiers contain more sensitive and sophisticated bioassays and field monitoring 
techniques. Ecological risk assessment is finished when the level of uncertainty 
is considered acceptable for making management decisions about remediation, 
designing land management, adjusting land-use and the like. 


9B.10 Reference data from reference sites, reference samples and 
literature 


A crucial factor in a risk assessment is the quality of the reference data, because 
the results of the site-specific ecological measurements or calculations are 
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weighed against these data. Reference data can be obtained by including reference 
sites (preferably more than one) in the sampling scheme, including reference 
measurements in the experimental set-up or by obtaining reference data from 
the literature (Bailer et al., 2002; Didden 2003) or expert-based judgement 
(Chapman et al., 2002). An optimal reference site is in all aspects equal to the 
contaminated site except for the contamination. In practice, these ideal spots are 
difficult to find. If there is no or inadequate reference information, effects can be 
determined only in relative terms by comparison with other sites. This is usually 
adequate for determining the degree of urgency and further prioritization of clean- 
up work or the choice of site in the context of spatial planning and the develop- 
ment of areas of natural beauty. 


9B.11 Quantification of results from terrestrial tests 


Essentially the results from all tests, in particular bioassays and ecological field 
surveys, should be funnelled into the risk assessment framework. The primary aim 
is to maximize the utilization of the results of particular tests (as quantitative as 
possible) and to use results from all tests together in a transparent integrative 
scheme (e.g. a decision matrix). Burton et al. (2002) reviewed several possibilities 
for disseminating final WOE findings and concluded that tabular decision matri- 
ces are the most quantitative and transparent. Ideally, ERA in The Netherlands for 
aquatic, sediment and terrestrial systems should follow the same set of conven- 
tions for clarity. In practice, however, there are slight differences for the following 
reasons: (1) there is a wide range of standardization and sensitivity levels in 
terrestrial methods, making it difficult to define one set of homogeneous ‘rules’ 
for interpretation; (2) interpretation of test results in terms of ‘effect’ or ‘no effect’ 
inevitably results in the loss of (sometimes valuable) quantitative information; and 
(3) preconcentration techniques can be applied to aquatic samples but cannot be 
applied to soil samples. There is insufficient pore water for concentration. 

In order to derive a quantitative decision matrix for easy evaluation and 
integration of results of different tests in the Triad legs (chemistry, toxicity, 
ecology), it was proposed to use an effect scale running from 0 (no effect) up to 
1 (unlimited effects) in the undiluted samples (100% samples) or in the field. The 
results from each parameter (bioassay, biomarker or ecological field survey) 
should be projected on this effect scale according to the best available knowledge 
or best professional judgements. Different tests obviously will require different 
approaches. For instance, for a growth test the percentage inhibition can be used 
directly as the unit for effects. For ecological field monitoring, the results should 
be scaled relative to the ecological state of the reference site (= 0) and a 
(theoretical) state indicating 100% effects. Projection of test results on this effect 
scale requires a lot of experience. Fortunately, the WOE approach will help to 
address and correct mismatches of specific scaling methods due to wrong assump- 
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tions (Chapman et al., 2002). Accordingly, lower tiers in the Triad approach 
should contain tests that are reasonably standardized, whereas at higher tiers the 
less-standardized tests should be used to improve on the level of site specificity. 

Once all results are scaled into a uniform effect value, the overall response of a 
set of (biological) methods can be calculated. For this, the geometrical mean was 
used of the ‘reversal’ effect (1 — effect). Back-transformation of this value gives 
one integrated effect value per Triad leg. In this way some extra weight is put on 
results from tests that demonstrate a positive ecological effect. The rationale is 
that biological methods, especially at the screening level, might be relatively 
insensitive and produce false-negative results. 

In The Netherlands, this Triad approach for terrestrial ecosystem is being tested 
at a number of contaminated sites. An example of this testing at contaminated 
sewage fields nearby Tilburg, The Netherlands, is presented in the following 
sections. 


9B.12 Site, sampling, soil characteristics and biological assays 


The former sewage field area of about 100 ha is located north of Tilburg, The 
Netherlands. The site consists of many small fields and a system of inlet and outlet 
canals. The area is now set up as a forest called the ‘Noorderbos’. The field 
sampling was performed in May 2000. The dimension of the three fields was 
about 85 x 25m, for which a selection was made on the basis of the expected 
contamination levels (based on former investigations at the site; B. Muijs, pers. 
comm.). The samples (sandy topsoil 5-20 cm) were transported to the laboratory 
and soil characteristics were determined according to standard procedures (Table 
9.2). Details of this field study can be found in a report (Schouten et al., 2003). 
The field ecological analyses were carried out partly by Alterra (Wageningen) and 
the Bedrijfslaboratorium voor Grond en Gewasonderzoek (Wageningen): nema- 
todes, enchytraeids and earthworms. Chemical analysis was carried out by the 
RIVM and Alterra. Analysis of pollution-induced community tolerance, commu- 
nity-level physiological profiling and the bioassays were carried out by the RIVM. 


9B.13 Calculation of toxic pressure from the contamination levels 


Species sensitivity distributions (SSD) on the basis of NOEC values in the 
literature were used to calculate the toxic pressure (TP: an effect value) from 
the presence of contaminants in the soil or in the pore water (Rutgers et al., 2001; 
Posthuma ef al., 2002). The effect of the contaminants was corrected for the 
contaminant levels in the local reference samples (field A): 


TPanthropogenic =1- (d = TPsample) j (d T TP) 
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Table 9.2 Soil characteristics and contamination levels in soil samples from sewage fields near 
Tilburg. Sample A can be considered the local reference sample and sample C has the highest 
contamination levels (Schouton et al., 2003). 


Tilburg sewage fields Sample A Sample B Sample C Local IV* 
(field A) 

Soil characteristics 

pH (KCl) 4.5 5.0 4.7 

Organic matter (%) 5.9 5.9 11.4 

Phosphorus (PAI in mg 55 76.0 146.0 

P20; / 100 g) 

Clay content (%) 3.0 2.0 3.0 

Moisture (%) 8.0 7.6 19.4 

Chemistry 

Total concentrations (mg/kg dry wt soil) 
Cadmium 0.33 0.48 1.66 8 
Chromium 187° 923° 1713° 129 
Copper 10 18 60 107 
Nickel 5 21 51 78 
Lead 27 44 132 340 
Zinc 46 88 257 349 
Mercury 0.1 0.2 0.9 7 

SRCeco” 
Pore water content (g/l) (surface 
water) 

Arsenic 40 167 384 890 
Cadmium 10 42 47 9.7 
Chromium 216 585 971 220 
Copper 179 404 1435 19 
Nickel 91 337 634 500 
Lead 82 83 150 
Zinc 325 400 1355 91 


Local IV = local intervention value after correction for the soil characteristics based on the HC5ọ (hazardous 
concentration that is equal to or higher than the NOEC for 50% of the species in laboratory tests). 

> Exceedance of the HCs50. 

€ SRCeco = Serious risk concentration, a risk value based on the HC5ọ for surface water, including a correction 
for the background concentration. Note that the use of surface water toxicity values seems to result in 
unrealistically high values for calculation of the toxic pressure in pore water in the case of the local 
reference (sample A). Consequently, calculation of the toxic pressure from pore water concentrations is 
questionable (see Table 9.4). 
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Furthermore, the toxic pressure (TPrixture) of all contaminants together was 
estimated from a simple formula: 


TPrnixture =1- IRGI T TP;) 


for i = 1 to n contaminants, following a response addition model for summing up 
the effects of individual contaminants in mixtures (Posthuma et al., 2002). 


9B.14 Determination of toxicity in samples using bioassays 


Three bioassays (toxicity tests) were applied to determine the toxicity in the soil 
samples, i.e. the standard Microtox® toxicity test on soil elutriates, an algal test on 
soil elutriates using pulse-amplitude-modulated fluorescence (PAM) and a lettuce 
germination test in soil samples. Details about the test conditions can be found in 
reports by Rutgers et al. (2001) and Schouten et al. (2003). The results were scaled 
on an effect scale running from 0 (no toxicity) to 1 (maximal toxicity, i.e. 
complete inhibition of the response of the test organism). In this case a simple 
scaling method was used: the fraction of inhibition equals the fraction of effect. 
The results of the bioassays are summarised in Table 9.3. 


9B.15 Ecological field observations 


A series of ecological field observations were carried out. Many different types of 
analyses were performed because the aim of this pilot study was to focus extra 
attention on this leg of the Triad. The selection of tests was based on the biological 
indicator for soil quality (BiSQ; Schouten et al., 2000), comprising several 
microbial parameters (biomass, leucine and thymidine incorporation rate, poten- 
tial carbon and nitrogen utilisation, microbial community structure), nematode 
community structure and species abundances, enchytraeid community structure 


Table 9.3 Toxicity in soil samples from sewage fields near Tilburg using three bioassays. 
Sample A is the local reference site and sample C has the highest contamination levels. 


Toxicology Sample A Sample B Sample C 
Microtox® (ECso in % elutriate) 182°, 106° 76 
(95% confidence interval) (11-2843) (34-332) (54-105) 
PAM-algal test 4.6 5.2 —0.6 
(% inhibition after 4.5 h exposure) 

Lettuce germination test (% after 3 100 95 90 
days) 


* Extrapolated values (EC59 was not reached in undiluted sample). 
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and abundances, earthworm community structure and abundances, and a test on 
the pollution-induced community tolerance (PICT) of microbial communities 
(Boivin et al., 2002). In all cases the results were scaled on an effect scale running 
from 0 (observations at reference site A) to 1 (maximal disturbed situation, based 
on expert judgement). Details about the analysis can be found in a report (Schou- 
ten et al., 2003). The results of the ecological field observations are summarized in 
Table 9.4. 


9B.16 Integration of Triad results and calculation of ecological effects 


After conversion of the test results in effect values ranging from 0 to 1, the Triad 
final assessment (risk) result was derived. A simple weighting algorithm was 
applied by giving equal weight to each test system. For instance, determination 
of the taxonomic composition of the nematode community resulted in one effect 
value for the nematode community. An integrated effect value per Triad leg was 
calculated from the geometric mean of (1— effect) of all observations (bioassays, 
ecological field observations): 


Integrated effect = 1 — 104/1 log (1—effect)test1+log (1—effect)test2+... log (1—effect)testN }) 


In the final stage, the outcome of the Triad was evaluated by the deviation 
factor. This is the standard deviation of the integrated effects from the Triad legs 
(chemistry, toxicity, ecology) divided by 0.58 (see Rutgers et al., 2001, for an 
explanation). 


9B.17 Results from the pilot at Tilburg 


The focus of the pilot was on the development of a practical framework for the 
application of biological test methods in a Triad approach. Consequently, the 
selection of tools for the assessment was based on scientific and pragmatic 
arguments, for instance by focusing on readily available techniques for determin- 
ation of the concentration of contaminants in pore water and readily available 
biological tests such as simple bioassays and the monitoring of soil organisms. 

The three fields (A, B and C) clearly demonstrated a trend in contamination 
levels for most metals, both for total and pore water concentrations (Table 9.2). 
Chromium concentrations were above the intervention values (IV) for soil. Copper 
and zinc concentrations were slightly lower than the IV, still indicating significant 
contamination. Soil pH was similar at all locations, but organic matter content was 
higher for field C, corresponding to the former inlet of the sewage. 

The toxicity in the soil samples of field A, B and C was determined using three 
bioassays (Table 9.3). For the Microtox® measurements, toxicity was the lowest 
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Table 9.4 Ecological characteristics in soil samples from sewage fields near 
Tilburg (sample A is the local reference site and sample C has the highest 
contamination levels). 


Tilburg sewage fields Sample A Sample B Sample C 
Micro-organisms 
Bacterial biomass (wg C/g soil) 50 65 91 
Thymidine incorporation (pmol/g.h) 39 61 99 
Leucine incorporation (pmol/g.h) 333 436 734 
Pot. C mineralisation (mg C/kg.wk) 80 57 68 
Pot. N mineralisation (mg N/kg.wk) 7.5 8.2 9.7 
Number of CFU/g DW soil 79x10’ 71x10’ 17x 108 
Biolog: CFU for 50% substrate 21x10° 68x10 82x 10+ 
conversion 
Biolog: Hill slope of substrate conversions 0.52 0.54 0.54 
PICT: ECso zinc (mg/l) 81 137 155 
PICT: ECso nickel (mg/l) 15 15 46 
PICT: ECs9 copper (mg/l) 3 5 6 
PICT: ECs chromium (mg/l) 5 8 7 
Nematodes 
Number per 100 g 3930 6560 7300 
Number of taxa (genus) 27 24 20 
% bacterial-feeders 64 69 67 
% fungi-feeders 2:5 1.9 2.5 
% plant-feeders 25 20 23 
% cpl 9 10 11 
% cp2 49 50 79 
% cp3+4+5 42 40 11 
Maturity index 2.5 2.5 2.2 
Enchytraeids 
Number per m? 1180 1180 235 
Number of genera 2 2 1 
Earthworms 
Number per m? 105 97 145 
Number of species 1 1 1 
Fresh weight (g/m?) 18.3 27.5 29.7 


in sample A and the highest in sample C (ECso is reached after dilution of the 
sample to 76%). For the PAM-algal test no toxicity was observed in any of the soil 
elutriates. Slight toxicity was observed in the lettuce germination test; the germin- 
ation success was decreased by 10% in a sample from field C compared with the 
reference sample from field A. 

A variety of ecological parameters were determined (Table 9.4). Many param- 
eters differed from the reference sample of field A (like the pollution-induced 
community tolerance (PICT) results) and showed an increase compared with the 
reference field, but this can be attributed at least partly to increased organic carbon 
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content. It is known that microorganisms (and nematodes) clearly respond posi- 
tively to the organic matter content of soil (Hassink, 1994; Wardle, 2002). The 
maturity index (MI) of nematodes was lower in the sample of field C, mainly 
caused by the decrease in the specialist groups of nematodes (cp3, cp4, cp5). 

Scaled results from all the tests were collated in the Triad matrix (Table 9.5). 
For the reference sample of field A the values were set to zero (local reference), 
except for the Microtox™ result. The reference sample already demonstrated 
inhibition compared with the blank, and it was decided to use this value. Calcula- 
tion of effects using pore water (‘bioavailable’) concentrations of contaminants 
and toxicity data from aquatic tests did not result in notably lower values for the 
toxic pressure compared with total concentrations. However, it might be question- 
able to use aquatic toxicity data for the calculation of effects from pore water 
concentrations of contaminants. 


Table 9.5 Triad decision matrix showing the results from all tests on a quantitative effect scale. 
The tests are grouped per Triad leg, and the geometric mean of (1—effect) is calculated. The 
values in bold type are gross effect levels. Back transformation gives the integrated effect value 
for all tests per Triad leg. In the lower part of the matrix, all integrated results are summarized and 
the final risk is calculated, including a deviation factor for demonstrating imbalance between 
results from different Triad legs. 


Triad Parameter Sample Sample Sample 
aspect A B C 


Chemistry  TPmixture, anthropogenic (Metals — total concentration) 0.00 0.83 0.97 
TPinixture, anthropogenic (Metals — pore water) 0.00 0.62 0.89 
Integrated effect 0.00 0.75 0.94 


Toxicology Microtox® 0.36 0.48 0.62 
PAM-algae 0.00 0.00 0.00 

Lettuce germination 0.00 0.05 0.10 

Integrated effect 0.14 0.21 0.30 

Ecology Microbial community (CLPP-Biology) 0.00 0.35 0.44 
Community tolerance (PICT) 0.00 0.47 0.71 

Microbial parameters 0.00 0.25 0.42 

Nematods 0.00 0.15 0.32 

Enchytraeids 0.00 0.00 0.68 

Earthworms 0.00 0.15 0.24 

Integrated effect 0.00 0.24 0.50 

Summary Effect assessment chemistry 0.00 0.75 0.94 
Effect assessment toxicology 0.14 0.21 0.30 

Effect assessment ecology 0.00 0.24 0.50 


Final assessment (risk) 0.05 0.47 0.73 
Deviation in triad results 0.14 0.52 0.57 
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The general trend was that a lot of parameters seem to respond to the conta- 
mination levels and, after integration, provide clear indications of effects of 
contamination. However, the level of risks was lower than on the basis of the 
chemical-based risk calculations. Nevertheless, the Triad approach for terrestrial 
ecosystems definitely underpins classical risk assessment based on the presence of 
contaminants alone, although the deviation between ‘classical’ risk assessment 
based on the presence of the contaminants and the results from the biological tests 
needs to be evaluated and resolved. 


9B.18 Issues and recommendations 


Successful implementation of a Triad approach is dependent on the availability of 
a suitable set of instruments: chemical, toxicological (bioassays) and ecological. 
Without doubt, substance-oriented approaches have received a lot of attention in 
ecotoxicology and the available techniques are relatively mature (Posthuma et al., 
2002). The current focus in this field of research is on improvement of bioavail- 
ability considerations, the effect of mixtures and the indirect effects of substances. 

Bioassays are becoming increasingly important for ERA and some frameworks 
are well under way or almost implemented. However, the range of available 
bioassays is still smaller than the potential range of different matrices for which 
they have to be used. Consequently, in some cases the application of bioassays is 
limited. For instance, there is only a narrow set of bioassays available for acidic 
soils. Organic soils also pose problems with many ordinary bioassays because of 
the ‘natural toxicity’ present, which hides the effect of contaminants (Onorati 
et al., 1998). Nevertheless, the situation will improve rapidly when bioassay 
testing is adopted as a ‘normal’ type of end-point in risk assessment because 
this will direct much attention to the development of new tests. The Water 
Directive and other initiatives of the European Commission (2002) will probably 
have a stimulating effect on the application of bioassays because they are assigned 
as valuable tools in soil, sediment and water-quality assessments. 

The level of standardization differs between bioassays. Of course, standardized 
tools should prevail when there is a choice. In many cases, cheap standardized 
tests such as many short-term bioassays (e.g. Microtox™) are useful tools, despite 
the fact that the test species is not present at the site. Test results from short-term 
bioassays should be regarded as an indication for general toxicity in samples from 
the site. The ecological relevance might be limited compared with tests on species 
that are harboured at the site. However, the response of different species within the 
same taxonomic group is not very different in general, making results from 
standardized tests with non-native species suitable for ERA (Posthuma ef al., 
2002). Furthermore, given a limited amount of resources, it is often better to use 
a cheap standard test because more samples can be analysed and the interpretation 
of test results is easier because of the available knowledge. 
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Aforementioned arguments should not be regarded as a barrier to implement 
new methods in ERA. The reverse is true because there is a lot of improvement 
possible and this should be stimulated. Before applying a new test some general 
questions should be answered, namely: 


1. Is the end-point ecologically relevant? 
2. Is the end-point sensitive for the type of contamination? 
3. Is there a plausible cause-effect relationship? 


A new discipline in ERA is the use of ecological parameters (Suter, 1998; 
Ferguson et al., 1998; Suter et al., 2002). There are many potential tools because 
various biological parameters can be measured easily in the field or in the 
laboratory on autochthonous organisms or processes. A lot of attention is paid to 
soil-dwelling organisms such as bacteria, fungi, nematodes, earthworms and 
arthropods because they are omnipresent, relatively cheap to monitor and live in 
close contact with the contaminants (Rutgers and Breure, 1999; Schouten et al., 
2000). Special attention has to be given to the cause-effect relationship because 
the majority of ecological parameters are sensitive for contamination and other 
environmental (natural and anthropogenic) factors (Suter et al., 2002). For these 
reasons the choice of the reference site or the set of reference data is crucial. When 
causal relationships are decisive, the demonstration of pollution-induced commu- 
nity tolerance is highly recommended (Rutgers and Breure, 1999; Boivin et al., 
2002; Millward and Klerks, 2002). 

To be useful for risk assessment, the answers from all tests in a WOE approach 
should be made comparable, e.g. by a uniform scaling method, preferably without 
losing quantitative information (Burton et al., 2002; Schmidt et al., 2002). A 
continuous effect scale running from 0 to 1 (representing a quantitative measure 
for the fraction of effect on an ecosystem) seems to fulfil quantitative require- 
ments. For this part, many methods are still in development and answers rely 
heavily on the experts using these methods. In addition, non-objective choices 
must be made because there is no comprehensive ecosystem theory available. 
Fortunately, because the Triad approach is based on a WOE procedure, mis- 
matches can be picked up as results that are obviously out of the range, making 
evaluation and correction conceivable. 

Besides the issue of scaling, the issue of weighting different tests should be 
given attention. Within the conceptual model of the ecosystem, differential 
weighting may be applied for two reasons: ecological considerations, with the 
differential weighting on the end-points being defined in the conceptual model 
that serves as the basis for the ERA (USEPA, 1998); and to account for the 
uncertainty or variety within the end-points, with tests having a high level of 
conceptual uncertainty or a high variety in results being given a smaller weight 
in ERA (Menzie et al., 1996). There is some evidence of the use of different 
weights in ERA for aquatic systems (Den Besten et al., 1995) following an MCA 
(see above). 
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9B.19 Future prospects 


Finally, ERA should provide the information necessary for soil and sediment 
management decisions. The framework should be developed so that the uncertainty 
is clearly visible. The uncertainty should be reduced after the application of one or 
more tiers in the Triad. At this moment we have chosen to make the uncertainty 
visible by calculation of the overall deviation factor of the three Triad legs (Table 
9.5). From a number of studies (data not shown) it was concluded that introducing 
additional information, e.g. in new tiers, generally reduced the deviation factor. It 
can be expected that the configuration of the biological methods and their integra- 
tion into the Triad is not yet optimal, considering the limited experiences with 
biological methods for ERA in the terrestrial environment. Future applications of 
the Triad will allow for an evaluation of results and also for adjustments. At this 
time, the proposed Triad system, including the decision matrix, seems to fulfil the 
current needs, combining different test methods in a WOE approach without losing 
quantitative information or too much of the transparency. 
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C GERMAN PERSPECTIVE 


Hans-Jiirgen Pluta and Monika Rosenberg 


The general approaches to legislation and monitoring practice exhibit obvious 
differences when comparing water and solid waste/soils. Although the basic 
concept for wastewater monitoring, including development and standardisation 
of monitoring methods, has been implemented since 1970, the approaches 
for monitoring solid waste and soils are still being developed and are under 
discussion. 


9C.1 Wastewater 


In Germany, the management of municipal, commercial and industrial waste- 
water, including the use of bioassays, is based on three main regulations. These 
date back 25 years. The central basis is provided by the Federal Water Act 
(Wasserhaushaltsgesetz, WHG) [1] after the fourth amendment in 1976. Pursuant 
to Article 7a of the WHG, the Wastewater Ordinance (Abwasserverordnung, 
AbwV) [2] became law. The WHG is supported by the Wastewater Charges Act 
(Abwasserabgabengesetz, AbwAG) [3], promulgated in 1976. 

Taking into account the national, supranational and international requirements 
and regulations, the WHG, AbwV and AbwAG have been developed and adapted 
with several amendments. In particular, Directives 76/464/EEC [4] and 91/271/ 
EEC [5], as well as Directive 96/61/EC concerning integrated pollution prevention 
and control (IPPC Directive) [6], Directive 2000/76/EC on the incineration of 
waste (Waste Incineration Directive) [7] and Directive 2000/60/EC (Water Frame- 
work Directive) [8] have been and are still of great importance with reference to 
amendments concerning national regulations. A complete and detailed overview 
of the development of national water law is given by the Federal Ministry for the 
Environment, Nature Conservation and Nuclear Safety [9]. 

Based on Article 7a of the WHG and considering the emission-based principle, 
nationally applicable minimum requirements for the discharges of wastewater into 
water bodies have been established in terms of general administrative provisions 
by the Federal Government and in agreement with the Lander (Federal States). 
These requirements refer to wastewater production, avoidance and treatment using 
the best available technique (BAT) and limits for monitoring parameters, which 
allow effective assessment and control of optimisation of avoidance and reduction 
measures applicable to the discharging companies. The general approach differs 
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from that used at the European Community level and focuses on wastewater types 
and sectors and not on individual substances or substance groups. By using a 
sector-specific selection of parameters — key individual parameters and sum 
parameters in combination with effect parameters (bioassays) — the expenditure 
(e.g. costs, number of required measurements) for monitoring wastewater is kept 
within reasonable limits. 

Specific requirements for hazardous substances were established in the 5th 
amendment of the WHG in 1986 in order to optimise avoidance and treatment 
measures in keeping with the ongoing developments. Hazardous substances have 
been defined as substances or substance groups that, “because of concern 
regarding their toxicity, persistence, ability to accumulate or their carcinogenic, 
teratogenic or mutagenic effects, must be considered hazardous’. To detect these 
effects, bioassays have been developed and standardised that can be selected from 
a predefined set for monitoring purposes, taking into account the wastewater and 
the state-of-the-art technology to be used in the controlling process. 

In accordance with Article 7a of the WHG, the AbwV (Ordinance on Require- 
ments for the Discharge of Wastewater into Waters — Wastewater Ordinance) has 
been divided into a general framework section, an annex (to Article 4) with 
analytical methods for parameter determination and sector-specific appendices, 
including requirements for 53 wastewater sectors [3]. Minimum requirements to 
be stipulated when granting a permit to discharge wastewater are described, 
analysis and measurement techniques are specified in the annex and sector- 
specific requirements in the appendices refer to the analysis and measurement 
techniques specified in the annex. Article 4 of the AbwV, in conjunction with the 
annex, lists the analysis and measurement procedures that are to be used to 
determine the parameters defined in the appendices. Paragraph 2 emphasises 
that for individual cases other equivalent procedures may be required if compli- 
ance with the requirements specified in the ordinance is to be ensured [9]. All 
analysis and determination procedures are standardised methods (DIN, CEN, 
ISO). 

The general structure of the sector-specific appendices for the AbwV is: 


Scope of application 

General requirements 

Requirements for wastewater at the point of discharge 
Requirements for wastewater prior to blending 
Requirements for wastewater at the site of occurrence 
Requirements for existing discharges 


TMMoOAW DY 


Analysis and measurement procedures (annex) include: 


e General procedures (4). 
e Anions/elements (12). 
e Cations/elements (25). 
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e Individual substances, sum parameters and group parameters (39), including 
adsorbable organohalogen (AOX), chemical oxygen demand (COD), total 
organic carbon (TOC) and total bound nitrogen (TN,). Total bound nitrogen 
is defined as the sum of all organically and inorganically bound nitrogen, 
excluding elemental nitrogen. 

e Biological test procedures (12), including 


—fish toxicity (22, 23) 

—Daphnia toxicity 

—algae toxicity 

—bacteria luminescence inhibition 

—mutagenic potential 

—fish toxicity (egg) 

—biological oxygen demand (BOD) 

—a range of tests referring to biological degradability 


The AbwAG (Act pertaining to charges levied for discharging wastewater into 
waters — Wastewater Charges Act) is closely linked with the regulatory water law, 
in particular Article 7a of the WHG, and it complements this law with wastewater 
charges that act as an economic instrument. The groups subject to such charges 
include those that directly discharge wastewater into water bodies, i.e. municipal 
authorities and industrial producers of direct discharges (Article | of the Waste- 
water Charges Act) [9]. 
Parameters liable to taxation are: 


e Sum parameters: COD, AOX 
e Ecotoxicological effects: fish toxicity 
e Individual parameters: P, N, Hg, Cd, Cr, Ni, Pb, Cu 


Analysis and measurement procedures (annex to Article 3) are identical to those 
listed in the annex to Article 4 of the AbwV. 

The charges have increased since 1976 to a current (2004) level of 35.79 euros 
per damage unit. Noxious substances and groups of noxious substances, including 
respective threshold values, are given in Table 9.6. 

It has to be pointed out that: 


e Until 1998, the charge reduction upon compliance with requirements pursuant 
to Article 7a WHG was set at 75%, which was amended to 50% after 1998. 

e Investments in wastewater enhancing measures (e.g. reduction of annual load 
by optimisation of wastewater treatment) may be credited as soon as param- 
eter-oriented reductions reach 20%. 

e Expenditures in the collecting systems for connection to wastewater treatment 
installations may be credited against charges. 

e Parties subject to charges in the New Lander may offset charges for groups of 
discharges and groups of related investments. 
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Table 9.6 Noxious substances, groups of noxious substances, respective threshold values and 
damage units according to AbwAG. 


No. Noxious substances Damage unit Threshold concentration 
and annual load 
1 Oxidisable substances 50 kg of oxygen 20 mg/l and 
expressed as chemical oxygen 250 kg annual load 
demand (COD) 
2 Phosphorus 3 kg 0.1 mg/l and 
15 kg annual load 
3 Nitrogen 25 kg 5 mg/l and 
125 kg annual load 
4 Organic halogen compounds 2 kg of halogen, 100 ug/l and 
as adsorbable organohalogens calculated as 10 kg annual load 
(AOX) organic chlorine 
5 Metals and their compounds 
5.1 mercury 20g 1 ug/l and 
100 g annual load 
5.2 cadmium 100g 5 ug/l and 
500 g annual load 
5.3 chromium 500g 50 ug/l and 
2.5 kg annual load 
5.4 nickel 500g 50 ug/l and 
2.5 kg annual load 
5.5 lead 500 g 50 ug/l and 
2.5 kg annual load 
5.6 copper 1000 g 100 ug/l and 
5 kg annual load 
6 Toxicity to fish? 3000 m° of Tr = 2 
wastewater 


divided by Tp” 


* The toxic effect is determined in a fish test on the orfe (Leuciscus idus melanotus), using various dilutions of 
wastewater, in conjunction with the method specified in No.401 of the Appendix of the Wastewater 
Ordinance. The acute fish test will be substituted by the fish egg test (22, 23) from January 2005. 

P Dilution factor at which waste water ceases to have a toxic effect on fish. 


e Compliance with a declared value may be proved via an authority-authorised 


measurement programme [9]. 


The use of charges levied is described in the AbwAG (Wastewater Charges 
Act), Article 13: 


a) 


‘The revenue accruing from wastewater charges are intended to be used only 
for specific purposes in connection with measures for maintaining or im- 
proving water quality. The Länder may stipulate that the administrative 
expenditure associated with the enforcement of this Act and of the Länder’ s 
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own supplementary provisions shall be paid out of the revenue accruing from 
wastewater charges. 
(2) The following shall in particular be considered as measures pursuant to 

para. 1, Art. 13 AbwAG: 

1. the construction of wastewater treatment plants 

2. the construction of rain water retention basins and facilities for the 
purification of rain water 

3. the construction of circular sewers and retention sewers at and along 
reservoirs, the shores of lakes and the seashore, and of connecting 
interceptors permitting the establishment of joint treatment facilities 

4. the construction of facilities for the disposal of sewage sludge 

5. measures such as low-flow augmentation or oxygenation taken in and at 
water bodies for observing and improving water quality and measures 
for maintaining such water bodies 

6. research on and development of suitable facilities and techniques for 
improving water quality 

7. basic and further training of operating staff for wastewater treatment 
plants and other facilities designed to maintain and improve water 
quality.’ [2] 


Bioassays are integrated elements used for monitoring and surveillance 
purposes in the general approach of the WHG, AbwV and AbwAG. Key 
parameters, sum parameters and effect parameters (bioassays) should be com- 
bined and used within the scope of an effective emission control. Sum param- 
eters give general information about the efficiency of wastewater treatment, 
taking into account our limited knowledge of number and quantity of the 
components in a wastewater discharge. Even if concentrations of any chemical 
substance were to be known, no information about possible biological effects of 
treated effluents on aquatic organisms would be available. Therefore, sum 
parameters are combined with bioassays, which are valuable instruments for 
delivering additional information about possible environmental impact and are 
appropriate tools to monitor the decrease of toxic effects, particularly in complex 
effluents. 

Controlling effluents with biotests according to the Wastewater Charges Act 
(AbwAG) and the Wastewater Ordinance (AbwV), ecotoxic/biological effects are 
determined using various dilutions of original wastewater samples following a 
combined geometric series, based on the numerical values of 2 (i.e. 2, 4, 8, 16 ...) 
and 3 (i.e. 3, 6, 12, 24 ...) (Table 9.7). 

For toxicity testing of wastewater by means of defined dilutions (D), the lowest 
ineffective dilution (LID) expresses the most concentrated test batch at which no 
inhibition, or only effects not exceeding the test-specific variability, have been 
observed. Dilution, D, is expressed as the reciprocal value of the volume fraction 
of wastewater in the test batch (Table 9.7). 
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Table 9.7 Defined dilutions (D) and corresponding percentages of wastewater according to DIN 
EN ISO 5667/16 (Water quality — Sampling — Part 16: Guidance on biotesting of samples). 


D 1 2 3 4 6 8 12 16 24 32 
% Wastewater 100 50 33.3 25 16.6 125 83 625 4.16 3.12 


For example, one-quarter of wastewater (volume fraction of 25%) equals a 
dilution level of 4 (D = 4). Dilutions are generally fixed, as shown in Table 9.7. 
Biotests used for the monitoring of wastewater discharges should be 


Standardised 

Reproducible 

Able to show clearly the success of wastewater treatment 

Able to detect clearly a toxic effect to (representative) organisms of the aquatic 
environment 

e Practicable for routine measurements (including equipment) 

e Cost-effective 

e Rapid 


All analysis and measurement procedures cited in the AbwV and AbwAG are 
standardised methods, either by DIN, ISO or CEN. Development and standardisa- 
tion of biotests for emission control are carried out by national working groups on 
biotests (DIN), resulting in DIN standard protocols since 1976. Representatives of 
federal government, the Länder, industry and universities are usually present in 
the national working groups. 

From the very beginning, experts of national working groups and member bodies 
have participated in international working groups of ISO/TC 147/SC 5 and CEN/ 
TC 230/WG 2 in order to transfer national standards into DIN EN, DIN ISO or DIN 
EN ISO standards and to adopt proposals from other member bodies for implemen- 
tation into national regulations and international standards. Selection of biotests for 
wastewater monitoring and establishing a set of biotests can be based on the 
ecotoxic effect, the organisation or the trophic level, as shown in Figure 9.4. 

In future, the set of biotests usable for wastewater monitoring will be amended. 
This can be done by a biotest using a higher water plant (Duckweed growth 
inhibition test, which is under development by ISO/CEN) or by the fish egg test 
(22, 23), which will substitute the acute fish test by taking into account the 
requirements of animal welfare and the Animal Protection Law, respectively. 

It has to be noted that the standard protocols for biotesting and chemical 
analysis originally developed for the use of wastewater and water monitoring 
are being proposed and used for testing elutriates of soil, waste and sediment 
samples. 

Summarising the experiences and the status of monitoring wastewater using 
biotests, it can be asserted that: 
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e Legal regulations, including the use of bioassays in monitoring wastewater 
discharges, are the Federal Water Act (WHG), the Wastewater Ordinance 
(AbwV) and the Wastewater Charges Act (AbwAG), where analysis and 
measurement procedures are listed in the annexes to the AbwV and AbwAG 
as DIN, DIN EN, and DIN EN ISO standards. 

e Over the last 20 years there have been a number of good reports on the use of a 
combination of sum parameters (COD, AOX) and bioassays — including the 
measurement of single substances (e.g. P, N and metals) — in emission control. 
For instance, the percentage of wastewater effluent causing acute fish toxicity 
has been reduced to approximately 10%. The LID has changed considerably 
from D = 30-60 to D = 2-8 since 1976. 

e The diversity of approaches in applying bioassays for wastewater evaluation in 
the national, supranational and international regulations, aimed especially to 
meet the requirements of the European Union, will influence national water 
law in the future and the general approach in Germany will be discussed 
within the scope of international harmonisation. 

e Apparently, there is a general agreement that the long-term goal should be no 
measurable (acute, sublethal or chronic) toxicity in wastewater effluents. This 
might be interpreted as zero toxicity in undiluted effluents. 


9C.2 Waste and soil 


In contrast to the legal definition of biological tests for the water and wastewater 
applications, there is no legislation for the use of such established biological 
procedures either for the characterisation of waste or for the evaluation of soils. 

At present, waste and soil samples primarily are analysed and evaluated by 
means of physical and chemical analysis. This also depends on the fact that it is 
difficult to draw a general but comprehensive picture of the ecosystem, which may 
be endangered. Toxic effects of substances, abiotic factors and effects resulting 
from interactions of various substances and materials present in solid samples 
have to be considered. A species spectrum has to be selected for effect estimation 
that is representative of ecological functions and trophic levels, as well as for the 
route or routes of exposure. 


90.2.1 Waste 


In the European Union the aim of legal regulations is to direct waste management 
towards a sustainable development. Priority is given to prevention before recovery 
and to recovery before removal. Accordingly, measures have to be planned and 
accomplished with respect to environmental sustainability and the protection of 
resources. 

The relevant regulations are covered by the: 
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e Basel Convention [10] 

e Council Regulation (EEC) No. 259/93 on the supervision and control of 
shipments of waste within, into and out of the European Community [11] 

e Council Directive 91/689/EEC of 12 December 1991 on hazardous waste [12] 

e Council Directive 1999/31/EC of 26 April 1999 on the landfill of waste [13] 

e EEC Waste Framework Directive (Council Directive 75/442/EEC of 15 July 
1975 on waste) [14] 


Reviewing these regulations reveals that there are approaches for legally estab- 
lishing biological test procedures. For example, the Basel Convention classified 
waste materials as being hazardous (according to Article 1, Paragraph 1, Point a) if 
they belong to a group as defined in Annex I, or show characteristics as given in 
Annex III. One of these so-called H-criteria dealing with hazard characteristics is 
the H12 criterion of ecotoxicity (“Substances or wastes which if released present 
or may present immediate or delayed adverse impacts to the environment by 
means of bioaccumulation and/or toxic effects upon biotic systems’), but it is 
only listed [10] and not yet specified. 

In the EEC Directive of waste movement (259/93) [11], which specifies wastes 
that are allowed to be translocated within, without and into the European Union, 
the Organization for Economic Cooperation and Development (OECD) countries 
or the non-OECD countries, the term ‘ecotoxicity‘ is not mentioned. The term 
‘environment‘, however, is specified whereby it predominantly covers environ- 
mentally compatible utilisation and duly removal of waste. Only Article 34 deals 
with the obligation of the waste producer to take all necessary measures in order to 
maintain environmental quality in the context of the guidelines 75/442/EEC [14] 
and 91/689/EEC [12]. 

Implementation of the EEC Directive of waste movement in the German 
legislation is made by the Abfallverbringungsgesetz [15] (present version from 
25 August 1998), which was published in 1994 as the German fulfilment law to 
the Basel Convention (Deutsches Ausfiihrungsgesetz zum Basler Ubereinkom- 
men) [15]. The list of characteristics given in the Basel Convention [10], including 
criterion H12, was not adopted. 

Reviewing the Commission’s decision on establishing a list of wastes [16], 
which was implemented by the ‘Abfallverzeichnis-Verordnung’ [17] in 2001, it 
arises that the H14 criterion of ecotoxicity (‘Substances and preparations which 
present or may present immediate or delayed risks for one or more sectors of the 
environment’ is not considered because it is not specified according to the 
introduction of the Annex, Point 3.1. 

In the Council Directive 91/689/EEC of 12 December 1991 on hazardous 
wastes [12], Article 1, Paragraph 4, hazardous waste is classified in a similar 
way to that in the Basel Convention [10]. The definition of the H14 criterion of 
ecotoxicity is not, however, as comprehensive as criterion H12 in the Basel 
Convention [10]. 
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In further European Union guidelines such as those on landfills, the term 
‘ecotoxicity’ appears in the glossary in Article 2e. However, its relevance is 
narrowed to, for instance, the “ecotoxicity of leachates’. A first step to establishing 
biological test procedures is given in Annex II, Point 3. The suggestion of a three- 
stage procedure for the characterisation and investigation of waste envisages, 
among other things, a fundamental characterisation of wastes and agreement on 
investigations. 

An attempt to regulate the evaluation of wastes was presented by the Commis- 
sion for the Evaluation of Substances Hazardous for Water in March 2003 [18]. It 
suggests a classification in accordance to the relevant H-criteria of the water- 
hazard classes for waste. The problem with this approach, however, is that the 
composition of the waste should be known and focus is given to effects relevant 
for water-hazard potential. Based on the submitted concept and in accordance with 
the principle of concern of the Water Management Act, wastes can be treated as 
not firmly defined substances, such as the substances assigned to the WGK 3 
(water-hazard class). 

In the current process of establishing biological test procedures on a Euro- 
pean level, a standardisation proposal on the “preparation of water samples for 
ecotoxicity tests’ was submitted to the CEN. Moreover, intensive investigations 
were carried out that focused on the leaching behaviour of waste, a first step for 
the application of biological methods to characterise wastes. In addition, meth- 
odological requirements for biological testing of waste were established. 

Biological test procedures that can be used for solid samples such as waste, 
soils and sediments have been developed already (see Section 9C.3 below and 
Chapter 6). 


9C.2.2 Soil 


In European legislation the comprehensive legal definitions that are available for 
the classification of waste do not exist for the characterisation of soils, therefore 
focus is given to German legislation in the following section. 

The Bundesbodenschutzgesetz (BBodSchG) [19] and the Bundesbodenschutz- 
Verordnung (BBodSchV) [20] do not explicitly specify any method for the 
biological investigation of soils. The indicated methods cover chemical and 
physical parameters that are listed in Annex I of the BBodSchutzV, Point 3 
(investigation procedures). 

However, there is some indication for initiatives to establish biotest procedures: 


e According to Article 2 of the BBodSchG, soil fulfils natural life support 
functions and acts as a habitat for humans, animals, plants and soil organisms. 

e Article 7 of the BBodSchG obliges the property-owner to take precaution and 
to prevent soil contamination. 
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e In Article 8, Abstract 3, clause 1 of the BBodSchG it is stipulated that 
‘procedures for determination of environmentally harmful substances in 
soils, in biological material and in other materials’ have to be defined. In 
accordance with Article 22 of the BBodSchG, the federal government can 
issue decrees to avert harmful soil changes, to remediate soil, landfills and 
resulting groundwater contamination and to specify measures and appropriate 
values necessary to establish precaution. 

e According to the BBodSchV detailed risk assessment studies are possible, e.g. 
to investigate the uptake of pollutants by plants and animals. 

e Also, Article 9 of the BBodSchV (harmful soil changes in the context of risk 
assessment), Paragraph 1, Point 2 (considerable accumulation of pollutants 
that, due to their toxic properties, are particularly relevant for introducing 
harmful soil changes), may serve as a legal basis for the development of 
biological test procedures. 


9C.3 Biological tests 


A strategy for the application of biological tests (partly standardised) and a useful 
concept for the evaluation of contaminated soils using bioassay data have been 
established by a DECHEMA working group [21]. Under certain circumstances 
these tests may be used also to characterise wastes. 

For the investigation of soils focus is given to groundwater protection (retention 
function of soils), e.g. by applying the luminescent bacteria, algae and umu-tests, 
and evaluation of the habitat function of soils, e.g. by using microorganisms 
(respiration and nitrification), plants (germination and growth) and invertebrates 
(earthworms and collembolae), considering also the uptake of pollutants and 
reproduction success. 
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USA PERSPECTIVE 


Barbara Brown and Margarete Heber 


9D.1 History of environmental legislation regulating toxics in water 


in the USA 


Much environmental legislation in the USA is structured by media (air, water, 
waste) rather than by pollutant or stressor. This part of Chapter 9 focuses primarily 


302 ENVIRONMENTAL TOXICITY TESTING 


on the legislation intended to control pollution in water as an example of how 
toxic pollution is managed in the USA. In addition, a currently developing 
methodology to integrate the management of a specific class of toxics, pesticides, 
is also described. 

Early American settlement, both pre- and post-Columbian, was established 
around water sources. Although the importance of ample water quantity for 
drinking and other purposes was apparent to these early Americans, an under- 
standing of the impacts of water quality was not well known. In the 19th century, 
owing to the discoveries of Louis Pasteur, scientists began to gain a greater 
understanding of the sources and effects of water contaminants (especially those 
in drinking water) not visible to the naked eye. Starting in the mid-1800s, the 
impacts of disease-causing pathogens in public water supplies became of public 
concern. Many states, such as New York, established regulations and commissions 
to protect the quality of their drinking water. The first US federal regulation of 
water quality began in 1914, when the US Public Health Service (PHS) set 
standards for the bacteriological quality of drinking water. 

The Water Pollution Control Act (WPCA) of 1948 was the first comprehensive 
statement of federal interest in clean water programs, as well as the first statute to 
provide state and local governments with some of the funds needed to solve their 
water pollution problems. There were no federally required goals, objectives, 
limits or guidelines. There were no mandatory indicators of whether pollution 
was indeed occurring. Nonetheless, the US Surgeon General was charged with 
developing comprehensive programs to eliminate or reduce the pollution of 
interstate waters. Federal involvement was strictly limited to interstate waters 
that endangered the health or welfare of a person in a state other than that in 
which the discharge originated. 

Both the US PHS standards and the WPCA were revised and expanded; the last 
PHS revisions in 1962 covered 28 substances, and the amendments to the water 
pollution acts increased federal funding assistance to municipal dischargers, as 
well as moved toward developing water quality standards for interstate waters. 
However, public concern continued to mount over many environmental and health 
issues, leading to the passage of key federal environmental and health laws: the 
Federal Water Pollution Control Act Amendments in 1972 (later named the Clean 
Water Act with the 1977 amendments) and the Safe Drinking Water Act in 1974. 
Table 9.8 lists the principal environmental legislation and amendments that now 
nationally govern water quality, including toxics in water. 


9D.2 Current legislative and regulatory framework 


9D.2.1 The Clean Water Act 


The Clean Water Act (CWA) states that the ultimate objective of the act is ‘...to 
restore and maintain the chemical, physical and biological integrity of the 
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Nation’s water.’ The CWA consists of two major parts: the provisions that 
authorize federal financial assistance for municipal sewage treatment plant con- 
struction; and the regulatory requirements that apply to industrial and municipal 
dischargers. Prior to 1987, implementation programs for the CWA were directed 
primarily at point source pollution, i.e. wastes discharged from discrete sources 
such as pipes and outfalls. Effluent guidelines are the technology basis for point 
source controls and exist for many different types of industry (e.g. pulp and paper, 
petroleum, metal finishing). Permit limits based on effluent are based on either the 
best available technology or best practicable technology (Heber and Norberg- 
King, 1996). These permits, however, fit within an overall requirement based on 
the designated use of the ambient waters into which the industry discharges. All 
ambient waters have designated uses set by the state, such as suitability for aquatic 
life use, swimming or fishing. The state water quality standards set for each water 
body should reflect the designated uses. There are both chemical and biological 
water quality standards. If the standards for the water body are exceeded, man- 
agement action must be taken to bring the waters back into compliance, such as by 
issuing more stringent point source discharge limits on facilities permitted in the 
water body, or by working to reduce non-point source pollution coming into the 
water body. 

Early emphasis was on controlling discharges of ‘conventional pollutants’ 
(e.g. suspended solids or bacteria that are biodegradable and occur naturally in 


Table 9.8 US environmental legislation and major amendments for water (Copeland, 2002; 
Tiemann, 1999). 


Year Act Public law 
1948 Federal Water Pollution Control Act P.L. 80-845 
1956 Water Pollution Control Act 1956 P.L. 84-660 
1961 Federal Water Pollution Control Act Amendments P.L. 87-88 
1965 Water Quality Act of 1965 P.L. 89-234 
1966 Clean Water Restoration Act P.L. 89-753 
1970 Water Quality Improvement Act P.L. 91-224, Part 1 
1972 Federal Water Pollution Control Act Amendments P.L. 92-500 
1974 Safe Drinking Water Act 1974 P.L. 93-523 
1977 Clean Water Act of 1977 P.L. 95-217 
1981 Municipal Wastewater Treatment Construction Grant P.L. 97-117 
Amendments 
1986 Safe Drinking Water Act P.L. 99-339 
Amendments 
1987 Water Quality Act of 1987 P.L. 100-4 
1996 Safe Drinking Water Act P.L. 104-182 


Amendments 
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the aquatic environment). Starting with the 1977 amendments, focus shifted to 
‘non-conventional’ or toxic chemical pollutant discharges. The CWA requires 
that standards be set based on the risk to humans and the environment. The 
risk assessments performed to set protective levels evaluate the response of 
humans and key animals to increasing amounts of a chemical (the “dose-response 
relationship’), the likelihood of human exposure to that chemical through 
various pathways and the mitigating or exacerbating effects of other factors (such 
as effects from synergistic or antagonistic interactions of multiple toxics, cumula- 
tive effects over time, or special susceptibilities of particular subpopulations, such 
as children or the elderly). Chemical standards are currently set chemical by 
chemical. 

Amendments in 1987 authorized measures to address non-point source pollu- 
tion (storm water runoff from farm lands, forests, construction sites and urban 
areas), now estimated by the states to represent the largest remaining water 
pollution problem in the USA (USEPA, 2000). Because of this, although toxics 
remain a significant component in the mix of non-point runoff, other major 
pollutants such as nutrients have risen to the fore of public concern for action. 
Presently the major thrust in implementation of the CWA is to manage on a 
watershed basis and integrate all parts of the CWA to operate in an integrated 
fashion, instead of in isolation. 


9D.2.2 The Safe Drinking Water Act 


The Safe Drinking Water Act (SDWA) aims to protect public health by regulating 
the nation’s public drinking water supply. Originally, the SDWA focused primar- 
ily on treatment as the means of providing safe drinking water at the tap, charging 
the US Environmental Protection Agency (USEPA) to set national standards that 
protect consumers from harmful contaminants in drinking water. The 1996 
amendments greatly enhanced the law by also recognizing source water protec- 
tion, operator training, funding for water system improvement, and provision of 
information to the public as important components in protecting drinking water 
safety. 

For each contaminant requiring federal regulation, the USEPA is charged with 
establishing a maximum contaminant level goal (MCLG) based, as with the 
CWA, on the risk to humans. The basic risk assessment process is the same 
but the protective levels established by the risk management process may 
incorporate the application of additional uncertainty factors to account for 
carcinogenicity and mode of action. The USEPA then specifies a maximum 
contaminant level (MCL), which is the maximum permissible level of a contam- 
inant in drinking water that is delivered to any user of a public water system. 
These levels are set as close to the goals as feasible, i.e. the level that may be 
achieved with the use of the best technology, treatment techniques, or other 
means, taking cost into consideration. 
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The first interim drinking water standards set in 1975 were for total coliform 
bacteria and turbidity (as indicators of pathogens), six synthetic organic chem- 
icals (such as pesticides) and ten inorganic chemicals. The 1986 amendments 
added 83 additional contaminants and established monitoring requirements for 
unregulated contaminants so that the USEPA could decide whether or not to 
regulate those contaminants. Particular emphasis has been given successfully in 
recent years to the management and treatment for lead and copper, as both were 
used in household plumbing fixtures and pipes for many years, thus increasing 
the likelihood of water supply contamination. 


9D.3 Current implementation: institutional responsibilities 
(national and state) (USEPA, 2004) 


Both the CWA and the SDWA reflect a philosophy of federal—state partnership. 
Under both laws, the USEPA is required to develop national regulations, guide- 
lines and policies to meet the goals of these acts. Congress realized that protection 
of water was still primarily a state responsibility, and therefore authorized the 
USEPA to delegate responsibility for implementation and enforcement of certain 
programs to those states that met the minimum federal requirements for the 
stringency of their regulations and the adequacy of their enforcement procedures. 
The SDWA uses the term ‘primacy’ to describe this concept, and the CWA uses 
‘authorization’. 

Primacy/authorized state programs operate in lieu of the federal water pro- 
grams. The SDWA allows states to be granted primacy for two programs: the 
public water system supervision (PWSS) program and the underground injection 
control (UIC) program. The CWA allows states to be authorized for two pro- 
grams: the National Pollutant Discharge Elimination System (NPDES) program, 
and the Section 404 dredge and fill permit program. 

Under the CWA’s NPDES permit program, any point source discharge of 
pollutants to waters must be expressly authorized by a valid NPDES permit. The 
NPDES program consists of various components, including the base program for 
municipal and industrial facilities, permitting of federal facilities, pretreatment 
programs, biosolids programs, and general permitting. Forty-six states have been 
delegated responsibility for the base program and general permitting. These states 
have also been delegated the responsibility for various combinations of the other 
three components. All states but one have primacy for the PWSS program. Only 
two states have delegated state programs for Section 404 dredge and fill 
permitting. 

Primacy/authorized states implement and enforce state regulations and stand- 
ards, issue permits, and monitor the activities of the regulated community. All 
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states granted primacy or authorization have adequate enforcement authority to 
compel facilities to comply with permits, including the authority to apply 
appropriate regulations and standards to the facilities, sue in court to enjoin 
violations, enter and inspect facilities, and assess civil or criminal penalties 
for violations. Referral to the USEPA is used as a last resort when state resources 
are insufficient to address the issue or when previous state efforts have not been 
successful. The USEPA may also bring an independent enforcement action in a 
primacy/authorized state, after appropriate notice, if the state fails to take 
enforcement action. Citizens also have the right to initiate a court action under 
the SDWA and the CWA if they believe that the regulations are not being 
enforced appropriately. 

Approval of primacy or authorization is a regulatory action. Where states do not 
receive primacy/authorization, the USEPA operates the relevant program under 
federal law. The USEPA also provides oversite to the primacy/authorized state’s 
programs, including taking enforcement action as necessary. The states also must 
report a variety of information to the USEPA and the public to ensure that their 
programs are meeting the minimum standards necessary to protect water quality. 

To ensure that waters are free from ‘toxics in toxic amounts’ and to help control 
discharges of a complex nature, whole effluent toxicity (WET) testing was added 
to the US NPDES under the CWA (Heber et al., 1996). 

State regulatory agencies are required to integrate whole effluent tests, chem- 
ical-specific water quality criteria and bioassessment in the receiving environment 
into NPDES permit writing. 


9D.4 Future 


9D.4.1 Major issues 


As mentioned previously, non-point pollution sources are considered by the 
states to be the largest remaining water quality problem. Control of these sources 
will be critical to the development of implementable total maximum daily load 
(TMDL) requirements, which determine the limits needed to restore impaired 
watersheds. The current legislative framework, however, allows legal enforcement 
action against point source dischargers (which can be identified and given consent 
permits with levels needed to meet the TMDL limits), but provides no mechanism 
for legal action to curtail non-point source discharges. Restoration therefore 
depends on setting more stringent controls on point source dischargers. In 
many cases where non-point sources may constitute the largest pollution sources, 
agreements to reduce non point-source pollutants will be needed to restore water 
quality. 

Another continuing issue that plagues effective water quality protection is the 
availability of funding for infrastructure projects needed by public water and 
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waste treatment systems to comply with CWA and SDWA rules. Budgetary 
constraints on federal aid for state revolving fund programs and the large 
remaining funding needs suggest that a significant funding gap exists and will 
continue to grow as the requirements increase and the infrastructure ages. 


9D.4.2 New developments: coordinated management of toxics between 
legislative mandates 


This part of Chapter 9 has focused primarily on the management of toxics in one 
medium — water — as an example of how the US legislative framework regulates 
toxics. Toxics are also regulated in the USA by other environmental legislation. 
For example, there is work going on to coordinate and control mercury between 
the Clean Air Act and the Clean Water Act. Another example is a specific class of 
toxics — pesticides — that are partially regulated by the Federal Insecticide, 
Fungicide, and Rodenticide Act (FIFRA), which was first passed in 1947 and 
extensively amended (primarily in 1972 and most recently 1996) to form the basis 
of most pesticide regulation today. 

The primary focus of FIFRA is to provide federal control of pesticide distribu- 
tion, sale, and use. The central feature of FIFRA is its pesticide registration 
program, which requires all pesticides be registered with and approved by the 
USEPA prior to manufacturing, marketing and distribution to ensure that the 
pesticide poses no serious threats to human health or the environment when 
used properly. Registration of new pesticides includes submitting to the USEPA 
the pesticide’s complete formula, a proposed label, and a detailed description of 
the tests and results upon which the pesticide’s manufacturer bases their claims 
that the pesticide is an effective and safe method of controlling pests. 

As with the CWA and the SDWA, the USEPA’s decision to register a pesticide 
is based in part on a risk assessment, using the test results supplied by the 
manufacturer, of adverse effects on human health and the environment. Registra- 
tion therefore attempts to ensure that pesticides will be labeled properly and, if 
used in accordance with specifications, will not cause unreasonable harm to the 
environment. 

The USEPA is developing aquatic life use water quality criteria for atrazine 
under the CWA. Atrazine is also undergoing re-registration for FIFRA. Both the 
CWA and FIFRA require a risk assessment of human and ecological effects. 
Rather than perform separate ecological risk assessments, the USEPA did one 
risk assessment for both the CWA and FIFRA purposes as part of a pilot to 
integrate better and improve environmental regulation (Bradbury, 2004 pers. 
comm.). Risk assessment under the CWA normally follows standard hazard 
assessment protocols to eight test species spanning multiple phyla. The most 
recent risk assessment used an end-point of community structure and function 
based on analysis of literature data from meso- and microcosm experiments, thus 
developing the risk characterization on a more complex, real-world picture. The 
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meso/microcosm data were used to determine, over a period of many months, that 
a concentration of 10-20 parts per billion of atrazine would be associated with 
significant degradation of aquatic community structure and function. However, 
because of application procedures, atrazine does not usually persist at that concen- 
tration in the aquatic environment for that length of time. There may, instead, be a 
pulse of a higher concentration of atrazine for a much shorter period, depending on 
the method of application and watershed hydrology. A model was prepared to set 
time-duration water quality criteria rather than a single number for atrazine, which 
is a major change in the way water quality criteria are stated. In 2004 and 2005 the 
registrant will be monitoring a representative sample of watersheds with high 
potential for atrazine exposure to gather data to evaluate the extent to which any 
stream systems are experiencing inputs that would exceed the time-duration-based 
water quality criteria. The overall pilot effort with atrazine, therefore, is intended 
to develop more realistic water quality criteria under the CWA and greater site 
specificity for the ecological risk assessment, supporting the re-registration deci- 
sion under FIFRA. 


9D.5 Conclusion 


The legislative framework in the USA to protect the environment from toxics 
is primarily media-specific. The criteria limiting toxic concentrations are developed 
primarily at the national level by the USEPA based on the risk to human health 
and the environment, taking into account the control technology available and the 
cost of the control. Much of the implementation of environmental protection, 
including toxic control, is delegated to the states. Although criteria development 
and implementation to date have been based on species toxicity on a media by 
media basis, pilots are underway to incorporate more real-world conditions. 
Funding to bring about the goals of the legislative framework remains an ongoing 
problem. 
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10 Case study: Whole effluent assessment 
using a combined biodegradation and 
toxicity approach 
Graham F. Whale and Nigel S. Battersby 


10.1 Introduction 


In many countries, effluent discharges traditionally have been assessed and regu- 
lated on the basis of physical and chemical properties such as chemical oxygen 
demand (COD), biochemical oxygen demand (BOD), pH, suspended solids and 
concentrations of specific substances of concern. This approach (commonly re- 
ferred to as the substance-specific approach) has led to significant improvements 
in surface water quality and reduced inputs of environmentally hazardous sub- 
stances. However, there is increasing recognition by regulators that there are 
limitations to the substance-specific approach for assessing and controlling efflu- 
ent discharges. Consequently, a number of regulatory authorities are either using 
or considering the use of ecotoxicological assessments to provide a more holistic 
means of assessing the potential impact of effluents in the aquatic environment 
(Power and Boumphrey, 2004). Further to this move to assess ecotoxicity, there 
has been a desire to include additional assessments of whole effluents, particularly 
persistence and bioaccumulation potential. These so-called whole effluent assess- 
ments (WEA) are being considered in upcoming legislation, such as the EU Water 
Framework Directive, and within the Oslo and Paris Commissions (OSPAR) as 
potential mechanisms to control discharges of hazardous substances. For example, 
the OSPAR Point and Diffuse Sources working group set-up an intersessional 
expert group (IEG-WEA) in 1999 to examine the value of a WEA approach in 
helping to achieve the OSPAR objectives for protection of the marine environ- 
ment. To date, the group has discussed possible ways of using persistence, 
bioaccumulation and toxicity data for whole effluents, produced reviews of 
potential methods and conducted a demonstration programme in 2003 to test 
these methods on a limited number of effluents around Europe (OSPAR, 2004). 
The current thinking is that whole effluent toxicity assessment provides a 
practical, biologically relevant mechanism for providing additional hazard data 
on the combined effects of all the contaminants present in a complex effluent. 
There is reasonable confidence that an appropriate set of acute, and to a lesser 
extent chronic, toxicity assessments exist that have been used in many countries 
over the past two decades. Consequently, there is guidance on limit conditions for 
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testing and interpreting results. However, this is not the case for methods for 
assessing the persistence and bioaccumulation hazards of effluent components. 
One of the problems is that, although there are a number of methods for assessing 
the ecotoxicity of effluents, the same is not true regarding appropriate methods for 
measuring persistence and the potential to bioaccumulate. Furthermore, where 
tests to assess bioaccumulation potential and persistence do exist, they tend to be 
at an early stage of development and require more practical experience to demon- 
strate their usefulness and feasibility towards effluents. 

Although persistence is an important parameter in assessing the impact of an 
effluent, it is difficult to ascertain how this can be measured conclusively in such a 
mixture. It is important to consider how the results of such tests could be used in 
the context of improving effluent risk assessments or in effluent consent/control 
schemes. It is difficult to envisage how tests used to determine the persistence of 
single substances could be used in any meaningful environmental context to assess 
complex effluents. For example, although criteria for persistence have been 
proposed by a number of organisations (e.g. OSPAR, UNEP, EC), these are 
generally based on degradation half-lives for single substances and are of little 
relevance to effluents (i.e. refinery effluents) that contain mixtures of different 
components. To compound the problem there is still scientific debate surrounding 
the justification of how the persistence of a single substance is assessed (in 
particular, how results from standard tests are interpreted), making it even more 
difficult to define what ‘persistence’ means in relation to effluents. This problem 
is recognised by OSPAR, who state that it is incorrect to refer to the ‘persistence 
of effluents’ (OSPAR, 2004). 

We recognised these issues several years ago and, in an attempt to resolve this 
dilemma, approached the problem by trying to improve our understanding of the 
factors that influence the toxicity of effluents once released into the environment. In 
order to try to improve the risk assessment of effluents our approach was not to look 
at persistence per se. Rather, the risk assessment of complex petrochemical and 
refinery effluents was improved by examining the persistence of toxicity. This was 
achieved by undertaking combined biodegradation (respirometer) and toxicity 
studies. The intention was to provide data that potentially could reduce the impos- 
ition of unrealistic safety factors by demonstrating that effluent toxicity was either 
recalcitrant (‘hard’ — thus warranting the use of conservative safety factors) or 
easily biodegradable (‘soft’ — where longer term environmental risks would be 
reduced and consequently less stringent safety factors would need to be applied). 

In the study described in this chapter we have used this approach to assess the 
toxicity of three complex effluents: 


e An oil refinery process effluent of relatively low toxicity being discharged into 
a small river. 

e A petrochemical effluent of moderate toxicity being discharged to a sewage 
treatment works. 
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e An oil refinery waste stream of moderate/high toxicity being ultimately 
discharged into an estuary. 


We describe the methodology adopted for the combined biodegradation and 
toxicity assessments and discuss how the data can be interpreted and used to 
improve risk assessment in the context of these three effluents. 


10.2 Considerations prior to initiating the study 


Prior to undertaking the study it was important to ensure that the methods 
selected for the biodegradation and toxicity assessment were practical, cost- 
effective and capable of providing environmentally relevant toxicity and 
biodegradation data over a reasonably short time period (say <15 days). It was 
decided that biodegradation of the effluents would be assessed using an electro- 
lytic respirometer — this approach met the above criteria and had several advan- 
tages: 


1. Biodegradation is followed as biochemical oxygen demand (BOD), which 
enables descriptors such as BODs to be obtained. 

2. The organic matter in the effluent could be measured as chemical oxygen 
demand (COD) and the extent of biodegradation (BOD) then expressed in 
terms of COD. 

3. In contrast to traditional BOD measurements that use closed bottles, the 
respirometer replenishes any oxygen (O2) consumed automatically and low 
biodegradation due to O2 depletion does not occur. 

4. The instrument is sensitive, enabling the biodegradability of ‘weak’ effluents 
to be tested. 

5. Oxygen uptake is logged frequently (every 2h in this study) and automatically 
— the large number of data points obtained enables changes in the rate of 
biodegradation to be observed, which can often show subtle changes in the 
course of biodegradation. 

6. The respirometer provides sufficient solution to enable chemical analyses and 
the acute toxicity of the effluents to be monitored during the study. 


For the ecotoxicity assessments two types of test were required: to monitor 
toxicity during biodegradation and to assess the toxicity at the start and end 
of the biodegradation test. The tests required to monitor the toxicity needed 
to be: 


e Able to produce ‘quick’ results (< 1 day). 
e Use relatively small volumes of test media (< 50 ml). 
e Be predictive of change of toxicity of ecologically relevant organisms. 


For the initial and final toxicity assessments the tests needed to: 
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e Use organisms relevant to the environment to be protected. 

e Be credible and acceptable to a competent authority (i.e. use internationally 
recognised tests species and protocols). 

e Require less than 1 litre of test media (the combined volume of the duplicate 
respirometer flasks). 


The Microtox® bioluminescence test with the marine bacterium Vibrio 
fischeri (formerly Photobacterium phosphoreum) was considered to meet the 
requirements for the ecotoxicity monitoring method. (Equivalent biolumines- 
cence tests are available from a number of manufacturers.) In this test, the 
enzyme luciferase (which is intrinsically linked with the metabolism of the 
bacterium) catalyses a light-emitting reaction, with effects on the bacteria 
leading to a reduction of light output. Reductions in light emission are quantified 
photometrically and used to calculate Microtox™ ECs values (concentration of 
test chemical giving a 50% reduction of light output). The Microtox” test 
requires small sample volumes (1—2 ml) of test solution, is rapid, easy to conduct 
and results can potentially be correlated to ‘more traditional’ toxicity studies. For 
example, Kaiser (1998) found significant correlations between the toxicity of 
chemicals determined by Microtox® and that determined using other aquatic 
species such as fish, the water flea Daphnia and algae. The advantages of the 
Microtox® test have been recognised by Rojickova-Padrtova et al. (1998) and 
Repetto et al. (2001), who have proposed its inclusion in test batteries to assess 
environmental hazard. 

The Microtox® test also appears to be particularly suitable for assessing 
hydrocarbon contaminated effluents because Kaiser (1998) has shown that for 
soluble organic compounds the sensitivity of the Microtox™ test is approximately 
equal to that of Daphnia, rainbow trout and fathead minnow bioassays. This has 
been our experience also in our laboratory, where good correlations (r? = 0.8) had 
been found for five sets of Microtox® and oyster embryo tests conducted on one 
of the refinery effluents assessed in the respirometer study. 

For the initial and final ecotoxicity assessments the toxicity test methods 
selected depended upon the receiving water for the effluent. For effluents A and 
B, which were ultimately discharged to freshwater courses, Daphnia magna was 
selected to be an appropriate test species. For effluent C, which was discharged to 
an estuary, the calanoid copepod Acartia tonsa (in simplistic terms, a marine 
equivalent to Daphnia) and the oyster Crassostrea gigas embryo test were used. 
These test methods were based on internationally accepted guidelines that had 
been ring tested and considered suitable for inclusion in the UK Environment 
Agency’s Direct Toxicity Assessment (DTA) programme. Although algal toxicity 
tests are recommended by the Environment Agency for DTA investigations, these 
were not used in this study because it was believed that the particulate and often 
coloured nature of many of the effluents would make such tests difficult to 
conduct and interpret. 
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10.3 Materials and methods 


10.3.1 Effluents tested 


A brief description of the three effluents assessed in this study are given below and 
their routes into the environment are summarised in Figure 10.1. 


10.3.11 Effluent A — refinery process effluent 
This effluent was derived from ships’ ballast water and effluent from an inter- 
ceptor (mainly site drainage), which provides the feed to a dissolved air flotation 
(DAF) unit prior to discharge into a freshwater brook. The site drainage consists 
mainly of what would be regarded as accidentally oil-contaminated water (i.e. 
spillages onto a concrete apron that are washed into drainage during rainfall 
events). Because the effluent flow to the DAF is intermittent and subject to 
shock loads of high salinity when ballast water is discharged, the effluent was 
sampled on eight occasions with samples stored in the dark at 4°C prior to 
analysis. The total organic carbon (TOC), inorganic carbon and toxicity to Vibrio 
fischeri (Microtox™) were determined for each sample. These were reasonably 
consistent, with TOC varying in the range 20-30 mg/l (mean = 25, sd = 2.8), 
inorganic carbon in the range 23-30 mg/l (mean = 26, SD = 2) and 15-min 
Microtox™ ECs, values varying between 10% and 19% (mean = 13, SD = 3) 
of the effluent. Therefore, a composite of pooled equal volumes of effluent 
sampled on each occasion was used in this study. 

Effluent A was selected for assessment because this was felt to be representa- 
tive of many effluents that have relatively low levels of oil contamination and 


Refinery process Petrochemical effluent B Refinery wastewater 
effluent A effluent C 


Oil-water separation 


Physical treatment Municipal wastewater 
treatment works 


Mixed with cooling water 


l 


Freshwater brook Freshwater stream Estuary 


Notes: X = sample collection point 
Developments since this study are that effluent A is now biotreated and 
discharge of effluent C has ceased 


Figure 10.1 Routes of effluents into receiving water. 
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aquatic toxicity (acute toxicity removed by less than 10-fold dilution). In terms of 
a local risk assessment, it is assumed that toxicity of this effluent will be diluted 
rapidly. However, the discharge is one of several industrial discharges into a small 
watercourse and it would be useful to have some reassurance that the toxicity is 
rapidly degraded (‘soft’). 


10.3.1.2 Effluent B — petrochemical effluent 

This sample was taken from a petrochemical effluent discharged for offsite treat- 
ment via a municipal sewage treatment works. This effluent was selected because it 
was believed to be reasonably representative of a complex petrochemical effluent 
prior to any biological treatment. The effluent would be considered to be moderately 
toxic to aquatic organisms (requiring between a 10- and 100-fold dilution to remove 
acute toxicity). Because this particular effluent was treated offsite it was important to 
assess whether any toxicity would remain after biological treatment, as this poten- 
tially could contribute to any toxicity seen in the effluent from the municipal 
treatment works. The advantage of the combined study is that it also confirms 
whether the toxic components of the effluent are susceptible to rapid biodegradation. 


10.3.1.3 Effluent C — untreated refinery wastewater 

This wastewater was derived from a number of oil—water separation streams, 
including water separated from an ‘oil slops’ tank that had been treated only by 
conventional oil—water separation methods. This effluent would be considered 
highly toxic to aquatic organisms, requiring a dilution of >100-fold to remove 
acute toxicity. At the time of the study the effluent was mixed into the refinery 
cooling water system passing through a final stage of oil—water separation prior to 
discharge. No toxicity was detected in the mixed cooling water effluent discharge, 
which received further rapid dilution in the receiving estuary. It should be noted 
that discharge of this effluent has now ceased. 

This effluent was included in this study because it was considered to be 
representative of the most contaminated refinery wastewater streams. Further- 
more, it was considered important to assess that any components responsible for 
toxicity were not persistent in the receiving environment (i.e. although toxicity 
had been effectively diluted out by mixing with the cooling water, there could be 
long-term risks if toxic components were accumulating in the vicinity of the 
discharge). This latter point was considered important for trying to redress 
OSPAR concerns, by demonstrating that toxicity is not conservative and does 
not pose a longer term risk to the marine environment. 


10.3.2 Sample collection 


Although samples for effluent toxicity assessment ideally should be composite 
(i.e. pooled hourly spot samples taken over a 24h period to take into account pos- 
sible variability), working permits and locations made this difficult logistically. 
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An autosampler was considered but, owing to concerns that the toxicity of the 
samples could vary with time due to volatilisation losses and/or possible oxidation 
while the samples were retained in the device, this approach was not taken in this 
investigation. Therefore, the adopted strategy was to take a spot sample collected 
either from a designated sampling point or, for effluent C, using a 101 stainless- 
steel bucket lowered into an interceptor pit. Sample bottles (2.51 brown glass 
Winchesters) were rinsed with effluent prior to filling. For effluent C, subsamples 
were taken from the bucket (taking care to avoid taking the surface film). Collec- 
tion bottles were completely filled and then sealed with ‘Parafilm’ prior to being 
transported back to the laboratory in a cold box within a few hours of collection. 
Storage prior to analysis was in the dark at 4°C. 


10.3.3 Assessment of biodegradable and persistent ecotoxicity 


10.3.3.1 Biodegradability studies 

The biodegradability of each effluent was determined by measuring oxygen 
uptake (as biochemical oxygen demand, BOD) during incubation under aerobic 
conditions at 20°C for 14 days. Oxygen uptake was measured using a 20-channel 
CES electrolytic respirometer (Coordinated Environmental Services, UK). Repli- 
cate samples (500 ml) were incubated in stirred flasks and O2 uptake was meas- 
ured and replenished automatically by a manometric/electrolysis cell (MEC) 
attached to each flask. The resolution of each MEC was 0.02 mg of O2 at standard 
temperature and pressure (STP) and the maximum Oy generation rate was 
2.1 ug O2/s. 

Prior to incubation, the effluent samples were treated as follows: 


1. Effluent A — refinery process effluent. The sample was inoculated with 5 ml/l 
secondary effluent as a mixed population of microorganisms. The inoculum 
was taken from a sewage works that treats predominantly (~ 90%) domestic 
sewage (Chester Sewage Works, Welsh Water). 

2. Effluent B — petrochemical effluent. The sample was coarse-filtered through 
medical gauze and split into two. One batch was supplemented with 1 ml/l 
each of OECD mineral salt medium (OECD, 1992) as a source of inorganic 
nutrients and inoculated with 5 ml/l secondary effluent from Chester Sewage 
Works. The other batch was diluted to 25% of its original strength by adding 
one volume of effluent to three volumes of OECD mineral salt medium. The 
medium was inoculated with 5 ml/l of secondary effluent. Note that: the final 
concentrations of inorganic nutrients from the OECD mineral salt solutions 
were: P, 11.6 mg/l; N, 0.13 mg/l; Na, 8.6 mg/l; K, 12.2 mg/l; Mg, 2.2 mg/l; Ca, 
9.9 mg/l; Fe, 0.1 mg/l. 

3. Effluent C — untreated refinery wastewater. The sample was split into two. One 
batch was supplemented with 1 ml/l each of OECD mineral salt medium and 


CASE STUDY: WHOLE EFFLUENT ASSESSMENT 317 


the other was diluted to 10% of its original strength by adding one volume to 
nine volumes of estuarine receiving water (salinity = 20%, COD = 75 mg/l, 
DOC = 40 mg C/I) and then supplemented with OECD mineral salts as before. 


Oxygen uptake (mg O,/flask) and respiration rate (mg O,/flask/h) were calculated 
using the CESAN data analysis program (version 1.1, Coordinated Environmental 
Services, UK) and plotted using Excel 7.0 for Windows 95. 

Initially, and at intervals during incubation, replicate flasks were taken for 
chemical analysis and acute ecotoxicity tests, as detailed below. 


10.3.3.2 Chemical analyses 

With the exception of the carbon and oil and grease determinations, analyses were 
made using commercially available spectrophotometric test methods as summar- 
ised in Table 10.1. These had the benefits of being quick, easy to use and relatively 
inexpensive. Depending on the nature of the effluent and time constraints, not all 
of the analyses were performed on each sample. 

Carbon analysis on the samples was performed using a Dohrmann DC-190 
carbon analyser. The TOC concentration of effluent A was determined as meas- 
ured total carbon — measured inorganic carbon on triplicate 200 ul injections of 
effluent. The analyser was calibrated using a 20 mg carbon/] potassium hydrogen 
phthalate (KHP) standard. The TOC concentration of effluent B was determined 
as non-purgable organic carbon (NPOC), where the inorganic carbon is removed 


Table 10.1 Chemical analyses performed on the effluents. 


Analysis Method (range) 


Chemical oxygen Dr Lange Cuvette Test kits (5—60, 15—150 or 100-2000 mg COD/I) 
demand (COD) 


NH} -N Dr Lange Cuvette Test (0.015—2.0 mg/l) or Merck Spectroquant Cell Test 
(0.2-7.8 mg/l) 

NO; -N Dr Lange Cuvette Test or Merck Spectroquant Cell Test (both 
0.02-0.6 mg/l) 

NO; —N Dr Lange Cuvette Test (1—40 mg/l) or Merck Spectroquant Cell Test (0.1— 
18 mg/l) 

Total N Dr Lange Cuvette Test (0.015—2.0 mg/l) or Merck Spectroquant Cell Test 
(0.5-7.8 mg/l) 

Soy Merck Spectroquant Cell Test (100-1000 mg/l) 

S- Dr Lange Pipette Test (0.1-2.0 mg/l) 

cl” Dr Lange Cuvette Test (1-70 mg/l) 

F- Dr Lange Cuvette Test (0.1-1.5 mg/l) 


Phenol Dr Lange Cuvette Test (0.5-5 mg/l) 
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by acidification and sparging prior to analysis. Triplicate injections of 200 ul were 
analysed and the instrument was calibrated against 400 or 50 mg carbon/l KHP 
standards. The TOC concentration of the refinery wastewater effluent C also was 
determined as NPOC, using quintuplicate 200 ul injections and a 20 mg carbon/l 
KHP standard. With all three effluent samples, dissolved organic carbon (DOC) 
was measured as described above but the samples were filtered through a 0.2 wm 
inorganic membrane filter prior to analysis. 

The oil and grease content of the refinery wastewater effluent C was determined 
by the partition infrared method (5520 C) according to Standard Methods (1995). 
A mixture, by volume, of 37.5% iso-octane, 37.5% hexadecane and 25.0% 
benzene was used as the reference oil and infrared absorbance was determined 
using a Perkin-Elmer 881 infrared spectrophotometer. 


10.3.3.3 Aquatic ecotoxicity tests _ i 
Vibrio fischeri (trade name Microtox®). The V. fischeri used in the Microtox® 
tests during this study were supplied as freeze-dried batches of reagent by Azur 
Environmental (SDI), Hook, Hampshire, UK. These were stored at < —4°C prior 
to use. Microtox® tests were conducted using a Microbics Corporation (SDI) 
Model 500 Microtox® analyser, following the test protocols for either the 100% 
screening test or basic test given in the instruction manual supplied with this 
instrument (Microbics (SDI) 1992). Because the salinity of effluents varied from 
freshwater to seawater and V. fischeri is only viable in saline media, Microtox® 
osmotic adjustment solution was used to adjust samples of low or zero salinity. 

The 5 and 15 min ECs, values (those concentrations causing a 50% reduction in 
light output after 5 and 15 min of exposure, respectively) were calculated using the 
Microbics (SDI) version 6 software supplied with the instrument. 


Daphnia magna (Straus). The culture and toxicity tests with D. magna were 
conducted in general accordance with the OECD 202 (1984) test guideline. The 
48h D. magna immobilisation tests were carried out in static, sealed conditions 
without renewal of the test media. Duplicate groups of 10 D. magna (less than 24h 
old) taken from a clonal laboratory culture were exposed to 150ml of each 
effluent dilution held in sealed 150 ml glass conical flasks. Two flasks containing 
D. magna and reconstituted freshwater only were prepared as controls. 

After 24 and 48 hours the numbers of immobilised (i.e. not observed to swim 
during a 15 second observation period following gentle agitation of the test 
solution) D. magna were recorded. 

The reconstituted freshwater used during the D. magna culture and tests was 
prepared following a recipe recommended as being suitable for producing a 
‘hard’ water by the US Environmental Protection Agency (USEPA, 1975). The 
tests were carried out in a temperature-controlled room set at a nominal 
20 + 2°C with artificial illumination of the test vessels on a 16h light/8h dark 
automatic cycle. 
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The 24h and 48h ECs values (those concentrations causing 50% immobilisa- 
tion of the Daphnia after 24h and 48 h of exposure, respectively) were calculated 
with their 95% confidence limits by either Probit analysis (Finney, 1971) or 
moving average angle analysis (USEPA, 1985). 


Marine toxicity assessments. For effluent C, which discharges to a marine 
environment, the 24h Pacific oyster (Crassostrea gigas) embryo larval test and 
48h immobilisation test with adult copepods (Acartia tonsa) were conducted 
following the procedures described below. 


Acartia tonsa (Dana). A. tonsa immobilisation tests were conducted following 
the general guidelines of the ISO TC147/SC5/WGz2 protocol, using procedures 
recommended by the Oslo and Paris Commissions (OSPAR) to provide data for 
hazard assessment of chemicals intended for use in the North Sea by the offshore 
oil and gas industry (MAFF, 1994, 1996). 

The A. tonsa used in this study were obtained from Guernsey Sea Farms (Vale, 
Guernsey) as age-standardised adults. On arrival they were transferred to a 
temperature-controlled room (20 + 2°C) with artificial illumination on a 16h 
light/8h dark automatic cycle. They were maintained under these conditions 
prior to the start of the toxicity test. The seawater in which the A. tonsa were 
transported was not renewed or aerated during this time. The A. tonsa were 
transferred to a 101 glass vessel that was topped up with seawater and then they 
were fed ad libitum with a mixed algal diet (Pavlova lutheri and Tetraselmis 
suecica) supplied by Guernsey Sea Farms. 

The water used for acclimatising and testing the A. tonsa was natural seawater 
collected from the School of Ocean Sciences, Menai Bridge, Anglesey. The 
quality of the seawater during storage was maintained by circulation through 
filters and a UV sterilising unit. 

Triplicate groups of a nominal 10 A. tonsa (18—21 days old at the start of the test) 
held in 150 ml glass crystallising dishes were exposed to 100 ml of each effluent 
dilution. Three dishes containing A. tonsa and artificial seawater were prepared as 
seawater controls. Immobilised A. tonsa were recorded and removed from the test 
vessels after 24 h and 48 h of exposure. A. tonsa were considered to be immobilised 
if they failed to respond to touch using the end of a glass pipette. As a quality control 
procedure a few drops of formalin were added to the test vessels to preserve the 
remaining A. tonsa at the end of the test. This ensures that the remaining A. tonsa fall 
to the bottom of the vessel, enabling them to be counted rapidly to confirm the total 
number of A. tonsa in the test vessel. 

The tests were carried out in a temperature-controlled room (20 + 2°C) with 
artificial illumination of the test vessels on a 16h light/8h dark automatic cycle. 
The solutions were not renewed or aerated during the tests. 

The 24h and 48h ECso values for the A. tonsa tests were calculated using the 
methods described previously for the Daphnia tests. 
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Crassostrea gigas (Thunberg). The 24h oyster (C. gigas) embryo/larval devel- 
opment tests were conducted in general accordance with the method described by 
Thain (1991) for the International Council for the Exploration of the Sea (ICES). 
The C. gigas (conditioned to a pre-spawning state) were supplied by a commercial 
oyster hatchery (Guernsey Sea Farms, Guernsey, UK). 

Gametes were stripped from the sexually mature oysters by rupturing the gonad 
with a clean glass Pasteur pipette and gently washing seawater over the gonadol 
tissue into 400 ml of seawater in a fertilisation vessel (600 ml glass beaker). A new 
pipette and beaker were used for each oyster. Subsamples of gametes from each 
oyster were examined under a microscope to identify suitable gametes to be used 
in this test. Gametes were considered to be suitable if the sperm were motile and 
the eggs well-rounded and free of obvious rupture. The eggs of two to three 
oysters were pooled and passed through a 100+ 10 um mesh to remove any 
tissue debris. The sperm from two oysters were pooled and passed through a 
second mesh of the same size. 

An estimate of the density of the egg suspension was made using a Sedgewick- 
Rafter cell and the density of the egg suspension was adjusted to 5 x 10° to 
10*eggs/ml. Two millilitres of the sperm suspension were added to the 400 ml 
egg suspension, which was mixed and left for 1-2h. A sample was examined 
under the microscope to confirm that early stages of development were occurring 
and the density of the embryo suspension was adjusted to 3.0 x 10°eggs/ml by 
dilution with seawater. The density of the embryo suspension was rechecked and 
30 ml glass Beatson jars containing 30 ml of the test media were inoculated to give 
a test density of 50 embryos/ml (nominally 0.5 ml of embryo suspension). A 
minimum of three replicates for each effluent concentration and 12 controls 
(containing natural seawater only) were set up for each test. Immediately after 
inoculation, six of the control vessels were preserved (by the addition of 0.5 ml 
formalin) and used to estimate the initial embryo density. 

The seawater used for the C. gigas tests was natural seawater from the labora- 
tory supply, as described previously for the A. tonsa tests. Test vessels were 
incubated for 24h at 25 + 2°C, after which they were preserved by the addition 
of 0.5 ml of formalin to each vessel. 

To score the test, each preserved sample was mixed and a 2ml aliquot was 
pipetted into a flat-bottomed tube. The aliquots were allowed to settle for at least 
5 min and then, using an inverted microscope, the number of D-stage veligers 
(those larvae with fully formed symmetrical shells) was scored. 

The results of the oyster embryo test were expressed as the percentage net risk 
(PNR) based on the percentage abnormality at each effluent test concentration. 
These were calculated as follows: 


% Abnormality = x 100 
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where: I = mean initial embryo density 
D = mean number of D-stage veligers in treatment 


Percentage net risk (PNR) was calculated using: 


% Test abnormality — % Control abnormality 


PNR = x 100 


100 — % Control abnormality 


The PNR was used to calculate a 24h ECs, value and 95% confidence limits using 
Probit analysis (Finney, 1971) or moving average angle analysis (USEPA, 1985). 
For these calculations, negative PNR values were set to zero. 


10.4 Results 


10.4.1 Effluent A — refinery process effluent 


The composite sample of refinery effluent A had low levels of COD, carbon and 
salinity (Table 10.2). The initial sample (day 0) was non-toxic to Daphnia and 
exhibited relatively low levels of toxicity to Microtox® (ECs9 20-27% of neat 
effluent) as summarised in Table 10.3. The biodegradation of the effluent, as 
measured by the increase in BOD (cumulative oxygen uptake) and change in 
Microtox™ toxicity of the effluent over 14 days, is shown in Figure 10.2. It can be 
seen that biodegradation of the organic material in the effluent started immedi- 
ately and was most rapid during the first day of incubation. The rate of biodeg- 
radation fell quickly during this period and tailed off to around 0.05 mg O2/1/h 
from day 7 onwards. The cumulative O2 uptake was equivalent to 44% of the 
initial COD after 5 days of incubation and 67% after 14 days (Table 10.2). 
Table 10.3 and Figure 10.2 show that Microtox™ toxicity generally decreased 
with increasing biodegradation and data from the first replicate indicated that the 


Table 10.2 Chemical characteristics of refinery effluent A. 


Parameter (units) Initial After incubation for: 14 days 
5 days 
COD (mg 07/1) 63 56 34 
Cumulative BOD (mg 07/1) — 28 42 
Cumulative BOD (% CODhnitiat) - 44 67 
TOC (mg C/l) 16 15 14 
DOC (mg C/I) 16 14 14 
Chloride (mg Cl” /l) 495 5 — 


pH 7.1 7.1 8.4 
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Table 10.3 Results of Microtox™ toxicity tests with the refinery process effluent A. 


Microtox™ 15-min ECs values as percentage of initial sample 


Day 
Replicate 1 Replicate 2 Replicate 3 Composited 

0 21? 27 

(16-27) (21-34) 
1 31 29 >45 40 

(13-72) (25-34) (16-62) 
2 68 17° 64 77 

(58-80) (8.0-35) (59-69) (66-92) 
5 >90 51 3.8° 5.8 

(48-56) (1-16) (5.7-5.9) 

7 >90 >90 >90 >90 


* Sample prior to aeration and addition of inoculum. 

P 95% confidence intervals. 

€ Samples believed to be contaminated with copper sulphate from respirometer (ECso values >90% exceed 
highest effluent concentration assessed in the 100% test). 

“ Composite sample consisted of equal volumes of replicates 1 to 3. 

Note: Toxicity increases with decreasing ECsp values. 


effluent was not toxic after 5 days. However, the data indicate that anomalies in 
terms of the trend of toxicity were seen on some occasions, particularly on day 5. 
For example, the toxicity of the third replicate was much higher than the toxicity 
of the day 0 sample and affected the toxicity of the composite sample. Repeat 
Microtox™ tests confirmed the toxicity of these samples and an investigation was 
instigated to assess potential causes for these anomalies. The investigation 
revealed that the procedure followed by one of the operators could have led to 
the release of copper sulphate from the electrolytic cell of the respirometer, thus 
contaminating the flask. The procedure for removal of the flasks was subsequently 
amended to prevent possible recurrence of the problem. 

Figure 10.3 compares the loss of COD with cumulative Oz uptake (cumulative 
BOD) during incubation. Although the loss of COD followed the BOD, the latter 
was always greater. Table 10.2 shows that there was only a small decrease in the 
levels of TOC and DOC during incubation compared with the 45% removal of 
COD. All the carbon appeared to be in solution, because TOC virtually equals DOC. 

The effluent contained approximately 5mg N/l total nitrogen (inorganic and 
organically bound N) and 0.4mg NHj — N/l. This ammonium level fell rapidly 
during the first 2 days of incubation and was matched by a concomitant rise in 
NO; —N levels, indicating that nitrification was taking place (Figure 10.4). 
However, O2 uptake due to nitrification (= 4.57 x change in NO; — N levels; 
OECD, 1992) was only around 2 mg O2/1 [4.57 x (0.46 — 0.03)] and this did not 
account for the difference between BOD and COD removal shown in Figure 10.3 
(ammonium is not oxidised in the COD test). Ammonium levels rose from day 2 
onwards as the organic nitrogen in the effluent was mineralised. 
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Figure 10.2 Refinery process effluent A: biodegradation and ecotoxicity over 14 days. 


10.4.2 Effluent B — petrochemical effluent 


In contrast to the refinery process effluent A, the petrochemical effluent B was 
much higher in COD, carbon and ammonium (Table 10.4). Biodegradation of the 
undiluted effluent began immediately and continued at a rate of around 
3.5—4.0 mgO2/1/h over the 14 day incubation period, with O2 uptake failing to 
reach a plateau (Figure 10.5). 

Analyses therefore concentrated on effluent that had been diluted to 25% of its 
original strength. It can be seen from Figure 10.5 that the rate of biodegradation of 
this sample peaked after incubation for | day and again over days 2—4. After day 4 the 
rate of biodegradation tailed off as the cumulative BOD approached a plateau. The 5 
and 14 day BOD (BOD; and BOD,,) for the diluted effluent represented 47% and 
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Figure 10.3 Refinery process effluent A: cumulative BOD compared with COD removal during incubation 
at 20°C (values are the averages for triplicate flasks). 
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Figure 10.4 Refinery process effluent A: changes in nitrogen levels during incubation at 20°C (values are 
the averages for triplicate flasks). 


67% of the initial COD, respectively (Table 10.4). There was good agreement 
between the loss of COD and BOD over the incubation period (Figure 10.6), indicat- 
ing that O uptake was due to biodegradation of the organic matter in the effluent. 
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Table 10.4 Chemical characteristics of the petrochemical effluent B. 


25% Dilution after incubation for: 


Parameter Neat 

(units) effluent Initial 5 days 14 days 
COD (mg 07/1) 2742 799 320 222 
Cumulative BOD (mg 072/1) — — 378 534 
Cumulative BOD (% CODnitiat) - — 47 67 
TOC (mg C/I) 980 229 123 49 
TOC (% Removal) — 0 46 79 
DOC (mg C/1) 726 196 57 47 
DOC (% Removal) — 0 71 76 
Phenol (mg/l) 4.2 1.0 — 0.4 
Phenol (% Removal) — 0 — 60 
NHY (mg N/1) 11.3 2.9 0.1 8.3 
NO; (mg N/D) 0.1 <0.02 0.1 0.03 
NO; (mg N/D) 0.3 0.13 0.2 0.1 
Fluoride (mg F/I) <0.5 <0.5 — — 
pH 7.9 7.4 6.1-6.2 7.7-8.1 


There was a large decrease in levels of TOC and DOC over the 14 day 
incubation period. Dissolved material accounted for 74% of the TOC present 
initially and both fractions were removed by over 70% by day 14 (Table 10.4). 
The diluted effluent initially contained 4mg/l phenol, which had been biode- 
graded by 60% after 14 days of incubation. As seen previously with refinery 
process effluent A, ammonium levels fell and then rose (Table 10.4) but there was 
negligible increase in oxidised nitrogen, indicating that little nitrification was 
occurring during incubation. 

As anticipated, petrochemical effluent B was moderately toxic to both D. 
magna and Microtox™, with respective 48h and 15min ECs9 values of 3.2 and 
1.4% of the effluent (Table 10.5). Consequently, the effluent would require a 31- 
to 71-fold dilution to reduce the initial effluent toxicity to the ECs values. There 
was no significant change in the toxicity for the neat effluent to either D. magna or 
Microtox™ over the 14 day respirometer study (Figure 10.5). However, this does 
not indicate that the toxic components were not biodegradable because, although 
biodegradation had occurred, this had not reached a plateau. Support that the toxic 
components were biodegradable comes from the assessment of the effluent that 
had been diluted to 25% of its original concentration. The day 0 ECs, values for 
the diluted effluent were approximately 25% of those for the neat effluent, 
indicating that the process for diluting and preparing the effluent sample for the 
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Figure 10.5 Petrochemical effluent B: biodegradation and ecotoxicity over 14 days. 


biodegradation study had not influenced its toxicity. Over the 14 day study the 
toxicity of the effluent decreased to both D. magna and Microtox® and was 
reduced considerably (both tests requiring less than a twofold dilution to reduce 
the toxicity of the biodegraded effluent below the ECs, values) (Figure 10.5). 


10.4.3 Effluent C — untreated refinery wastewater 


The high salinity of this sample meant that many of the chemical analyses were 
affected by chloride ion (Cl~) interference (Table 10.6). This, initially at least, 
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Figure 10.6 Petrochemical effluent B (25% dilution): cumulative BOD, COD removal and levels of total 
organic carbon (TOC) and dissolved organic carbon (DOC) during incubation at 20°C (values are the averages 
for duplicate flasks). 


could be alleviated by diluting the sample prior to analysis. However, this was not 
a practical option for the sample that had been diluted already to 10% of its 
original strength with estuarine water because it reduced the levels of many of the 
determinants to below their limit of detection. Data are therefore presented for the 
neat 100% effluent sample only. 

Biodegradation of the effluent started immediately and was most rapid after 
0.5-1.5 days of incubation (Figure 10.7). Peaks of biodegradation were also 
observed after 3.5, 4.5 and 5 days, suggesting that preferential biodegradation of 
different components of the effluent was occurring. Oxygen uptake after 5 and 14 
days was 68% and 93% of the initial COD, respectively. 

The sample contained 91 mg/l of oil and grease, which was steadily biodegraded 
by 60% over the 14 day incubation period (Figure 10.8). Levels of TOC and DOC 
also declined during incubation and final percentage losses were similar to those 
measured for oil and grease (Table 10.6). If it was assumed that the carbon content 
of the oil and grease was 86% (i.e. CH2), then their concentration as carbon was 
78 mg C/l in the initial sample. However, the measured level of insoluble carbon in 
the effluent was 34mg C/I (insoluble carbon = TOC — DOC). This implies that 
most of the oil and grease in the effluent was present as micro-emulsions, which 
could pass through 0.2 um pores and/or as dissolved material. 

The toxicity of effluent C to Microtox™ was far greater than the other effluents, 
with 15 min ECso values for day 0 ranging between 0.19 and 0.37% of the effluent 
(Table 10.7). A similar level of toxicity was found with the oyster embryo test, 
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Table 10.5 Results of toxicity tests with the petrochemical effluent B. 


ECs values as percentage of initial sample* 


Day 
Neat effluent Effluent diluted 1:4 (25%) 
Microtox® 15-min D. magna 48-h Microtox® 15-min D. magna 48-h 
0 1.4 3.2 4.6 15 
(1.2-1.6) (2.6-3.9) (3.9-5.4) (12-18) 
1 4.7 3.2 20 6.8 
(4.2-5.4) (2.6-3.9) (15-26) (5.5-8.3) 
5.1 29 
(4.7-5.6) (23-36) 
2 5.9 Not tested 23 Not tested 
(5.0-7.0) (19-26) 
4.5 30 
(3.6-5.6) (23—40) 
5 8.7 1.5 32 12 
(7.6-10) (0.5-2.9) (16-64) (11-14) 
10 29 
(8.3-12) (17-48) 
7 7.8 6.8 54 > 22° 
(6.2-9.8) (5.5-8.3) (2.7-100+) 
11 61 
(11-12) (10-100) 
14 10 3.2 64 56 
(10-10) (2.6-3.9) (49-82) (50-63) 
12 >45 
(10-14) 


* All Microtox® ECso values > 45% exceed the highest effluent concentration assessed using the 
Microtox™ Basic test. When more than one value is given, this indicates duplicate measurements. Values 
in parentheses are 95% confidence intervals. 

> Highest concentration assessed on this occasion. 


where the 24h ECs, value for day 0 was 0.41% of the effluent. Consequently, 
effluent C would require a 240- to 530-fold dilution to reduce the initial effluent 
toxicity to the ECs values for these tests. However, it was apparent that the 
effluent was significantly less toxic to A. tonsa. (the 48-h ECs 9 value on day 0 was 
9.2% of the effluent). 

For the oyster and Microtox ® tests, the day 0 ECso values for the diluted effluent 
were not as would have been anticipated on the basis of dilution alone. For example, 
the oyster embryo EC5ọ value for the diluted effluent was > 22% and therefore was 
> 50-fold different from the neat effluent, and the Microtox™ tests were > 30-fold 
different. These data indicate that the process for diluting and preparing the effluent 
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Table 10.6 Chemical characteristics of the refinery wastewater effluent C. 


After incubation for: 


Parameter 

(units) Initial 5 days 14 days 
COD (mg 07/1) 324 103 Interference* 
Cumulative BOD (mg 072/1) — 221 300 
Cumulative BOD (% CODrnitiai) — 68 93 
TOC (mg C/D 150 73 60 
TOC (% Removal) 0 51 60 
DOC (mg C/l) 116 56 48 
DOC (% Removal) 0 52 59 

Oil and grease (mg/l) 91 59 36 

Oil and grease (% Removal) 0 35 60 
NH% (mg N/1) 34 5.5 Interference 
NO, (mg N/D) Interference Interference Interference 
NO; (mg N/D) 2.8 Interference Interference 
Chloride (mg Cl~/1) 6900 — — 
Sulphide (mg S?~/1) 9.1 Interference Interference 
pH 8.8 7.1-8.2 8.1-8.5 


è The high chloride concentration of the effluent caused interference with most of the test kits used. Initially, 
this could be overcome by diluting the samples 20-fold to give a Cl” concentration of <500 mg/l. However, as 
the concentration fell during incubation of the sample, this dilution resulted in the concentration of the 
determinand being less than the limit of detection of the method. 


C sample for the biodegradation study had significantly influenced (decreased) 
its toxicity. In fact, apart from the Microtox™ day 0 values, no significant toxicity 
(i.e. two fold dilution required to reduce toxicity to the ECs, value) was recorded 
in the diluted effluent over the 14 day study (Table 10.7). There was no significant 
change in the toxicity for the neat effluent to A. tonsa. over the 14 day respiro- 
meter study, with 48h ECs, values ranging between 9.2% on day 0 to 13% on 
day 14. However, the toxicity of effluent C to both the oyster and Microtox™ 
decreased significantly from being very toxic (ECs9 < 1% effluent) at day 0 to 
virtually non-toxic to Microtox® (ECs9 of 91% effluent) and an 24h ECs 9 value 
of 10% for the oyster after 14 days (Table 10.7). On examination of the data (Table 
10.7) it can be seen that the Microtox™ toxicity decreased significantly (by a factor 
of ~ 37) over the first day of the biodegradation study. This indicates that many of 
the components responsible for the high levels of initial toxicity were rapidly 
biodegraded. 
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(a) Biodegradation 
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(b) Ecotoxicity (Microtox®) 
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Figure 10.7 Refinery wastewater effluent C: biodegradation and ecotoxicity over 14 days. 


10.5 Discussion 


The chemical oxygen demand (COD) of an effluent gives a measure of the total 
amount of oxidisable material present, and will include both biodegradable and 
persistent organic compounds. In contrast, the five day biochemical oxygen 
demand (BOD;) determines how much oxygen (O2) is consumed by the micro- 
organisms as they metabolise the biodegradable organic matter during incubation 
at 20°C. The simultaneous measurement of the BOD; and COD of an effluent 
enables an estimate to be made of the fraction of organic matter present that is 
susceptible to aerobic biodegradation. This fraction, designated Fy, is calculated as 
(Verstraete and van Vaerenbergh, 1986): 
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BOD; 


hai 
> (0.65 x COD) 


The F, values for the three effluents examined in this study ranged from 0.7 to 1.0 
(Table 10.8), indicating that a large proportion of the organic matter present was 
biodegradable. As a comparison, F, for domestic sewage is 0.9 (Verstraete and 
van Vaerenbergh, 1986). A knowledge of F, enables calculation to be made of the 
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Figure 10.8 Refinery wastewater effluent C: levels of total organic carbon (TOC), dissolved organic carbon 
(DOC) and oil and grease during incubation at 20°C (values are the averages for duplicate flasks). 


amount of organic matter (as COD) that can be removed by biodegradation, either 
through mineralisation to carbon dioxide (CO2) or incorporation into new micro- 
bial cells (biomass). This “biodegradable COD’ (bCOD) approximates to the BOD 
that could be achieved after prolonged incubation — a value known as the ‘ultimate 
BOD (BOD, )’ that is calculated as F, x initial COD. 

A key aspect of this study was to develop a practical approach for categorising 
effluents in terms of biodegradable or persistent ecotoxicity. Previous studies had 
used lengthy stabilisation studies of 30-90 days to assess these two types of 
toxicity (Nyholm, 1996; Gotvajn and Zagorc-Koncan, 1998). In this study, a 
shorter incubation period of 14 days was used to reduce the effort required. 
Although biodegradation of the three effluents in terms of O, uptake approached 
but did not reach a plateau by day 14 of incubation (see Figures 10.2, 10.5 and 
10.7), the final BOD values were 93—96% of the calculated BOD» (Table 10.8). 
This indicated that for these types of refinery/petrochemical effluent persistent 
toxicity could be assessed using a much shorter stabilisation period. 

Incorporating combined biodegradation and toxicity studies can improve both 
hazard and risk assessment of complex ‘organic’ effluents such as those assessed in 
this study. For these effluents conventional analysis alone will reveal little about 
their toxicity, let alone the persistence of organic components. Therefore whole 
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Table 10.7 Results of marine toxicity tests with the refinery wastewater effluent C. 


ECs values as percentage of initial sample 


Day - 
Microtox® 15-min ECs A. tonsa 48-h ECso C. gigas 24-h ECs 
Neat effluent Diluted 1:10 Neat effluent Neat effluent 
0 0.19 5.6 9.2 0.41 
(0.16—-0.22) (4.3-7.4) (7.6-10) (0.38-0.44) 
0.37 19 
(0.30-0.46) (13-27) 
1 9.0 >49.5 
(6.6-12) 
12 
(10-14) 
2 9.3 >49.5 
(7.8-11) 
8.0 
(7.2-8.8) 
5 32 >49.5 10 2 
(26-39) (10-13) 
38 
(32-46) 
7 46 >99” 
(33-65) 
53 
(32-87) 
14 91° >99” 13 10 
(79-100+) (12-14) (9.4-11) 
91° 
(72-100+) 


è Day-5 oyster test failed. 
> The ECso values generated using the Microtox® 100% test protocol. 


Table 10.8 Biodegradability of the effluents tested. 


Effluent Fp bCOD ~ BOD,, (mg 02/1) BODj4(mg O2/1) 
Refinery process effluent A 0.7 44 42 
Petrochemical effluent B 0.7 559 534 
Refinery wastewater effluent C 1.0 324 300 


effluent assessment (WEA) studies for such effluents can significantly improve the 
assessment of the potential risk they pose to the receiving environment. In terms of 
risks posed, most effluent assessment schemes will use an approach based on the 
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European Chemicals Bureau (ECB) recommendations for determining the risk 
posed by a chemical or a chemical product. In this approach for the environmental 
effects assessment, a predicted no effect concentration (PNEC), using the acute or 
chronic toxicity data and an assessment (or safety) factor, is calculated for species 
representative of the environmental compartment under investigation (ECB, 2002). 
Having determined the effluent concentration at which no effects are expected 
(PNEC), this is compared with the estimated exposure level (referred to as the 
predicted environmental concentration, PEC). For the environmental protection 
goals there is considered to be a risk when the PNEC is exceeded (i.e. PEC/PNEC 
> 1). This can occur in the early stages of effluent assessments because these often 
follow a tiered approach. Initially, simplistic methods are used to determine the 
PEC, coupled with conservative assumptions based on a reasonable worst-case 
approach. Consequently, where PEC/PNEC > 1, the first option often is to under- 
take further testing (either monitoring data to refine exposures or more data on the 
effects side for further characterisation of the hazard). Owing to the difficulties in 
determining which components may be responsible for toxicity, most effluent 
assessments tend to look at refinements of dilution factors and mixing in order to 
improve derivation of the PEC. 

One of the key concerns facing regulators is that any toxicity discharged will be 
recalcitrant (‘hard’) and, even if initial toxicity is diluted below any PNEC, effects 
may occur as ‘toxic’ material builds up in the environment. Consequently, some 
regulators are interested in reducing the potential of effluents to cause a problem 
by reducing the amount of toxicity discharged (a hazard based approach) irre- 
spective of the risks posed. 

Whether an effluent control scheme is based on risk or hazard there is merit 
in using the combined biodegradation toxicity assessment approach. Providing 
information on the biodegradability of organic components (i.e. obtaining values 
for the F, and ultimate BOD) and the persistence of toxicity can be used in 
risk assessment schemes to ascertain that the toxicity is not conservative and 
may lead to a reduction of the assessment factors applied. For hazard-based 
approaches such information could be used to categorise the hazard into ‘hard’ 
and ‘soft’ toxicity (i.e. effluents with ‘hard’ toxicity being considered the more 
hazardous). 

In looking at the impact of risk assessments it can be seen that the dilution 
factors required to reduce the effluent to the ECs) value decreased considerably 
for all of the effluents assessed (Table 10.9). All indicated that the potential for 
longer term effects would be small, because most toxicity was lost within the 14 
day period. Some of the most significant reductions were seen with effluent C, 
where the day 0 data for oyster embryo and Microtox™ indicated that a dilution of 
240- to 360-fold was required to reduce the effluent to the respective ECs values. 
This dropped to 10 and < 1 by day 14. One of the advantages of using real-time 
BOD measurements coupled with regular Microtox™ monitoring is that further 
information on the rate of toxicity reduction can be ascertained. For example, 
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Table 10.9 Toxicity and dilution factors required to meet ECs values for the effluents before and 
after 14-day biodegradation study. 


ECso (% effluent) Dilution factor to achieve ECs9 
Test method 

Day 0 Day 14 Day 0 Day 14 
Refinery process effluent A 
Microtox® 24 >90 4.2 <1 
D. magna >100 >100 <1 <1 
Petrochemical effluent B 
(based on 25% effluent data) 
Microtox® 4.6 >45 22 (88)* <2 (<8)* 
D. magna 15 56 7 2? 1.8 (7)* 
Refinery wastewater effluent C 
Microtox® 0.28 >90 360 <1 
A. tonsa 9.2 13 11 8 
C. gigas 0.41 10 240 10 


“For effluent B data in parentheses assume a factor of 4 to adjust to neat effluent. 


these data show that a marked reduction in organic components and toxicity 
occurred within the first two days for both effluents A and C. 

The data for effluent B indicate that some care has to be taken when setting up 
studies. No significant toxicity reduction was seen with the neat effluent. This 
could have implied that the toxic components were not easily biodegraded. 
However, because the biodegradation had not reached a plateau, there could 
have been a number of possible reasons why a decrease in toxicity was not 
observed. These include the fact that: (a) a decrease in concentration of the 
toxic components had occurred that was difficult to separate from the inherent 
variability of the toxicity tests; (b) the partial degradation had produced intermedi- 
ate degradation products that were still toxic; and (c) the initial phase of the 
degradation may have favoured the removal of non-toxic components. 

If effluent B had not been assessed in both a neat and diluted form it would not 
have been possible to demonstrate that the toxicity could be removed by biodegrad- 
ation within 14 days. It is therefore recommended that studies should be designed to 
incorporate some dilutions in order to maximise the chance of successfully demon- 
strating whether the toxicity of an effluent can be removed by biodegradation. 


10.6 Conclusions 


The results of this study demonstrated that there are a number of advantages 
in using combined toxicity and biodegradation assessments to improve the hazard 
and risk assessment of refinery/petrochemical effluents. The results indicated that 
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all of the organic components of the effluents were significantly biodegradable 
and their aerobic biodegradabilities were comparable with that of domestic 
sewage. The loss of organic components could be linked to toxicity reduction. 
The toxicity of the two refinery effluents was lost rapidly, with significant reduc- 
tions within the first two days of the biodegradation study. For the petrochemical 
effluent, toxicity reduction was only noted for the sample that had been diluted by 
a factor of four. This was considered to be because the biodegradation of the neat 
effluent had not been completed by day 14 and consequently still contained 
significant concentrations of toxic organic components. The data for all the 
effluents show that the majority of their toxicity was ‘soft,’ indicating that their 
potential to cause longer term environmental risks would be significantly lower 
than that anticipated on the basis of their initial toxicity. 
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11 Potential future developments 
in ecotoxicology 


Wim De Coen, Geert Huyskens, Roel Smolders, Freddy 
Dardenne, Johan Robbens, Marleen Maras and Ronny Blust 


11.1 Introduction 


Since its beginning in the 1960s, the primary goal of ecotoxicology has been to 
gain knowledge of the fate and effects of toxicants in ecosystems. Originating as a 
rather descriptive approach revealing as much detail as possible of the behavior 
and individual (acute) effects of pollutants in the environment, this discipline has 
evolved into a multidisciplinary field where more accent is put on modeling and 
predicting the complex interactions of the increasing number of chemicals in 
various habitats and ecosystems. As a highly multidisciplinary scientific subject, 
various interests have generated a plethora of tools and technologies, usually 
driven by regulatory demands or requirements, rather than by scientific advances. 
This lack of a structured scientific approach was compensated for by the momen- 
tum generated by society-driven questions regarding the impacts and threats of 
certain products or discharges. Ecotoxicology has been growing through inter- 
action between various disciplines, which, as could be expected, has generated 
different (sometimes conflicting) perspectives and theories on how to deal with 
the complex interactions at the ecosystem level. This can be visualized easily 
using a hierarchical view of the different levels of biological organization to 
describe the various processes and interactions between biotic and abiotic factors 
in the environment (Figure 11.1). One of the concluding assessments formulated 
during the past decennium was that this top-down or bottom-up approach creates a 
paradigm between the mechanistic toxicology and the ecological relevance of 
environmental toxicology. The classical mammalian toxicology, having profound 
mechanistic insight and perspective, was not introduced easily into ecotoxicology 
owing to the substantial variability in species and in their sensitivities, as well as 
the basic lack of knowledge on the general biochemistry and physiology of most 
‘standard’ ecotoxicity test organisms. On the other hand, from the ecological 
perspective, mechanistic insights were not required because by nature this re- 
search tends to be more descriptive; the overall impact on structures and functions 
was more important than the underlying mechanism. 

Looking towards future developments in ecotoxicology we believe that 
more quantitative relationships between the various levels of biological organiza- 
tion need to be established in the global implementation of the various 


338 ENVIRONMENTAL TOXICITY TESTING 


Ecological Toxicological 
approach approach 


Q 
(S) 
(= 
© 
> 
2 
o 
— 
7T 
2 
te] 
2 
8 
w Months 
Days @ 
H ş 
ours ¢§ 
: © 
aw Minutes § 
Eog e W seconds ^ 
g c 6 S ce YY 
Oo 3 S =) Oo a = 
Z ES 822% 8 & 
o € 3 2 O 88 2 5 
i & o g F e33 
Oa = O 96 
S 
(05 


Hierarchical level 


Figure 11.1 Illustration of the different hierarchical levels of biological organization that are studied in 
ecotoxicology. Each level has characteristic homeostatic (white bar), compensatory (grey bar) and non- 
compensatory responses (black bar). 


ecotoxicological tools and methods. As long as these relationships between the 
various emerging aspects have not been assessed, the mechanistic insights (e.g. 
at the sub-organism level) will be nothing more than academically rewarding and 
of no use for environmental decision-making. If we cannot explain the effects of 
chemicals on the structure and function of populations, communities and ecosys- 
tems, the final decision-making will constitute a ‘black-box’ approach rather 
than a scientific management strategy. The necessity for these relationships has 
been stated strongly by various authors (De Coen and Janssen, 2003; Smolders, 
2003) but so far the number of studies addressing this issue at a quantitative level 
has been sparse. If basic toxicological mechanisms are understood and their 
relationships with effects at higher level established, one could create a decision 
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support system based on biomarker end-points or even quantitative statistical 
models predicting emerging scenarios. 

Clearly, in order to establish these essential relationships between levels of 
biological organization, tremendous developments still have to be made. In this 
chapter we will give an overview of what we believe are crucial developments 
for future ecotoxicological research, involving the development of mechanistic 
tools that allow us to understand the modes of action of chemicals and how they 
deal with the increasing need of realism in ecotoxicological testing. For too long 
we have neglected the reality of the way chemicals or discharges are tested. 
Although laboratory validation in the field has been discussed as being essential 
to comprehend the real-world situation, little has been done to increase the 
realism of laboratory testing by addressing essential environmental variables 
(such as food supply, predation, suspended solids) that influence exposure routes, 
stress conditions or adaptation phenomena. To avoid a mechanistic interpretation 
of these confounding variables, various extrapolation factors have been used. 
However, one of the main areas of uncertainty in aquatic toxicology at present is 
the extrapolation of toxicity data obtained from laboratory testing to effects in 
real-life ecosystems. Although laboratory testing is essential for eliciting mech- 
anisms of toxicity in a standardized, controlled and understandable fashion, there 
remains much confusion about the validity of laboratory-to-field extrapolations 
of toxicity testing (Burton, 1999; Heugens ef al., 2001; Selck et al., 2002). Not 
only does field-based in situ biomonitoring provide a measure of the exposure of 
organisms to a myriad of possible harmful compounds, each of which can elicit a 
direct toxic effect, but it also incorporates ecological factors such as food 
availability, trophic dynamics and species interactions that can have an impact 
on the outcome of toxicity tests as indirect effects (Heugens et al., 2001; Back- 
haus et al., 2003; Campbell et al., 2003; Fleeger et al., 2003). It is also clear that 
more mechanistic insights should be generated that can serve as a generic model 
or tool to extrapolate or model the various biotic and abiotic variables that could 
affect the outcome of an environmental hazard/risk assessment process. 

More and more studies are starting to address the impact of pure chemicals 
on the different levels of biological organization (Baillieul and Blust, 1999; 
Bervoets and Blust, 2000; De Smet et al., 2001; Dauwe et al., 2002; De 
Boeck et al., 2003; Hoff et al., 2003). A major bottleneck in the global testing 
procedure is that, for reasons of simplification, the impact of new chemicals on 
the ecosystem is studied as if these chemicals are released into a pristine 
environment. This process of course adds to a better understanding of the 
environmental impact of the chemicals as such, but the global procedure is not 
able to resolve fully the invariable complexity of environmental exposure where 
a multitude of physicochemical factors act together as a complex mixture. 
Clearly, more adequate models should be produced that accurately predict the 
impact of low doses of a mixture of chemicals on the health of the receiving 
ecosystem. 
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11.2 Future research needs in ecotoxicology 


11.2.1 Biomarkers in ecotoxicology: where do we go from here? 


Starting at the lowest level of biological organization, important improvements 
need to be attained at the biomarker level. Over the last three decades biochem- 
ical, physiological and histological measurements have been used increasingly to 
assess the effects of toxic exposure on biota (Depledge, 1990; McCarthy and 
Shugart, 1990; Peakall, 1992). Several of these ‘clinical’ measurements have been 
proposed as diagnostic tools in ecotoxicological research (Mehrle and Mayer, 
1980). Whereas originally much research effort was devoted to the identification 
of specific chemicals based on biomarker analysis, nowadays more emphasis is 
being placed on the evaluation of biological effects based on biomarker measure- 
ments (McCarty and Munkittrick, 1997). Biomarker techniques offer a number of 
advantages compared with conventional ecotoxicity tests that generally use lethal- 
ity as an end-point. In general, biomarkers can be considered as measures of the 
initial changes caused by toxicological interactions between the chemical and the 
(biological) receptor site. The effects that are normally studied in conventional 
toxicity tests (impaired growth, reproduction or survival) can be considered as the 
final result of the accumulating damage at the sub-organism level. 

Initial perturbation caused by toxic exposure will generate responses within the 
homeostatically regulated mechanism of the unit of study (cell, individual... ). 
These toxicant-induced sub-organism alterations are biologically irrelevant if they 
do not lead to impaired characteristics at higher levels of biological organization 
(Versteeg et al., 1983). With a gradual increase of toxic insult, compensatory 
adjustments are made, leading to deviations from the ‘healthy’ condition. Within 
this compensatory phase, the organism’s survival and reproduction capacities 
might start to be affected because the organism has less capacity to withstand 
additional stress. Eventually, a situation is reached where further repair and/or 
compensation is impossible and the organism dies. However, the possibility 
remains that, if the conditions improve and the repair processes are able to restore 
the compensatory mechanisms, a diseased organism might return to a healthy 
state. Although the quantitative nature of this relationship is uncertain, this 
concept underlines the relevance of biomarker analysis because it offers the 
possibility to determine where the organism is situated in this continuum and 
can indicate early deviations of the ‘normal’ functioning of biota (Versteeg et al., 
1983; Depledge, 1989). The resulting effects of increased stress-induced disturb- 
ance at different levels of biological organization are illustrated in Figure 11.1. 
Subtle changes occurring at the sub-organism level lead to effects within the 
homeostatic capacity of the organism, resulting in no adverse effects on growth, 
survival and reproduction. In an increasing time/concentration continuum, accu- 
mulative toxicant-inflicted impact eventually causes loss of species diversity 
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within the communities and finally results in total loss of ecosystem structure and 
function. Within every increase in hierarchical level, a unit with higher ecological 
relevance is reached. At every level, however, different types of responses can be 
distinguished. These range from homeostatic responses (white bar), to compen- 
satory adjustments (grey bar) and eventually non-compensatory responses (black 
bar). Effects at lower levels can be detected in a much shorter time-span and 
ultimately will affect higher levels. However, in order to extrapolate effects 
between different levels of biological organization, a currency has to be identified 
that links the different levels in a qualitative and quantitative way. The most 
commonly used currencies to describe this hierarchical transfer are parameters of 
energy metabolism. As mentioned above, the complementary action of the top- 
down ecological approach with that of the bottom-up approach of fundamental 
toxicology should be able to identify which lower level effects might be relevant 
to predict the direct consequences of biomarker responses for the individual or the 
population. At present, however, significant uncertainties are involved in the dif- 
ferent extrapolations that are performed between the different levels of biological 
organization (Hastings and Huggins, 1994; Munkittrick and McCarty, 1995). 

At the various levels indicated in Figure 11.1, important improvements and new 
developments are needed to enhance our understanding of the chemical inter- 
actions with biota and the environment. In the following section, important 
examples from each level of biological organization are given where crucial 
innovations can be expected in the near future. Starting with the lowest level of 
organization, examples at the gene expression and (post)translational level as well 
as at the physiological level will be given. All three levels will undoubtedly 
increase our understanding from the mechanistic point of view. The last two 
items deal with mixture toxicity and effects of confounding variables, demonstrat- 
ing what is needed to incorporate more realism into ecotoxicology testing in the 
coming decennia. 


11.2.2 Transgenic systems in ecotoxicology 


In environmental risk assessment of chemicals most assays are based on organism 
end-points such as mortality, growth and reproduction. However, these assays are 
not adapted to high screening capacities and do not provide information on 
mechanisms of toxicity. Transgenic systems offer excellent alternatives to circum- 
vent these problems and shortcomings. Such organisms contain a reporter gene 
fused to a promoter that responds to specific stress caused by a pollutant. Crucial 
for these transgenic models is the need for a sensitive promoter that is reliable and 
relevant for a certain stress situation and a reporter that can be detected easily and 
cost-effectively. It is clear that in the near future the use of these transgenic 
systems will increase and could become standard practice in environmental 
toxicity testing. Although the full potential of this transgenic technology has 
been demonstrated only in part, the specific information obtained with regard to 
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the toxic mechanisms involved and the simplicity of measuring these responses 
will become key arguments to implement and use this technology in screening and 
assessing the impact of pollutants on ecosystem health. In the following sections 
we give an overview of the various sorts of transgenic systems that have been 
developed recently. 


11.2.2.1 Reporter systems 

Reporter genes have easily measurable phenotypes that form the basis for sensi- 
tive, quantitative and reproducible assays. Unlike the promoter, a reporter can be 
considered ‘universal’ in that it functions in different cell systems of both pro- 
karyotic and eukaryotic origin, although it is obvious that some reporters are more 
suitable for one or other cell type. Reporter systems can be classified on the 
requirement for a substrate. B-Galactosidase, coded by the Escherichia coli lacZ 
gene, has been used in molecular biology for a long time (Silhavy and Beckwith, 
1985). The cytoplasmic location of the protein requires the preparation of cell 
extract, making the B-galactosidase assay cumbersome. Despite the high back- 
ground in bacteria, it is still used frequently because of its highly reliable and 
reproducible nature. The recently developed substrates, such as fluorogenic 
B-methyl umbelliferyl galactoside (MUG) or fluorescein digalactoside (FDG) 
(Sussman, 2001), make lacZ suitable for application with the new detection 
tools (Rowland et al., 1999). Bacterial chloramphenicol acetyl transferase 
(CAT) is another cytoplasmic reporter, used both as a prokaryotic and eukaryotic 
reporter. Quantification is by radiolabeled substrates such as *H-labeled 
acetyl coenzyme A, '*C chloramphenicol or via antibodies and enzyme-linked 
immunosorbent assay. It can be measured only in extracts of cells and has a 
narrow dynamic range that limits its use; however its low background and high 
stability make it ideal for studying cumulative changes in expression (Sussman, 
2001). 

Alkaline phosphatase from E. coli and secreted alkaline phosphatase (SEAP) 
from mammalian cells are two examples of secreted reporter proteins (Berger, 
1988 ; Manoil et al., 1990; Yang et al., 1997). Although these reporters are used 
less frequently, they have the evident advantage that no cell extracts are required. 
Different substrates allow detection with different detection tools. 

Some ‘new’ luminescent and fluorescent reporters (some of them even ‘non- 
substrate proteins’) are very attractive because of their easy and fast detection, 
explaining their current frequent use. The bacterial luciferase isolated from the 
Vibrio fischeri lux operon contains luxAB encoding the functional subunits and 
luxCDE for the synthesis and recycling of the aldehyde substrate (Prosser, 1996). 
Firefly (Photinus pyralis) luciferase, encoded by the luc gene catalyses the oxida- 
tive carboxylation of beetle luciferin, in which photons are emitted (LaRossa, 
1998). Its short half-life and lack of any post-translational modification makes 
it ideal to look after effects in gene expression (Naylor, 1999). Detection of 
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luminescence using a luminometer or scintillation counter is rapid and evident 
over a broad linear range. If firefly luciferase is used then luciferin is the substrate, 
whereas for bacterial luciferase no substrate is needed, even though five proteins 
must be produced. Bacterial luciferase is slightly more sensitive than firefly 
luciferase (Kurittu et al., 2000) and evidently has the advantage that no substrate 
is required. An important disadvantage is the high ATP requirement, and this 
affects detection owing to the influence of the metabolic state of the cell. 

Green fluorescent protein (GFP) is a novel fluorescent reporter system from the 
jellyfish Aequorea victoria (Chalfie et al., 1994, Errampalli et al., 1999; Justus 
and Thomas, 1999); it is an intrinsically fluorescent protein, meaning that no 
substrate is required. To increase its sensitivity and usefulness for different cell 
systems, different mutants have been constructed with a (red) shifted excitation 
maximum and an enhanced fluorescence. Green fluorescent protein is non-inva- 
sive and can be monitored as such in living cells. It is easy to use and does not 
require any exogenous substrate or cofactor. The recently cloned Dsred from 
Discosoma sp. has excitation and emission peaks at 558 and 583nm (Matz et 
al., 1999). The cellular autofluorescence is supposed to be lower at this emission 
wavelength, which should result in a lower background compared with GFP. 
Fluorescent proteins have the advantage of being independent of the energy status 
or physiological condition of a cell. 

In a recent study it was reported that luminescence reporters could be detected 
at lower concentrations and with a faster response time compared with fluorescent 
reporter proteins. In E. coli there is negligible luminescence background but a 
considerable autofluorescence background, so that larger amounts of protein are 
required to overcome background levels (Hakkila et al., 2002). 

Fluorescent reporters allow detection in a single cell with epifluorescence and 
confocal laser scanning microscopy (Cormack et al., 1996; Tombolini et al., 1997; 
Phillips, 2001) or allow quantitative single-cell analysis with flow cytometry 
(Cormack et al., 1996; Valdivia and Ramakrishnan, 2000), enlarging their poten- 
tial scope of use. 


11.2.22 Promoters in (multi)cellular systems 

The use of transgenic cells and organisms possessing a specific promoter make it 
possible to fine tune for the different types of stress caused by a chemical or 
sample. Unlike reporter genes, promoters are species-specific, requiring promoter 
isolation from the test organism. As a result, different promoters have been 
characterized for various test species. Some frequently used promoter systems 
will be described here. 


Prokaryotic promoters. Prokaryotic systems are generally used for rapid 
screening assays. A well established example is the Ames test that was developed 
with Salmonella in the 1970s (Ames, 1979; McDaniels et al., 1990; Reifferscheid 
and Heil, 1996) and is still considered as the standard mutagenicity assay. 
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Since then, different new assays have been developed, mainly in E. coli. In E. 
coli the SOS response plays a central role in handling genotoxic stress and 
RecA is the regulator responsible for the induction of around 20 SOS genes. 
Therefore, all genotoxic assays are somehow linked to the SOS response, and 
a long list of assays, all combinations of different SOS promoters with different 
reporters, have been developed. Thanks to the crucial role of RecA, the 
recA promoter is used most often (Nunoshiba and Nishioka, 1991; Ptitsyn et 
al., 1997; Vollmer et al., 1997; Justus and Thomas, 1998, 1999; Min et al., 
1999; Kostrzynska, 2002), although the promoters recN (Van der Lelie 
et al., 1997), umuC (Nakamura et al., 1987; Reifferscheid and Heil, 1996; Schmid 
et al., 1997; Justus and Thomas, 1998, 1999), sfiA (sulA) (Quillardet et al., 
1982; McDaniels et al., 1990; Quillardet and Hofnung, 1993), uvrA (Vollmer, 
1997) and alkA (Vollmer et al., 1997) also have been used. The gene lacZ is 
mostly used as a reporter gene. In the Vitotox™ assay recN promoter or a mutated 
(and more sensitive) derivative is used together with the lux operon (Van der Lelie 
et al., 1997). 

Orser developed the Pro-Tox assay to determine the ‘fingerprint’ of a chemical 
compound based on 16 different stress promoters, proving the possible broad use 
of E. coli as a transgenic screening system (Orser et al., 1995). 


Eukaryotic systems. In eukaryotic cells and organisms, reporter genes similar to 
those used for prokaryotic cells can be utilized, although for some genes opti- 
mized, mutated versions have been developed. 


Yeast. Two yeast stress promoters RAD54 and RNR2 were fused transcription- 
ally to GFP to screen for general stress (Afanassiev ef al., 2000). Billinton ef al. 
(1998) developed a codon-optimized GFP version for yeast. 

Receptor-mediated assay can be developed in yeast, allowing the set-up of very 
specific assays. Saccharomyces cerevisiae was constructed that expressed the aryl 
hydrocarbon receptor (AhR) and the aryl hydrocarbon nuclear translocator (Arnt) 
after the Gal promotor. Binding of dioxin to AhR activates it and makes a 
heterodimer complex that translocates from the cytoplasm to the nucleus, aug- 
menting expression of the genes possessing a xenobiotic response element (XRE). 
Gene lacZ was preceded by a tandem of XRE element, making the yeast a good 
monitor for dioxin and other arylhydrocarbons (Miller 1997, 1999; Miller et al., 
1998; Kawanishi et al., 2003). In the yeast estrogen assay the human estrogen 
receptor gene was expressed constitutively, whereas on a second plasmid the lacZ 
gene was controlled by the estrogen responsive element (ERE) (Routledge and 
Sumpter, 1996). 


Caenorhabditis elegans. Rather than individual cells, the intact C. elegans is 
used as a multicellular whole-organism biosensor because of its simple structure, 
short lifespan and its minimal genetic size. Whole-organism assays allow the 
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affected tissue to be determined. Both general and specific transgenes can be 
developed: transgenic C. elegans expressing GFP under control of the CYP35A2 
promoter showed a strong and specific induction in the intestine upon B-naphtho- 
flavone addition; and C. elegans with the heat shock promoter hsp16 fused to lacZ 
(Candido and Jones, 1996) or gfp (Wah and Chow, 2002) can be used to monitor 
general toxicity in water or soil. The disadvantage of C. elegans is its largely 
impermeable cuticle, so exposure to test substances generally requires ingestion 
via the pumping action of the pharynx, making the organism rather ‘insensitive’ to 
pollutants compared with the conventional ‘ecotox’ test species. 


Fish. Several cell lines from different species have been created to screen for 
specific stress conditions. Specificity for a stressor lays in the ‘responsive elem- 
ent’ upstream of the promoter region. The zebrafish cell line ZEM2S containing a 
plasmid with the responsive elements AHRE, EPRE, MRE and ERE coupled with 
the luciferase gene gave a dose-dependent induction and specific toxicant re- 
sponse (Carvan et al., 2001). Also, in a rainbow trout gonad cell line an estrogen 
assay was developed in which an estrogen receptor was expressed with firefly 
luciferase gene preceded by ERE on a second plasmid (Fent, 2001). 

A major drawback of cell lines is that aspects of in vivo functioning such as 
metabolic conversion and breakdown cannot always be incorporated. To circum- 
vent this problem, transgenic fish (e.g. zebrafish) have been ‘created’. A trans- 
genic zebrafish was developed in which the XRE (Mattingly, 2001) or AHRE 
(Carvan et al., 2001) was fused to gfp, allowing identification of the affected 
tissues. Carvan et al. (2001) also created a transgenic zebrafish for metal meas- 
urement in which MRE was fused to the luciferase expression gene. 


Mammalian cellular systems. The CALUX (chemical activated luciferase gene 
expression) assay is a dioxin assay with rat hepatoma cells stably transfected with 
an AhR-controlled luciferase reporter gene containing four dioxin-responsive 
elements (Murk, 1996). Estrogen-specific assays were developed in human trans- 
genic cell lines MCF-7 or Hela cells in which the ERE was fused to the luciferase 
reporter gene (Green and Chambon, 1987). A good alternative for the prokaryotic 
genotoxicity assays was developed in the human cell line HEK293. In human cells 
p53 is known to be induced upon DNA damage. Translational fusion between the 
p53 promoter and gfp, transfected in the human cell line HEK293, provided a 
good eukaryotic alternative for the bacterial SOS chromotest because GFP is 
induced upon DNA damage (Quinones and Rainov, 2001). 

Apparently, mammalian cells can also be used for screening different types of 
stressors, providing a multitude of end-points in a single assay. An excellent 
example is the Cat-Tox assay, which can be seen as a mammalian alternative for 
the Pro-Tox assay described above. Here, a series of 14 inducible promoters are 
fused with the cat gene in a human liver cell line (HepG2). This allows determin- 
ation of a stress response fingerprint of a chemical compound (Todd et al., 1995). 


346 ENVIRONMENTAL TOXICITY TESTING 


Plants. Plants are rarely used for environmental toxicology screening. Reporter 
genes that can be visualized easily are GUS, luciferase and GFP. An Arabidopsis 
plant was developed in which an Ni-inducible promoter was fused to B-glucur- 
onidase, allowing for monitoring of metal contamination (Kovalchuk et al., 2001). 


11.2.35 Novel markers at the proteome level: glycosylation of proteins 


Apart from the effects at transcriptional level, toxic stress can exert effects at the 
translational and post-translational level. Whereas previously protein analysis was 
done mainly by focusing on a single gene product, the advent of proteomic 
technology has opened up almost unlimited toxicological applications. Proteomics 
is the study of proteins produced by a genome in a cell or tissue at a certain 
developmental stage and/or physiological state. It is an emerging field that is 
expected to utilize the rapidly expanding wealth of newly available genomic 
information for a better understanding of complete biological systems. Genomics 
has provided a vast amount of information linking gene activity with disease. It is 
now recognized, however, that there are a number of reasons why gene sequence 
information and the pattern of gene activity in a cell do not provide a complete and 
accurate profile of a protein’s abundance or its final structure and state of activity. 
After transcription from DNA to RNA, the gene transcript can be spliced in 
different ways prior to translation into the protein. Following translation, a 
fraction of the proteins is changed chemically through post-translational modifi- 
cation, mainly by the addition of carbohydrate and phosphate groups. Such 
modification plays a vital role in modulating the function of many proteins but 
this information cannot be deduced from the genetic code of the genes. 

Proteomics is a new scientific discipline that directly detects proteins associated 
with a disease or intoxication by means of their altered levels of expression and/or 
physical properties between control and diseased/intoxicated states. It enables 
correlations to be drawn between the range of proteins produced by a cell or 
tissue and the initiation or progression of a disease/toxic state. Proteomic research 
furthermore permits the discovery of new protein markers for diagnostic purposes 
and can be put into force for toxicity assessment. It is a field that has leapt to 
prominence within recent years and is widely expected to have a major impact on 
biotechnology. Proteomics encompasses functional proteomics (linking protein 
expression with gene expression), structural proteomics (determining large 
numbers of three-dimensional protein structure by spectroscopic or computational 
techniques) and protein-protein interactions and biochemical pathway studies. 

A very new and hardly explored tool to diagnose environmental pollution is the 
study of glycan patterns on specific blood and/or urine glycoproteins. Over several 
years, more and more evidence has been gathered indicating that glycan patterns 
change under the influence of different physiological parameters such as age, 
development, pregnancy, disease, stress, autoimmunity or inflammation (Mack- 
iewicz and Mackiewicz, 1995; Van den Steen et al., 1998). As quoted by Kornfeld 


FUTURE DEVELOPMENTS IN ECOTOXICOLOGY 347 


(1998) ‘protein glycosylation is a ubiquitous post-translational modification’. 
Most proteins in the plasma contain covalently bound carbohydrate units. The 
number of oligosaccharide units per molecule varies greatly, ranging from only 
one to hundreds. The structures of the oligosaccharide units present on the proteins 
are also highly diverse. These oligosaccharides, also called glycans or sugar trees, 
are sugar polymers constructed by a set of glycosyltransferases and glycosidases 
that sequentially add or remove sugars one at a time to a growing oligosaccharide 
unit using either nucleotide-linked sugars or dolichol phosphate-linked sugars as 
the donors for the transfer reactions. Glycans are N-linked to the amide group of 
asparagine residues via an N-acetylglucosamine residue, or O-linked to hydroxyl 
groups of serine or threonine residues via an N-acetylgalactosamine residue (Van 
den Steen et al., 1998; Spiro, 2002). Within a population of molecules of a specific 
glycoprotein, different glycosylated variants are found in different ratios. These 
variants are called glycoforms. New glycoforms or changed compositions of 
glycoform populations have been characterized in relation to specific pathological 
conditions and hence the question is raised whether these glycoforms could be 
useful biomarkers for acute and/or chronic toxicity, allowing sensitive, specific 
and reproducible analyses to diagnose toxicity. For understanding the potential of 
glycosylation status of specific glycoproteins as a toxicity biomarker it is import- 
ant to understand how glycosylation is critical to the proper functioning of an 
organism. 

It is not long ago that sugar trees were seen merely as decoration without any 
function for glycoproteins. This idea has been revised with the discovery that 
glycan structures change under different physiological conditions and that specific 
oligosaccharide structures are ligands for specific cell-surface lectins (sugar- 
binding proteins) (McEver, 1997). Recognition by the lectins can be the trigger 
for diverse signaling pathways. Sugar-—lectin interaction is also a cell—cell com- 
munication tool or a tool to recruit cells to a site of inflammation (Alper, 2001). 
Lectins are also involved in the turnover of blood glycoproteins. Owing to the 
importance of glycans in diverse cellular processes, it was not surprising to find 
correlations between glycosylation changes and disease, inflammation or stress. It 
has to be emphasized that only a specific subset of glycoproteins serve as potential 
glycosylation biomarkers for the physiological conditions mentioned above. 
Acute-phase proteins such as a -acid glycoprotein, haptoglobin, transferrin or 
a ,-antichymotrypsin are examples of such biomarkers. It is, however, also im- 
portant to realize that glycosylation changes caused by disease can be substantially 
different when studying different indicator glycoproteins. This was demonstrated 
by Turner et al. (1995), who analyzed glycan compositions of haptoglobin or 
antiprotease inhibitor from patients suffering from ovarian cancer. Remarkably 
different variations in the compositions of glycans within the same disease were 
found, pointing to the fact that these glycan changes are associated with the 
disease process itself. Hence, glycoproteins and their glycans have to be studied 
on a case by case basis. 
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The reproducibility and specificity of glycan composition changes under 
specific pathological conditions have been demonstrated by Goodarzi and Turner 
(1998). Glycan patterns on human haptoglobin were studied using high- 
performance anion exchange chromatography with pulsed amperometric detection 
(HPAEC-PAD) (see below) and the profiles of eight healthy persons were 
obtained and compared with those of groups of patients with Crohn’s disease, 
rheumatoid arthritis, stomach cancer, breast cancer and ovarian cancer. The 
following observations were made: oligosaccharide profiles were very similar 
within each group; no glycans specific for any particular disease were detected 
but profiles were very different and characteristic for some diseases. 

Although it is obvious from several studies that acute injury or inflammation 
events result in specific glycosylation changes, alterations due to chronic disease 
or chronic exposure have been demonstrated as well. Rydén et al. (2002), for 
instance, have shown that the a -acid glycoprotein fucosylation index provides a 
highly accurate tool for the diagnosis of liver cirrhosis among patients investigated 
for liver disease. 

In relation to environmental studies, exposures to chemicals resulting in pre- 
dictable glycosylation changes are scarce. A reduced sialic acid content on human 
transferrin has been described by De Jong et al. (1995) and Flahaut et al. (2003) as 
a marker of chronic alcohol consumption. The effects of estrogen exposures were 
studied in great detail by Brinkman-Van der Linden et al. (1996), who found 
specific alterations in the glycosylation of a; -acid glycoprotein due to exposure of 
women to oral estrogens or male-to-female transsexuals to estrogens in combin- 
ation with cyproterone acetate. Oral estrogen treatment induced an increase in the 
degree of branching of sugar trees and a decrease in fucosylation and sialyl Lewis 
x expression on a -acid glycoprotein compared with individuals receiving no 
estrogens or transdermal estrogen treatment. Tardivel-Lacombe and Degrelle 
(1991) studied sex steroid-binding protein and also found that glycan compos- 
itions changed under the influence of physiological estrogen stimulation. Monnet 
et al. (1986) demonstrated that rats chronically exposed to phenobarbital not only 
produce more a,-acid glycoprotein but this glycoprotein shows alterations in the 
relative proportions of the sugar moieties and sugar chain compositions. Paul et al. 
(2001) described glycosylated variants of C-reactive proteins from carp (Catla 
catla) grown in fresh versus polluted aquatic environments. It is clear that expos- 
ures to xenobiotics can lead to specific alterations in the glycosylation of specific 
glycoproteins (Pos et al., 1988; Trabelsi et al., 1997; Davey and Breen, 1998). 

Furthermore, it can be demonstrated that, based on known functions of these 
sugars for the proper functioning of the endocrine system and the immune system, 
such parameters could serve as reliable biomarkers for chronic exposures. For 
example, luteinizing hormone, follicle stimulating hormone or placental chorio- 
gonadotrophin are glycoproteins in which the glycan structures are crucial to the 
stability and biological activities of the hormone heterodimers. These hormones 
consist of a- and B-subunits and assembly to heterodimers is largely determined 
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by the glycan structures on the subunits. As explained by Ulluo-Aguirre et al. 
(2001), estrogens and androgens influence the glycosylation status of these hor- 
mones by regulating terminal sialylation and sulfation of the mentioned gonado- 
trophins. Sialic acid and/or sulfate groups are usually present as terminal charged 
groups on both O- and N-glycans. Changing the sialic acid and/or sulfate content 
of the oligosaccharide attachments causes conformational changes of the hormone 
a- and B-subunits and, in turn, the biological activity of the hormone is changed. 
Besides affecting the potency of the hormones through conformation changes, 
glycan compositions are crucial for the survival time in the circulation and for 
activation of receptor/signal transducers involved in subsequent biological re- 
sponses. In general, alterations in the glycosylation status of gonadotrophins affect 
the quality of the gonadotrophin signal delivered to the gonads. Because these 
glycosylation changes are correlated with estrogens or androgen exposures, the 
question should be raised whether so-called endocrine disrupting chemicals are 
also able to influence the glycan patterns synthesized on glycoprotein hormones 
and, if so, what the consequences might be of these glycan changes to the 
endocrine system or, more specifically, to the health status of an organism. 

A second example to illustrate the importance of glycosylation to the physi- 
ology of organisms is given by a -acid glycoprotein, also called orosomucoid. 
This glycoprotein has been the subject of many research projects in humans, 
linking glycosylation changes to different stages of diseases, inflammation or 
different physiological stress conditions (Fournier et al., 2000; Van den Heuvel 
et al., 2000). a,-Acid glycoprotein is one of the acute phase proteins, the synthesis 
of which is increased in different organs in response to inflammation. It is 
predominantly secreted by hepatic cells as an anti-inflammatory and immunomo- 
dulatory agent. The hepatic acute phase response is induced by glucocorticoids 
and cytokines such as interleukin-1 (IL-1) and IL-6. The latter cytokines also 
induce glycosylation changes of the acute-phase proteins, namely by altering 
branching and by changing the fucosylation and sialylation degrees of N-glycans. 
As described by Shiyan and Bovin (1997), different immunomodulatory activities 
are assigned to different glycoforms of a ,-acid glycoprotein. Proliferation of 
lymphocytes by particular mitogens such as phytohaemagglutinin is suppressed 
by a,-acid glycoprotein and the degree of suppression seems to be correlated to 
the glycosylation status of «,-acid glycoprotein. a,-Acid glycoprotein is also able 
to inhibit the phagocytic activity of monocytes previously stimulated by a com- 
pound such as phorbolmyristyl acetate. Again, the degree of suppression seems to 
depend on the glycoforms of a,-acid glycoprotein. a -Acid glycoprotein also 
influences the production of cytokines by monocytes and peripheral blood mono- 
nuclear cells and it has been shown that different glycoforms can have opposite 
effects. It has been suggested that these opposite actions of different glycoforms is 
a kind of immunological buffering that modulates abrupt changes in immune 
status. In different conditions of diverse diseases, however, abnormal glycosyla- 
tion can lead to unfavorable changes in the immune system and contribute to the 
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pathological condition (Rudd ef al., 2001). Whether chemical exposures can alter 
the glycosylation process of diverse acute-phase proteins and, as such, affect the 
immune system still needs further investigation. 

Understanding the variety and functionality of protein glycosylation has im- 
proved in recent years, partly due to the fact that methods to characterize glycan 
structures have been optimized, simplified and substantially refined. A few of 
these newly developed techniques can be considered very powerful and straight- 
forward. Analysis by HPAEC/PAD, for instance, allows the separation of charged 
glycans over an anion exchange resin in very basic conditions and has been used 
to compare glycan patterns of serum proteins in patients suffering from diverse 
diseases (Goodarzi and Turner, 1998). Mass spectrometry allows extremely sensi- 
tive and reproducible characterization of glycan compositions and molecular 
weights (Dell and Morris, 2001). High-resolution capillary gel electrophoresis 
has been developed as a simple tool to separate fluorescently labeled reducing 
oligosaccharides according to their molecular weight, charge and dynamic volume 
(Guttman ef al., 1996). In order to perform this kind of analysis, oligosaccharides 
are released from their carrier proteins by using specific glycanases or through 
hydrazinolysis. Unraveling of the carbohydrate structures is possible through 
treatments with glycosidases of different specificities, followed by analysis of 
the trimmed products. Fluorophore-assisted carbohydrate electrophoresis (FACE) 
technology has been introduced as a simple tool for molecular biologists who want 
to study the glycan compositions and structures by separating them over poly- 
acrylamide gels (Raju, 2000). This technique has been refined by the use of DNA- 
sequencing equipment to obtain ultrasensitive profiling and sequencing of oligo- 
saccharides (Callewaert et al., 2001). 

In conclusion, glycosylation of specific serum glycoproteins has been shown to 
change under different pathological conditions. Because chronic exposures to 
xenobiotics often lead to disease, it can be expected to find that the glycan 
compositions of selected glycoproteins serve as sensitive, reliable and easy to 
analyze biomarkers of toxic exposures. 


11.2.4 Organism-level effects: mechanisms of 
reproductive toxicology 


Since the 1990s, concerns about a possible decline in sperm counts and increased 
incidence of male genital abnormalities in humans (Sharpe and Skakkebak, 1993), 
the occurrence of alligators with abnormal male genitalia in pesticide polluted 
lakes (Guillette et al., 1994) and the occurrence of male fish showing female 
characteristics in rivers receiving effluents from water treatment plants (Purdom 
et al., 1994) have emphasized the fact that many of these chemicals can be 
harmful at levels well below those that cause mortality. 

The effects of endocrine disruptors have clearly indicated that exposure at low 
concentrations during ‘critical windows’ of exposure can have a severe impact on 
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the reproduction of species. Looking at the complexity of the endocrine system, it 
is clear that measuring single end-points (e.g. such as vitellogenin in fish to screen 
for estrogen-like compounds) is largely insufficient to cover the various sorts of 
perturbations that can occur in the endocrine system. 

In future, ecotoxicological research methods should be developed that can help 
to elucidate mechanisms of reproductive toxicity. One such potential reproductive 
aspect deals with gamete physiology. For example, the effects of aquatic pollution 
on the reproductive endocrine system of fish are well documented (Kime, 1995, 
1998) but there have been very few studies of its effects on gamete quality. 
A sufficient level of gamete quality is evidently vital for successful reproduction. 
It is clear that reproductive dysfunction at sublethal concentrations can be caused 
either by modulation of the endocrine system so that gamete development takes 
place in an abnormal hormonal environment or directly by action on the gametes 
themselves. It is therefore probably not necessary to sharply differentiate between 
the two possible targets of toxicants — endocrine glands or gametes — when 
reproductive dysfunction is discussed (Kime and Nash, 1999). Whether the chem- 
ical’s effect is localized at the hypothalamus, pituitary, gonad, liver or directly at 
the gametes, the net result may be a change in gamete quantity or quality. These 
are the only end-points that really matter because production of sufficient numbers 
of viable, good quality gametes is the ultimate goal of the whole reproductive 
system. In extreme situations there may be a complete arrest in gametogenesis, 
whereas at lower toxicant levels poor quality gametes may be produced, resulting 
in low fertilization success or decreased survival of the offspring. Examination of 
gamete viability thus may provide a useful end-point of reproductive dysfunction 
at any of these sites and show effects at concentrations below those that com- 
pletely inhibit gamete development (Kime and Nash, 1999). 

Within an ecotoxicological perspective, mammalian methods cannot be extrapo- 
lated automatically to other species. Sperm of teleosts, for example, differs in a few 
very important aspects from that of mammals. Unlike mammalian sperm it is not 
motile on ejaculation and attains motility only on contact with water. After acti- 
vation it only moves for a few minutes (for freshwater fish typically around 1 min). 
Furthermore it enters the egg via the micropyle rather than through an acrosomal 
reaction. The first minute after the start of motility is therefore crucial to its success 
in fertilizing an egg, and even when it is deposited on the egg’s surface it still has to 
move fast enough in the right direction to reach the micropyle. Clearly the fertiliz- 
ing ability of fish sperm is very dependent on its motility, and any pollutant that 
decreases this movement may be expected to affect fertilization. 

Successful reproduction is clearly essential for the propagation of every species, 
prerequisites for which are high quality and properly functioning gametes. Sperm- 
atozoa, however, are known to be very sensitive to environmental pollution, as 
shown in studies by Billard and Roubaud (1985), Khan and Weis (1987a,b), 
Anderson et al. (1991), Rurangwa (1999), and Van Look (2001). The motility of 
fish sperm can be affected by pollutants in several ways: (1) by alteration of the 
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internal hormonal environment during its development, which may be due to 
hormonal activity of the pollutant itself or by its interference with any possible 
site in the reproductive endocrine system; (2) by alteration in the function of the 
Sertoli cells, responsible for nurturing the developing germ cells; (3) by changes in 
the seminal fluid or sperm maturation; or (4) by direct effects on the sperm itself, 
which can result in either cytological damage or changes in the efficiency of the 
mitochondrial energy production. Sperm can come into direct contact with pollu- 
tants accumulated in the gonads or with chemicals present in the surrounding 
water during spawning. Measurement of sperm motility therefore provides an 
assessment of the final impact of any pollutant on the male reproductive system 
as a whole (Kime, 1998). 

Undoubtedly much of the past research has been centred on the impact of 
environmental estrogens, especially on the male, because effects on sperm cells, 
which are produced continually in large quantities, are much more amenable to 
quantification than effects on eggs. Although egg quality can be measured only by 
laborious assessment of the fertilization rate and larval survival, sperm quality, as 
in mammals, is amenable to easy measurement. Sperm motility nowadays can be 
measured easily, rapidly, quantitatively and objectively by means of computer- 
assisted sperm analysis (CASA). Owing to the advantages of using sperm rather 
than ova, research is increasingly focusing on sperm quality as an indicator of 
reproductive dysfunction caused by environmental pollution. Until recently, as- 
sessment of the motility of sperm relied on subjective estimates, often using 
laborious methods. The parameters commonly applied to describe sperm motility 
are the percentage of motile spermatozoa, the swimming vigour and the duration 
of motility. These parameters were estimated and then given a motility score 
corresponding to an arbitrary scale of criteria (Boyers et al., 1989). 

In the 1990s CASA systems were developed and used initially for monitoring 
male fertility in clinical andrology laboratories. In recent years, however, CASA 
has been used increasingly to examine the sperm motility of other mammals and, 
more recently, of fish (e.g. Kime et al., 1996; Rurangwa et al., 1998). The CASA 
systems have numerous advantages over earlier methods for sperm motility 
analysis, providing an objective, precise, accurate and efficient measurement of 
sperm motility. The short duration of fish sperm motility and very rapid change in 
velocity and numbers of motile sperm with time necessitate analysis of these 
parameters over a very short period. This was very difficult with the earlier, 
subjective methods but is feasible with CASA systems. The CASA system used 
in our studies is the Hobson Sperm Tracker (HST) (Hobson Vision Ltd, Baslow, 
Derbyshire, UK). The major advantage of this tracking system over other avail- 
able CASA systems is that it can perform continuous tracking in real time. It can 
simultaneously follow 200 cells and generate 16 different motility parameters. It 
can also track sperm for a minimum tracking interval of 5 seconds. 

Because sperm may be held immotile in an ‘extender’ for up to 24h without 
significant loss of quality (Kime et al., 1996; Rurangwa et al., 1998), it is possible 
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to test the effects of exposure for this period by using an extender to which a 
pollutant has been added. Exposing the sperm to a pollutant in an extender and 
immediately analyzing the motility is analogous to direct aquatic pollution, where 
sperm comes into contact with polluted waters during spawning, and to pollutant 
in the seminal plasma or testes (Kime et al., 1996). Under natural conditions, 
however, sperm may be exposed to a pollutant in vivo for a much longer time from 
spermatogenesis to spermiation. 

In the past, most of the research on effects of pollutants on sperm motility has 
been limited to this system of in vitro exposure of sperm. Using this technique, 
mercury was shown to decrease significantly the sperm motility at only 1 ug/l 
(Rurangwa et al., 1998), which is the permitted level in drinking water. Because 
fish bioaccumulate mercury and tissue levels of over 0.5 ug/g are measured 
(Lockhart et al., 1972), these data suggest that environmentally realistic levels 
of mercury may be having an impact on the reproduction of fish in the wild. The 
same was shown for fish sperm exposed in vitro to environmentally realistic 
concentrations of tributyl tin (TBT) (Figure 11.2) (details available from the 
author upon request). After 1 min of exposure goldfish sperm was the most 
sensitive to TBT. Complete inhibition of motility was observed at 100 pg/l, 
whereas trout sperm was immotile only at 1000 ug/l. Carp sperm, however, was 
still motile at 1000 ug/l, the highest concentration tested. The straight-line vel- 
ocity of the sperm of all three species was significantly lower after immediate 
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Figure 11.2 Straight-line velocity (VSL) of (@) carp, (a) goldfish and (m) trout sperm exposed for 1 min (a) 
and 24 h (b) to different concentrations of TBT (as TBTCl) via an extender. Values are means +SEM (n = 6). 
Different letters (a, b, c for carp; k, 1, m for goldfish; x, y, z for trout data) indicate significant differences 
between different treatments. 
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exposure to 100 ug/l. After 24h of exposure goldfish sperm was still more 
sensitive compared with carp. Complete immobility occurred at 10 wg/l whereas 
the same could be observed only at 100 ug/l for carp sperm. The straight-line 
velocity of goldfish spermatozoa was negatively affected at 1 wg/l, whereas for 
carp sperm it decreased at 10 ug/l. 

Tributyltin is found in coastal waters and marinas in concentrations of 
0.1-11.7 ug/l (Maguire et al., 1986; Tolosa et al., 1996; Axiak et al., 2000). In 
temperate waters, high TBT levels have been found during the boating season, 
which lasts approximately from May until August (Holm et al., 1991). This period 
coincides with reproduction and recruitment of many organisms such as fish and 
snails. Hence, it is possible that the spawning and offspring of a number of 
organisms may be affected by TBT. 

It is evident that species reproduction is not only affected by direct effects on 
sperm cells and thus the prediction of long-term effects of pollutants based on 
in vitro tests is not feasible at the present time. For example, pollutants may be 
broken down in the organism to less toxic, and sometimes even more toxic, 
compounds or the bioavailability of a pollutant can be altered by binding to 
proteins. The possible sites at which pollutants may affect species reproduction 
in vivo have been mentioned above. Recently, a few researchers have included 
sperm motility measurement using CASA successfully in their examination of 
potential reproductive effects of pollutants on zebrafish exposed in the laboratory 
(details available from the author upon request). The same approach was used on 
fish captured from polluted rivers to determine whether the sperm produced had 
decreased motility (Jobling et al., 2002). 

Although studies performed by us and others clearly show an effect of pollu- 
tants on sperm velocity or duration of movement, it is necessary to demonstrate 
that this decreased motility also causes a decreased fertilizing ability if it is to have 
an application in monitoring the reproductive health of fish in polluted rivers. 
Correlation of sperm motility with fertilization rates during natural spawning in 
fish such as the zebrafish may provide valuable information in this respect, as 
has been proven in preliminary studies (details available from the author upon 
request). 

Future research on effects of pollution on species reproduction, such as fish, in 
our opinion has to focus on an integrated approach linking sperm motility meas- 
urements with as many other end-points as possible. Relevant measurements in 
exposed populations are, in addition to sperm quality, steroid and vitellogenin 
levels, reproductive behavior, egg production, fertilization and hatching rates and 
gene expression analysis in endocrine glands to elucidate mechanisms of action of 
tested chemicals. Only such integrated toxicological studies will enable us to 
assess fully the impact of pollutants on the reproductive output of species. 
Furthermore, we believe that modeling and understanding the effects of pollutants 
on reproductive parameters of organisms will provide quantitative links to esti- 
mate impacts at higher levels of biological organization (e.g. populations). 
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11.2.5 Realistic effect assessments: predicting effects of mixtures rather than 
single chemicals 


Mixture toxicity studies are relatively new in ecotoxicology and hence our know- 
how on how to deal with the vast amount of chemicals and their combined effects is 
limited. Most of today’s environmental legislation is based on risk assessment of 
single compounds or on the concentration addition model, which has only limited 
validity, as will be explained further. When an organism is exposed to different 
chemicals, many different scenarios are possible. The interaction between different 
compounds either in a direct chemical way or through interference with cellular 
systems such as transport, receptor binding, etc. can cause mixtures to react through 
different scenarios compared with their individual compounds. Different toxicants 
brought together in one mixture can react in a variety of ways and can show 
additive, synergistic, potentiating, masking or other combinatorial effects. It is 
generally accepted that two models — concentration addition and independent 
action (or response addition) — have a broader application and are suited to predict 
mixture toxicity from the toxicity of the single toxicants. Concentration addition is 
applied when the constituent chemicals act through the same cellular mechanism on 
the same target, i.e. have the same mode of action, and was first described in 1926 
(Loewe and Muischnek, 1926). In this case the effect of the mixture can be 
predicted from the known toxic units (i.e. the concentration of a compound divided 
by its effective concentration EC, at a given level x) of all compounds in the 
mixture. This also means that, given two compounds with the same toxicity, one 
can replace the other in the mixture without any effect on the overall toxicity, i.e. the 
sum of all toxic units in a mixture is equal to unity (see Formula 1). 


Formula 1: Bases of the concentration addition model 


n 


Ci =i 
ie 
Where:c = concentration of EC, of mixture 


EC, = effect concentration at x% 


The alternative model of independent action (Bliss, 1939) is valid for mixtures 
of toxicants with different mode of action and different targets, assuming no 
overlap or influence between one another. In this case the overall effect of the 
mixture can be calculated from the effects of the individual toxicants at their 
respective concentrations (Formula 2). 


Formula 2: Basis of the independent action model 


E(Cmix) = 1 = (J [G - E@)) 
i=l 
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Where: E(Cmix) = total effect of the mixture 
E(ci) = effect of compound i 


Both models assume that the mixture under study is fully described in its 
chemical composition and that the dose-response curves of all compounds in 
the mixture are known. Both models are extensively covered in the literature both 
theoretically (Teuschler et al., 2002; Backhaus et al., 2003; Vighi et al., 2003) and 
when applied in case studies (Nirmalakhandan et al., 1997; Altenburger et al., 
2000; Richardson et al., 2001; Backhaus ef al., 2003). Using and interpreting 
either of the models, the reader has to be aware that both are mere simplifications 
of a very complex reality. A lot of cases can be found in the literature illustrating 
mixture effects not accounted for by the aforementioned models (Preston et al., 
2000; Chu and Chow, 2002) and validity should be assessed case by case. A 
critical paper on how to deal with different mixture risk definitions has been 
written by Hertzberg and MacDonell (2002). 

Assessing the effect of mixture toxicity basically starts from the need of 
increased fundamental know-how or from the need to measure the impact of 
anthropogenic or natural pollution on an ecosystem. As mentioned above, sub- 
stantial advantage can be obtained from measurements at a lower level of 
biological organization. In an above subsection on transgenic organisms, the 
existence of Pro-Tox was described from a technological viewpoint. Here we 
will show that bacterial gene profiling assays can generate new insights into 
the way mixtures of chemicals interact at the molecular level. Because gene 
profiling assays give a quantitative and qualitative view on the actual mode of 
action of a compound or mixture, they are a powerful tool to assess the 
toxicity of both known and unknown mixtures. Moreover, the quantitative 
aspects of the test allow a molecular evaluation of the mixture toxicity in view 
of different models such as concentration and effect addition, masking, potentia- 
tion, etc. 

Figure 11.3 illustrates the resolving power of gene profiling for interpreting 
compound interactions in mixtures. The MerR signal, indicative of heavy metal 
stress, is clearly potentiated in the simultaneous presence of lindane and cadmium 
as illustrated by the fold induction above 500 in the mixture, but is less than 40 and 
5 for cadmium and lindane respectively. The underlying mechanism is not yet 
understood and is given here to demonstrate the need for mechanistic understand- 
ing of mixture toxicity. We believe that in the future such mechanistic studies will 
be essential to evaluate the power of the different theoretical models (concen- 
tration addition, independent action and others). These molecular mechanisms will 
show us for which classes of chemicals and for which combinations of these 
pollutants the theoretical models are able to convey and predict the effects 
occurring in the real-world environment. 


Fold Induction 
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Figure 11.3 Bacterial gene profiling assay of cadmium (a), lindane (b) and the mixture of both compounds 
(c). The x-axis denotes the stress gene promoters indicative for the different end-points. 
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11.2.6 Ecological complexity in toxicity testing: interactions between 
pollutant stress and food availability 


Energy budgets and bioenergetics have been identified as very useful currencies to 
link different levels of biological organization both under laboratory and field 
conditions because they can provide a causal relationship between different levels 
of biological organization, potentially relating rapid and sensitive responses at a 
cellular level to ecologically relevant end-points such as growth, condition and 
reproduction (Calow, 1991; De Coen and Janssen, 1997, 2003; Kooijman 2000; 
Smolders et al., 2003a,b). The central concept, known as the metabolic cost 
hypothesis, states that exposure to a stressor is energetically demanding for 
organisms, so when in contact with a stressor an increased amount of energy is 
relocated to basal maintenance, leaving less energy available for growth and 
reproduction (Calow and Sibley, 1990; De Coen and Janssen, 2003; Smolders 
et al., 2003a,b). Under laboratory conditions, the link between stress and reduced 
growth, declining condition or lower reproduction has been established for a wide 
range of organisms under both freshwater and marine environments, ranging from 
plants (Yang et al., 2002; Cleuvers, 2003), invertebrates (De Coen and Janssen, 
2003; Verslycke et al., 2003), bivalves (Toro et al., 2003; Smolders et al., 2004) to 
fish (Rowe, 2003; Smolders et al., 2003b), illustrating the usefulness of energy 
budgets as an extrapolation currency. 

Although this concept is very well defined under laboratory conditions, the 
usefulness under field conditions is less straightforward. Direct effects of toxicant 
exposure can be elicited under laboratory conditions using strictly defined test 
protocols, but the ecological relevance of these tests may be questionable at times. 
Indirect effects of toxicant exposure, i.e. effects through trophic dynamics and 
food availability, are often ignored in laboratory tests but can have a significant 
impact on the outcome of toxicity tests (Preston, 2002; Campbell et al., 2003; 
Fleeger et al., 2003). In internationally accepted test protocols for the chronic 
exposure of aquatic organisms to stressors under laboratory conditions, organisms 
are traditionally fed a fixed amount of food (OECD, 1993; USEPA, 1994). 
However, because food availability, quality and trophic dynamics are not con- 
trolled under field conditions, these test protocols do not necessarily reflect the 
ecological relevance of field exposure. 

The fact that food availability matters can be illustrated by Figure 11.4. These 
data are taken from Smolders (2003) and reflect the effect of effluent exposure for 
28 days on the condition and lipid content of carp (Cyprinus carpio). Figure 11.4a 
represents the evolution of Fulton’s condition factor (FCF = weight x length *) 
and lipid budget in a constant flow-through on-line monitoring system receiving 
0%, 50%, 75% and 100% effluent; see Smolders et al. (2002) for a full description 
of the on-line monitoring system. The test was performed following the OECD 
Guideline 204 for chronic fish toxicity tests (OECD, 1993) and a fixed amount of 
food was added daily to all aquaria. As observed previously with zebrafish 
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Figure 11.4 Effect of laboratory (a) and field (b) exposure on Fulton’s condition factor (FCF) and lipid 
budgets in carp. The FCF is indicated in the line plot and lipid budgets in the vertical bars. Shading indicates 
effluent percentage from 0% (white) to 100% (black). Grey bars are intermediate effluent percentages. Data 


are average values + standard deviations (n=5). 
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(Smolders et al., 2002, 2003b), exposure to increasing effluent concentrations 
caused a significant decrease in the condition and lipid budget of carp. 

At the same time, fish were exposed in the field at the discharge site and further 
downstream during an in situ biomonitoring campaign. Contrary to the on-line 
monitoring exposure, carp at the effluent discharge point (receiving 100% effluent) 
had a significantly higher FCF and lipid budget than fish at sites further downstream 
and at the (clean) reference site (Figure 11.4b). These data illustrate that under 
laboratory conditions the effluent exposure reduced the FCF and lipid budget of 
fish, whereas under field exposure conditions the opposite effect was observed. 

This contradictory response in carp condition and lipid budget can be explained 
by an increased food availability at the effluent discharge point compared with the 
other field exposure sites. Analysis of the benthic macroinvertebrate community 
indicated that at the effluent discharge point there was a high dominance in both 
numbers and percentages of the freshwater isopod Asellus aquaticus, which is a 
preferred food source for carp (Khan, 2003). At the other locations there was a much 
lower dominance of one particular macroinvertebrate species and much lower food 
availability, although the biological water quality was much higher. The direct 
effect of effluent exposure observed in the on-line monitoring was completely 
reversed by the indirect effect of the effluent on the macroinvertebrate community. 

Interaction between the adverse effect of toxicants (under laboratory conditions, 
when food availability is kept constant) and variable food availability (quality and 
quantity) is essential for understanding the ecological complexity of field-based in 
situ biomonitoring and underlines the necessity for integrated research, where 
toxicological, ecological and physicochemical data are integrated within one 
framework (Heugens et al., 2001; Fleeger et al., 2003). A better understanding of 
how indirect effects of toxicant exposure, such as trophic interactions, food avail- 
ability and hence the physiological condition of organisms, can influence the 
outcome of ecotoxicological testing under real-life, ecologically relevant exposure 
conditions should be one of the main topics of future research if we want to improve 
our ability to extrapolate toxicity data from laboratory testing to effects on real-life 
ecosystems. Within this need, energy budgets are useful for linking different levels 
of biological organization, thus providing an ecologically relevant, integrative and 
holistic framework to detect both direct and indirect effects of pollutant exposure 
(Kooijman and Bedaux, 1997; Campbell et al., 2003; Smolders et al., 2003a). 

However, experimental observations show that there is no fixed pattern in 
which food availability is affected by toxicant exposure. The data presented in 
Figure 11.4 indicate that food availability can have a beneficial effect on exposed 
organisms, as reported by several authors. In particular, downstream of bleached 
kraft mill effluents, increases in energy budgets, growth and/or condition of fish 
were reported for white sucker (Catostomus commersoni) (Hodson et al., 1992), 
spoonhead sculpin (Cottus ricei) (Gibbons et al., 1998) and redbreast sunfish 
(Lepomis auritus) (Adams et al., 1992). In a comparison of 51 mills in Quebec, 
reports indicated that if significant differences in the condition of fish were 
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observed downstream of pulp and paper mill effluents, in 90% of the cases the fish 
exposed to these effluent discharges showed a significantly better condition than 
fish from the control site. Food availability might have been one of the confound- 
ing factors, because effluent discharge areas also had a significantly higher 
abundance of macroinvertebrates as a food source compared with the reference 
sites (Langlois and Dubuc, 1999). This toxicity reduction in the presence of high 
food levels has been observed also for chironomids (Sibley et al., 1997; Stuijfzand 
et al., 2000; de Haas et al., 2004), where the suitability of Chironomus riparius as 
a test organism for whole-sediment bioassays was questioned because of its food 
level dependency (De Haas et al., 2004). Also for daphnids, the impact of food 
levels on an organism’s physiological state was identified as an essential factor in 
determining the toxicity (Enserink et al., 1995; Heugens et al., 2001; Herbrandson 
et al., 2003). 

In contrast, a reduction in fitness of organisms with increasing food availability 
has been observed for yellow perch (Perca flavescens) (Campbell et al., 2003), 
daphnids (Kluttgen and Ratte, 1994; Taylor et al., 1998; Antunes et al., 2004) and 
bivalves (Bjork and Gilek, 1997). Remarkably, these authors all attributed the 
increased toxicity at high food levels to the sorption of pollutants to the food 
sources, thus altering the route of exposure of the toxicants from water-borne to 
particle adsorbed. This indicates that the main route of exposure, i.e. through the 
water, sediment or food, may determine the interaction between food availability 
and toxicant responses. It is obvious that the effect of exposure route on the body 
burden and the toxicity of pollutants, the effect of food availability and inter- 
actions between these can have serious repercussions on current risk assessment 
procedures. Clarifying these interactions provides one of the main future chal- 
lenges for increasing the ecological relevance of aquatic toxicology. 

Finally, this interaction between food availability and pollutant stress is a clear 
indication of how the ecological complexity of ecosystems may interfere with 
toxicological end-points. Chapman (2000) recently argued that, often, toxico- 
logical studies are conducted independent of ecological considerations, neglecting 
the functioning of populations and communities and the processes that affect all 
these parameters. Combined in situ and laboratory exposure, in association with 
physicochemical and ecological information to account for ecosystem complexity, 
will provide considerable benefit in order to understand and predict the effects of 
chemicals on natural communities under realistic exposure conditions and to 
improve the quality of laboratory-to-field extrapolations (Chapman, 2000; Morris 
and Keough, 2002; Anderson et al., 2003). 


11.3 Conclusions 


In this chapter we have demonstrated various themes that will provide generic yet 
fundamental insights into the complex web of interactions between chemicals, 
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biota and their surrounding environments. These are of course general examples 
where we think major breakthroughs can be expected in the coming years. 
Furthermore, at this very moment, large advantages can be expected from the 
various genome projects that are undertaken worldwide. At present, the advent of 
genomics and bioinformatics in the science of environmental toxicology remains 
largely under-exploited. These emerging technologies are being used in the 
pharmaceutical industry but the applications in environmental sciences are rather 
new. It is clear that the complexity of the large numbers of chemicals with varying 
structures and activities represents another dimension compared with studying a 
set of carefully selected pharmaceuticals. 

A major challenge for the future is to optimize the knowledge related to the 
increased volume of toxicological data to construct molecular (and genetic) 
pathways that will explain the mechanisms of toxic events. Owing to increased 
synthesizing activities in the chemical and pharmaceutical industry, large volumes 
of chemicals and wastes are discharged into the environment. A major problem for 
new as well as existing chemicals is the poor knowledge of the impact and effects 
of chemicals on health and the environment. This is true not only for individual 
chemicals but also for chemical mixtures, irrespective of their use in production or 
in products or of their distribution in waste or in wasted material. As a result of the 
intensive use of chemicals in our daily life, humans and biota are exposed during a 
full life-cycle to a mixture of pollutants, usually at low concentrations. It is 
therefore critical that we rapidly increase our understanding of the consequences 
of such exposures. 

In principle, toxicogenomics and proteomics could become a tool to guide 
legislation and guidelines to regulate pollutant levels in the environment. This 
will ensure that, in the future, new and prior undiscovered adverse effects of 
chemical exposure will become detected a posteriori. It can be expected that in the 
future toxicogenomics/proteomics will have an impact on the risk and exposure 
assessment of chemicals. Toxicogenomics/proteomics has the potential to im- 
prove our understanding of complex exposure scenarios. This should uncover 
dangerous conditions and should improve preventive strategies for chemical 
handling. Another major application of gene expression profiling is to understand 
the genetic variability and susceptibility to (toxic) stress within ecosystems. 
Impact assessments of ecosystems should help us to define the most vulnerable 
species within the different trophic levels. 

However, before toxicogenomics/proteomics can meet all of the above chal- 
lenges there are many problems yet to be solved. The primary problem at present 
is the lack of substantial genomic information for those species that are widely 
used in ecotoxicology. Most of the standard OECD species (except for zebrafish) 
have no characterized genome and are not expected to become the next decoded 
species in future genome projects. Compared with humans or yeast, for example, 
there are no commercially available DNA arrays that could be used in ecotox- 
icological applications. Substantial sequencing efforts therefore should be 
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undertaken to fill in these crucial gaps in the knowledge for species such as algae, 
daphnids and other benchmark ecotoxicity species. Furthermore, it will require a 
tremendous effort to evaluate the ‘ecological relevance’ of toxicogenomics/pro- 
teomics data. In other words, the link between changes at the transcriptional level 
and at the population, community or ecosystem level will have to be established. 
These quantitative relationships between sub-organism events and long-term 
impact on the reproduction, growth and survival of species will be crucial for 
the successful application of these methodologies in environmental risk assess- 
ment procedures. Within the next century it can be expected that this discipline 
will mature into a complementary tool to unravel the emerging environmental 
toxicological problems. 
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